
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

This file is part of the following reference: 
 

Magnusson, Marie (2009) Effects of priority herbicides 
and their breakdown products on tropical, estuarine 

microalgae of the Great Barrier Reef Lagoon. PhD thesis, 
James Cook University. 

 
 

Access to this file is available from: 
 

http://eprints.jcu.edu.au/22366/ 
 
 
 

The author has certified to JCU that they have made a reasonable effort to gain 
permission and acknowledge the owner of any third party copyright material 

included in this document. If you believe that this is not the case, please contact 
ResearchOnline@jcu.edu.au and quote http://eprints.jcu.edu.au/22366/ 

 

ResearchOnline@JCU 

http://eprints.jcu.edu.au/22366/�
mailto:ResearchOnline@jcu.edu.au�
http://eprints.jcu.edu.au/22366/�


 
Effects of priority herbicides and their 

breakdown products on tropical, estuarine 

microalgae of the Great Barrier Reef Lagoon 

 
 
 

 

Thesis submitted by 

Marie Magnusson (MSc), Gothenburg University 

in April 2009 

 

 

 

 

 

 

 

 

for the degree of Doctor of Philosophy in the School of Marine and Tropical Biology, 

and School of Pharmacy and Molecular Sciences, James Cook University 







 IV

Statement of contributions of others  

 
The research presented in this thesis greatly benefited from the intellectual support and 

contributions from my supervisors, Ass. Prof. Kirsten Heimann, Ass. Prof. Michael Ridd and 

Dr. Andrew Negri.  

 

Crucial financial support was given in the form of the following generous scholarships and 

grants awarded to the author of this thesis 

− AIMS@JCU scholarship 

− School of Pharmacy and Molecular Sciences (JCU) school scholarship 

− School of Marine and Tropical Biology (JCU) school scholarship 

− Endeavour International Postgraduate Research Scholarship 

− School of Tropical Biology supplementary IRA 

 

Isolation and culturing of microalgae, microscopy-work, and some parts of the experimental 

work detailed in this thesis were possible thanks to access to the North Queensland Algal 

Identification and Culturing Facility (NQAIF), funded by a ARC–LIEF to K. Heimann 

(LE0347105). Access to critical instrumentation and facilities at AIMS made large parts of 

the experimental work presented here possible. 

 

Mr. Stanley Hudson isolated and took into culture the chlorophyte Nephroselmis pyriformis 

(NQAIF 117), an extensively used test-species during this research. 

 

Dr. Joseph Holtum generously lent me his mini-PAM instrument, critical for chapter 3 of 

this thesis. 

 

Prof. Jochen Müller kindly invited me to the The National Research Centre for 

Environmental Toxicology (EnTox) in 2005, where I received much valuable feedback on 

my first draft research-plan that I presented to the EnTox research-team. I returned to EnTox 

in 2006 when Ms Pamela Quayle generously agreed to show me the intricacies of operating 

the maxi-imaging PAM. This proved to be invaluable experience for Chapter 4. In 2007-

2008, Jochen also very generously lend me the EnTox Phyto-PAM instrument, which was 

critical for the last of my research-chapters (Chapter 5). 

Jason Doyle at AIMS provided important discussions and expertise on assay-methodology 

and HPLC pigment analysis.  

 



Statement of contribution of others V

Simon Christen at Queensland Health and Scientific Services (QHSS) performed chemical 

analysis of pesticides in water and sediment samples for Chapter 4 and 5. 

 

Plankton material for Figures 2.1 g – h was collected by Jodie Krueger and A. Prof. K. 

Heimann for JCU subject BT2240 “Marine Plants and Algae in their Environments” and 

prepared by A. Prof. C. Alexander, March 2007, photographs by A. Prof. C. Alexander and 

M. Magnusson. 

 

Mia Hoogenboom, Florita Flores and Stephen Boyle (AIMS) as volunteers all provided 

field- or laboratory assistance for the work presented in Chapter 5. 

 

Saskia DeJong has spent countless hours organising and collating light-micrographs of 

diatoms in preparation for a future publication. 

 

Christopher Glasson volunteered his time for collection of microphytobenthos for Chapter 2, 

and collection of sediment and porewater samples for Chapter 4. 

 

 

 

 



 VI

Acknowledgments  
 
 
I was recently told “All PhDs sound a little insane towards the end. I don’t know if it’s 

overwork, relief or fear of what’s coming next…..” I personally believe there is a little bit of 

truth in all those things, but thanks to whole lot of people I have remained on the right side 

of sanity*. Many of the people who have helped me make this thesis reality are already listed 

as contributors in the previous section; however, some deserve further mention, and some 

have been helpful in other ways. 

 

First of all I would like to again thank my supervisors Kirsten Heimann, Andrew Negri and 

Michael Ridd for their amazing support, and for allowing me to work so independently. I 

have been very lucky in having three supervisors, although of course at times it would have 

been easier if I only had to consider two opinions instead of four! There is no way I can list 

all the things these people have helped me with, so in more general terms I would like to 

thank Kirsten for often convincing me of doing things I probably would have avoided given 

the chance, Andrew for always having time to talk when I came barging into his office and 

for his relentless enthusiasm, and Mike for always asking the right questions (one of which 

prompted Chapter 3). 

 

Thanks are also due to Prof. George Meehan who, in an effort to keep my partner in the 

country(!), introduced me to Kirsten and Mike and pointed out that I was eligible for 

scholarships if I could come up with a project. That little scheming worked out quite well for 

everybody I think… 

 

Extra thanks to Stan Hudson who, amongst other things, taught me the delicate (and 

exciting!) business of single-cell-isolation, and who keeps the day-to-day running of the 

NQAIF-lab. 

 

I would also like to thank Nicole Webster for spending some time with me in the DNA-lab. 

The results didn’t end up being included in this thesis, but Nicole’s guidance and enthusiasm 

did make me interested in learning more about molecular techniques which I am sure I will 

benefit from in the future. 

 

                                                 
* Although some of my friends who have been productive members of the work-force for the past 10 
years may argue about this 



Acknowledgments  VII

When it comes to sanity, the support-staff at JCU do a fantastic job. Purchasing officers Alan 

Wignall and Greg Jameson have helped me countless times to find what I needed when I 

didn’t even know myself what exactly I did need. Likewise, IT-support staff Gordon Bailey 

and Vincent Pullella helped me solve my computer-problems more times than I’d like to 

remember. 

 

My family and friends on the other side of the world back home in Sweden have been 

amazing, as they always are. Long therapeutic calls when things just seemed to pile up, as 

well as a constant reminder from my friends there is life beyond ‘the Thesis’. Special thanks 

go to my parents for always believing in me and supporting me. 

Many people in Townsville have made this place a new home away from home, most of all 

Mia and Dunc, wish you guys could come back from Europe and celebrate! Jess and Mike, 

I’m so happy you guys are around, Sam; only here for a short while but we did manage some 

serious and necessary R&R in that time, Kim, we still need to catch up for a few drinks, I 

can’t believe how busy we were.  

 

Last but not least, I want to thank my partner Chris, for everything…. 

 

 

 

Thanks!



 VIII

Abstract 
 

 

Herbicide contamination is ubiquitous in rivers and coastal waters in Queensland, 

Australia. Globally, most ecotoxicological studies to date investigating the toxicity of 

herbicides have focused on temperate test-organisms and test-conditions, and there is a 

paucity of information on herbicide toxicity in tropical ecosystems. Despite the established 

ecological importance of benthic microflora in estuarine habitats, research investigating the 

effects of herbicides on these communities is particularly under-represented in the tropics. 

Due to a documented variability in organismal and chemical responses to environmental 

parameters, the validity of extrapolating from effect-concentrations derived using temperate 

organisms to tropical environments is debatable. Recent detections of herbicides in the Great 

Barrier Reef (GBR) lagoon underscore the need to advance the understanding of their 

toxicity to local non-target species. The research presented in this thesis therefore explores 

the extent and effects of herbicide pollution on locally isolated tropical estuarine 

microphytobenthos (MPB), using the photosystem II (PSII)-inhibitors diuron and 

tebuthiuron (urea-derivatives), atrazine and simazine (s-triazines), and hexazinone 

(triazinone), and the amino acid synthesis-inhibitor imazapic (imidazolinone) as model 

compounds. 

 

 The composition and structure of previously un-described diatom (Ochrophyta) 

communities in six creeks and estuaries in the Wet and Dry Tropics of the GBR lagoon is 

presented, along with a review of the ecological importance of the MPB. Nearly 300 diatom 

taxa were observed in these coastal samples, with average abundances of 1.01 x 106 and 1.27 

x 106 cells mL-1 sediment in the Wet and Dry Tropics, respectively. Through analysis of 

similarity (ANOSIM) based on cell counts of digested material, it was established that 

estuarine benthic diatom-communities in the GBR are comparable across climate zones 

(coastal Wet and Dry Tropics). 

 

Pulse amplitude modulation (PAM) fluorometry is ideally suited to measure the sub-

lethal impacts of PSII-inhibitors on microalgae, but key relationships between effective 

quantum yield [Y(II)] measured by PAM fluorometry and the traditional endpoints growth 

rate (μ) and biomass increase has not previously been established. The effects of the 

herbicides diuron, hexazinone, and atrazine on Y(II), μ, and biomass increase were therefore 

examined during standardized three-day growth inhibition tests coupled with PAM 

fluorometry using the locally isolated benthic microalgae Navicula sp. (Ochrophyta) and 
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Nephroselmis pyriformis (Chlorophyta). The relationships between Y(II), μ and biomass 

increase were consistent (r2 ≥ 0.90) and linear (1:1), validating the utility of PAM 

fluorometry as a rapid and reliable technique to measure sub-lethal toxicity of PSII-inhibitors 

in these microalgae. The order of toxicity (EC50-range) was: diuron (16 – 33 nM) > 

hexazinone (25 – 110 nM) > atrazine (130 – 620 nm) for both algal species.  

 
To provide significant information on the sensitivity of local tropical microalgae to 

herbicides under environmentally relevant conditions, the acute effects of diuron, 

tebuthiuron, atrazine, simazine, and hexazinone, along with binary mixtures and herbicide 

breakdown products (desethyl-atrazine [DEA] and 3,4-dichloroaniline [3,4-DCA]) were 

investigated using a Maxi-Imaging PAM bioassay (I-PAM) measuring the previously 

validated endpoint Y(II). The sensitivities of the tropical N. pyriformis, Navicula sp. and 

Cylindrotheca closterium (Ochrophyta), were compared with the temperate standard test-

organism Phaeodactylum tricornutum (Ochrophyta). The order of toxicity (IC50-range) was 

diuron (8.8 – 18.3 nM) > hexazinone (9.5 – 27.2 nM) > tebuthiuron (52 – 412 nM) > atrazine 

(66 – 356 nM) > simazine (121 – 1200 nM) > DEA (1150 – 5640 nM) > 3,4-DCA (no effect) 

for all species. Nephroselmis pyriformis was always the most sensitive species, whereas the 

responses of the tropical and temperate diatoms tested here were similar to each other. All 

binary mixtures exhibited additive toxicity. 

To estimate local MPB exposure to herbicides, sediment and porewaters from the 

Herbert, Johnstone, Tully, and Daintree Rivers were analysed for these contaminants. Diuron 

was detected in samples from all sites at concentrations ranging between 0.01 – 0.23 nM in 

porewater and 1.3 – 42.9 nmol kg-1 dry weight (DW) in sediments, whereas atrazine, 

simazine, hexazinone, and tebuthiuron were detected less frequently. Porewater extracts 

were tested for acute phytotoxicity using the I-PAM bioassay and the results were compared 

with chemical analyses of the same water samples. Porewaters elicited up to 3.6% inhibition 

of Y(II) in N. pyriformis. Agreement between photoinhibition measured with the bioassay 

and analytically determined concentrations of PSII-inhibitors in the porewaters was 

excellent; however, measured inhibition was slightly higher than expected based on the 

analytical results, indicating the presence of unidentified phytotoxins.  

 
Acute, single-species tests may not adequately assess the effects of contaminants on 

intact, multi-species communities. MPB biofilms established in laboratory microcosms were 

therefore exposed to a concentration-series of diuron for four weeks plus two weeks 

recovery. Effects on Y(II) was measured using multiwavelength-fluorescence (Phyto-PAM), 

while community structure was measured by cell counts for single-celled organisms, percent 

area coverage for filamentous organisms, and whole-community pigment profiles using high 
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performance liquid chromatography (HPLC) during weekly sampling. This combination of 

techniques enabled the first identification of pollution-induced community tolerance (PICT) 

in tropical estuarine biofilms: an increased tolerance to diuron coincided with changes in 

community structure. PICT was quantified in acute exposures to diuron following the 4-

week exposures as an increase in IC50 (inhibition of Y(II), I-PAM bioassay) from 39 ± 5 nM 

in controls, to 82 ± 9 nM and 155 ± 20 nM in the 28 nM and 57.6 nM treatments, 

respectively. A threshold concentration for development of PICT in these biofilms could thus 

be determined to be below 28 nM after four weeks. Although the photosynthetic activity of a 

herbicide-exposed community eventually recovers as herbicide concentrations decrease, 

structural changes were shown to require in excess of two weeks for full recovery.  

 

 Further research to determine whether PICT is already a characteristic of 

microphytobenthos in the GBR lagoon through exposure to environmental concentrations of 

herbicides is recommended. Mechanistic explanations for development of PICT should be 

researched through measurements of gene-regulation and heterotrophic nutrient-utilization. 

Additional chronic-exposure studies using herbicide mixtures and pulsed dosing are needed 

for tropical species. Overall, the tropical organisms tested here were more sensitive to 

atrazine compared to their temperate counterparts as reported in the available literature, 

whereas diuron was similarly toxic regardless of climatic origin of the test-organism. It is 

therefore recommended that extrapolations from temperate effect-concentrations to tropical 

species are implemented with caution.  
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Vauch Vaucheriaxanthin 
Vx Violaxanthin 
WT Wet Tropics 
Y(II) Effective quantum yield (Fm’-F)/ Fm’ = ∆F/ Fm’ 
yr Year 
Zx Zeaxanthin. 
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Chapter 1. An introduction to the application and 

ecotoxicology of commonly used herbicides in 

Australia  

 

 

1.1. General introduction  

With an increasing world population, pesticides (herbicides, insecticides and 

fungicides) are generally thought of as essential for meeting escalating demands on food 

availability and quality. For example, pesticide use prevents 30-90% of crop losses in 

horticulture based on North American conditions (Kookana et al., 1998). Pesticides are also 

critical in the trade of agricultural goods by preventing the spread of pests and exotic species. 

The economic benefits to the Australian farmer using pesticides has been estimated to be $3-

5 gain on every dollar spent, adding up to a 4-5 billion dollar gain annually for Australian 

producers, and without pesticide use food products could cost consumers twice the price 

(Kookana et al., 1998). Risks posed by pesticide use include runoff, spray drift and 

accidental spills leading to environmental pollution and possible negative effects on non-

target organisms due to the non-specific toxicity of many of these compounds. 

Biomagnification of hydrophobic pollutants is another serious risk that needs to be 

considered. Increasing resistance in target pests as well as the emergence of secondary pests 

are other important issues (Radcliffe, 2002). Despite the well-documented hazards of 

pesticide use, there is no doubt that these chemicals will continue to play an important role in 

world agriculture and also in a range of other areas (such as the building industry, forestry, 

general weed control along roads and railroads, etc). The successful assessment and 

management of the risks posed by ongoing pesticide use is critical and requires a 

comprehensive understanding of the environmental fate and harmful effects of these 

chemicals.  

 

 

1.2. Aim and structure of this thesis 

The main aim of this research is to significantly advance the understanding of 

herbicide toxicity to non-target species under tropical conditions, using locally isolated 

estuarine microalgal species and fouling communities from North Queensland in laboratory 

experiments.  
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The first chapter provides background data on use patterns of a selected range of 

herbicides with high application rates in Australia and describes their chemical properties 

important for their fate in the environment. A brief review of existing information on 

toxicological effects on non-target organisms is also presented, mainly based on data 

available from Europe and North America.  

The toxicological focus in this thesis lies on the estuarine microphytobenthos, 

reflecting the importance of our waterways and oceans as sinks for anthropogenic pollutants. 

The use of microalgae in toxicological studies is therefore also introduced in chapter one. 

The importance and ecosystem-function of microphytobenthos deserves a separate chapter, 

and is hence reviewed in Chapter 2. Knowledge of community structures lies at the basis for 

many environmental impact assessments, and diatoms (Ochrophyta) are often the dominating 

primary producer in shallow benthic habitats (Underwood and Kromkamp, 1999, Ribeiro et 

al., 2003). Chapter 2 therefore also provides an analysis and comparison of the diatom 

communities of several estuarine creeks in the Wet and Dry Tropics of Australia, along with 

a diatom picture atlas for future identification purposes.  

Chapter 3 concentrates on validating the biological relevance of photosynthetic 

quantum yield measured by pulse amplitude modulated (PAM) fluorometry as a novel 

ecotoxicological endpoint, comparing it to standardized endpoints such as microalgal growth 

rates and biomass increase.  

In Chapter 4, PAM fluorometry is applied to determine acute sensitivity to 

herbicides in a range of locally isolated species of microalgae, compared with a reference 

species. To increase its environmental relevance, this study also includes herbicide 

breakdown products and mixtures. In order to estimate the magnitude of exposure to 

pesticides for local microphytobenthos, estuarine sediments and porewaters sampled along 

the North Queensland coast are analyzed for pesticides, and the direct phytotoxicity of 

sediment porewater extracts is tested in a bioassay using local microalgae (Chapter 4). 

 The scalability of conclusions to natural conditions in the field is increased in 

Chapter 5 by the use of biofilms seeded from a natural community in long term (4 weeks) 

exposures to the herbicide diuron, followed by a recovery period. 

 Chapter 6 will summarize and discuss general conclusions and recommend future 

research.  

 

 

1.3. The use of microalgae in ecotoxicology 

Toxicity is defined as the degree to which a substance is poisonous, i.e. to which 

degree it can cause harm in an organism (Guralnik, 1993). The science of ecotoxicology 
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investigates links between the toxicity of environmental pollutants and adverse effects on 

ecosystems, or parts thereof (Lytle and Lytle, 2001, Ralph et al., 2007). Historically, plants 

and algae have been considered less sensitive than animals to environmental pollutants, and 

were generally not included in ecotoxicological risk-assessments under the notion they 

would be protected by the same measures protecting animals (Lewis, 1995, Lytle and Lytle, 

2001). This belief has repeatedly been proven incorrect, and it is now understood that 

susceptibility to a toxicant, including ‘most sensitive species’, is dependent on both the 

organism and the mode of action of the chemical (Lewis, 1992, Lewis, 1995, Lytle and 

Lytle, 2001). Microalgae have, for example, been shown to be more sensitive to some 

detergent surfactants, textile effluents, and dyes, than are fish and invertebrates (Lewis, 

1990, and references therein).  

The use of microalgae as test-organisms in ecotoxicological studies offer many 

benefits compared to using multi-cellular organisms. Fast growth-rates of many unicellular 

algae allow both acute and chronic-exposure bioassays involving many generations to be 

performed in a shorter time-span, often keeping costs down (Moreno-Garrido et al., 2007). 

Acquiring large numbers of replicate experimental units from a microalgal culture is also 

often more convenient than for fish or mammals, with the further bonus of avoiding ethical 

issues of animal suffering in laboratory tests (Moreno-Garrido et al., 2007). Added to these 

factors of experimental convenience is the indisputable importance of microalgae as primary 

producers at the base of the food-web, as well as their crucial role in proper ecosystem 

functioning through nutrient cycling, sediment stabilization, etc. (Lewis, 1990, Underwood 

and Kromkamp, 1999, Ribeiro et al., 2003, Lee, 2008, see also Chapter 2 of this thesis for a 

review and further references). Freshwater plants and algae are now commonly used in 

standardized aquatic ecotoxicology assessments, especially for chemical registration 

purposes (ISO, 1995, USEPA, 1996, OECD, 2006), however, the available data are still 

skewed towards fish and invertebrates, and in particular data regarding marine and estuarine 

microalgae are lacking (Lewis, 1995). 

 

 

1.4. Use patterns of selected herbicides in Australia   

The herbicides selected for this study are the heavily used photosystem II (PS II) 

inhibitors atrazine, simazine, hexazinone, diuron and tebuthiuron, along with imazapic, an 

amino acid synthesis-inhibitor which has more recently been registered in Australia and for 

which use patterns are relatively unknown (Figure 1.1). Atrazine, simazine and hexazinone 

are all triazine-group herbicides. This group have in common a triazine ring (a nitrogen-

heterocyclic ring composed of three nitrogens and three carbons in an alternating sequence) 
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with two alkyl-substituted amino groups and either chlorine (as in for example atrazine and 

simazine) or methylthio-groups (such as ametryn and terbutryn) and also include some 

atypical asymmetrical compounds (for example hexazinone). The development of 

derivatives of symmetrical triazines for use in weed control started in the 1950s, and since 

then chemicals of this group have been major contributors to world-wide herbicide usage 

(Solomon, 1996). Diuron and tebuthiuron are urea-derivatives. In the majority of compounds 

in this group, urea is tri-substituted; with one of the amino groups carrying either two 

methyl- or one methyl and one methoxy group, and the other amino group being substituted 

with a benzene ring, often containing halogens (Hassall, 1982). The herbicidal action of 

ureas were discovered in the 1950s, and it has now become one of the most diverse and 

widely used groups of herbicides on the world market (Tixier et al., 2001). Imidazolinone 

herbicides, like imazapic, were introduced in the 1980s and have since proved to be both 

effective and competitive in the marketplace (Cobb, 1992). The main advantage of this group 

is their selective toxicity to plants and their extremely low application rates (g/ha) (Cobb, 

1992). Imidazolinones all have an imidazole moiety (an aromatic heterocyclic ring 

composed of two nitrogens and three carbons in an alternating sequence) in their molecular 

structure, and are then further divided into three groups based on the second cyclic structure 

of their molecules excluding the imidazole ring (Tan et al., 2005).  

 

 

Figure 1.1. Chemical structures of herbicides discussed in this thesis. I) atrazine, II) simazine, III) 
desethyl-atrazine (DEA, common breakdown of I. and II.), IV) hexazinone, V) diuron, VI) N-3,4-
dichloroaniline (3,4-DCA, breakdown product of V.), VII) tebuthiuron and VIII) imazapic. 
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In general, it is very difficult to acquire accurate data on amounts of pesticides 

applied in Australia. Hamilton and Haydon’s widely cited reports on pesticide use in the 

Queensland and NSW sugar industry based on area under sugar, estimated usage rates and 

frequency of application were published in 1996 and 1997, respectively (Hamilton and 

Haydon, 1996, Hamilton and Haydon, 1997). Although this is more than a decade ago, they 

are the most recent large-scale attempts at quantifying pesticide use in Queensland, and 

focus solely on the sugar-growing industry. Estimates of pesticide use have been conducted 

in the irrigation areas of South-Western NSW based on areas under different crops, standard 

application rates and number of sprays per year (Bowmer et al., 1998). There are no 

estimates on urban and industrial pesticide use individually. Available estimates of usage of 

the herbicides discussed in this study are summarized for the Queensland (QLD) sugar 

industry and for national averages in Table 1.1. 

 

Table 1.1. Estimated annual use of selected pesticides nationally and in the Queensland (QLD) sugar 
industry, tonnes active ingredient (ai) per year. Data summarized from Hamilton and Haydon (1996), 
and Radcliffe (2002). 
 

Compound  Estimated use 
(tonnes ai/yr) 

Area/industry 

Atrazine  3 000 National total 
Atrazine    331 QLD sugar 
Simazine 3 000 National total 
Diuron    197 QLD sugar 
Tebuthiuron  –  
Hexazinone       6.3 QLD sugar 
Imazapic  –  

– No estimate available 

 

Atrazine and simazine  are selective, mainly pre-emergence systemic herbicides for 

broadleaf weeds and grasses, (Tomlin, 2000). Atrazine is primarily applied in February to 

December for agricultural purposes (Lewis et al., 2007) and is used to treat for example 

sorghum, sugarcane and triazine-tolerant (TT) canola, and in forestry (Radcliffe, 2002, 

APVMA, 2004). Atrazine is also important for the control of parthenium weed (Parthenium 

hysterophorus) in Queensland (APVMA, 2004). Similarly, simazine is used in agriculture 

(fruit orchards, chickpeas, broadbeans, grape vines, berry fruits etc, and overseas also in 

sugarcane); for total weed control on non-crop land such as railways, roadsides and 

industrial areas; and in forest nurseries (Dean et al., 1996). Hexazinone is a non-selective 

post-emergence herbicide targeting both annual and perennial weeds (Tomlin, 2000). It is 

commonly used in the Queensland sugar industry and generally applied during spring and 

early summer (August to December) (Lewis et al., 2007). The second most heavily used 

herbicide in the Queensland sugar industry is diuron (Hamilton and Haydon, 1996), a broad-
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spectrum urea herbicide for pre-and post-emergent control of both broadleaf and grass weeds 

(Tomlin, 2000). Queensland farmers primarily rely on diuron in different formulations for 

weed control in sugarcane, cotton, pineapples and other crops with application occurring 

most of the year from February through to December (Lewis et al., 2007). Diuron is also 

extensively used in general weed control programs along power- and railway lines, roads and 

irrigation channels, around commercial and industrial buildings and as an antifouling agent 

in marine paints (NRA, 2002). Tebuthiuron is a broad spectrum systemic herbicide with low 

selectivity and is applied to control herbaceous and woody plants (Tomlin, 2000). Areas of 

use include total weed control in non-crop areas such as pasture or rangeland, as well as 

broadleaf weeds and grasses in sugarcane (Tomlin, 2000). The final herbicide to be 

considered in this thesis is imazapic. It is a selective herbicide for both pre- and post- 

emergence control of grasses, broadleaf weeds and vines (Tu et al., 2001, Durkin and 

Follansbee, 2004). Imazapic is a comparatively new herbicide for use in sugarcane 

production, first registered in Australia in 1996 (APVMA, 2005), and data on amounts used 

in Queensland and its likely environmental fate are scarce (Rayment, 2005). 

 

 

1.5. Herbicide modes of action  

1.5.1. Photosystem II-inhibitors 

Atrazine, simazine, hexazinone, diuron and tebuthiuron are all mainly absorbed 

through the roots of plants before being translocated upward to the actively growing tips and 

leaves, although some foliar absorption also occurs (Tomlin, 2000). Phytotoxicity is 

expressed by interference with photosystem II (PSII) site A (Mallory-Smith and Retzinger, 

2003). The herbicides compete with plastoquinone for the QB binding site; blocking electron 

transfer from QA to QB and hence limit electron flow (Cobb, 1992). Direct effects are 

inhibition of photosynthesis, while secondary effects include a build-up in reactive oxygen, 

leading to oxidative stress, disruption of membrane integrity and chlorosis, as well as various 

responses due to reduced availability of ATP, NADPH and ferredoxin (Moreland, 1980).  

 

1.5.2. Amino acid synthesis-inhibitor 

Imazapic inhibits the activity of the enzyme acetohydroxy acid synthase (AHAS) 

(Mallory-Smith and Retzinger, 2003). AHAS is a necessary catalyst for the synthesis of the 

three branched-chain aliphatic amino acids valine, leucine, and isoleucine (Tu et al., 2001). 

These amino acids are essential for protein synthesis and cell growth, and plant death can 
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take up to several weeks, probably depending on the amount of stored amino acids available 

to the plant (Tu et al., 2001).  

 

 

1.6. Chemical properties and environmental pollution 

Physical and chemical properties of the herbicides discussed in this thesis are 

summarized in Table 1.2, whereas instances of environmental pollution, focusing on the East 

coast of Australia, are summarized in Table 1.3.   

 

Table 1.2. Properties of selected pesticides.  
 

 Atrazine  Simazine Hexazinone Diuron Tebuthiuron Imazapic  

CAS number 1912-24-9 122-34-9 51235-04-2 330-54-1 34014-18-1 104098-48-8 
MW (g mol-1) 215.7 201.7 252.3 233.1 228.3 275.3 
Class triazine  triazine        triazinone  urea   urea  imidazolinone  
Site of action PSII  PSII  PSII  PSII  PSII   AHAS  
Aq. solubility (mg L-1) 33 6.2  33 000 42 2500 36 000 
Log Kow 2.3 2.1 1.2 2.6 1.79 0.39 
Log Koc 2.24 2.1 1.73 2.4 1.83  
DT50 soil (days) 60 – > 100 27 – 102  30 – 180 90 – 180  90 – 150  31 – 410 
DT50 aq. (days) 10 – 105  18 – 37 stable 120 >64  30 (1 – 2) 
DT50 sediment (days) <30     <120   2440* 

* = anaerobic conditions. Abbreviations; CAS = Chemical Abstracts Service, MW = molecular 
weight, aq. = aqueous, Kow = octanol:water partitioning coefficient, DT50 = half-life, PSII = 
photosystem II, AHAS = acetohydroxy acid synthase. Data compiled from the following sources 
(Sabljic et al., 1995, Gramatica et al., 2000, Haynes et al., 2000a, Haynes et al., 2000b, Tomlin, 2000, 
Tixier et al., 2001, Tu et al., 2001, Radcliffe, 2002, Mostafa and Helling, 2003, APVMA, 2004, 
Durkin and Follansbee, 2004, Giacomazzi and Cochet, 2004). 
 

1.6.1. Atrazine 

With a log Koc of 2.24 and a long half-life, atrazine has a high potential for water 

contamination (Sabljic et al., 1995, Haynes et al., 2000a, APVMA, 2004). As reported by the 

Australian Pesticides and Veterinary Medicines Authority (AVPMA), chemical hydrolysis is 

the most important breakdown route of atrazine, followed by degradation by soil 

microorganisms (APVMA, 2004). However, in an experimental study on the mobility, 

partitioning and degradation of atrazine in a salt marsh environment in the UK, chemical 

degradation was reported to only occur at low or high pH with no degradation occurring in 

the water phase, and with incorporation into the sediment being a prerequisite for biological 

breakdown (Meakins et al., 1995). The primary metabolic breakdown products, 

desethylatrazine (DEA) and desisopropylatrazine (DIA), may have phytotoxic qualities equal 

to or slightly less than the parent compound, but are usually less persistent (Meakins et al., 

1995). Atrazine has been detected in environmental samples on several occasions in 
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Queensland; in subtidal sediments along the Wet Tropics coast line (0.45 – 1.4 nmol [0.1-0.3 

μg] kg-1 dry weight (DW) (Haynes et al., 2000a)), in sediments from sugarcane farming 

irrigation channels and drains in Queensland (from non-detectable to 325 nmol [70 µg] kg-1 

DW (Müller et al., 2000)), in river waters in Queensland (up to 35 nM [7.6 μg L-1) (Lewis et 

al., 2009), and also in surface and groundwater across the country (APVMA, 2004) (Table 

1.3).  

 

1.6.2. Simazine 

Simazine has an intermediate persistence in the environment (Table 1.2), and has the 

potential to reach rivers and coastal waters through leaching and surface runoff (Gunasekara, 

2004). In an analysis of salt marsh sediments, Meakins et al. (1995) found the majority of 

simazine in the sediment to be associated with the particulate phase rather than in interstitial 

water, while simazine was dissolved rather than adsorbed to particulate matter in the 

overlying water column. Differences in temperature and soil moisture results in highly 

variable soil half-lives of simazine, from 27 – 102 days (Tomlin, 2000). The primary 

degradation product is desisopropylatrazine (DIA, also a degradation product of atrazine), 

which may be phytotoxic (see section 1.6.1). Simazine has repeatedly been found in surface 

waters, rivers and wells across Australia (Radcliffe, 2002, Lewis et al., 2009). Particularly 

high concentrations (2370 nM [478 µg L-1]) have been detected in Tasmanian waterways 

draining forestry and agricultural catchments (Radcliffe, 2002). 

 

1.6.3. Hexazinone 

Hexazinone is highly soluble in water (solubility33 000 mg L-1) and stable to 

photolysis and to hydrolysis between pH 5 and pH 9 (Tomlin, 2000), properties which render 

hexazinone a high leaching potential and risk of contaminating ground- and surface waters. 

Bacteria that break down hexazinone have been isolated from soil (Wang et al., 2005). 

Bacterial breakdown also occurs in water (Tomlin, 2000) and is believed to be the main way 

of dissipation. Hexazinone has been detected at concentrations from 1.2 – 6.3 nM (0.31 – 1.6 

μg L-1) in sugarcane sub-catchments and at low concentrations throughout the Mackay 

Whitsundays region during a government-funded water quality audit (Rohde, 2006). In 

Queensland, hexazinone was detected in river mouth waters and inshore reefs at low ng L-1 

concentrations during several sampling occasions using passive samplers (Shaw and Müller, 

2005), and at up to around 20 nM (5 μg L-1) in waterways draining sugar farming (Lewis et 

al., 2009). During extensive sampling under the Water Quality and Ecosystem Monitoring 

Program Reef Water Quality Protection Plan (Reef Plan MMP) (Great Barrier Reef Marine 

Park Authority, GBRMPA), hexazinone was also one of the most commonly detected 
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herbicides in creek, river and reef waters along the Queensland coast (Kapernick et al., 

2006). 

 

1.6.4. Diuron 

Solubility of diuron in water is 42 mg L-1, with a log Kow = 2.6 (Giacomazzi and 

Cochet, 2004). A log Koc = 2.4 predicts its preference for absorbing to the organic carbon 

phase in sediments compared to the mineral phase (Giacomazzi and Cochet, 2004). Its half-

life in water is approximately 120 days, degrading more quickly in organic-rich sediments 

(Tixier et al., 2001), although a model on diuron persistence in a pond ecosystem predicted 

90% of added diuron to be present in the sediment phase after 175 days (Radcliffe, 2002). 

Diuron is the most commonly detected herbicide in surface waters and/or sediments 

in marine and fresh water environments in Australia (Haynes et al., 2000a, Müller et al., 

2000, Duke et al., 2005, Harrington et al., 2005, McMahon et al., 2005, Kapernick et al., 

2006, Lewis et al., 2009). During the Reef Plan MMP, which is one of the most 

comprehensive study covering Queensland and the Great Barrier Reef (GBR) marine park, 

diuron was detected in nearly all samples from both near-shore reefs and river mouths 

(Kapernick et al., 2006). Concentrations were generally in the low pM (ng L-1) range, 

however, up to 6 nM (1.4 µg L-1) were detected in the Pioneer River (Kapernick et al., 2006). 

Haynes et al. (2000a) found diuron concentrations ranging from 0 – 43 nmol (0-10.1 μg) kg-1 

dry weight in sediment from the Johnstone River, predicting chronic water column diuron 

concentrations near the mouths of most rivers in tropical north Queensland to range from 

0.43 – 4.3 nM (0.1 – 1.0 μg L-1), with higher concentrations during periods with high 

rainfall. A recent publication reports median concentrations of around 4.3 nM (1 μg L-1) in 

Queensland river waters and flood plumes, with maximum concentrations of up to 96 nM 

(22 μg L-1) from areas draining sugarcane farming (Lewis et al., 2009). Due to its extensive 

use and long half-life, diuron is considered a priority hazardous substance by the European 

Commission (Giacomazzi and Cochet, 2004).  

Although there may be other intermediate breakdown products, 3,4-dichloroaniline 

(3,4-DCA) and N-3,4-dichlorophenylurea regularly constitute the final metabolites of 

microbial degradation of diuron with 3,4-DCA considered to be the main product (Tixier et 

al., 2001, Giacomazzi and Cochet, 2004). Most of the metabolites show high toxicity to non-

target organisms (Tixier et al., 2000, Tixier et al., 2001, Giacomazzi and Cochet, 2004). The 

chemical hydrolysis of diuron in water yields 3,4-DCA as the only product in any detectable 

amounts containing the phenyl ring (Salvestrini et al., 2002). 3,4-DCA has a logKow = 2.7 

and has a water solubility of 600 mg L-1 (Lintelmann et al., 2003). Degradation of 3,4-DCA 

 



Chapter 1. General introduction  
 

10 

is slow, but bioavailability may be reduced due to sorption to sediment (Giacomazzi and 

Cochet, 2004). 

 

1.6.5. Tebuthiuron 

With a water solubility of 2500 mg L-1 and a log Kow = 1.79 (Tomlin, 2000), 

tebuthiuron is likely to leach from the site of application. Tebuthiuron is persistent in the 

environment, with long half-lives in both soil and in the aqueous phase. Soil half-life has 

been reported as 3 – 5 months in tropical soils (Mostafa and Helling, 2003), but can be much 

longer in temperate, arid climates, with soil half-lives of up to seven years reported (Dam et 

al., 2004). Bacterial degradation is the main pathway of dissipation apart from leaching 

(Mostafa and Helling, 2003). Tebuthiuron is  repeatedly detected as a contaminant in 

Australian waters (Kapernick et al., 2006, Lewis et al., 2009) and has been detected at 

concentrations up to 7.0 nM (1.6 μg L-1) in the O’Connell river after a flooding event 

(Rohde, 2006). 

 

1.6.6. Imazapic 

Imazapic is miscible in water at pH 7, with a solubility of 36000 mg L-1, but with 

decreasing solubility in more acidic water (Durkin and Follansbee, 2004). Photolysis is the 

major breakdown pathway in water, with a half-life of only one or two days according to 

studies reported by American Cyanamid (2000), a company distributing imazapic in the 

USA, in (Tu et al., 2001). However, the US Environmental Protection Agency (US EPA) 

reports aqueous half-lives of up to 30 days (US EPA 1995, in (Durkin and Follansbee, 

2004)). Field dissipation half-lives vary between 31 – 410  days depending on soil type, 

application and climate (Durkin and Follansbee, 2004). Half-life in anaerobic aquatic 

sediments has been reported to be up to 2440 days (Durkin and Follansbee, 2004). The main 

degradation product is the hydroxymethyl derivative (+)-2-[4,5- dihydro-4-methyl-4-(1-

methylethyl)-5-oxo-1H-imidazol-2-yl]-5-hydromethyl-3-pyridine-carboxylic acid, but data 

on toxicity and fate of this compound cannot be found in the primary literature. No data on 

environmental contamination in Australia has been published. 
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Table 1.3. Pesticide concentrations detected in waters and sediments in Queensland and New South 
Wales, Australia, lowest to highest concentrations detected, below detection limit not reported. 
 
Pesticide  Environmental 

concentration   
Environmental compartment  Location  

Atrazine 0.93 nmol kg-1 DW  
0.05 - 0.22 nM 

Mangrove sediment    
Cane drains 

Mackay region 1 

 0.03 nM Inshore reef water QLD 2 
 7.0 nM River mouths QLD 2 
 0.46 - 1.39 nmol kg-1 

DW  
Sediment  QLD wet tropics 3 

 1.16 - 325 nmol kg-1 DW  Sediment in cane and cotton 
drains 

QLD 4 

 1.34 nM Water column Mackay/Whitsunday 5 
 0.46 - 46 nM Surface waters Northern NSW 6 
 

0.004-0.11 nM 
Surface waters Hervey Bay region 7, 

10 
 0.01 – 35 nM River water and flood plumes QLD 11 

Simazine 0.01 - 0.08 nM Mangrove core water Mackay region 1 
 0.09 nM Inshore reef water QLD 2 
 1.19 nM River mouths QLD 2 
 2.28 - 4.86 nmol kg-1 

DW  
Sediment in cane and cotton 
drains 

QLD 4 

 0.3 nM  Surface waters NSW 5 
 0.50 - 0.99 nM River surface water Northern NSW  6 
 0.01 - 0.24 nM Surface waters Hervey Bay region 7 
 0.36 nM  Surface waters Hervey Bay region 10 
 0.01 – 0.9 nM River water and flood plumes QLD 11 

DEA  0.27 - 0.91 nM Water column Mackay/Whitsunday 5 
Hexazinone 1.23 - 6.34 nM Surface waters  Mackay/Whitsunday 8  
 2.06 nM River mouths QLD 2 
 0.04 – ~ 20 nM River water and flood plumes QLD 11 

Diuron 0.86 - 35 nmol kg-1 DW 
2.3 -4.9 nM 

Mangrove sediment   
Cane drains 

Mackay region 1 

 0.86 -43 nmol kg-1 DW  Sediment  QLD wet tropics  3 
 0.04 nM Inshore reef water QLD 2 
 6.0 nM River mouths QLD 2 
 1.5 - 1460 nmol kg-1 DW Sediment in cane and cotton 

drains 
QLD  4 

 3.86 - 36.5 nM Water column Mackay/Whitsunday 5 
 to 51.5 nM Surface waters NSW 9 
 0.01- 0.34 nM Surface waters Hervey Bay region 7 
 0.08 – 0.86 nM Surface waters Hervey Bay region 10 
 0.01 – 96 nM River water and flood plumes QLD 11 

Tebuthiuron 0.03 nM River mouths QLD 2 
 0.24 nM Surface waters Hervey Bay region 7 
 0.055 nM Surface waters Hervey Bay region 10 
 0.07 nM Creek core water  Mackay/Whitsunday 5 
 0.24 nM Creek water Hervey bay region 7 
 0.66 - 6.13 nM Creek water  Mackay region 1 
 0.04 – 4.4 nM River water and flood plumes QLD 11 

Imazapic NA   
NA = not applicable, no reports found of environmental contamination in Australia. Compiled from 
the following sources 1 Duke et al., (2005), 2 Kapernick et al., (2006), 3 Haynes et al., (2000a), 4 Müller 
et al., (2000),  5 Mitchell et al., (2002),  6 Muschal, (2001), 7 Bengtson-Nash et al., (2005a),  8 Rhode et 
al., (2006), 9 Muschal and Warne, (2003), 10 McMahon et al., (2005),  and 11 Lewis et al., (2009). 
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1.7. Ecotoxicology of selected herbicides 

1.7.1. Atrazine 

Data on the toxicity of atrazine is abundant in the literature, with environmental risk 

assessments under North American conditions based on extensive literature reviews 

(Solomon, 1996), and official chemical reviews covering Australian conditions (APVMA, 

2004). However, despite the profusion of articles describing atrazine toxicity, there is a 

striking lack of studies covering environmental effects under tropical conditions, particularly 

in the estuarine environment, and the majority of studies have been performed using 

freshwater species. It may be argued that freshwater species are more at risk, often being in 

closer proximity to the original site of application than marine species. On the other hand 

estuarine environments are critically important contributors to primary productivity; often 

serve as a boundary protecting the coast line and also as nursery grounds for many 

recreationally and commercially important fish species (MacIntyre et al., 1996, Miller et al., 

1996, Coull, 1999).  

Reported atrazine EC50 concentrations (the concentration at which a 50% effect of 

the target endpoint is expected) are highly variable and depend on species tested, endpoint 

measured and exposure time, as is generally the case with ecotoxicological studies. More 

sensitive species such as the chlorophyte Chlorella vulgaris showed a 96-h EC50 of 20 nM 

(4.3 µg L-1) in growth measured as chlorophyll fluorescence whereas the diatom Asterionella 

formosa showed a 96-h EC50 of > 10 µM (2160 µg L-1) in the same study under the same 

exposure conditions (Bérard et al., 2003), supporting a general conclusion that diatoms are 

less sensitive to atrazine than green algae (Guasch et al., 1997, Guasch et al., 1998). 

Contrasting these results are those of DeLorenzo et al. (1999), who found a reduction in 

diatom abundance after atrazine exposures at 230 nM (50 µg L-1) and an accompanying shift 

to an increase in bacterial abundance. In a review on atrazine toxicity, Solomon et al. (1996) 

presented a decreasing sensitivity from microphytoplankton > aquatic macrophytes > 

benthos > zooplankton based on acute toxicity concentrations for freshwater organisms. The 

freshwater EC50 concentrations reported covered a range from 18.5 nM (4 µg L-1) for 96-h 

growth in the green algae Selenastrum capricornutum to 4.6 µM (1000 µg L-1) for14-d 

growth in Chlorella pyrenoidosa (Solomon, 1996). Due to the large difference in exposure 

time it is, however, hard to directly compare the EC50 concentrations for these two 

organisms. Marine microalgae seem to be more sensitive, with EC50 concentrations ranging 

between 0.093 – 2.8 µM (20 – 600 µg L-1) (Solomon, 1996). The conclusion of this review 

was that chronic atrazine concentrations below 0.093 µM (20 µg L-1) should not pose any 

risk to ecosystem sustainability (Solomon, 1996). There are reports on both development of 

tolerance (Nystrom et al., 2000, Bérard et al., 2003, Schmitt-Jansen and Altenburger, 2005) 
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or higher sensitivity (Nelson et al., 1999) after chronic pre-exposure to low chronic levels of 

atrazine. This, combined with effects found at species-level primary productivity at very low 

atrazine concentrations, leads to an ongoing controversy regarding the environmental safety 

of atrazine. Further studies are warranted with atrazine especially in tropical regions using 

local species and conditions and in combination with other stressors. 

 

1.7.2. Simazine 

Simazine has not been studied as extensively as atrazine, which is much more 

heavily used. Its toxicity to phytoplankton and periphyton (living attached to submerged 

surfaces) is comparable or only slightly less than that of atrazine, however, with estuarine 

phytoplankton, periphyton and episammic (sand-dwelling) communities showing a 50% 

inhibition of photosynthesis after 2.5 h at 0.37 – 0.99 µM (74.6 – 199.6 µgL-1), 1.11 – 2.91 

µM (223.8 – 586.8 µgL-1) and 0.44 – 1.17 µM (88.7 – 235.9 µgL-1), respectively (Bonilla et 

al., 1998). Likewise, a study exposing the freshwater chlorophyte Chlamydomonas geitleri to 

varying concentrations of atrazine, simazine and terbutryn (another triazine herbicide) found 

their 1-h EC50 concentrations ranging from 1.44 – 2.23 µM, 1.79 – 5.50 µM and 0.01 – 0.03 

µM for the three chemicals, respectively (François and Robinson, 1990). Much lower EC50 

concentrations of 2.5 – 20 nM (0.5 – 4.0 µg L-1) have been reported for microalgae growth 

inhibition tests in a simazine environmental fate review prepared for the Department of 

Pesticide Regulation, Sacramento, USA; (Gunasekara, 2004). These concentrations (reported 

in Gunasekara, 2004) are from a study conducted in 1972, which unfortunately is not 

publicly available. 

In general, simazine research tends to be from an earlier date than research on 

atrazine toxicity, and conclusions may not reflect modern use patterns. As mentioned above, 

simazine is extensively used in Australia and hence a more thorough investigation on its 

impacts is warranted.  

 

1.7.3. Hexazinone 

Reflecting its lower use-rates, there has been little research performed on the toxicity 

of hexazinone to marine phototrophs under Australian conditions. Jones and Kerswell (2003) 

determined the 24-h EC50 concentration for inhibition of photosynthetic yield of 

dinoflagellate symbionts in the hard coral Seriatopora hystrix to be 34.9 nM (8.8 μg L-1). 

This is slightly more sensitive than freshwater microalgae in earlier studies, where the 24-h 

EC50 concentrations for uptake of 14C varied between 40 – 200 nM (10 – 50 μg L-1) 

depending on species tested (Peterson et al., 1997) (note, however, that this is a different 
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endpoint and thus not strictly comparable). Hexazinone-1-h IC50 for photosynthetic yield in 

the diatom Phaeodactylum tricornutum and the chlorophyte Chlorella vulgaris were around 

87 nM (22 μg L-1) (Muller et al., 2008). It was noted however, that toxicity continued to 

increase for up to two hours when the experiment was terminated. It would be desirable to 

have more information on hexazinone toxicity under tropical conditions and to local species. 

 

1.7.4. Diuron 

Contrary to many other herbicides, diuron has been under extensive investigation in 

Australia and particularly in Queensland. Diuron is one of the most commonly detected 

herbicides in farm drains, rivers and inshore reefs along the Queensland coast (Kapernick et 

al., 2006, Lewis et al., 2009), and correlative evidence with high concentrations found in the 

sediments of the region lead researchers to suggest that it is the cause of severe species-

specific mangrove diebacks in the Mackay-Whitsunday region (Bell and Duke, 2005, Duke 

et al., 2005). A range of other possible causes such as heavy metal pollution, nutrients or 

sediment burial had already been excluded after extensive analysis of environmental samples 

(Duke et al., 2005). An experimental study exposing different species of mangroves to the 

herbicides diuron, atrazine and ametryn was later conducted to validate the theory, and 

diuron did indeed induce the species-specific effects in Avicennia marina comparable to 

those seen in situ (Bell and Duke, 2005). Very high concentrations of herbicides were used 

to induce possible effects in a short time-frame, and only the highest concentration of diuron, 

17.2 µmol (4000 µg) kg-1 sediments, showed significant results. Further studies using more 

relevant concentrations of diuron over a longer time period are required, as pointed out by 

the authors themselves, in order to determine trigger values where damage starts to occur.  

The toxicity of diuron has also been determined for three species of seagrass 

(Haynes et al., 2000b), crustose coralline algae (CCA) (Harrington et al., 2005) and different 

life stages of several species of hard coral (Jones et al., 2003, Negri et al., 2005) in the GBR 

region. All species were found to be sensitive to diuron at environmentally relevant 

concentrations, with effects evident at 0.43 nM (0.1 µg L-1) in seagrass, and 4.3 nM (1.0 µg 

L-1) in corals. The results from the above studies are all directly comparable in that they all 

utilize the same endpoint, the change in effective quantum yield measured by pulse 

amplitude modulated (PAM) fluorometry, to estimate photosynthetic activity. As pointed out 

above, one of the major drawbacks in ecotoxicology is normally the wide range of endpoints 

available, since results are highly dependent on the endpoint chosen (François and Robinson, 

1990, Tang et al., 1997, Chandler and Green, 2001, DeLorenzo et al., 2004). Isolated 

symbiotic dinoflagellates from hard corals are similarly very sensitive to diuron and  a range 

of PSII-inhibitors (Owen et al., 2003). Incorporation of H14CO3
- in symbionts from the 
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Caribbean corals Diploria strigosa, Favia fragum and Madracis mirabilis exposed to 8.6 nM 

(2.0 µg L-1) diuron for 6 hours was inhibited by 30 – 40 % compared to controls (Owen et al., 

2002). Other effects of diuron include reduced translocation of energy from symbionts to 

host coral tissue (Cantin et al., In press) and reduced reproductive output after chronic 

exposures (Cantin et al., 2007). 

As with atrazine and simazine, there are no studies investigating the effects of diuron 

on marine benthic or pelagic microalgal communities in the GBR region using locally 

relevant test-organisms. Instead we remain reliant on studies performed primarily on 

temperate species for information on toxicity of diuron and its primary degradation product 

3,4-DCA to microalgae. For marine episammon and periphyton communities, 45-minEC50 

concentrations were equal to 36 – 39 nM (8.4 – 9.0 µg L-1) and 18 – 89 nM (4.2 – 20.7 µg L-

1) diuron, respectively, using 14C-fixation as an endpoint (Arrhenius et al., 2004). This is 

comparable to the results concerning dinoflagellate symbionts (Jones et al., 2003) and early 

life history stages of hard corals (Negri et al., 2005) in Australia. Most microalgal species 

that are listed as standard test-species for ecotoxicological experimentation are temperate 

species, such as the diatom Phaeodactylum tricornutum (ISO, 1995). Reported IC50s for 

acute exposure to diuron in P. tricornutum varies between 11.8 nM (2.8 µg L-1) (Chapter 4, 

this thesis), and 14 – 77 nM (3.3 – 17.9 µg L-1) (Schreiber et al., 2002, Muller et al., 2008), 

with IC10s of 1.8 nM (0.42 µg L-1) (Chapter 4, this thesis) and 0.48 nM (0.11 µg L-1) 

(Bengtson-Nash et al., 2005b). Although this temperate diatom species may sometimes 

exhibit similar sensitivity to diuron compared to coral symbionts (Owen et al., 2003), other 

characteristics makes it unsuitable as a standard test-species, as discussed further in Chapter 

4 of this thesis.  

3,4-DCA is as mentioned above a degradation product of diuron and is classified as 

a highly toxic secondary poisonous compound (Giacomazzi and Cochet, 2004). Other 

sources of environmental contamination by 3,4-DCA are during production and breakdown 

of, among other chemicals, linuron and propanil (Giacomazzi and Cochet, 2004). 3,4-DCA 

was found to be an order of magnitude more toxic to Vibrio fisheri than diuron, with 5-min 

EC50s of 2.98 µM (0.48 mg L-1) for 3,4-DCA, and 290 µM (68 mg L-1) for diuron (Tixier et 

al., 2001). An earlier study did not investigate 3,4-DCA, but found other degradation 

products of diuron (N-3,4-dichlorophenylurea and N-(3,4-dichlorophenyl)-N'-methylurea) to 

be more toxic to V. fisheri than diuron itself, with 30-min EC50s of 250 µM (58 mg L-1) for 

diuron and between 76 – 85 µM (16.5 – 17.2 mg L-1) for the metabolic breakdown products 

(Tixier et al., 2000). Using esterase activity, growth and LC50 (the concentration where 50% 

lethality occurs) as endpoints, the results varied in tests with Tetrahymena pyriformis and 

Spriostomum teres (both protozoans), but generally the metabolites were more toxic than 

diuron itself, with EC50 concentrations in the low mg L-1 range (Tixier et al., 2000).  
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Surprisingly little data can be found on diuron toxicity to marine microalgae, 

compared to studies performed on other marine organisms or freshwater communities. In 

Australia particularly, there is a paucity of information on the toxicity of the degradation 

product 3,4-DCA to locally important systems. 

 

1.7.5. Tebuthiuron 

Tebuthiuron is one of the main herbicides used to combat the wetland weed Mimosa 

pigra in northern Australia (Dam et al., 2004). Summarized in an environmental risk 

assessment for the use of tebuthiuron against mimosa in the Northern Territory, EC50 

concentrations varied between 0.35 – 0.93 μM (80 – 213 μg L–1) based on different species 

of microalgae using data from temperate climates and algal species (Dam et al., 2004). The 

macrophyte Lemna gibba (duckweed) shows similar sensitivity, with a 14-d growth rate 

EC50 of 1.0 μM (235 μg L–1), whereas the tropical duckweed L. aequinoctinalis has a 3-d 

growth (frond number) EC50 of 0.78 μM (177 μg L–1) (Dam et al., 2004). Symbiotic 

dinoflagellates of the hard coral S. hystrix was also shown to be more sensitive than the 

freshwater temperate algae, with a 24-h EC50 for photosynthetic yield of 0.77 μM (175 μg L–

1) (Jones and Kerswell, 2003). This prompts the question how tropical microphytobenthos 

responses compare with temperate ecosystem responses. 

 

1.7.6. Imazapic 

There is very little data on toxicity of imazapic in the peer-reviewed literature, 

particularly for marine microalgae. A human health and ecological risk assessment (ERA) 

report prepared for the forest department of the US Department of Agriculture, found only 

one, unpublished, study on microalgae (Durkin and Follansbee, 2004). This study was 

prepared for the chemical registration process of imazapic and included the cyanobacteria 

Anabaena flos-aquae, the green alga Selenastrum capricomutum and the diatoms Navicula 

pelliculosa and Skeletonema costatum. Five-day EC50s were all above 163 nM (45.0 μg L-1), 

with nominal test-concentrations of 182 nM (50 µg L-1), which is equivalent to a direct 

application of maximum label rate. Much more sensitive was the macrophyte Lemna gibba 

(duck weed), with an EC50 of 22.2 nM (6.1 µg L-1). 

One study on freshwater pond macro-invertebrate communities investigated the 

effects of imazapyr, a compound closely related to imazapic. The concentrations used ranged 

from 0.7-70.4 µM (0.184-18.4 mg L-1), which presumably corresponds to 1-100 times the 

expected environmental concentrations of this compound in the area studied (silviculture in 

USA), and no effects were found for the endpoints tested; community composition, 
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chironomid biomass or chironomid head deformities at any concentration (Fowlkes et al., 

2003). 

It is anticipated that imazapic will not pose any risk to aquatic or marine systems due 

to low agricultural application rates and photolysis leading to a short aqueous half-life 

(Tomlin, 2000). The imidazolinone herbicides are, however, becoming more popular for 

large-scale application in agriculture and also in industrial weed control. In the latter, much 

higher application rates are used compared with the application rates used in agriculture, and 

with soil half-lives exceeding one year and conflicting evidence regarding its aqueous half-

life (reported as up to 30 days in Durkin and Follansbee, 2004) further studies on this group 

of herbicides are required. 

 

 

1.8. Conclusion - A tropical perspective  

As discussed above, there is a paucity of information on pesticide behaviour and 

toxicity in tropical ecosystems, with the majority of research to date utilizing temperate test-

organisms under temperate conditions. This fact was pointed out in several reviews (Castillo 

et al., 1997, Lacher and Goldstein, 1997, Peters et al., 1997), and although identified a 

decade ago, the imbalance remains (Kwok et al., 2007). In agreement with the historical 

pattern of ecotoxicological studies and choice of test-organisms (Lewis, 1995, Lytle and 

Lytle, 2001), most of the tropical ecotoxicological studies that are available focus on effects 

on fish or invertebrates (Castillo et al., 1997, and references therein). The otherwise 

comprehensive review by Peters et al., (1997), also only briefly mentions microalgae as 

potential test-organisms, and focus on potential effects on more conspicuous systems such as 

mangroves, seagrasses and reef-building corals. Chemical residue studies are much more 

prevalent than effect-orientated studies, as reviewed for Central American countries where 

pesticide-use is extensive (Castillo et al., 1997). There are several reasons why tropical and 

temperate organisms may show differential sensitivity to toxicants. Biochemical reactions 

can be faster at higher temperatures, and it was suggested that faster turn-over rates of the D1 

protein at higher temperatures incurred higher tolerance to atrazine in the cyanobacterium 

Oscillatoria limnetica (Bérard et al., 1999). On the other hand, increased light intensity 

enhances the toxic effect of PSII-inhibitors (Schreiber et al., 2007). The validity of 

extrapolating toxicity results derived for temperate species to tropical conditions has 

therefore been questioned and is still under debate (Kwok et al., 2007, Römbke et al., 2008, 

Daam et al., 2009). Using species sensitivity distributions (SSD) in a meta-analysis of 

published data, Kwok et al. (2007) showed that tropical freshwater animal species are often 

more sensitive than their temperate counterparts to some pesticides and phenols. They 
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consequently recommended an extrapolation factor of 10 when temperate water quality 

criteria are used for tropical regions to ensure sufficient levels of protection are maintained 

(Kwok et al., 2007). Conversely, Daam et al. (2009) found no significant differences in 

sensitivity between tropical and temperate aquatic microcosms exposed to the PSII-inhibitor 

linuron, except for a potentially  higher recovery-rate in tropical systems, and it was 

suggested that no such extrapolation factor is necessary.  

Few studies have previously explored the influence of herbicides on benthic 

estuarine communities of microalgae in the tropics despite their recognised ecological 

importance (see Chapter 2 of this thesis for a review). Estuaries can contain higher 

concentrations of herbicides than nearshore coastal waters and sediments often contain 

higher concentrations of contaminants than the overlying water (Dueri et al., 2008). 

Estuarine, bottom-dwelling organisms are hence more at risk of suffering harmful effects 

from exposure to contaminants. Benthic microalgae serve as an important base of the food 

web in shallow lagoons, and can often outnumber planktonic microalgae in biomass 

(MacIntyre et al., 1996, Underwood and Kromkamp, 1999, Gambi et al., 2003, see also 

Chapter 2 of this thesis for an extensive review). Regulation of oxygen concentrations at the 

water-sediment interface can be highly dependent on the photosynthetic activity of the 

microphytobenthos, and they are also an important food-source for deposit and suspension 

feeders (Gambi et al., 2003, Chapter 2, this thesis). Detrimental effects on benthic microalgal 

communities therefore hold the potential to carry severe consequences to ecosystem levels. 

With the established paucity of information regarding tropical ecotoxicology, potential risks 

associated with geographical extrapolation of toxicity effect-concentrations, and the 

ecological importance of benthic microalgae in estuarine ecosystems, there is clearly a need 

to advance the understanding of herbicide-toxicity to non-target species under tropical 

conditions. The ecological and economical value of the ecosystems comprising the GBR, 

and recent detections of herbicide contamination in the region (Haynes and Michalek-

Wagner, 2000, Haynes et al., 2000a, Kapernick et al., 2006, Lewis et al., 2009), emphasize 

this urgency.  

 

 

 



Chapter 1. General introduction  
 

19 

1.9. References: 

APVMA (2004) The reconsideration of approvals of the active constituent atrazine, 
registrations of products containing atrazine, and their associated labels. Second 
Draft Final Review Report. Pesticides review program. Canberra, Australia, 
Australian Pesticides and Veterinary Medicines Authority. 

APVMA (2005) http://www.apvma.gov.au/. Australian Pesticides & Veterinary Medicines 
Authority. 

ARRHENIUS, Å., GRÖNVALL, F., SCHOLZE, M., BACKHAUS, T. & BLANCK, H. 
(2004) Predictability of the mixture toxicity of 12 similarly acting congeneric 
inhibitors of photosystem II in marine periphyton and episammon communities. 
Aquatic Toxicology, 68, 351-367. 

BELL, A. M. & DUKE, N. C. (2005) Effects of photosystem II inhibiting herbicides on 
mangroves-preliminary toxicological trials. Marine Pollution Bulletin, 51, 297-307. 

BENGTSON-NASH, S. M., MCMAHON, K., EAGLESHAM, G. & MÜLLER, J. F. 
(2005a) Application of a novel phytotoxicity assay for the detection of herbicides in 
Hervey Bay and the Great Sandy Straits. Marine Pollution Bulletin, 51, 351-360. 

BENGTSON-NASH, S. M., QUAYLE, P. A., SCHREIBER, U. & MÜLLER, J. F. (2005b) 
The selection of a model microalgal species as biomaterial for a novel aquatic 
phytotoxicity assay. Aquatic Toxicology, 72, 315-326. 

BÉRARD, A., DORIGO, U., MERCIER, I., SLOOTEN, K. B.-V., GRANDJEAN, D. & 
LEBOULANGER, C. (2003) Comparison of the ecotoxicological impact of the 
triazines Irgarol 1051 and atrazine on microalgal cultures and natural microalgal 
communities in Lake Geneva. Chemosphere, 53, 935-944. 

BÉRARD, A., LEBOULANGER, C. & PELTE, T. (1999) Tolerance of Oscillatoria 
limnetica Lemmermann to atrazine in natural phytoplankton populations and in pure 
culture: Influence of season and temperature. Archives of Environmental 
Contamination and Toxicology, 37, 472-479. 

BONILLA, S., CONDE, D. & BLANCK, H. (1998) The photosynthetic responses of marine 
phytoplankton, periphyton and epipsammon to the herbicides paraquat and simazine. 
Ecotoxicology, 7, 99-105. 

BOWMER, K. H., KORTH, W., SCOTT, A., MCCORKELLE, G. & THOMAS, M. (1998) 
Pesticide monitoring in the irrigation areas of South-Western NSW, 1990-1995. 
Technical Report 17/98. CSIRO Land & Water. 

CANTIN, N., VAN OPPEN, M., WILLIS, B., MIEOG, J. & NEGRI, A. (In press) Juvenile 
corals can acquire more carbon from high-performance algal symbionts. Coral 
Reefs, DOI 10.1007/s00338-009-0478-8. 

CANTIN, N. E., NEGRI, A. P. & WILLIS, B. L. (2007) Photoinhibition from chronic 
herbicide exposure reduces reproductive output of reef-building corals. Marine 
Ecology Progress Series, 344, 81-93. 

CASTILLO, L. E., DE LA CRUZ, E. & RUEPERT, C. (1997) Ecotoxicology and pesticides 
in tropical aquatic ecosystems of Central America. Environmental Toxicology and 
Chemistry, 16, 41-51. 

CHANDLER, G. T. & GREEN, A. S. (2001) Developmental stage-specific life-cycle 
bioassay for assessment of sediment associated toxicant effects on benthic copepod 
production. Environmental Toxicology and Chemistry, 20, 171-178. 

COBB, A. (1992) Herbicides and plant physiology, London, Chapman & Hall. 
COULL, B. C. (1999) Role of meiofauna in estuarine soft-bottom habitats. Australian 

Journal of Ecology, 24, 327-343. 
DAAM, M. A., VAN DEN BRINK, P. J. & NOGUEIRA, A. J. A. (2009) Comparison of 

fate and ecological effects of the herbicide linuron in freshwater model ecosystems 
between tropical and temperate regions. Ecotoxicology and Environmental Safety, 
72, 424-433. 

 

http://www.apvma.gov.au/


Chapter 1. General introduction  
 

20 

DAM, R., CAMILLERI, C., BAYLISS, P. & MARKICH, S. (2004) Ecological risk 
assessment of tebuthiuron following application on tropical Australian wetlands. 
Human and Ecological Risk Assessment, 10, 1069-1097. 

DEAN, J. R., WADE, G. & BARNABAS, I. J. (1996) Determination of triazine herbicides 
in environmental samples. Journal of Chromatography A, 733, 295-335. 

DELORENZO, M. E., LEATHERBURY, M., WEINER, J. A., LEWITUS, A. J. & 
FULTON, M. H. (2004) Physiological factors contributing to the species-specific 
sensitivity of four estuarine microalgal species exposed to the herbicide atrazine. 
Aquatic Ecosystem Health and Management, 7, 137 - 146. 

DELORENZO, M. E., SCOTT, G. I. & ROSS, P. E. (1999) Effects of the agricultural 
pesticides atrazine, deethylatrazine, endosulfan and chlorpyrifos on an estuarine 
microbial foodweb. Environmental Toxicology and Chemistry, 18, 2824-2835. 

DUERI, S., CASTRO-JIMÉNEZ, J. & COMENGES, J.-M. Z. (2008) On the use of the 
partitioning approach to derive Environmental Quality Standards (EQS) for 
persistent organic pollutants (POPs) in sediments: A review of existing data. Science 
of the Total Environment, 403, 23-33. 

DUKE, N. C., BELL, A. M., PEDERSON, D. K., ROELFSEMA, C. M. & NASH, S. B. 
(2005) Herbicides implicated as the cause of severe mangrove dieback in the 
Mackay region, NE Australia: consequences for marine plant habitats of the GBR 
World Heritage Area. Marine Pollution Bulletin, 51, 308-324. 

DURKIN, P. & FOLLANSBEE, M. (2004) Imazapic - Human health and ecological risk 
assessment– final report. New York, Syracuse Environmental Research Associates, 
Inc. 

FOWLKES, M. D., MICHAEL, J. L., CRISMAN, T. L. & PRENGER, J. P. (2003) Effects 
of the herbicide imazapyr on benthic macroinvertebrates in a logged pond cypress 
dome. Environmental Toxicology and Chemistry, 22, 900-907. 

FRANÇOIS, D. L. & ROBINSON, G. G. C. (1990) Indices of triazine toxicity in 
Chlamydomonas geitleri Ettl. Aquatic Toxicology, 16, 205-228. 

GAMBI, C., TOTTI, C. & MANINI, E. (2003) Impact of organic loads and environmental 
gradients on microphytobenthos and meiofaunal distribution in a coastal lagoon. 
Chemistry and Ecology, 19, 207-223. 

GIACOMAZZI, S. & COCHET, N. (2004) Environmental impact of diuron transformation: 
a review. Chemosphere, 56, 1021-1032. 

GRAMATICA, P., CORRADI, M. & CONSONNI, V. (2000) Modelling and prediction of 
soil sorption coefficients of non-ionic organic pesticides by molecular descriptors. 
Chemosphere, 41, 763-777. 

GUASCH, H., IVORRA, N., LEHMANN, V., PAULSSON, M., REAL, M. & SABATER, 
S. (1998) Community composition and sensitivity of periphyton to atrazine in 
flowing waters: the role of environmental factors. Journal of Applied Phycology, 10, 
203–213. 

GUASCH, H., MUÑOZ, I., ROSÉS, N. & SABATER, S. (1997) Changes in atrazine 
toxicity throughout succession of stream periphyton communities. Journal of 
Applied Phycology, 9, 137-146. 

GUNASEKARA, A. S. (2004) Environmental fate of simazine. Environmental fate reviews. 
Californa, California Department of Pesticide Regulation; Environmental 
Monitoring Branch. 

GURALNIK, D. B. (Ed.) (1993) Webster's New World Dictionary of American English, 
New York, Prentice Hall. 

HAMILTON, D. & HAYDON, G. (1996) Pesticides and fertilizers in the Queensland sugar 
industry - estimates of usage and likely environmental fate. Volume 1, Pesticides. 
Indooroopilly, Queensland, Australia, Department of Primary Industry/BSES Sugar 
Industry RD&E Program. Project ICM-R&D.94.01. 

HAMILTON, D. & HAYDON, G. (1997) Pesticides and fertilizers in the New South Wales 
sugar industry - estimates of usage and likely environmental fate. Vol. 1. Pesticides. 

 



Chapter 1. General introduction  
 

21 

Brisbane, Queensland, Australia, Department of Natural Resources and CRC for 
Sustainable Sugar Production. 

HARRINGTON, L., FABRICIUS, K., EAGLESHAM, G. & NEGRI, A. (2005) Synergistic 
effects of diuron and sedimentation on photosynthesis and survival of crustose 
coralline algae. Marine Pollution Bulletin, 51, 415-427. 

HASSALL, K. A. (1982) The chemistry of pesticides, London and Basingstoke, The 
Macmillan Press LTD. 

HAYNES, D. & MICHALEK-WAGNER, K. (2000) Water quality in the Great Barrier Reef 
World Heritage area: Past perspectives, current issues and new research directions. 
Marine Pollution Bulletin, 41, 428-434. 

HAYNES, D., MÜLLER, J. & CARTER, S. (2000a) Pesticide and herbicide residues in 
sediments and seagrasses from the Great Barrier Reef World Heritage Area and 
Queensland coast. Marine Pollution Bulletin, 41, 279-287. 

HAYNES, D., RALPH, P., PRANGE, J. & DENNISON, B. (2000b) The impact of the 
herbicide diuron on photosynthesis in three species of tropical seagrass. Marine 
Pollution Bulletin, 41, 288-293. 

ISO (1995) Water quality - Marine algal growth inhibition test with Skeletonema costatum 
and Phaeodactylum tricornutum., International Standard Organization, ISO 
10253:1995(E). 

JONES, R. J. & KERSWELL, A. P. (2003) Phytotoxicity of photosystem II (PSII) herbicides 
to coral. Marine Ecology Progress Series, 261, 149-159. 

JONES, R. J., MULLER, J., HAYNES, D. & SCHREIBER, U. (2003) Effects of herbicides 
diuron and atrazine on corals of the Great Barrier Reef, Australia. Marine Ecology 
Progress Series, 251, 153-167. 

KAPERNICK, A., SHAW, M., DUNN, A., KOMAROVA, T., MÜLLER, J., CARTER, S., 
EAGLESHAM, G., SCHAFFELKE, B., BASS, D. & HAYNES, D. (2006) River 
pesticide loads and GBR lagoon pesticide data. IN SCHAFFELKE, B. & 
WATERHOUSE, J. (Eds.) Water Quality and Ecosystem Monitoring Program - 
Reef Water Quality Protection Plan. Final Report August 2006. Townsville, Great 
Barrier Reef Marine Park Authority, CRC Reef Research Consortium  

KOOKANA, R. S., BASKARAN, S. & NAIDU, R. (1998) Pesticide fate and behaviour in 
Australian soils in relation to contamination and management of soil and water: a 
review. Australian Journal of Soil Research, 36, 715-764. 

KWOK, K. W. H., LEUNG, K. M. Y., LUI, G. S. G., CHU, V. K. H., LAM, P. K. S., 
MORRITT, D., MALTBY, L., BROCK, T. C. M., VANDENBRINK, P. J., 
WARNE, M. S. J. & CRANE, M. (2007) Comparison of tropical and temperate 
freshwater animal species' acute sensitivities to chemicals: Implications for deriving 
safe extrapolation factors. Integrated Environmental Assessment and Management, 
3, 49. 

LACHER, T. E. & GOLDSTEIN, M. I. (1997) Tropical ecotoxicology: status and needs. 
Environmental Toxicology and Chemistry, 16, 100-111. 

LEE, R. E. (2008) Phycology, Cambridge, Cambridge University Press. 
LEWIS, M. A. (1990) Are laboratory-derived toxicity data for freshwater algae worth the 

effort? Environmental Toxicology and Chemistry, 9, 1279-1284. 
LEWIS, M. A. (1992) Periphyton photosynthesis as an indicator of effluent toxicity: 

relationship to effects on animal test species. Aquatic Toxicology, 23, 279-288. 
LEWIS, M. A. (1995) Use of freshwater plants for phytotoxicity testing: A review. 

Environmental Pollution, 87, 319-336. 
LEWIS, S., DAVIS, A., BRODIE, J., BAINBRIDGE, Z., MCCONNEL, V. & MAUGHAN, 

M. (2007) Pesticides in the lower Burdekin and Don River catchments: 2005-2007. 
ACTFR Report No. 07/05 for the Burdekin Dry Tropics NRM., Australian Centre for 
Tropical Freshwater Research, James Cook University, Townsville. 

LEWIS, S. E., BRODIE, J. E., BAINBRIDGE, Z. T., ROHDE, K. W., DAVIS, A. M., 
MASTERS, B. L., MAUGHAN, M., DEVLIN, M. J., MUELLER, J. F. & 

 



Chapter 1. General introduction  
 

22 

SCHAFFELKE, B. (2009) Herbicides: A new threat to the Great Barrier Reef. 
Environmental Pollution, 157, 2470-2484. 

LINTELMANN, J., KATAYAMA, A., KURIHARA, N., SHORE, L. & WENZEL, A. 
(2003) Endocrine disruptors in the environment (IUPAC Technical Report). Pure 
and Applied Chemistry, 75, 631-681. 

LYTLE, J. S. & LYTLE, T. F. (2001) Use of plants for toxicity assessment of estuarine 
ecosystems. Environmental Toxicology and Chemistry, 20, 68-83. 

MACINTYRE, H. L., GEIDER, R. J. & MILLER, D. C. (1996) Microphytobenthos: The 
ecological role of the "secret garden" of unvegetated, shallow-water marine habitats. 
I. Distribution, abundance and primary production. Estuaries, 19, 186-201. 

MALLORY-SMITH, C. A. & RETZINGER, E. J. (2003) Revised classification of 
herbicides by site of action for weed resistance management strategies. Weed 
Technology, 17, 605-619. 

MCMAHON, K., NASH, S. B., EAGLESHAM, G., MÜLLER, J. F., DUKE, N. C. & 
WINDERLICH, S. (2005) Herbicide contamination and the potential impact to 
seagrass meadows in Hervey Bay, Queensland, Australia. Marine Pollution Bulletin, 
51, 325-334. 

MEAKINS, N. C., BUBB, J. M. & LESTER, J. N. (1995) The mobility, partitioning and 
degradation of atrazine and simazine in the salt marsh environment. Marine 
Pollution Bulletin, 30, 812-819. 

MILLER, D. C., GEIDER, R. J. & MACINTYRE, H. L. (1996) Microphytobenthos: the 
ecological role of the "secret garden" of unvegetated, shallow-water marine habitats. 
II. Role in sediment stability and shallow-water food webs. Estuaries, 19, 202-212. 

MITCHELL, E. J. A. K., BURGESS, J. E. & STUETZ, R. M. (2002) Developments in 
ecotoxicity testing. Reviews in Environmental Science and Biotechnology, 1, 169-
198. 

MORELAND, D. E. (1980) Mechanisms of action of herbicides. Annual Review of Plant 
Physiology, 31, 597-638. 

MORENO-GARRIDO, I., LUBIÁN, L. M., JIMÉNEZ, B., SOARES, A. M. V. M. & 
BLASCO, J. (2007) Estuarine sediment toxicity tests on diatoms: Sensitivity 
comparison for three species. Estuarine, Coastal and Shelf Science, 71, 278-286. 

MOSTAFA, F. & HELLING, C. (2003) Isolation and 16S DNA characterization of soil 
microorganisms from tropical soils capable of utilizing the herbicides hexazinone 
and tebuthiuron. Journal of Environmental Science and Health, Part B: Pesticides, 
Food Contaminants, and Agricultural Wastes, 38, 783-797. 

MÜLLER, J. F., DUQUESNE, S., NG, J., SHAW, G. L., KRRISHNAMOHAN, K., 
MANONMANII, K., HODGE, M. & EAGLESHAM, G. K. (2000) Pesticides in 
sediments from Queensland irrigation channels and drains. Marine Pollution 
Bulletin, 41, 294-301. 

MULLER, R., SCHREIBER, U., ESCHER, B. I., QUAYLE, P., BENGTSON NASH, S. M. 
& MUELLER, J. F. (2008) Rapid exposure assessment of PSII herbicides in surface 
water using a novel chlorophyll a fluorescence imaging assay. Science of the Total 
Environment, 401, 51-59. 

MUSCHAL, M. (2001) Central and North West regions water quality program. 1999/2000 
Report on pesticides monitoring. Sydney, New South Wales, Australia., Department 
of Land and Water Conservation, Centre for Natural Resources. 

MUSCHAL, M. & WARNE, M. S. J. (2003) Risk posed by pesticides to aquatic organisms 
in rivers of northern inland New South Wales, Australia. Human and Ecological 
Risk Assessment, 9, 1765-1787. 

NEGRI, A., VOLLHARDT, C., HUMPHREY, C., HEYWARD, A., JONES, R., 
EAGLESHAM, G. & FABRICIUS, K. (2005) Effects of the herbicide diuron on the 
early life history stages of coral. Marine Pollution Bulletin, 51, 370-383. 

NELSON, K. J., HOAGLAND, K. D. & SIEGFRIED, B. D. (1999) Chronic effects of 
atrazine on tolerance of a benthic diatom. Environmental Toxicology and Chemistry, 
18, 1038-1045. 

 



Chapter 1. General introduction  
 

23 

NRA (2002) Diuron review scope document. Canberra, Australia, National Registration 
Authority for Agricultural and Veterinary Chemicals. 

NYSTROM, B., PAULSSON, M., ALMGREN, K. & BLANK, H. (2000) Evaluation of the 
capacity for development of atrazine tolerance in periphyton from a Swedish 
freshwater site as determined by inhibition of photosynthesis and sulfolipid 
synthesis. Environmental Toxicology and Chemistry, 19, 1324-1331. 

OECD (2006) OECD Guideline 201. Guidelines for the testing of chemicals. Freshwater 
alga and cyanobacteria, growth inhibition test. Organization for the Economic 
Cooperation and Development (OECD). 

OWEN, R., KNAP, A., OSTRANDER, N. & CARBERY, K. (2003) Comparative acute 
toxicity of herbicides to photosynthesis of coral zooxanthellae. Bulletin of 
Environmental Contamination and Toxicology, 70, 541-548. 

OWEN, R., KNAP, A., TOASPERN, M. & CARBERY, K. (2002) Inhibition of coral 
photosynthesis by the antifouling herbicide Irgarol 1051. Marine Pollution Bulletin, 
44, 623-632. 

PETERS, E. C., GASSMAN, N. J., FIRMAN, J. C., RICHMOND, R. H. & POWER, E. A. 
(1997) Ecotoxicology of tropical marine ecosystems. Environmental Toxicology and 
Chemistry, 16, 12-40. 

PETERSON, H. G., BOUTIN, C., FREEMARK, K. E. & MARTIN, P. A. (1997) Toxicity of 
hexazinone and diquat to green algae, diatoms, cyanobacteria and duckweed. 
Aquatic Toxicology, 39, 111-134. 

RADCLIFFE, J. C. (2002) Pesticide use in Australia. Parkville, Victoria (Australia). 
Australian Academy of Technological Sciences and Engineering (ATSE). 

RALPH, P. J., SMITH, R. A., MACINNIS-NG, C. M. O. & SEERY, C. R. (2007) Use of 
fluorescence-based ecotoxicological bioassays in monitoring toxicants and pollution 
in aquatic systems: Review. Toxicological and Environmental Chemistry, 89, 589 - 
607. 

RAYMENT, G. E. (2005) Northeast Australian experience in minimizing environmental 
harm from waste recycling and potential pollutants of soil and water. 
Communications in Soil Science and Plant Analysis, 36, 121-131. 

RIBEIRO, L., BROTAS, V., MASCARELL, G. & COUTÉ, A. (2003) Taxonomic survey of 
the microphytobenthic communities of two Tagus estuary mudflats. Acta 
Oecologica, 24, S117-S123. 

ROHDE, K., MASTERS, B., BRODIE, J., FAITHFUL, J., NOBLE, R. AND CARROLL, C. 
(2006) Fresh and marine water quality in the Mackay Whitsunday region 2004/2005. 
Mackay Whitsunday Natural Resource Management Group, Mackay, Australia. 

RÖMBKE, J., WAICHMAN, A. V. & GARCIA, M. V. B. (2008) Risk assessment of 
pesticides for soils of the Central Amazon, Brazil: Comparing outcomes with 
temperate and tropical data. Integrated Environmental Assessment and Management, 
4, 94. 

SABLJIC, A., GÜSTEN, H., VERHAAR, H. & HERMENS, J. (1995) QSAR modelling of 
soil sorption. Improvements and systematics of log KOC vs. log KOW correlations. 
Chemosphere, 31, 4489-4514. 

SALVESTRINI, S., DI CERBO, P. & CAPASSO, S. (2002) Kinetics of the chemical 
degradation of diuron. Chemosphere, 48, 69-73. 

SCHMITT-JANSEN, M. & ALTENBURGER, R. (2005) Predicting and observing 
responses of algal communities to photosystem-II-herbicide exposure using 
pollution-induced community tolerance and species-sensitivity distributions. 
Environmental Toxicology and Chemistry, 24, 304-312. 

SCHREIBER, U., MÜLLER, J. F., HAUGG, A. & GADEMANN, R. (2002) New type of 
dual-channel PAM chlorophyll fluorometer for highly sensitive water toxicity 
biotests. Photosynthesis Research, 74, 317-330. 

SCHREIBER, U., QUAYLE, P., SCHMIDT, S., ESCHER, B. & MUELLER, J. (2007) 
Methodology and evaluation of a highly sensitive algae toxicity test based on 

 



Chapter 1. General introduction  
 

 

24 

multiwell chlorophyll fluorescence imaging. Biosensors and Bioelectronics, 22, 
2554-2563. 

SHAW, M. & MÜLLER, J. F. (2005) Preliminary evaluation of the occurrence of herbicides 
and PAHs in the Wet Tropics region of the Great Barrier Reef, Australia, using 
passive samplers. Marine Pollution Bulletin, 51, 876-881. 

SOLOMON, K. R., BAKER, DAVID B., RICHARDS, R. PETER, DIXON, KENNETH R., 
KLAINE, STEPHEN J., LA POINT, THOMAS W., KENDALL, RONALD J., 
WEISSKOPF, CAROL P., GIDDINGS, JEFFREY M., GIESY, JOHN P., HALL, 
LENWOOD W., WILLIAMS, W. MARTY (1996) Ecological risk assessment of 
atrazine in North American surface waters. Environmental Toxicology and 
Chemistry, 15, 31-76. 

TAN, S., EVANS, R. R., DAHMER, M. L., SINGH, B. K. & SHANER, D. L. (2005) 
Imidazolinone-tolerant crops: history, current status and future. Pest Management 
Science, 61, 246-257. 

TANG, J., HOAGLAND, K. D. & SIEGFRIED, B. D. (1997) Differential toxicity of 
atrazine to selected freshwater algae. Bulletin of Environmental Contamination and 
Toxicology, 59, 631-637. 

TIXIER, C., BOGAERTS, P., SANCELME, M., BONNEMOY, F., TWAGILIMANA, L., 
CUER, A., BOHATIER, J. & VESCHAMBRE, H. (2000) Fungal biodegradation of 
a phenylurea herbicide, diuron: structure and toxicity of metabolites. Pest 
Management Science, 56, 455 - 462. 

TIXIER, C., SANCELME, M., BONNEMOY, F., CUER, A. & VESCHAMBRE, H. (2001) 
Degradation products of a phenylurea herbicide, Diuron: synthesis, ecotoxicity, and 
biotransformation. Environmental Toxicology and Chemistry, 20, 1381-1389. 

TOMLIN, C. D. S. (Ed.) (2000) The pesticide manual: a world compendium, Farnham, 
Surrey, UK, British Crop Protection Council. 

TU, M., HURD, C. & RANDALL, J. M. (2001) Weed control methods handbook: tools and 
techniques for use in natural areas. Version: April 2001. The Nature Conservancy, 
Wildland Invasive Species Team. 

UNDERWOOD, G. J. C. & KROMKAMP, J. (1999) Primary production by phytoplankton 
and microphytobenthos in estuaries. Advances in Ecological Research, 29, 95-153. 

USEPA (1996) Ecological effects test guidelines OPPTS 850.5400. Algal toxicity, tiers I and 
II. United States Environmental Protection Agency. 

WANG, X., WANG, H. & TAN, C. (2005) Degradation and metabolism of hexazinone by 
two isolated bacterial strains from soil. Chemosphere, 61, 1468-1474. 

 
 



 25 

Chapter 2. A taxonomic survey of estuarine benthic diatom 

communities in the Wet and Dry Tropics of 

North Queensland, Australia. 

 

 

2.1. Abstract 

Diatoms are ubiquitous in shallow water habitats around the world, and often the 

most abundant algal group in estuarine and coastal sediments. They are major contributors to 

primary productivity in these benthic systems, and also serve an important function in 

nutrient cycling and sediment chemistry. To date, most studies have focused on the biology 

and community structure of temperate species, however it is likely diatoms are equally 

important in tropical regions of the world. Here, diatom community composition and 

structure is described for six creeks and estuaries in two regions, the Wet and Dry Tropics, of 

the Great Barrier Reef lagoon, Australia. Nearly 300 diatom taxa were observed, with 

average abundances of 1.01 x 106 and 1.27 x 106 cells mL-1 sediment in the Wet and Dry 

Tropics, respectively. Species richness (S), evenness (E), and diversity (D) measures were 

similar between the sample sites, nevertheless the Dry Tropics had somewhat lower S and D 

compared to the Wet Tropics. Analysis of similarity (ANOSIM) of diatom community 

composition revealed significant differences between the two regions, however, if focusing 

on only the 20 most common taxa (representing approximately half of the communities); 

average dissimilarity in community structure between the regions is only 35%. Based on this 

and observations of live material, it is concluded that diatom strains isolated from Dry 

Tropics sediment are likely to represent tropical benthic diatoms from this type of habitat 

(shallow estuaries and tidal creeks) in Australia, including the Wet Tropics region. A picture 

diatom atlas is also presented here to provide data for, and facilitate, future physiological, 

ecological and taxonomic studies in the region. 
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2.2. Introduction  

2.2.1. Microphytobenthos  

The microphytobenthos (MPB) consists of a mixture of cyanobacteria and 

unicellular algae such as diatoms, dinoflagellates and haptophytes, living in and on the 

sediments and surfaces of aquatic habitats. They form an integral part of shallow-water 

systems around the world and are major contributors to primary productivity and biomass in 

estuarine environments (for reviews, see MacIntyre et al., 1996, and Underwood and 

Kromkamp, 1999). In Western Australia, MPB was calculated to contribute up to 37% of 

primary productivity of a coral reef (Masini, 1990, referenced in: Uthicke and Klumpp, 

1998), and a number of studies in temperate areas report contributions of up to 50% of 

estuarine primary productivity by MPB (Underwood and Kromkamp, 1999, and references 

therein). In some areas, such as the Tagus estuary in Portugal, the productivity of the MPB 

can be twice that of the phytoplankton (Ribeiro et al., 2003). On a global scale, benthic 

microalgae have been estimated to contribute around 5% of primary productivity on the 

continental shelf, with macroalgae and their microalgal epiphytes contributing a further 40% 

(Charpy-Roubaud and Sournia, 1990). In a few more detailed studies where the microalgal 

epiphytes were removed from their hosts and their primary productivity rates measured 

separately, microalgal epiphytes were shown to contribute a large portion of macroalgal total 

production rates (Charpy-Roubaud and Sournia, 1990, and references therein).  

Microphytobenthos are also central in sediment chemistry, nutrient fluxes and 

benthic/pelagic coupling (Sundbäck et al., 1991, Miller et al., 1996, Sundbäck et al., 2006). 

For example, Tyler and McGlathery (2003) found the dominant benthic primary producer 

(micro- or macroalgae) to drive benthic-pelagic nitrogen fluxes in a temperate coastal 

lagoon. In net autotrophic, diatom-dominated sediments in the study area, the sediments 

acted as a sink for total dissolved nitrogen (TDN), whereas net heterotrophic sediments acted 

as a TDN source (Tyler and McGlathery, 2003). Additionally, photosynthesis by MPB can 

sometimes be more important in controlling nutrient fluxes by changing the redox-potential 

at the sediment-water boundary, than by direct nutrient uptake, with fluxes of phosphate and 

nitrate eliminated in illuminated compared to non-illuminated samples in laboratory studies 

using temperate, coastal sediments (Sundbäck and Granéli, 1988). During in situ 

experiments measuring fluxes and turnover rates of different C and N compounds in a 

temperate estuarine system, diatom algal mats and seagrass-covered sediments were shown 

to stimulate pelagic bacterial productivity compared to an unconsolidated sandy substratum 

(Middelboe et al., 1998).  
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2.2.2. Diatoms in microphytobenthos 

Diatoms (Ochrophyta, [previously Bacillariophyta, see below for discussion 

regarding taxonomy]) are often the most abundant organisms of the MPB and the dominant 

primary producer in estuarine ecosystems (MacIntyre et al., 1996, Underwood and 

Kromkamp, 1999, Ribeiro et al., 2003). In addition to their function as phototrophs and food 

source for many benthic and planktonic feeders (through re-suspension), benthic diatoms are 

also important in enhancing sediment surface stability by the excretion of mucilaginous 

Extracellular Polymeric Substances (EPS). The EPS consist largely of carbohydrates, but 

proteins, lipids and nucleic acids may also make up part of the matrix, which together form a 

sticky substance able to glue sediment particles together (de Brouwer et al., 2003). 

Eventually a cohesive film of EPS is formed, increasing the stability of the sediment against 

erosion, thus at a large scale affecting the sediment mass balance and shape of estuaries 

(Hoagland et al., 1993, de Brouwer et al., 2003). Other major functions of the EPS at the 

organismal scale include cell motility (cells glide along the mucilage), adhesion to the 

substratum, colony formation, and protection against desiccation during emersion (Hoagland 

et al., 1993, Lee, 2008). It has been estimated that between 30-70% of the fixed CO2 from 

epipelic (living in or on sediments) diatoms is secreted as EPS, which makes it an abundant 

and easily accessible carbon source for bacteria and other heterotrophs in the system (de 

Brouwer et al., 2003).  

 

2.2.3. Diatom cell-biology and systematics 

Diatoms are unicellular, and sometimes colonial, algae; ubiquitous in almost every 

possible habitat, including soil, ice, and snow as well as virtually all aquatic environments. 

Characteristic of diatoms is their silica cell wall made up of two valves, the slightly smaller 

hypotheca, fitting just inside the larger valve, the epithecea, rather like a petri dish (Lee, 

2008). The valves are held together by silicified girdle-bands and together these silicified 

structures are referred to as the frustule (Round et al., 1990). The frustule is commonly laid 

down in intricately ornate patterns, with delicate pores and structures, and the morphology of 

the frustule remains the basis for diatom classification at the species level (Figure 2.1). An 

organic layer composed of amino acids and carbohydrates coats the frustule, and also forms 

a distinct layer beneath it, the diatopetum, thus protecting the cytoplasm (Round et al., 1990, 

Lee, 2008). Vegetative cell-division within what is practically a rigid glass-case is 

interesting, as the cell can only grow in one direction as the two valves move apart. New 

frustule components are formed within the parent valve, so that on division, both valves of 

the parent cell become epivalves of the daughter cells (Lee, 2008). As a consequence of this, 



Chapter 2. Estuarine diatom communities in Tropical Australia 
 

28

 
a progressive reduction in cell size is characteristic in vegetatively growing diatom 

populations. Typically, two rescue strategies exist to restore original cell size, 1) the 

formation of an auxospore, a specialized zygotic cell, preceded by meiosis and sexual 

reproduction, and 2) spontaneous vegetative rescue where the protoplast dissolves the 

frustule in order to exit and to form a new original size frustule after a period of existence as 

a naked cell (Lee, 2008).  

 

Diatoms belong to the Stramenopiles (heterokont algae), which include all 

photosynthetic organisms (but see below) typically having one long, immature flagellum, 

covered with mastigonemes (tripartite tubular hairs), and one mature, short flagellum 

(Andersen, 2004). In diatoms, the mature flagellum has been lost and only the immature 

flagellum is present, and this only in the spermatozoid of oogamous diatoms, however, they 

do have a mature basal body (Andersen, 2004). The flagellum structure also differs in 

diatoms, with a 9 + 0 microtubular organization, instead of the normal 9 + 2 organization 

present in all other heterokonts (Andersen, 2004). The chloroplasts, when present, are 

surrounded by the chloroplast endoplasmatic reticulum, so that all in all four membranes 

separate the cytosol and the stroma (Lee, 2008). The photosynthetic pigments are 

chlorophylls a and c, along with fucoxanthin, diadinoxanthin, diatoxanthin, and the main 

accessory pigment β-carotene, although some diatoms lack chloroplasts and are strictly 

heterotrophic (Lee, 2008). 

Taxonomy of diatoms is currently under much debate and several systems are in use 

simultaneously. All heterokont algae including fully heterotrophic classes, were grouped 

together under the name Heterokontophyta (van den Hoek, 1978). This name has never been 

validly published with a Latin diagnosis (Cavalier-Smith and Chao, 1996) but has 

nevertheless gained widespread acceptance and is commonly used in the current literature. 

Others follow older taxonomy raising classes to division level, hence Bacillariophyta 

Haeckel, 1878, has long been the valid name grouping diatoms under a separate phylum 

(Round et al., 1990). Although updated in Adl et al. (2005), based on recent molecular 

evidence, the system of Round et al. (1990) is still commonly used. There, three classes (two 

of which are admittedly non-monophyletic) are recognized under Bacillariophyta; 

Coscinodiscophyceae (centric diatoms), Fragilariophyceae (araphid diatoms) and 

Bacillariophyceae (raphid diatoms, monophyletic), mainly based on cell pattern-centers or 

symmetry, and mode of sexual reproduction (oogamous or isogamous) (Round et al., 1990). 

The new phylum Ochrophyta Cavalier-Smith 1986 (as Ochrista) stat. nov. 1995 has since 

been described for heterokont algae, and given a Latin diagnosis (Cavalier-Smith, 1995). 

Two classes are there suggested for diatoms under the sub-phylum Diatomae; 
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Centricophyceae Schütt 1896 (original orthog. Centricae) stat. nov. Cavalier-Smith 1993 (as 

Centricea) (synonymous with Centrobacillariophyceae Silva 1962, Coscinodiscophyceae 

Round et Crawford 1990), and Pennatophyceae Schütt 1896 (original orthog. Pennatae) stat. 

nov. Cavalier-Smith 1993 (as Pennatae) (synonymous with Pennatobacillariophyceae Silva 

1962) (Cavalier-Smith and Chao, 1996). Ochrophyta Cavalier-Smith 1986 has gained 

support as a monophyletic group based on molecular evidence (Brodie and Lewis, 2007, 

Graham and Wilcox, 2008), however, no consensus has been reached regarding classes. 

Recently, a new hierarchical system without formal rank designations (such as ‘‘class’’ or 

‘‘sub-class’’) has been devised. Two lineages, or clades, Coscinodiscophytina Medlin and 

Kaczmarska, 2004, and Bacillariophytina Medlin and Kaczmarska, 2004, are recognized 

under Bacillariophyta based on 16S- and 18S rRNA phylogenies (Medlin and Kaczmarska, 

2004), replacing the classes Coscinodiscophyceae and Bacillariophyceae (Adl et al., 2005). 

A third clade, the Mediophyceae, has also been suggested for the bipolar centrics and the 

Thalassiosirales (Medlin and Kaczmarska, 2004), this has however not yet gained further 

support. Coscinodiscophytina Medlin and Kaczmarska, 2004 is a non-monophyletic group, 

and so is possibly the suggested Mediophyceae (Medlin and Kaczmarska, 2004, Adl et al., 

2005). The taxonomy of Adl et al. (2005) is currently recommended by the International 

Society of Protistologists.  

 

It appears then, that a natural classification system for diatoms is still some way off 

before agreement can be reached, and the value of temporarily replacing one non-

monophyletic system (that of Round et al., 1990) with another (Cavalier-Smith and Chao, 

1996, or Mann in Adl et al., 2005) has been questioned  (Williams and Kociolek, 2007). In 

this thesis, Ochrophyta Cavalier-Smith, 1986, will be used, it is the most recent valid phylum 

for diatoms and is currently also gaining wider support (e.g. Brodie and Lewis, 2007, 

Graham and Wilcox, 2008). Much of the ongoing debate concerns higher level taxonomy, 

and as morphology and structure of the frustule correspond well to all the current systems in 

use at order level and below, these features remain the basis for diatom classification at 

species level for all practical purposes (Round et al., 1990). 
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Figure 2.1. Scanning electron micrographs (SEM) of diatom frustules1

                                                 
1 See following page for complete legend. 
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Figure 2.1. See previous page for Figure. Scanning electron micrographs (SEM) of diatom frustules 
digested with hydrogen peroxide and potassium dichromate to remove all organic material. a – b) 
Diploneis sp. and detail, internal valve view, c – d) Actinoptychus splendens and detail, internal valve 
view, d – e) Achnanthes sp. and detail, valve view, and g – h) Coscinodiscus sp. and detail, partial 
valve view. Numbered arrows points to structures important in species identification; 1) central 
nodule, 2) internal raphe-endings [see also 9], 3) internal openings of rimoportulae [a pore connecting 
the protoplast with the outside, possibly used in mucilage excretion or adhesion (Round et al., 1990)], 
4) annulus [the ring-formed structure from which a system of radial, branching ribs is extended in 
centric diatoms (Round et al., 1990)], 5) pores, 6 and 11) linear striae [straight rows of pores], 7 and 
10) inter-striae [hyaline (having no pores) areas between striae], 8) stauros [a thickened bar of silica 
across the central area], 9) raphe [a long slit through which mucus is secreted, playing part in 
locomotion and adhesion], surrounded by the hyaline raphe-sternum, 12) complex cribra [structure 
with central small pores and an external ring of larger openings], and 13) radial ribs underneath one 
additional valve-layer, making up the chambered valve of Coscinodiscus sp. Figures 2.1 a – f; benthic 
material from Diamantina River and Zoe Creek, collected March 2006, prepared and photographed by 
M. Magnusson. Figures 2.1 g – h; material from phytoplankton tow collected by Jodie Krueger and A. 
Prof. K. Heimann, and prepared by A. Prof. C. Alexander, March 2007, photographs by A. Prof. C. 
Alexander and M. Magnusson. 
 

 

2.2.4. Aims of this study 

Most information to date on estuarine microphytobenthos and diatoms within this 

system concern temperate areas, however the existing evidence suggest that this group is 

similarly important in tropical regions (Uthicke and Klumpp, 1998, Heil et al., 2004, 

Gottschalk et al., 2007). Furthermore, compared to freshwater and planktonic studies, there 

is a scarcity of taxonomical literature regarding estuarine MPB despite their acknowledged 

importance for ecosystem function (Ribeiro et al., 2003). The first main objective of the 

present chapter is therefore to describe the abundance and species composition of benthic 

diatom communities in several tropical estuaries in the Great Barrier Reef lagoon, Australia. 

A picture diatom atlas is also presented to provide data for, and facilitate, future 

physiological, ecological and taxonomic studies in the region (Appendix A, Plates I – XXI). 

Parallel with sampling for diatom community analysis, live samples were collected for 

isolation of benthic microalgae for subsequent establishment of monoclonal cultures of local 

microflora for use in the main, ecotoxicological focus of this thesis. Live samples were 

initially collected from the Dry Tropics, near Townsville, Queensland. As high 

concentrations of herbicides have been reported from the rivers and estuaries in the Wet 

Tropics region of northern Queensland (Haynes et al., 2000, Müller et al., 2000, for 

additional references, see Chapter 1 of this thesis), the second and core objective of this 

study was to compare the similarities of the diatom communities of the two regions in order 

to evaluate whether isolates and community samples from the Dry Tropics serve as a valid 

substitute for the less accessible Wet Tropics. 
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2.3. Methods  

2.3.1. Sample sites 

Samples were collected from six sites in the Wet and Dry Tropics of North 

Queensland, Australia, Table 2.1. The Wet Tropics sites included two spring-fed creeks with 

seasonally high rain-water input (Figure 2.2, Table 2.1); Zoe Creek (site 1; 18°22'55.92"S, 

146°19'25.46"E) and Diamantina River (site 2; 18°26'45.01"S, 146°19'39.31"E) on the east 

(seaward side) of Hinchinbrook Island, one site in the Hinchinbrook Channel between the 

mainland and Hinchinbrook Island (site 3; 18°27'43.50"S, 146°12'58.24"E) and finally one 

site in the large, seasonally prone to flooding (Figure 2.2), Herbert River, near its mouth (site 

4; 18°31'26.37"S, 146°16'46.69"E). The Dry Tropics sites included the tidal Three-Mile-

Creek in Palleranda, Townsville (site 5; 19°12'34.67"S, 146°46'30.79"E) and a tidal creek on 

the east coast of Cape Cleveland (site 6; 19°16'40.43"S, 147° 2'33.27"E). All creek sites 

(sites 1, 2, 5 and 6) were surrounded by mangroves and the sediment consisted of a mixture 

of mud and sand and also contained freshly fallen leaves and shells of small bivalves. In 

contrast, the samples from sites 3 and 4 (Hinchinbrook Channel and Herbert River) consisted 

of very fine mud. Live samples were collected from two sites in Cocoa Creek (marked with 

an asterisk); a coarse, sandy site (19°17'14.60"S, 146° 58'55.27"E), and a silty site nearby 

(19°17'27.90"S, 147° 0'15.19"E). 

 

Table 2.1 Coordinates for locations of diatom community sampling sites.  
 
Site 
ID 

Region  Site name Coordinates  

1 WT Zoe Creek 18°22'55.92"S 146°19'25.46"E 
2 WT Diamantina River 18°26'45.01"S 146°19'39.31"E 
3 WT Hinchinbrook Channel 18°27'43.50"S 146°12'58.24"E 
4 WT Herbert River 18°31'26.37"S 146°16'46.69"E 
5 DT Three Mile Creek 19°12'34.67"S 146°46'30.79"E 
6 DT Cape Cleveland creek 19°16'40.43"S 147° 2'33.27"E 
 DT Cocoa Creek (coarse, live samples) 19°17'14.60"S 146° 58'55.27"E 
 DT Cocoa Creek (fine, live samples) 19°17'27.90"S 147° 0'15.19"E 
Abbreviations; WT = wet tropics, DT = dry tropics 
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Figure 2.2. Mean annual rainfall (mm) measured at nearest weather station to each diatom collection 
site. Data compiled from the Australian Government Bureau of Meteorology (BoM) website 
(www.bom.gov.au) with statistics covering the past 40 – 100 years. Townsville station: closest to 
Three-Mile-Creek (site 5), Cape Cleveland station: closest to Cape Cleveland Creek (site 6), Cardwell 
and Ingham stations near the mouth of Herbert River and Hinchinbrook Island (sites 1-4). 
 

2.3.2. Collection and sample preparation  

Sampling was done in August 2005 (Cocoa Creek, live samples), March 2006 (sites 

1 – 4, live and preserved samples), February 2008 (site 6) and July 2008 (site 5). All samples 

from the Wet Tropics (sites 1 – 4) were collected from a boat using a modified Ponar grab 

with a sliding hatch, enabling access to the undisturbed surface layer of bottom sediment 

through the top of the grab. This circumvents the need for opening and pouring the sediment 

sample into a container for sub-sampling, a process during which there is invariably some 

mixing of the sediment sample. Sampling from undisturbed sediments is vital in order to get 

an accurate estimate of microphytobenthos cell densities in the sample, as phototrophic 

organisms generally only dwell in the top 10 – 20 millimetres (MacIntyre et al., 1996, 

Underwood and Kromkamp, 1999). Sampling by SCUBA-diving was not an option due to 

the risk of presence of saltwater crocodiles. The Dry Tropics sites (site 5 and 6) were more 

accessible and sampling was carried out from land. Three replicate samples were taken from 

each site by scraping sediment from the top 10 millimetres of substratum, each replicate a 

mixture of surface sediment from random areas along the creek (or across the surface in the 

grab sample, three grabs per site) to minimize variation due to patchiness in 

microphytobenthos colonization.  

The samples were immediately preserved in 4% formaldehyde in seawater. In the 

laboratory, the formalin was taken off by centrifuging for 30 minutes at 820 x g (20°C) 

(Eppendorf 5810 R) and discarding the supernatant. In order to reveal the frustule, all 

organic material needs to be removed. A known volume (2 – 5 mL) of each sample was 

hence digested overnight with 5 mL 30% hydrogen peroxide (H2O2) and a few grains of 
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potassium dichromate (K2Cr2O7), following the method of Sundbäck et al. (1991), modified 

by Gottschalk et al. (2007). After oxidation of the organic material, the samples were again 

centrifuged as above and rinsed repeatedly with distilled water, discarding the supernatant 

between each wash. Very lightly silicified diatom frustules may be destroyed during 

digestive cleaning, the selected method is, however, a comparatively gentle method for 

sample preparation (Round et al., 1990). Weakly silicified diatoms can only be enumerated 

in preserved samples (i.e. with formaldehyde), which has the major drawback that 

identification of most other diatoms to species or sometimes even genus level is very 

difficult and often impossible. For the purpose of this study a higher species resolution was 

desired, requiring use of the selected method. 

 

To prevent possible bias against smaller species during washing, the supernatant was 

regularly checked under the microscope (400 times magnification) to ensure no diatom 

valves remained in suspension after centrifugation before discarding the supernatant. Finally, 

the cleaned diatom frustule samples were made up to 5 mL in 0.01% (v/v) Triton-X-100 

(Sigma Aldrich, Australia) solution and re-suspended. Sub-samples of a known volume (10 – 

40 μL) of digested material were incinerated onto ethanol cleaned coverslips (24 x 24 mm) 

and permanent slides were mounted in Naphrax (refractive index = 1.74). One drop of 0.1% 

Triton-X-100 solution was spread on the coverslip before adding the diatom sample to 

promote a more even spread of the diatom frustules during incineration. Enumeration and 

digital documentation of diatom valves was performed at 1000x magnification under oil 

immersion with an Olympus BX51 Light microscope equipped with Nomarski differential 

interference contrast and an Olympus DP 70 camera. One to four transects were enumerated 

per sample until at least 300 valves were encountered following Batterbee (1986). Only 

fragments more than 50% intact or with a wholly intact valve centre included (central 

nodules etc.) were enumerated. In the case of very elongate species such as Synedra ulna, 

only end-pieces were counted. Diatom abundance was calculated as per equation 2.1 

modified from Gottschalk et al., (2007) (here, diatom frustules were counted along the each 

transect as described by the width of the field of view multiplied by the length of the 

coverslip, whereas Gottschalk et al. counted each transect as a series of each separate field of 

view (i.e. a series of circles)). Diatom identification was done to genus or species level as far 

as possible using available literature (Cleve-Euler, 1968, Foged, 1975, Foged, 1976, Foged, 

1978, Foged, 1979, Navarro, 1982, John, 1983, Dexiang et al., 1985, Foged, 1987, Lange-

Bertalot and Krammer, 1987, Podzorski and Håkansson, 1987, Round et al., 1990, 

Vyverman, 1991, Pienitz et al., 2003). Nomenclature was updated according to Algaebase 
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and Index Nominum Algarum (INA) (Guiry and Guiry, 2008, 

http://ucjeps.berkeley.edu/INA.html, 2008).  

Cells per mL sediment were calculated according to equation 2.1: 

 

Abundance (N) (cells mL-1 sediment) = (v/2)/(nt*At)*Ac/Vc*5.0/Vs   Eq. 2.1 

 

where:  

v/2 = counted valves divided by two for complete cells 

Ac = area of the coverslip (24 x 24 = 576 mm2) 

nt = number of transects counted 

At = area per transect (length of coverslip x width of field-of-view = 24 x 0.22 = 5.28 mm2) 

Vc = volume counted, mL (volume incinerated onto coverslip) 

5.0 mL= total volume of diatom solution made from cleaned sediment sample 

Vs = volume of original sample that was digested 

 

For live samples, sediment was scraped off into 50 mL centrifuge tubes and filled to the brim 

with water from the sample site to minimize shear-forces during transport. The samples were 

transported in Styrofoam holders and kept to a constant temperature (25 °C). In the 

laboratory, the samples were subdivided into 6-well plates, ensuring at least half of each well 

was kept clear of sediment to enable observation of the organisms under an inverted 

microscope. The original sample water was replaced with filtered sea water enriched with f/2 

culturing medium (Andersen et al., 2005) before placing the plates in a culture chamber for 

later isolation using the single-cell isolation technique by micro-pipette (Andersen and 

Kawachi, 2005). This technique is quite time-consuming, and isolation was only done from 

samples collected from Cocoa Creek (in 2005) and from Zoe Creek and Diamantina River 

(in 2006). 

 

2.3.3. Statistical analysis 

Evenness (E) (equation 2.2) and diversity (D) (equation 2.3) was estimated 

following Bulla (1994): 

 

Evenness (E) = (O-1/S)/(1-1/S)       Eq. 2.2 

 

where S is species richness (the number of species present) in the sample and O = Σ min(pi, 

ρi) is Czekanowski’s index of proportional similarity. In Czekanowski’s index pi denotes the 

observed relative frequency of the ith species in the sample, ρi = 1/S is the expected relative 
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frequency of the ith species assuming perfect evenness and min(pi, ρi) indicates the 

minimum of the two values. The sum is over all the species of the sample (Bulla, 1994). The 

diversity (D) is then  

 

D = E x S         Eq. 2.3 

 

Between-site differences in total diatom abundance (N), S, E and D was subsequently tested 

using Analysis of Variance (ANOVA, α = 0.05) in Statistica 7 (StatSoft, Inc. Oklahoma, 

USA). Data was square-root transformed and homogeneity of variances tested using the 

Cochran’s C test prior to analysis. Tukey HSD test was used as a post hoc comparison of 

means. 

Multivariate analyses were then employed to evaluate community structure differences and 

similarities between the sites and the environmental zones (Wet and Dry Tropics), using the 

free statistical package PAST (PAlaeontological STatistics, ver. 1.81), available to download 

from http://folk.uio.no/ohammer/past/index.html (Hammer et al., 2001). A Bray-Curtis 

similarity matrix was constructed and subsequently subjected to Analysis of Similarities 

(ANOSIM) in PAST to detect any significant differences in community composition 

between the sites and zones. ANOSIM is a non-parametric permutation test that uses any 

similarity matrix (such as the Bray-Curtis index) to calculate an R-statistic using a 

randomization test for significance (Hammer et al., 2001). A large positive R (up to 1) 

signifies dissimilarity between the groups tested. Similarity percentages (SIMPER) analysis 

was then performed in PAST to assess which taxa were primarily responsible for any 

observed difference between groups of samples (sites and zones). Abundance data was 

fourth root transformed prior to multivariate analysis to balance the effects of rare and 

common species to the similarity measure between samples (Clarke, 1993).  

 

2.4. Results and Discussion 

2.4.1. General observations 

A total of 304 diatom taxa from 63 genera were encountered in the samples, 293 of 

these were encountered during enumeration and are included in the community analysis. Of 

the 304 taxa, 124 were identified to species level and a further 142 to genus only. 38 taxa 

could not be determined even to genus level and were classified as “unknowns”. The Wet 

and Dry regions contained few common taxa (average abundances above 104 cells mL-1 

sediment). In the Wet Tropics, 28 out of the 271 taxa present had average abundances above 

104 cells mL-1 sediment, with an unidentified taxon (unknown 15) being by far the most 

http://folk.uio.no/ohammer/past/index.html
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common species (9% of the assemblage). Amphora sp. 11, Campylosira sp., Nitzschia 

amphibia, Navicula sp. 8, Amphora sp. 1, and Achnanthes sp. 3 (Figure 2.3) all contributed 

between 2 and 4 % each, and these, together with remaining taxa with abundances above 104 

cells mL-1 sediment and the remaining unknowns, comprised approximately 60% of the 

assemblage in the Wet Tropics. Of the 158 taxa present in the Dry Tropics sites, 33 had 

average abundances above 104 cells mL-1 sediment, with Navicula sp. 8, Amphora sp. 19, 

Navicula sp. 9, Nitzschia amphibia, Amphora cf turgida, Psammodictyon panduriformis, 

Amphora sp. 1, Cocconeis sp. 1, and unknown 15 (Figure 2.3) all contributing on average 

more than 4% each to the assemblage. The 33 taxa with average abundances above 104 cells 

mL-1 sediment, combined with the remaining unknowns, made up over 73% of the total Dry 

Tropics assemblages. See Table 2.2 for a list of the ten most abundant genera in the Wet and 

Dry Tropics respectively (a complete list of diatom taxa encountered and site-specific 

abundances can be found in Appendix A, Tables A.1 – A.4).  

Compared to similar studies, the estuarine communities in the Great Barrier Reef 

lagoon investigated here had a rich diatom flora. In carbonate in- and off-shore reefal 

sediments of the northern GBR, 209 diatom taxa in 55 genera were observed using identical 

sampling and enumeration techniques as in the current study (Gottschalk et al., 2007). 

Similarly, a total of 230 diatom taxa from 48 genera were identified across mangrove and 

sandy sites in a Mexican lagoon during a seasonal study spanning one year (Beltrones and 

Castrejón, 1999). Species richness appears to be lower in temperate estuaries. In the Colne 

estuary in England, only 75 taxa were observed during monthly sampling under a whole year 

(Thornton et al., 2002). Those diatom samples were collected through the lens-tissue method 

of Eaton and Moss (1966), which may underestimate species richness and abundance 

somewhat by only collecting the species that move into the tissue (by phototaxis or capillary 

force). It has, however, been estimated that over 90% of an epipelic diatom assemblage can 

be collected this way (Eaton and Moss, 1966). An intertidal mudflat on the Atlantic coast of 

France had 37 motile taxa present, representing 14 genera, over an annual cycle (Haubois et 

al., 2005). Collection was done similarly to the lens-tissue method, by placing a nylon mesh 

screen over the retrieved sample, covering this with wetted silica powder and allowing 

motile taxa to migrate upwards for 24h (Haubois et al., 2005). The silica powder was then 

collected and filtration enabled diatom isolation. Non-motile taxa that were collected via 

capillarity were disregarded during enumeration as only motile taxa making up the biofilm 

during daily vertical migration were of interest in that study. Numbers of motile taxa in the 

present study are comparable or slightly less than in the intertidal mudflat community of 

France.  
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Table 2.2. Average abundances [cells mL-1 sediment] of the 10 most common taxa encountered. 
 

Wet Tropics Dry Tropics 
Taxon Average abundance  Taxon Average abundance  

unknown 15 9.2 x 104 Navicula sp. 8 8.3 x 104 
Amphora sp. 11  3.9 x 104 Amphora sp. 19 7.2 x 104 
Campylosira sp.  3.5 x 104 Navicula sp. 9 6.5 x 104 
Nitzschia cf amphibia   3.0 x 104 Nitzschia cf amphibia   6.0 x 104 
Navicula sp. 8 2.2 x 104 Amphora cf turgida  4.9 x 104 

Amphora sp. 1 2.2 x 104 
Psammodictyon 
panduriformis  4.8 x 104 

Achnanthes sp. 3  2.1 x 104 Amphora sp. 1  4.7 x 104 
Thalassionema nitzschoides  2..0 x 104 Cocconeis sp. 1  4.6 x 104 
Cocconeis sp. 1  1.8 x 104 unknown 15 4.0 x 104 
Diatoma mesodon  1.7 x 104 Bacillaria paxillifer  3.8 x 104 
 
 

Six genera that are classified as planktonic (Round et al., 1990) were encountered in 

the samples; Bacteriastrum, Chaetoceros, Coscinodiscus, Stephanopyxis, Thalassiosira, and 

Thallassionema. These are probably frustules of dead cells that have been transferred from 

the water column to the sediments; although it is also possible they remained associated with 

the sediment as water drained out of the grab upon retrieval. The planktonic species made up 

less than 3% of the mean assemblages of all sites. Four freshwater genera (Round et al., 

1990) were also encountered; Eunotia, Cyclotella, Synedra and Fragilaria, also making up 

less then 3% of the total assemblage. As all sample sites are coastal, and the sites Herbert 

River and Hinchinbrook Channel are located in the mouth of a large river and part of its 

estuary, allochtonous freshwater species are expected. With the sample preparation method 

used here it is not possible to discern between specimens that were alive or dead at the time 

of sampling (due to the oxidation of all organic material). It has, however, previously been 

concluded that the majority of encountered diatom frustules in sediment samples cleaned 

using this technique represent the living diatom community, based on insignificant presence 

of empty diatom frustules in sonicated sediment samples that were not subjected to oxidation 

of organic material (Gottschalk et al., 2007). 
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Figure 2.3. Light micrographs of characteristic estuarine diatom taxa of tropical benthos in Australia. 
a) Amphora cf. turgida, b) Amphora sp. 11, c) Achnanthes sp. 3, d) Diatoma mesodon, e) Cocconeis 
sp. 1, f) unknown 15, g) Amphora sp. 19, h) Amphora sp. 1, i) Campylosira sp., j) Psammodictyon 
panduriformis, k) Navicula sp. 9, l) Navicula sp. 8, m) Thalassionema nitzschoides,  n) Nitzschia cf. 
amphibia, and o) Bacillaria paxillifer. Images taken at 1000x magnification under oil-immersion, 
scale bars represent 25 μm. 
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2.4.2. Community composition  

Average diatom abundances (N) in the Wet and Dry Tropics were 1.01 x 106 and 

1.27 x 106 cells mL-1 sediment, respectively and these were not statistically different (Table 

2.3). This diatom abundance is less than, but still of the same order of magnitude, as for 

sediments from inshore and outer shelf coral reefs of the Great Barrier Reef, where 

Gottschalk et al. (2007) reported average abundances of 2.55 x 106 cells mL-1. Both results 

are in agreement with previously published research on benthic diatom abundances on near-

shore reef flats in the Herbert River region in the GBR (in the vicinity of sample sites 1 – 4 

in this study). There, cell densities varied between 1.7 – 2.2 x 106 cells mL-1 sediment, with 

significant differences between sampling occasions, and highest average cell densities 

encountered in March (Schaffelke et al., 2003). No seasonal comparison was made in the 

present study, with only one site sampled during the winter dry season (site 5, sampled in 

July 2008) and the remaining sites all sampled during the summer wet season. Other studies 

from tropical locations have reported much lower diatom abundances. The diatom 

community of a sheltered, sandy beach on Goa, India, rarely reached cell densities above 104 

cells mL-1 in a study spanning three seasons over 17 months (Mitbavkar and Anil, 2002). 

Sandy substrata are often reported to sustain a more sparse MPB community compared to 

finer grained, muddy substrata (Underwood and Smith, 1998, Thornton et al., 2002), which 

may explain some of the observed difference, although the opposite has also been reported 

(Cahoon et al., 1999). Comparable diatom abundances have also been reported from 

temperate regions, with cell densities varying between 1 x 105 – 6 x 106 cells mL-1 in an 

across year and season study of the Ems-Dollard estuary in Netherland/Germany, covering 

periods of high (1977 to 1980) and reduced (1987 to 1993) organic waste input in the estuary 

(Peletier, 1996). In a review covering the ecological role of microphytobenthos, MacIntyre et 

al. (1996) reported diatom abundances from 4 x 104 – 4.7 x 107 cells mL-1, including studies 

from Europe and temperate North America.  

 

Species richness (S), evenness (E), and diversity (D) measures were also relatively 

similar between the sample sites (Table 2.3). There were however statistically significant 

differences in S (ANOVA F5,12 = 8.094, p < 0.05) and D between sites (ANOVA F5,12 = 9.92, 

p < 0.05) (Table 2.4, Tables A.5 – A.6). Tukey’s post hoc test revealed that the diatom 

communities of the Dry Tropics sites (both Cape Cleveland creek and 3-mile Creek) had 

lower species richness (S) and diversity (D) than Diamantina and Herbert Rivers in the Wet 

Tropics. Additionally, 3-mile Creek also had lower species richness and Cape Cleveland 

creek had lower diversity than Zoe Creek. There was no significant difference in S or D 

between the Cape Cleveland creek and Zoe Creek or the Hinchinbrook Channel in the Wet 
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Tropics, or between 3-mile Creek in the Dry Tropics and Hinchinbrook Channel (Table 2.4). 

There was however still a significant difference in S and D between the two regions overall 

(Sregion: ANOVA F1,16 = 33.803, p < 0.05, Dregion: ANOVA F1,16 = 26.329, p < 0.05, Tables 

A.7 – A.8), with the Dry Tropics on average having fewer species present and hence also a 

lower diversity index.  

 

Table 2.3. Species richness (S), evenness (E), diversity (D), and abundance (cells mL-1) (N) averaged 
for each community sampling site and total averages over regions. Average (± SE), n = 3. an = 12, bn 
= 6.  
 

Site  
Site 
ID Region   S E D N 

Zoe Creek 1 WT 83.3 (14.3) 0.61 (0.01) 50.72 (7.94) 1.33 x 106 (3.88 x 105) 

Diamantina River  2 WT  95.0 (2.5) 0.64 (0.04) 60.60 (5.10) 7.99 x 105 (4.70 x 105) 

Hinchinbrook Channel  3 WT 80.7 (4.7) 0.60 (0.01) 48.52 (2.49) 1.38 x 106  (5.27 x 104) 

Herbert River  4 WT 93.3 (5.9) 0.61 (0.00) 57.07 (3.57) 5.50 x 105 (1.38 x 105) 

3-mile Creek  5 DT   56.7 (1.8) 0.66 (0.01) 37.49 (1.29) 1.69 x 106  (6.37 x 105) 

Cape Cleveland creek  6 DT  61.7 (4.7) 0.59 (0.02) 36.27 (1.31) 8.44 x 105 (2.23 x 105) 

Wet Tropics (average)  WTa 88.1 (11.8) 0.62 (0.03) 54.23 (8.05) 1.01 x 106 (5.27 x 105) 

Dry Tropics (average)  DT b 59.2 (5.3) 0.63 (0.05) 36.88 (1.78) 1.27 x 106 (7.60 x 105) 

Abbreviations; WT: Wet Tropics, DT: Dry Tropics. 

 
 
 
Table 2.4. Results of Tukey HSD post hoc test showing homogenous groups for species richness and 
diversity in sites and averaged over regions. a, b and c denotes homogenous groups for species 
richness (S), and x, y and z denotes homogenous groups for diversity (D). 
 
Homogenous Groups (Tukey HSD), α = 0.05, df = 
12 

Homogenous 
groups 

 Homogenous 
groups 

Site  Site ID Species richness (S) a b c Diversity (D) x y z 
Three-Mile Creek 5 57  *  37.5  **  
Cape Cleveland 
creek 

6 62  * * 36.3  ** ** 

Hinchinbrook 
Channel 

3 81 * * * 48.5 ** ** ** 

Zoe Creek 1 83 *  * 50.7 **  ** 
Herbert River 4 93 *   57.1 **   
Diamantina Creek 2 95 *   60.6 **   
Dry Tropics (average) 59 1   36.9 a   
Wet Tropics (average)   88  2  54.2  b  
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Regardless of region, the estuarine diatom communities in the current study were far more 

diverse than diatom communities in inshore and outer shelf coral reef sediments of the GBR, 

where D ranged between 20.65 – 25.67 (Gottschalk et al., 2007). To enable further 

comparisons with the literature, the Shannon Wiener diversity index (H’) was also calculated 

using the PAST software (Hammer et al., 2008) and varied between 4.1 – 4.9 in the current 

study (results not shown). This is comparable to the diversity of the diatom community in a 

Mexican subtropical lagoon, where H’ was reported to vary between 3.07 – 4.36 in four sites 

during the summer months of the seasonal sampling scheme (Beltrones and Castrejón, 

1999). The sites there were a sandy beach within the lagoon (H’ = 3.07) and three locations 

in the surrounding mangrove, more similar to the habitat sampled in the current study. 

Bray-Curtis similarity index indicated 26 – 63% similarity in community 

composition between all samples in the current study (Table 2.5). In the Wet Tropics, the 

index showed comparable similarities within and between sites, whereas in the Dry Tropics 

within-site similarity was slightly greater than between sites (Table 2.5). Both regions were 

more similar within region than to each other. This is also reflected in the ANOSIM, with a 

global R of 0.75 (p < 0.05) indicating clear differences between the sites. With the low 

within-site replication (n = 3), there is not enough statistical power to discern differences 

between individual sites to the 0.05-level in pair-wise post hoc comparisons (Table 2.6). The 

lowest possible p-value for the pair-wise comparison between sites at this replication level is 

0.10 if the two groups are completely different (as the pair-wise post hoc ANOSIM work by 

permutation of the rows [replicates], and there are only ten possible different ways of re-

arranging n = 6 rows into two groups of 3, pmin = 1/10). It is consequently necessary to set 

the significance level to 0.10 for pair-wise comparisons between the sites.  
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Table 2.6. ANOSIM pairwise comparison between sites, p- and R-values. Site number in brackets 
after abbreviation. 
 

p Zoe (1) Channel (3) Herbert (4) 3-mile (5) Cape (6) Dry  

Dia (2) 1 0.2962 0.0997 0.1015 0.0987  

Zoe (1)  0.4026 0.0938 0.0976 0.0997  

Channel (3)   0.1041 0.1040 0.0980  

Herbert (4)    0.0944 0.1050  

3mile (5)     0.1063  

Wet       0.0001 
R        

Dia (2) -0.26 0.11 0.44 0.93 1.00  

Zoe (1)  0.04 0.52 0.96 0.93  

Channel (3)   0.81 1.00 1.00  

Herbert (4)    1.00 1.00  

3-mile (5)     1.00  

Wet      0.9636 

Abbreviations: Dia; Diamantina River, Zoe; Zoe Creek, Channel; Hinchinbrook Channel, Herbert; 
Herbert River, 3-mile; 3-mile Creek, Cape; Cape Cleveland Creek, Wet: Wet Tropics, Dry: Dry 
Tropics. 
 

Even at a significance level of 0.10, the results of the pair-wise comparisons between sites 

were ambiguous. This is well illustrated by the R-value of 1.0 for the 3-mile Creek/Herbert 

River comparison, which indicates two completely different communities, and yet the 

difference was not statistically significant (Table 2.6). No further between-site comparisons 

on community structure were hence made. ANOSIM of the Bray-Curtis matrix comparing 

the two regions showed a clear and significant difference between the Wet and the Dry 

Tropics communities (R = 0.96, p < 0.01) (Table 2.6). The average dissimilarity between the 

Wet and Dry Tropics was 66% (SIMPER analysis). Of the ten most important taxa 

contributing to the dissimilarity between the regions, six belonged to the most abundant taxa 

in at least one of the regions. These were unknown 15, Amphora sp. 11, Campylosira sp., 

and Diatoma mesodon in the Wet Tropics, and unknown 15, Amphora sp. 19, and Amphora 

cf turgida in the Dry Tropics (Table 2.7). Although community structure differed 

significantly between the two regions, it was mainly the rarer taxa contributing to the 

dissimilarity past the first 6-7%. If excluding the taxa that fall below the average cumulative 

abundance of 80%, the two regions were similar to approximately 50%, and if including only 

the 20 most common taxa (representing approximately half of the communities), average 

dissimilarity in community structure between the regions was only 35%. Benthic microalgal 

populations (including diatoms, dinoflagellates and other algal groups) from three sites on 

the North Island of New Zealand proved to have comparable community similarities (as 

analysed with SIMPER) of on average 47% between the three sites (Safi, 2003). Benthic 

communities in that study were more similar between the sites and between different seasons 

than the pelagic communities were, however, small-scale differences within each site were 
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larger in the benthos (Safi, 2003). Without access to the complete data-sets it is difficult to 

make actual community structure comparisons between studies, however, from the species-

list appended in Safi (2003), it is evident that most of the diatom taxa encountered in north 

New Zealand estuarine samples were different from the taxa encountered in the current 

study. By species in common (presence/absence) and number of taxa within a genus, the 

diatom communities of the current study, as might be expected, appears to be far more 

similar to the tropical mangrove diatom communities of Mexico (Beltrones and Castrejón, 

1999). On a more local scale, and more importantly for the ecotoxicological focus of this 

thesis, these results are comparable to the community structure changes across a gradient 

from inshore to outer coral reef sediments of the GBR, where Gottschalk et al. (2007) found 

dissimilarities around 44%. Differences in diatom community structure were found to be less 

along a North-South gradient, with dissimilarity around 30% between the region there 

defined as the Wet Tropics and Princess Charlotte Bay further north in the tropics with a 

similar climate. The differences in community structure of benthic diatoms in the GBR are 

hence comparable cross shelf (inner and outer shelf reefs) and cross climate zones (Wet and 

Dry Tropics).  

 

Table 2.7. Average abundances (cells mL-1) within region (Wet and Dry Tropics) of the ten taxa 
contributing most to the dissimilarity between the regions, and their % contribution to the 
dissimilarity.  
 

Region Taxon   Contribution to 
dissimilarity Wet Tropics Dry Tropics 

Amphora sp.19 1.0 1 x 102 7 x 104 

Unknown 15 0.7 9 x 104 4 x 104 

Amphora sp. 11 0.7 4 x 104 2 x 104 

Achnanthes brevipes 0.6 1 x 103 3 x 104 

Cymatosira sp. 0.6 1 x 104         0 

Amphora cf turgida 0.6 7 x 103 5 x 104 

Amphora sp. 20 0.6 2 x 102 1 x 104 

Diatoma mesodon 0.6 2 x 104         0 

Gyrosigma scalproides var. eximia 0.6        0 9 x 103 

Campylosira sp. 0.6 4 x 104 3 x 103 

Total 6.5   
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2.4.3. Live isolates 

Using the single-cell isolation technique (Andersen and Kawachi, 2005), 18 diatom 

taxa were isolated from tropical, estuarine benthic samples; five from Cocoa Creek, six from 

Diamantina River and seven from Zoe Creek (Table 2.8). The majority of the isolates were 

identified to genus, two to species level, and two are still to be indentified. It is probable that 

Cylindrotheca sp. 1 and Cylindrotheca sp. 1a are strains of the same species, likely 

Cylindrotheca closterium. After 12 months, all viable cultures were incorporated into the 

NQAIF culture collection and assigned an identification number accordingly. As of April 

2009, 13 strains remain viable (Table 2.8). Auricola sp., Entomoneis sp., and Cyclotella sp. 

all needed sub-culturing within four to five days either to preserve typical cell-morphology 

(Auricola sp. and Entomoneis sp. quickly developed abnormal, irregular cell shapes), or to 

prevent the culture from collapsing due to too high cell-densities (Cyclotella sp.). These 

strains were hence discontinued as they were deemed unsuitable for ecotoxicological 

experimentation. Amphora ventricosa and Navicula sp. 3 both reached critical cell-size and 

were no longer viable within a year from isolation. Cell size reduction through vegetative 

growth is the main problem for keeping diatoms in monoclonal culture for prolonged periods 

of time (Round et al., 1990). Without either sexual reproduction and auxospore formation or 

spontaneous vegetative rescue, cells may divide until they reach a critical cell size where 

division is no longer physiologically possible, and the clonal culture eventually perishes. A 

non-clonal culture (started from several cells) may have a larger probability of sexual 

compatibility, and the problem with culture mortality due to critical cell-size may be 

overcome. However, not all species reduce in cell-size in culture, nor do all species require 

auxospore formation for cell size-restoration (Round et al., 1990).  

For experimental work it is often desirable to have monoclonal cultures as they 

represent a genetically more defined experimental entity, with less likelihood of variability in 

response due to reduced variability within the population. Even monoclonal strains, 

however, need to be screened occasionally for consistency, as mutation or contamination 

sometimes changes the culture (Lorenz et al., 2005). Although monoclonal cultures were 

preferable for the main ecotoxicological focus of this thesis, some non-clonal cultures were 

prepared as back-ups in case none of the clonal cultures proved to be viable (see Table 2.8). 

The time required for strain isolation is substantial, screening and re-isolation can take many 

hours daily for the first few weeks, depending on number of strains that are being attempted 

to isolate simultaneously, and generally a minimum of three months of continuous culturing 

is required before it can safely be assumed the culture is free of contamination carried over 

from initial isolation. Additionally, the continuous investment of labour necessary to ensure 

culture stability (screening, medium preparation and subculturing, while systematically 
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testing different culturing conditions and media for optimization) is rather time-consuming, 

thus, most effort was here allocated to attempting to isolate unique taxa instead of several 

strains of the same taxon.  

Not all microalgal species are robust enough to survive isolating and culturing 

conditions. Interestingly, in the live samples similar taxa were observed between the 

different sites and regions during the isolation period (personal observation), indicating that 

successful isolates and culture establishment would be restricted to a few and similar taxa for 

the regions. Due to the similarity of taxa observed between the live samples kept for 

isolation, and the high similarity in community structure of the most abundant diatom taxa 

(65%) between the regions, it can be concluded that the strains isolated from Dry Tropics 

sediment are likely to represent tropical benthic diatoms from this type of habitat (shallow 

estuaries and tidal creeks) in Australia, including the Wet Tropics region. 

 

From the successfully isolated diatom strains, Navicula sp. 1 (NQAF 110) and 

Cylindrotheca closterium (Cylindrotheca sp. 1) (NQAIF 079) were chosen for further 

ecotoxicological experimental work for this thesis. Both taxa showed stable growth-patterns 

appropriate for the time-intervals generally used in standardized ecotoxicological tests 

(USEPA, 1996, OECD, 2006) and both species were observed in every live sample and sub-

sample. Growth habit was also suitable for both taxa, with even dispersal with no or only 

little aggregation of cells, and light to medium adhesion to culturing vessels enabling 

homogenous re-suspension etc. Additionally, the two taxa are morphologically very 

different, both in size and degree of silicification (discussed in more detail in Chapter 4 of 

this thesis), which was thought to provide a broader basis for discussion. As C. closterium is 

only lightly or partially silicified (Round et al., 1990), these valves were destroyed by the 

oxidation process (see section 2.3.2) used in this study for cleaning material for species 

identification at the light microscopical level, explaining why no specimens were 

encountered during enumeration. Cylindrotheca is described as a very abundant genus in 

coastal waters world-wide, and Navicula as an extremely common genus in almost every 

epipelic diatom sample (Round et al., 1990). Common genera were desirable for the 

ecotoxicological work of this thesis to broaden the general interest of the results. 
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Table 2.8. List of diatom species isolated and remaining in culture in the care of the North 
Queensland Algal Identification and culturing Facility (NQAIF) and their designated strain numbers 
(NQAIF#).  
 

Species  Isolated from Culture 
established 

Mono-
clonal 

Viable 
April -09 

NQAIF 
# 

Amphora sp. 1 Diamantina River Feb 2006 Y  Y 182 

Auricula sp.  Cocoa Creek Aug 2005 Y  N - 

Amphora sp. 2 Zoe Creek Feb 2006 N  Y 184 

Navicula sp. 1 Cocoa Creek  Aug 2005 Y Y 110 

Cylindrotheca sp. 1 Cocoa Creek Aug 2005 Y  Y 079 

Cylindrotheca sp. 
1b 

Diamantina River Feb 2006 N  Y 080 

Navicula sp .2 Diamantina River Feb 2006 Y  Y 082 

Navicula sp. 3 Diamantina River Feb 2006 Y  N - 

Entomoneis sp.  Diamantina River Feb 2006 Y  N - 

Unidentified 1 
(centric) 

Diamantina River March 
2006 

N  Y 078 

Navicula sp. 4 Zoe Creek Feb 2006 Y Y 084 

Amphora 
ventricosa 

Cocoa Creek Aug 2005 Y  N - 

Navicula sp. 4 Cocoa Creek Aug 2005 Y Y 081 

Amphora sp. 3 Zoe Creek April 2006 N  Y 086 

Cyclotella  sp. 1 Zoe Creek April 2006 N N - 

Psammodictyon 
panduriformis 

Zoe Creek April 2006 N Y 091 

Unidentified 2 
(pennate) 

Zoe Creek  April 2006 N Y 075 

Nitzschia 
lanceolata 

Zoe Creek April 2006 N Y 085 

         Abbreviations: Y: yes, N; no 
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2.5. Conclusions 

Benthic diatom communities from six estuaries/creeks located in the Wet and Dry 

Tropics of north Queensland were here described for the first time. All communities were 

diverse, with a total of nearly 300 taxa encountered across all the sites combined. Species 

richness (S), evenness (E), and diversity (D) measures were similar between the sample sites, 

however, the Dry Tropics showed slightly lower S and D compared to the Wet Tropics. 

Diatom abundances were similar in the two regions, with average abundances of 1.01 x 106 

and 1.27 x 106 cells mL-1 sediment in the Wet and Dry Tropics, respectively. The most 

abundant taxa encountered in the Wet Tropics were two Navicula spp., and an Amphora sp., 

whereas an unknown diatom, an Amphora sp., and Campylosira sp. were most common in 

the Wet Tropics. The two regions were statistically significantly different from each other; 

however, it was mainly the rarer taxa contributing to the dissimilarity past the first 6-7%. If 

focusing on only the 20 most common taxa (representing approximately half of the 

communities); average similarity in community structure between the regions was 65%. 

Based on this and observations of live material, it can be concluded that diatom strains 

isolated from Dry Tropics sediment are likely to represent tropical benthic diatoms from this 

type of habitat (shallow estuaries and tidal creeks) in Australia, including the Wet Tropics 

region. The differences in community structure of benthic diatoms in the GBR are 

comparable cross shelf (inner and outer shelf reefs) (Gottschalk et al., 2007) and cross 

climate zones (Wet and Dry Tropics, this study). Tropical estuarine communities here were 

more similar (taxa in common) to mangrove diatom communities as far away as Mexico, 

than to estuarine benthic diatoms in New Zeeland, highlighting the habitat specificity of 

diatoms despite their cosmopolitan nature. 

 

Successfully established diatom cultures of local taxa are now incorporated 

into the NQAIF culture collection. Both live strains and the comprehensive diatom 

picture atlas based on light micrographs of digested material (Appendix A, plates I - 

XXI) may serve as future important resources for further experiments and reference 

material.  
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Chapter 3. Comparative effects of herbicides on 

photosynthesis and growth of tropical estuarine 

microalgae 

 

3.1. Abstract 

Pulse amplitude modulation (PAM) fluorometry is ideally suited to measure the sub-

lethal impacts of photosystem II (PSII)-inhibiting herbicides on microalgae, but key 

relationships between effective quantum yield [Y(II)] and the traditional endpoints growth 

rate (μ) and biomass increase are unknown. The effects of three PSII-inhibitors; diuron, 

hexazinone and atrazine, were examined in standardized three-day growth inhibition tests 

using two tropical benthic microalgae; Navicula sp. (Ochrophyta) and Nephroselmis 

pyriformis (Chlorophyta). The relationships between Y(II), μ and biomass increase were 

consistent (r2 ≥ 0.90) and linear (1:1), validating the utility of PAM fluorometry as a rapid 

and reliable technique to measure sub-lethal toxicity thresholds of PSII-inhibiting herbicides 

in these microalgae. The order of toxicity (EC50 range) was: diuron (16 – 33 nM) > 

hexazinone (25 – 110 nM) > atrazine (130 – 620 nm) for both algal species. Growth rate and 

photosynthesis were affected at diuron concentrations that have been detected in coastal 

areas of the Great Barrier Reef. 

Some potential for recovery was evident in biomass increase after five and ten day’s 

exposure to PSII-inhibitors. There was, however, no recovery in Y(II), indicating that an 

increase in or switch to heterotrophic feeding or cyclic electron-flow through photosystem I 

(PSI) may have contributed to the recovery in biomass.  

Additionally, the novel herbicide imazapic (an amino acid synthesis-inhibitor) was 

tested in the same standardized growth inhibition tests. No effects on Y(II), μ, or biomass 

increase were evident during the whole experiment. Interestingly, large declines in all 

cellular pigment-concentrations (32 – 45 %) were evident in N. pyriformis after five days 

exposure to 5.3 μM imazapic compared to controls, indicating that standardized, regulatory 

accepted endpoints such as μ may not adequately assess the environmental effect of such 

compounds.
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3.2. Introduction 

Extensive use of pesticides in agriculture is accompanied by the risk of 

environmental contamination. The Queensland coast of Australia has an intensive 

agricultural industry and over 80% of the Great Barrier Reef (GBR) catchment area supports 

some form of agriculture (Gilbert and Brodie, 2001), with 40 drainage catchments that 

discharge directly into the GBR lagoon. Diuron (phenylurea), atrazine (s-triazine) and 

hexazinone (triazinone) are among the most commonly used herbicides in Australian 

agriculture (Hamilton and Haydon, 1996, Radcliffe, 2002). Recent studies have 

demonstrated herbicide contamination of water and sediments in a large number of samples 

taken along the Queensland coast (Haynes et al., 2000a, Mitchell et al., 2005, Shaw and 

Müller, 2005, Rohde, 2006, Lewis et al., 2009). Coastal pollution from pesticides is also a 

global issue. For instance, atrazine was present in estuarine sediments of the Adriatic Sea 

eight years after the implementation of a total ban of its use in Italy (Carafa et al., 2007). 

Sources of herbicide contamination in estuaries may also include antifouling paints, which 

often contain diuron and irgarol (triazine) boosters (Konstantinou and Albanis, 2004). 

 

3.2.1. Using PAM-fluorometry to measure effects of photosystem II inhibitors 

Diuron, atrazine and hexazinone are all photosystem II (PSII)-inhibitors and act by 

competing with plastoquinone at the QB binding site of the D1 protein in the PSII reaction 

centre, thereby inhibiting energy transfer (Oettmeier, 1992). The inhibition of photosynthesis 

by PSII-inhibitors can be estimated using pulse amplitude modulation (PAM) fluorometry, a 

rapid and non-invasive technique well suited for investigating changes in photochemical 

efficiency. Briefly, a proportion of the absorbed light-energy in PSII cannot be used to drive 

electron transport but is instead dissipated as chlorophyll fluorescence, or heat (non-

photochemical quenching, NPQ) (Schreiber, 1986, Genty, 1989). In an illuminated sample, 

steady state fluorescence, F, is emitted. With PAM-fluorometry, F is first measured in a 

weakly illuminated sample, when most reaction centres are oxidised and open to accept 

electrons. The maximum fluorescence yield (Fm’) of the same sample is then measured 

immediately after a saturating light pulse when all reaction centres are fully reduced and 

hence cannot accept more electrons. The effective quantum yield of photosynthesis (Y(II)) 

can be calculated following equation 3.1 (Schreiber, 1986, Genty, 1989, Schreiber et al., 

2002)  

 

Y(II) = (Fm’-F)/ Fm’ = ∆F/ Fm’     Eq. 3.1 
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As PSII-inhibitors cause an increase in F by inhibiting electron transport (less energy is used 

to drive photosynthesis and more is re-emitted as fluorescence), photoinhibition can be 

quantified by the resultant decrease in the Y(II) parameter (Schreiber et al., 2002). Using 

dark-adapted samples enables the determination of the minimum fluorescence (F0) where all 

reaction centres are open, and, following a saturation pulse, the maximum fluorescence (Fm) 

can be determined. The maximum quantum yield, Fv/Fm, can be calculated as Fm – F0 / Fm. 

Whereas Fv/Fm is a measure of the maximal potential photochemical efficiency of PSII, Y(II) 

provides an estimation of the actual photochemical activity during normal light conditions 

and is generally the recommended parameter to use in ecotoxicology (Genty, 1989, Ralph et 

al., 2007). This is particularly important when dealing with PSII-inhibitors such as herbicides 

as dark-adaptation removes light-stress, and also because these chemicals generally require 

light to elicit toxicity (Ralph et al., 2007, Schreiber et al., 2007). Using dark-adapted samples 

instead has other benefits, such as investigating chronic damage to the photosystem (Jones 

and Kerswell, 2003, Cantin et al., 2007), or deriving photochemical (qP) and non-

photochemical (NPQ) quenching parameters, which can be useful in explaining mode of 

action of a toxicant or examine the energy absorbed that leads to carbon fixation (Ralph et 

al., 2007). 

Inhibition of effective quantum yield, Y(II), has been used to examine the sub-lethal 

toxicity of herbicides towards a variety of microalgae, with some being sensitive to diuron at 

environmentally relevant concentrations (Schreiber et al., 2002, Bengtson-Nash et al., 2005b, 

Bengtson-Nash et al., 2005c, Escher et al., 2006). Similar sensitivities of benthic microalgae 

in temperate waters have been determined using 14C measurements (Arrhenius et al., 2004). 

Although Y(II) inhibition is becoming recognized as a valid sub-lethal indicator of 

photosystem stress (Jones et al., 1999, Schreiber et al., 2002), no studies have directly 

compared this endpoint to traditional indicators of herbicide phytotoxicity in microalgae. 

Therefore, the potential relationships between herbicide-induced reductions in Y(II) and 

effects at the organismal level are largely unknown.  

 

3.2.3. Microphytobenthos  

PSII-inhibitors have been shown to negatively affect photosynthesis in tropical 

organisms such as seagrasses (Haynes et al., 2000b) and symbiotic dinoflagellates in corals 

(Jones and Kerswell, 2003, Owen et al., 2003, Negri et al., 2005) at low concentrations (for 

example diuron at concentrations less than 4.3 nM). Despite estuarine sediments recording 

the highest herbicide loads in tropical marine environments, there have been no studies into 

the effects of relevant herbicides on microalgal species from these receiving habitats. The 

microphytobenthic communities of estuaries are key primary producers and may be present 
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in higher biomass than phytoplankton in shallow habitats (Gambi et al., 2003). Regulation of 

oxygen levels at the water-sediment interface is highly dependent on the photosynthesis of 

microphytobenthos, and they are also an important food-source for benthic feeders 

(MacIntyre et al., 1996, Gambi et al., 2003, see Chapter 2 of this thesis for additional 

references). Microalgal communities thus form an essential functional group in these habitats 

and exposure to herbicides may therefore carry detrimental effects to the ecosystem level.   

 

3.2.4. Aims  

This is the first examination of the relationships between the inhibition of 

photosynthetic efficiency [Y(II)] by the PSII-inhibitors diuron, atrazine, and hexazinone and 

the more traditional measures of growth rate (μ) and culture biomass increase in microalgae. 

The amino acid synthesis-inhibitor imazapic, an imidazolinone, is included in the study as it 

is a relatively novel herbicide in Australia, and its toxicity and possible environmental 

impact is largely unknown. The estuarine microphytobenthic Navicula sp. (Ochrophyta) and 

Nephroselmis pyriformis (Chlorophyta) were chosen as common tropical representatives of 

two important phyla. A possible secondary effect of PSII-inhibitors is oxidative stress due to 

a build-up of excess energy in the photosystem (Rutherford and Krieger-Liszkay, 2001), 

which can lead to damage of the photosynthetic apparatus. The effects of herbicide 

exposures on pigment concentrations in both algal species as a further indicator of sub-lethal 

stress are therefore also examined.  

 

3.3. Methods  

3.3.1. Toxicant preparation  

Analytical grade herbicides were purchased from Sigma Aldrich Australia (diuron 

[CAS 330-54-1], hexazinone [CAS 51235-04-2] and atrazine [CAS 1912-24-9]) and Alltech 

Australia (imazapic [CAS 104098-48-8]). Stock solutions were prepared in acetone-rinsed 

glassware with autoclaved, deionised water (Elix 5, Millipore) using dimethyl sulfoxide 

(DMSO) as carrier (final DMSO concentration in experimental vessels was 0.01% (v/v)). All 

solvents were HPLC-grade unless otherwise stated, and purchased from Sigma Aldrich 

Australia. 
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3.3.2. Microalgae – Isolation and Culture            

The test organisms, Navicula sp. (Ochrophyta) (North Queensland Algal Culturing 

and Identification Facility (NQAIF) 110) and Nephroselmis pyriformis (Chlorophyta) 

(NQAIF 117), were isolated from north Queensland sediments using the micro-capillary 

single cell isolation technique (Andersen and Kawachi, 2005, see Chapter 2 for more 

information on the origin and isolation of strain NQAIF 110). Both isolates were cultured 

and sub-cultured at 24°C in Guillard's (f/2) marine medium (Andersen et al., 2005) prepared 

using GF/F filtered (Whatman) and autoclaved (Tomy ES-315) 35 ppt sea water under sterile 

conditions (laminar flow, AES Environmental Pty Ltd). Cultures were established at least six 

months prior to experimentation and were maintained as batch cultures in gamma-sterilised 

tissue-culture flasks (surface area 25 cm2, Orange Scientific, filled to 20mL) by subculturing 

fortnightly, and kept under a 12:12 hour light:dark cycle with an irradiance of 45 μmol 

photons m-2 s-1 (Contherm Digital series cooled incubator, Biolab, Australia). Before 

experimentation, both cultures were maintained in logarithmic growth phase sub-culturing 

more frequently for at least four weeks. During these four weeks, the algae were cultured in 

100 mL f/2 medium in 250 mL-capacity acid-washed and autoclaved Erlenmeyer-flasks 

identical to glassware used during experimentation. 

 

3.3.3. Growth rate, biomass and photosynthetic Y(II) measurements          

The optical density at 750 nm (OD750, measured as % transmission in a Varian DMS 

90 UV visible spectrophotometer) was validated as a proxy for cell density (visual cell 

counts by haemocytometer [Neubauer improved brightlined counting chamber, ProScitech, 

Australia] under 160 x magnification [Leitz Wetzal microscope]) for both species in 

replicated (n = 3) cultures. The OD750s were linearly correlated with cell counts (Navicula sp. 

y = 1.35 ± 0.02 * 106 - 1.38 ± 0.03 * 104 x, r2 = 0.99; N. pyriformis y = 5.8 ± 0.5 * 106 – 6.2 

± 0.6 * 104 x, r2 = 0.94) and were consequently used as an estimation of cell density (Figure 

3.1). The linear relationship between OD750 and cell density was less strong for N. pyriformis 

than for Navicula sp., however, polynomial regressions proved to be over- parameterized, 

resulting in dependencies approaching 1 (parameters with dependencies near 1 are strongly 

dependent on each other, indicating that the regression contains too many variables and a 

simpler (in this case a linear) regression is more suitable (Sigmaplot 2001 manual, version 

7.1, SPSS Inc.). 

Three-day old (Navicula sp.) and five-day old (Nephroselmis pyriformis) replicate 

stock-cultures (n = 5) in exponential growth phase were inoculated in 99 mL f/2 into 250 mL 

Erlenmeyer flasks at an initial cell density of 3 x 104 cells mL-1 (Navicula sp.) and 8 x 104 

cells mL-1 (N. pyriformis). Cultures were then dosed with a dilution-series of seven 
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concentrations of herbicide and a DMSO carrier control to a final test volume of 100 mL 

with 0.01% (v/v) DMSO. The initial cell density was selected to ensure an OD750 in the 

linear range at day 3 after herbicide dosing. Experimental cultures of Navicula sp. showed no 

significant lag-phase and were therefore immediately dosed with herbicide or control 

solution (Figure 3.1). Nephroselmis pyriformis cultures showed a two-day lag-phase (Figure 

3.1) and were therefore dosed at day three after inoculation to ensure the cultures had 

reached exponential growth-phase before exposure to herbicides. Carrier controls were 

performed separately prior to experimentation (addition of f/2 medium in a manner identical 

to addition of DMSO solution, n = 5 for each species). 

Subsamples were taken from the cultures at days 0, 3, 5 and 10 for measurement of 

biomass increase and growth rate (μ) (calculated from OD750 measurements), and effective 

quantum yield [Y(II)] (see below). In order for PAM-fluorometry measurements to be strictly 

comparable, light history must be identical between treatments (Schreiber et al., 2007). To 

ensure identical light exposure history between sampling days, treatments and organisms, all 

sampling was performed at the same time of day throughout the experiment. A randomized 

sampling and measurement design was also applied in order to minimize possible effects of 

changes in light exposure in the time between sampling and finalizing measurements each 

day. At each sampling time, a subset of the culture flasks (including a range of herbicide 

treatments and controls) were also sampled for microscopic inspection and direct cell counts 

to ensure that OD750 remained a valid proxy for cell density. In order to enable direct 

comparison of dose-response for the three different endpoints (raw data expressed in 

different units), all responses were converted to % of control. Percent of control biomass 

from day 0 (t0) to day i (ti) was expressed as per Equation 3.2. Percent of control growth rate 

(μ) was calculated as per Equation 3.3, where Ni and N0 = cells mL-1 at days i (ti) and 0 (t0) 

respectively. 

 

% of control biomass increase = 100 × ([OD750]ti - [OD750]t0)treatment / ([OD750]ti - [OD750]t0)control  Eq. 3.2 

 

% of control growth rate (μ) = 100 × (Ln [Ni / N0] / [ti – t0])treatment / (Ln [Ni / N0] / [ti – t0])control  Eq. 3.3 

 

The effect of herbicides on in vivo chlorophyll fluorescence was measured as 

effective quantum yield [Y(II)] using a mini-PAM fluorometer (Heinz Walz GmbH, 

Effeltrich, Germany) equipped with a waterproof fibre optic probe (active diameter 5.5 mm). 

Fluorescence measurements were taken by immersing the probe directly into the culture in 

the cuvette [1 cm diameter, used in the spectrophotometer for OD750 measurements] 

(measuring light intensity = 9, gain = 4) and one measurement was taken per replicate at 

days 3, 5 and 10. Light-adapted minimum fluorescence (F) was determined while applying a 
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weak pulse-modulated red measuring light (ca 0.2 μmol photons m-2 s-1), and maximum 

fluorescence (F’m) was determined after the application of a saturating pulse of actinic light 

(> 10,000 μmol photons m-2 s-1). Effective quantum yield Y(II) = (F’m - F) / F’m = ∆F / F’m 

was calculated for controls and treatments, and toxic response in treatments was expressed as 

a percentage of control values. More detailed descriptions on the use of PAM fluorometry to 

monitor photoinhibition in microalgae can be found in Schreiber et al. (2002), and Bengtson-

Nash et al. (2005a).  

 

 
Figure 3.1. Growth pattern of test organisms cultured in 250 mL Erlenmeyer flasks. Relationship 
between cell density and turbidity (measured as optical density at 750 nm, OD750) of microalgae 
cultured in f/2 medium. A) Navicula sp., y = 1.35 ± 0.02 * 106 - 1.38 ± 0.03 * 104 x, r2 = 0.99, B) 
Nephroselmis pyriformis, y = 5.8 ± 0.5 * 106 – 6.2 ± 0.6 * 104 x, r2 = 0.94. Cell density (circles) and 
growth rate (μ) (triangles) from day 0 to day 12 in C) Navicula sp., and D) Nephroselmis pyriformis. 
Symbols represent average ± 1 stdev. n = 3. Linear regression fitted in Sigmaplot 7.0, dotted lines 
represent 95% confidence interval. 
 

A 3-d (72-h) exposure was chosen as the main experimental time frame for endpoint 

comparison and determination of EC50 concentrations following standardized ecotoxicology 

test guidelines (USEPA, 1996, OECD, 2006). Comparison before 3 days was not feasible as 

growth rate could not be reliably measured in a single day, and the cultures were too dilute 

for measuring a reliable fluorescence signal with the mini-PAM. Sampling at days 5 and 10 

was included to investigate effects beyond the standardized 3-d exposure.  
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3.3.4. Pigment analysis                  

In a separate experiment, algal cultures of both species were dosed with diuron, 

atrazine, hexazinone at previously determined 3-d IC50-concentrations (biomass) in the same 

manner as above (n = 5). After three and five days of herbicide exposure, 15 mL algal 

suspension was gently filtered onto glass-fibre filters (pore size 1.2 μm retention, Millipore, 

Sigma Aldrich Australia) and immediately placed in a -80°C freezer (Sanyo Ultralow). 

Pigments were extracted sequentially by sonication in 100% acetone (30 W, 20 seconds on 

ice) (Ultrasonic processor, Cole Palmer, Extech Equipment Pty. Ltd.) within two months 

from sampling. High performance liquid chromatography (HPLC) was used to analyse the 

extracts on a Waters 600 HPLC, combined with a Waters PDA 996 photodiodearray 

detector, on a 3 μm, 50 x 4.6 mm C-18 Gemini 110A column (Phenomonex, Australia). A 

two solvent gradient with a flow rate of 1 mL min-1 was used to separate the pigments. 

Solvent A = 70:30 v/v methanol : 28 mM tetrabutyl-ammonium acetate (TBAA, 1.0 M 

aqueous Sigma-Aldrich, Australia); Solvent B = 50:50 v/v methanol:acetone. The proportion 

of solvent B was 25% at t = 0 min, rising linearly to 100% at 5 min and held at 100% until 

10 min when it was linearly reduced to 25% at 11 min and maintained at 25% until 18 min 

for analysis of the diatom pigments. For sufficient resolution of pigment peaks in N. 

pyriformis, the method was extended: 25% solvent B at t = 0 min, rising linearly to 100% at 

10 min and held at 100% until 15 min when it was linearly reduced to 25% at 16 min and 

maintained at 25% until 23 min.  

The peaks reported were identified by comparison of retention times, absorption 

spectra and spiking with pigment standards obtained from the International Agency for 14C 

Determination (DHI, Denmark). When possible, pigments were quantified using response 

factors of external standards (Jeffrey et al., 1997). As the mixed pigment standard containing 

lutein (Lut) obtained from DHI was not quantitative, extinction coefficients from (Jeffrey et 

al., 1997) were used and the response factor estimated based on that of diadinoxanthin (Dd). 

Likewise, the concentration of Mg-24-divinyl pheoporphyrin a5 monomethyl ester (Mg-

DVP) was estimated based on literature extinction coefficients (Jeffrey et al., 1997) and the 

response factor of Chlorophyll c2 (Chl c2). The concentration of vaucheriaxanthin (Vauch) 

was estimated based on the response factor of violaxanthin (Vx). The concentrations of 

siphonaxanthin derivatives (Siph-der) were estimated using the literature extinction 

coefficient of siphonaxanthin and the response factor of fucoxanthin (Fx) which shares an 

identical terminal carbonyl function in the chromophore (Jeffrey et al., 1997). 
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3.3.5. Statistical analysis               

IC50 and IC10 concentrations for biomass increase, μ and Y(II) were calculated by 

fitting a 4-parameter logistic regression to the dose-response data in Sigmaplot 2001 (version 

7.1, SPSS Inc.) according to equation 3.4. 

 

Y =  min + (max - min) / (1 + (x / EC50)
Hillslope)     Eq. 3.4 

 

This equation was solved for x to determine IC50 and IC10 values in SigmaPlot 7.1. IC50 and 

IC10 values are reported as nominal concentrations from 5 replicate cultures. A linear 

regression was fitted to the endpoint comparison data (Sigmaplot 2001, version 7.1, SPSS 

Inc.). Mean photosynthetic pigment concentrations and pigment composition ratios were 

compared across all treatments with a one-way ANOVA (α < 0.05). Dunnett’s post hoc test 

was used to identify means significantly different from control means. One-way ANOVA 

was also used to compare mean growth rate, Y(II), and biomass increase in cultures of 

Navicula sp. and N. pyriformis treated with DMSO (0.01% (v/v)) or f/2 (control) over 10 

days. Tukeys post hoc was used to determine homogenous groups. Lowest observed effect 

and no observed effect concentrations (LOEC and NOEC, respectively) were determined for 

all endpoints and herbicides/species combinations using one-way ANOVA followed by 

Dunnetts post hoc t-test. All statistical analyses were performed using Statistica 7 (StatSoft, 

Inc. Oklahoma, USA).  

 

3.4. Results and Discussion 

Both test-organisms consistently exhibited exponential growth in all controls from t0 

to t3 (Navicula sp. μ = 0.73 ± 0.05, N. pyriformis μ = 0.83 ± 0.03 [average ± SE, n = 20]) 

throughout the experiment. OD750 remained a valid proxy for cell density without any 

adjustments to the initial equations. In the absence of herbicides, Y(II) remained at 0.685 ± 

0.003 for Navicula sp. and at 0.598 ± 0.005 for N. pyriformis (average ± SE, n = 20). The 

DMSO carrier had no significant effect on μ, biomass increase or Y(II) at days 3, 5 or 10 

compared to f/2 controls of the same age, there was however as expected an effect of age of 

culture (ANOVA, p < 0.05, Tables B.1 to B.3, Appendix B). 

 

3.4.1. Relationships between inhibition of photosynthesis and growth after exposure to 

PSII-inhibitors                

The dose-response curves for PSII-inhibitors exhibited very similar shapes and 

slopes for each endpoint and for both species of benthic microalgae isolated from near-shore 
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tropical habitats in 3-d batch culture experiments (Figure 3.2). The concentrations of PSII-

inhibitors that inhibited 50% of μ, biomass increase or Y(II) were also consistent for each 

herbicide and species (Table 3.1). The order of toxicity (3-d EC50 range for all endpoints) for 

Navicula sp. was; diuron (16 - 33 nM) > hexazinone (56 - 110 nM) > atrazine (300 - 620 

nM). For N. pyriformis, the order of toxicity and 3-d EC50 range for all endpoints was diuron 

(25 - 33 nM) > hexazinone (25 - 41 nM) > atrazine (130 - 230 nM). Similar patterns were 

observed for the 3-d EC10s (Table 3.1). The least sensitive measure of toxicity for the PSII-

inhibitors was μ, which exhibited consistently higher 3-d EC50s than did biomass or Y(II) 

measurements. Biomass increase proved to be a more sensitive endpoint (lower EC50) than 

Y(II) for Navicula sp. in diuron and atrazine exposures (Table 3.1). In contrast, Y(II) was 

slightly more sensitive than biomass increase for N. pyriformis. 
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Figure 3.2. Navicula sp. 3-d growth rate (μ), biomass increase and effective quantum yield [Y(II)] 
response to A) diuron, B) atrazine, C) hexazinone, and Nephroselmis pyriformis 3-d dose-response to 
D) diuron, E) atrazine, F) hexazinone. Mean (±SE), n = 5 (both species diuron μ: n = 3. Navicula sp. 
atrazine and hexazinone μ; n = 4). 
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Table 3.1. Summary of 3-d growth rate (µ)-, biomass increase- and effective quantum yield [Y(II)] 
effect-concentration† values in nM [and µg L-1] for Navicula sp. and Nephroselmis pyriformis exposed 
to diuron, atrazine, and hexazinone. Average (SE). n = 5, * n = 4, ** n = 3. 
 
 Navicula sp. Nephroselmis pyriformis 
 μ biomass Y(II) μ biomass Y(II) 
EC50 (SE)       
diuron  33(4) 

[7.8(1)]** 
16(1) 
[3.7(0.2)] 

24(1) 
[5.5(0.2)] 

33(4) 
[8(1)]** 

25(2) 
[5.8(0.5)] 

25(1) 
[5.9(0.2)] 

atrazine 620(200) 
[130(40)]* 

300(40) 
[65(9)] 

460(30) 
[99(7)] 

230(10) 
[50(2)] 

160(10) 
[35(2)] 

130(6) 
[28(1)] 

hexazinone 110(20) 
[27(5)]* 

56(4) 
[14(1)] 

62(6) 
[16(2)] 

41(2) 
[10(0.5)] 

33(1) 
[8.4(0.3)] 

25(1) 
[6.2(0.3)] 

 EC10 (SE)       
diuron 10(4) 

[2.4(0.7)]** 
2.5(1) 
[0.5(0.2)] 

4.3(1) 
[1.0(0.2)] 

22(9) 
[5.2(2)]** 

9.3(1) 
[2.2(0.2)] 

4.7(1) 
[1.1(0.2)] 

atrazine 160(70) 
[35(15)]* 

120(20) 
[26(4)] 

86(5) 
[19(1)] 

110(20) 
[23(4)] 

51(7) 
[11(2)] 

31(1) 
[6.8(0.2)] 

hexazinone 26(10)     
[6.5(3)]* 

13(4)   
[3.4(1)] 

13(1)  
[3.3(0.3)] 

19(1)  
[4.8(0.3)] 

15(2)  
[3.8(0.5)] 

8.1(1) 
[2.1(0.3)] 

† = lowest observed effect concentrations (LOEC) and no observed effect concentrations (NOEC) are 
listed in Table B.4, Appendix B).  

 

The inhibition of effective quantum yield [Y(II)] proved to be a reliable predictor for 

inhibition of growth rates (μ) and biomass increase in 3-d batch culture experiments, with 

similar results observed for both species. The relationships between μ, biomass increase and 

Y(II) at day 3 were linear (r2 ≥ 0.90) for each species and PSII-inhibitor dose (Figure 3.3, 

Table 3.2). The regression-slopes were also close to unity for both Navicula sp. (0.86 – 1.2) 

and N. pyriformis (0.71 – 1.3), indicating good agreement between each endpoint for 

concentrations spanning three orders of magnitude and for two very different organisms. At 

high herbicide concentrations [low Y(II)] the biomass increase or μ response was often 

negative, indicating cell death and leading to an apparent non-linearity in the data (Figure 3.3 

D – F). Although higher order regressions (quadratic polynomial, Sigmaplot 2001, version 

7.1, SPSS Inc.) fitted to these data resulted in a slightly better fit (for example r2 = 0.96 

compared to r2 = 0.94 for a linear regression fitted to illustrate the relationship between 

inhibition of Y(II) and growth rate in N. pyriformis exposed to atrazine), this also resulted in 

very high (0.97 – 0.98) dependencies for the last two parameters (results not shown).  
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Figure 3.3. Relationship between growth rate (µ), biomass increase and effective quantum yield 
[Y(II)] responses to herbicides after 3 days exposure. n = 5, Average (±SE). Error bars not visible are 
smaller than symbol. A-C) Navicula sp. D-F) Nephroselmis pyriformis.  
 

 

Although the relationship between inhibition of growth rate and inhibition of Y(II) 

was very robust over the three day exposures and under low light intensity, it may not hold 

under all conditions. For instance, it is not clear whether reduced light harvesting (caused by 

PSII-inhibitors) may be compensated for by state transitions (where PSI may play a larger 

role in harvesting light). In cyanobacteria, state transitions have been suggested to be 

physiologically important when light is limiting for growth (Mullineaux and Emlyn-Jones, 

2005), and state transitions have been proven important but not imperative for fine-tuning of 

photosynthesis according to light conditions in Arabidopsis thaliana (cress, Brassicaceae) 

(Lunde et al., 2003). In green algae, research on state transitions have focused more on its 

potential role in protecting against photoinhibition under high irradiance (Finazzi et al., 

2001), where growth may also be affected differently. For instance, under light-saturating 

conditions, photoinhibition may lead to reduced electron transport through light harvesting 

complex II (LHCII) and hence lower Y(II) (Adir et al., 2003). It is likely that each species of 

benthic microorganism will respond differently to combinations of herbicide and high light 

stress as each will be adapted to cope with different light intensities (Falkowski and Owens, 

1980, Richardson et al., 1983). 
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Table 3.2. Equations and goodness of fit for linear regressions illustrating relationship between all 
endpoints measured for Navicula sp. and Nephroselmis pyriformis exposed to PSII-inhibitors for three 
days. 
 

 Y(II) vs μ 
slope 
95% CI 

Y(II) vs biomass 
increase 

slope 
95% CI 

biomass 
increase vs μ  

slope 
95% CI 

Navicula sp.      
Diuron 
 

f = 1.1x + 2.1  
r2 = 0.92 

0.8 - 1.4 
 

f = 0.91x + 14   
r2 = 0.99 

0.8 - 1.0 
 

f = 1.2x – 12  
r2 = 0.90 

0.8-1.6 
 

 
Atrazine 
 

f = 1.0x – 7.5  
r2 = 0.98 

0.9 - 1.1 
 

f = 0.86x + 13   
r2 = 0.98 

0.7 -1.0 
 

f = 1.1x – 23   
r2 = 0.96 

0.9 - 1.4 
 

 
Hexazinone 
 

f = 0.98x – 7.6 
r2 = 0.94 

0.7 - 1.3 
 

f = 0.91x + 7    
r2= 0.98 

0.8 - 1.0 
 

f = 1.1x – 15   
r2 = 0.92 

0.7 - 1.4 
 

 
N. pyriformis      
Diuron 
 

f = 1.2x – 21   
r2 = 0.93 

0.9 - 1.6 
 

f = 0.94x + 0.83 
r2 =0.99 

0.9 - 1.0 
 

f = 1.3x – 22   
r2= 0.92 

0.9 - 1.7 
 

 
Atrazine 
 

f = 0.71x + 13  
r2 = 0.93 

0.4 - 1.0 
 

f = 0.85x + 8.3  
r2 = 0.99 

0.8 - 1.0 
 

f = 0.85x + 4.6 
r2 =0.97 

0.7 - 1.0 
 

 
Hexazinone 
 

f = 0.90x – 2.7 
r2 = 0.92 

0.6 - 1.2 
 

f = 0.92x – 1.4   
r2 = 0.97 

0.7 - 1.1 
 

f = 0.99x –2.6 
r2 = 0.98 

0.9 - 1.1 
 

 

 

Inhibition of Y(II) has been successfully applied to obtain EC50 values for a number 

of herbicides, using marine microorganisms in both dual channel ToxY-PAM instruments 

(Waltz, Germany)  (Bengtson-Nash et al., 2005b, Bengtson-Nash et al., 2005c), and more 

recently in 96-well format using I-PAM instruments (Escher et al., 2006). These studies all 

indicate that Y(II) in microalgae is sensitive towards herbicide exposure, but the current 

study is the first to directly link inhibition of Y(II) with declines in μ and biomass in 

microalgae, endpoints that are used routinely by industry and regulators (USEPA, 1996, 

OECD, 2006). These findings are consistent with a recent report of good agreement between 

fluorescence based (Y(II), I-PAM) and growth rate (frond biomass increase) estimated EC50s 

in the freshwater macrophyte Lemna gibba (duckweed, Magnoliophyta) exposed to PSII-

inhibitors (Kuster and Altenburger, 2007). Good agreement between both Y(II) and growth 

(μ or biomass) estimated EC50-values and the slopes of the respective dose-response curves 

was also reported for the macrophytes L. gibba and Myriophyllum spicatum (Magnoliophyta) 

exposed to the wood preservative creosote (a mixture of mainly polycyclic aromatic 

hydrocarbons [PAHs], and phenols) (Marwood et al., 2001). The confirmation of a similar 

pattern in such different organisms as freshwater angiosperms and, as reported for the first 

time here, marine unicellular green algae and diatoms is encouraging, supporting our 

conclusion that Y(II) can be used as a reliable predictor for the effect of PSII-inhibitors on 

organismal growth rates. 
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The most consistent 3-d EC50 estimations in this study were generally provided by 

Y(II) (%CV 4 – 20%) and increase in biomass (%CV 6 – 29 %). Mathematically, μ is 

expected to generate a less variable (but higher) EC50 estimate than biomass increase as it 

takes into account absolute growth, different starting values and test duration, and is 

consequently recommended as the key endpoint measured in various standardized toxicity 

tests (Eberius et al., 2002). However, fouling organisms such as many diatoms (including 

Navicula sp. in this study) are often difficult to re-suspend completely prior to sampling, 

which may result in larger variability in μ and biomass estimates between replicates. 

Complete detachment and re-suspension of cells is not essential for Y(II) measurements, 

which are calculated from ratios of the fluorescence values ΔF and F’m and are therefore 

independent of cell density (Schreiber et al., 2007). The Y(II) parameter also exhibits 

consistent response over time and between replicates, shows a robust relationship with 

culture growth responses (Figure 3.3) and is more sensitive than μ, providing a larger 

biological safety margin when determining environmentally acceptable threshold 

concentrations. Recent research also shows that very short (10-min) exposures of microalgae 

to PSII-inhibitors in 96-well plates provide similar results to the 3-d experiments performed 

here, further simplifying the task of toxicity assessment of PSII-inhibitors towards 

microalgae (Escher et al., 2006, Muller et al., 2007, Chapter 4, this thesis). PAM 

fluorescence-based techniques can consequently be recommended as a suitable, ecologically 

relevant tool for assessing toxic impacts, particularly of PSII-inhibitors. 

 

 

3.4.2. Comparative sensitivity of test species to PSII-inhibitors   

     Both Navicula sp. and N. pyriformis were highly sensitive to PSII-inhibitors, with 

50% inhibition of μ, biomass increase and Y(II) at environmentally relevant concentrations of 

diuron (Mitchell et al., 2005, Lewis et al., 2009) after 3 days (Table 3.1). Using 3-d biomass 

increase as an end-point, Navicula sp. (IC50 = 16 ± 1 nM) was more sensitive to diuron than 

N. pyriformis (IC50 = 25 ± 1 nM) (Figure 3.2 and Table 3.1). However, N. pyriformis was 

almost twice as sensitive to the triazine/triazinone herbicides, with 3-d biomass increase IC50 

values of 160 ± 10 and 33 ± 1 nM for atrazine and hexazinone, respectively, compared to 

300 ± 40 and 56 ± 4 nM for Navicula sp. Contrary to biomass increase, there was no 

difference in sensitivity for Y(II) inhibition by diuron between the two species (3-d Y(II) IC50 

24 ± 1 nM for Navicula sp. and 25± 2 nM for N. pyriformis) or μ (3-d ±  IC50 33 ± 1 nM for 

both species) (Figure 3.2 and Table 3.1). Nephroselmis pyriformis was still more sensitive to 

atrazine and hexazinone, with estimated Y(II) and μ IC50 values being 2.5 to 3.5 fold lower 

than those for Navicula sp. 
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The higher sensitivity of N. pyriformis to some PSII-inhibiting herbicides is 

consistent with previous studies, which often report chlorophytes to be more sensitive than 

ochrophytes (diatoms) when comparing herbicide toxicity across phyla (Guasch et al., 1997, 

Bérard et al., 2003). Sensitivity to herbicides has been linked to cell-size in microalgae 

(DeLorenzo et al., 2004), and the much larger surface area:volume ratio in N. pyriformis may 

partly explain its higher sensitivity. Light history has previously been implicated in 

periphytic (attached) microalgae, with shade-adapted (generally diatom-dominated) 

communities less susceptible than sun-adapted (chlorophyte-dominated) communities 

(Guasch and Sabater, 1998). This is however not relevant in our study where both species 

had identical, low irradiance, light histories.  

 

3.4.3. Extended exposure to PSII-inhibitors              

There was a recovery in biomass increase at days five and ten compared to day three 

for both species in the presence of PSII-inhibitors without any replenishment of nutrients to 

the cultures, while inhibition of Y(II) remained constant over the period (Figure 3.4). No 

comparisons were made with μ at days 5 and 10 as control cultures were no longer in 

exponential growth-phase. The recovery in biomass after a prolonged exposure to PSII-

inhibitors implies that the effect is algistatic (delaying growth) at low to medium 

concentrations. This effect could also be due to slight reductions in herbicide concentrations 

with time (by growth dilution or degradation). However, consistent inhibition of Y(II) in both 

organisms up to day 10 indicates little appreciable loss of herbicide. It is possible that growth 

could be rescued by a switch to heterotrophic nutrient acquisition. Heterotrophy has 

previously been shown in Nephroselmis, where cells cultured in medium supplemented with 

100 μM glucose showed complete absence of chls a and b and no photosynthetic activity, yet 

exhibited highly increased growth rates after acclimation to the new medium (Lewitus and 

Kana, 1994). Heterotrophy has also been shown for eight species of freshwater benthic 

diatoms, where utilization of complex hydrocarbons was activated under light limitation 

(Tuchman et al., 2006). It is also possible that reduced light harvesting is compensated for by 

state transitions with cyclic electron flow through PSI providing energy for ATP-synthesis, 

thus enabling some growth despite low Y(II) (Muller et al., 2001). 
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Figure 3.4. Time-dependent biomass increase response in Navicula sp. to; A) diuron, B) atrazine, C) 
hexazinone; and in N. pyriformis to; D) diuron, E) atrazine and F) hexazinone at days 3, 5 and 10. 
Time-dependent Y(II) response in Navicula sp. to G) diuron, H) atrazine and I) hexazinone and in 
Nephroselmis pyriformis to; J) diuron, K) atrazine and L) hexazinone at days 3, 5 and 10. Average 
(±SE), n = 5. Circles: day 3, triangles: day 5 and squares: day 10. 
 

3.4.5. Effects on pigment content after exposure to PSII-inhibitors              

Pigment concentrations were measured for controls and herbicide-treated cultures 

after three and five days of exposure. The major pigments extracted from Navicula sp. were 

identified as the light harvesters (LH) chlorophyll a (chl a), chlorophyll c2 (chl c2) and 

fucoxanthin (Fx), and the protective carotenoid (NPQ) pigments diadinoxanthin (Dd), 

diatoxanthin (Da), and β-carotene (β-car) (Table 3.3). In N. pyriformis, the major LH 

pigments were: chl a, chlorophyll b (chl b), Mg-2,4-divinyl phaeporphyrin a5 monomethyl 

ester (Mg-DVP) and siphonaxanthin derivatives (Siph-der), while the major NPQ pigments 

were: neoxanthin (Nx), violaxanthin (Vx), lutein (Lut), vaucheriaxanthin (Vauch) and β-

carotene.  
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In N. pyriformis, there were significant differences in cellular pigment 

concentrations between controls and diuron, atrazine or hexazinone EC50-treatments for all 

pigments except for Vauch (no significant difference) and Nx (concentration of Nx in 

hexazinone treatments larger than in controls) at day 3 (Table 3.3). In general, the cellular 

LH pigment content of N. pyriformis increased to more than 113% of controls (ANOVA, 

F4,20 = 12.289, p < 0.01), while the NPQ pigments decreased to 80 - 84% of controls 

(ANOVA, F4,20 = 37.39, p < 0.01). Da was the only pigment in Navicula sp. that exhibited 

any significant changes in the presence of herbicides at EC50 concentrations compared with 

control treatments (ANOVA, F4,20 = 4.08, p<0.05), decreasing to 63% (diuron) and 71% 

(atrazine) and 77% (hexazinone and imazapic) of control cellular concentrations in and 

treatments respectively at day 3 (Table 3.3). See Appendix B, Figures B.1 and B.2 for 

examples of typical HPLC chromatograms, and Tables B.5 – B.8 for full ANOVAs.  

 

Table 3.3. Pigment composition/cell (fg cell-1) after three days in microalgae treated with 3-day 
growth IC50-concentrations of diuron, atrazine or hexazinone, or imazapic at 5.3μM. Average (SE), 
n=5 cultures. * = significantly different from control determined using Dunnetts post hoc t-test (one-
way ANOVA, p<0.05, Tables B.5 and B.7, Appendix B). 
 

 Navicula sp.    

pigment control diuron atrazine hexazinone imazapic 

chl a (LH) 2350 (90) 2320 (75) 2290 (110) 2660 (350) 2240 (230) 

Fx (LH) 1190 (40) 1230 (33) 1240 (49) 1400 (170) 1160 (110) 

chl c2 (LH) 240 (3) 255 (14) 254 (19) 286 (36) 229 (20) 

Dd (NPQ) 267 (11) 248 (8) 258 (10) 284 (40) 249 (24) 

Da (NPQ) 26 (2) 16.3 (0.5)* 19 (1)* 20 (3) * 20 (2) * 

β-car (NPQ) 13.2 (0.4) 12.1 (0.3) 12.4 (0.5) 14 (2) 12 (1) 

 Nephroselmis  pyriformis    

 control diuron atrazine hexazinone imazapic 

chl a (LH) 403  (3) 450   (10)* 442  (8) * 464   (13)* 399  (10) 

chl b (LH) 115  (2) 135  (7)* 132  (2)* 136  (3)* 113  (3) 

Siph-der (LH) 44.4 (1.1) 57.0 (2.5)* 57.5 (1.6)* 61.1 (2.1)* 43.1 (1.6) 

Mg-DVP (LH) 19.1 (0.1) 23.3 (0.9)* 22.4 (0.5)* 23.5 (0.6)* 18.8 (0.6) 

β-car (NPQ) 61.5 (0.6) 48.7 (1.2)* 46.4 (0.8)* 48.0 (1.6)* 59.5 (0.5) 

Lut (NPQ) 34.1 (2.2) 21.8 (0.5)* 21.9 (0.7)* 23.2 (1.0)* 32.3 (1.2) 

Vx (NPQ) 31.6 (0.3) 25.5 (0.5)* 23.6 (0.3)* 24.9 (1.1)* 30.0 (0.5) 

Vauch (NPQ) 17.3 (0.8) 18.8 (0.7) 19.2 (0.7) 18.9 (0.5) 17.1 (0.5) 

Nx (NPQ) 14.7 (0.6) 16.3 (0.8) 16.2 (0.7) 18.7 (1.3)* 14.1 (0.6) 
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) 
pigment. Chl a = chlorophyll a, chl b = chlorophyll b, chl c = chlorophyll c, Fx = fucoxanthin, Dd = 
diadinoxanthin, Da = diatoxanthin, β-car = β-carotene, Siph-der = siphonaxanthin derivative, Mg-
DVP = Mg-2,4-divinyl pheophophyrin a5 monomethyl ester, Lut = lutein, Vx = violaxanthin, Vauch = 
vaucheriaxanthin, and Nx = neoxanthin. 
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There were still significant differences in N. pyriformis pigment composition after 5 

days exposure to PSII-inhibitors (Table 3.4). Total NPQ (β-car, Lut, Vx, Vauch and Nx) 

remained at 90, 84 and 86 % of control in diuron, atrazine and hexazinone treatments 

respectively (ANOVA, F4,20 = 26.380, p < 0.01). Contrasting the results after three days, the 

sum of LH pigments (chl a, chl b, Siph-der and Mg-DVP) were now similar between PSII-

inhibitor treated algae and controls and the significant difference estimated by the ANOVA 

analysis (ANOVA, F4,20 = 23.74 p < 0.05) was driven by the imazapic treatment (Dunnett’s 

post hoc), however the NPQ:LH ratio was still significantly different from controls in all 

PSII-inhibitor treatments (ANOVA, F4,20 = 25.83, p < 0.05). In Navicula sp., Da remained 

the only pigment significantly different in the presence of PSII-inhibitors at EC50 

concentrations compared with controls (ANOVA, F4,20 = 4.18, p<0.05), at 68, 74 and 70% of 

control concentration in diuron, atrazine and hexazinone treatments respectively (Table 3.4). 

There was no significant change in the sum of LH pigments (chl a, Fx and chl c2) (ANOVA, 

F4,20 = 1.21, p > 0.05) or the total concentration of NPQ pigments (Dd, Da and β-car) 

(ANOVA, F4,20 = 1.76, p > 0.05). 

 

Table 3.4. Pigment composition/cell (fg cell-1) after five days in microalgae treated with 3-d growth 
IC50-concentrations of diuron, atrazine or hexazinone, or imazapic at 5.3μM Average (SE), n=5 
cultures. * = significantly different from control determined using Dunnetts post hoc t-test (one-way 
ANOVA, p<0.05, Tables B.6 and B.8, Appendix B). 
 

 Navicula sp.     

pigment control diuron atrazine hexazinone imazapic 

chl a (LH) 4160 (430) 2680 (520) 3400 (420) 3420 (620) 3730 (600) 

Fx (LH) 2110 (220) 1430 (290) 1850 (230) 1800 (320) 1940 (310) 

chl c2 (LH) 426 (42) 291 (52) 373 (42) 369 (67) 379 (52) 
Dd (NPQ) 473 (51) 288 (58)  385 (51) 366 (70) 417 (69) 
Da (NPQ) 46.2 (5.8) 19.0 (4.1)* 28.3 (5.0) * 25.5 (5.8) * 33.8 (6.8) 

β-car (NPQ) 23.5 (2.4) 13.9 (2.7)  18.6 (2.6) 18.1 (3.1) 20.6 (3.8) 

 Nephroselmis pyriformis     

 control diuron atrazine hexazinone imazapic 

chl a  (LH) 468 (14) 482 (6.0) 445 (32) 458 (11) 306 (5.3)* 

chl b (LH) 133 (4.5) 147 (1.3) 137 (9.8) 138 (4.4) 91.0 (1.7)* 

Siph-der (LH) 129 (3.4) 151 (1.7)* 142 (10) 142 (5.5) 85.5 (2.1)* 
Mg-DVP (LH) 22.2 (0.66) 25.7(0.46)* 23.7 (1.7) 23.9 (0.91) 14.8 (0.45)* 
β-car (NPQ) 71.3 (1.9) 49.2 (0.78)* 43.0 (3.7)* 47.0 (1.7)* 41.8 (2.7)* 

Lut (NPQ) 45.2 (2.7) 24.7 (0.37)* 22.3 (1.7)* 24.0 (0.72)* 25.0 (2.3)* 
Vx (NPQ) 40.1 (1.7) 28.6 (0.78)* 25.3 (2.6)* 27.4 (1.4)* 23.2 (1.9)* 
Vauch (NPQ) 18.1 (.066) 17.1 (1.0) 19.3 (1.4) 16.3 (0.66) 11.2 (0.98)* 

Neo (NPQ) 18.3 (0.75) 20.2 (1.0) 17.2 (1.6) 19.9 (1.2) 11.6 (0.70)* 
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) 
pigment. Chl a = chlorophyll a, chl b = chlorophyll b, chl c = chlorophyll c, Fx = fucoxanthin, Dd = 
diadinoxanthin, Da = diatoxanthin, β-car = β-carotene, Siph-der = siphonaxanthin derivative, Mg-
DVP = Mg-2,4-divinyl pheophophyrin a5 monomethyl ester, Lut = lutein, Vx = violaxanthin, Vauch = 
vaucheriaxanthin, and Nx = neoxanthin. 
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The xanthophyll and carotene pigments play an important function in non-

photochemical quenching, dissipating excess energy that might otherwise harm algae under 

high light stress (Muller et al., 2001). The reversible de-epoxidation of Vx to zeaxanthin (Zx) 

in green algae, and the similar de-epoxidation of Dd to Da in diatoms, leads to the emission 

of excess energy as heat, thus limiting possible oxidative damage caused by the formation of 

triplet chlorophyll (*Chl3) or reactive oxygen species (ROS) (Muller et al., 2001). Oxidative 

stress can also occur as a secondary effect of PSII-inhibitors (Rutherford and Krieger-

Liszkay, 2001). In the present study the ratio of Da:Dd decreased significantly in all PSII-

inhibitor exposures for Navicula sp. compared to controls (ANOVA, F4,20 = 13.334, p < 

0.01) after both three and five days exposure (Tables 3.3 and 3.4). The ratios of total 

NPQ:LH pigments in Navicula sp. also decreased significantly to 90 ± 1, 94 ± 2 and 90 ± 3 

% of controls after three days in diuron, atrazine and hexazinone treatments respectively, and 

remained at these ratios after five days exposure (ANOVA, F4,20 = 7.72, p < 0.01) (Figure 

3.5). More pronounced depressions of LPQ:LH ratios (to around 70% of controls) were 

observed for PSII-inhibitor treated N. pyriformis after three days (ANOVA, F4,20 = 88.27, p < 

0.01) and five days (ANOVA, F4,20 = 25.83, p < 0.01) (Figure 3.5, Tables 3.3 and 3.4). 

Decreases, rather than increases in the Da:Dd (Navicula sp.) and NPQ:LH ratios (both 

species) suggests that neither species suffered from oxidative stress following PSII-inhibitor 

exposure under the illumination used in the current experiment. On the contrary, both species 

exhibited light-limited behaviour in herbicide treatments, attempting to compensate for 

decreased photosynthesis by up-regulating the concentration of light harvesting pigments. 

This “greening effect” with an increase in cellular chl a concentrations, has previously been 

shown in higher plants treated with PSII-inhibitors (Fedtke, 1982), as well as in periphytic 

(attached) microalgal communities exposed to irgarol-1051 (Dahl and Blanck, 1996). 

Control cultures in the current experiment did not experience low-light stress, as preliminary 

rapid light curves (RLC) performed with a Maxi Imaging-PAM (Heinz Walz GmbH, 

Effeltrich, Germany) using stock cultures showed a maximum relative electron transport rate 

(rETR) at or slightly lower than the light intensity used throughout the experiment for both 

species (Figure 3.6).  
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Figure 3.5. Mean NPQ : LH pigment ratio in Navicula sp. and Nephroselmis pyriformis after three 
and five days herbicide exposure at IC50-concentrations (PSII-inhibitors) or imazapic at 5.3μM. n = 5, 
error bars = SE. * = significantly different from control (ANOVA, p<0.05). Abbreviations: non-
photochemical quenching (photoprotective) pigment (NPQ), light harvesting pigment (LH). 
 
 

 
 
Figure 3.6. Rapid light curves showing relative electron transport rate (rETR) with varying light 
intensity in the test organisms. PAR = photosynthetically active radiation. 
 

3.4.6. Toxicity of amino acid synthesis inhibitor: Imazipic.             

Consistent with the imazapic mechanism of effect, no inhibition of Y(II) was 

observed (Figure 3.7). However, no effect was evident on μ or biomass increase either 

(Figure 3.7), which was unexpected bearing in mind imazapic is considered extremely potent 

towards target weeds (application rates for agricultural purposes are in the order of 100-fold 

lower than the most potent PSII-inhibitor tested here; diuron) (APVMA, 2007). Imazapic 

breaks down quickly by photolysis in aqueous solutions (half-life approximately two days 

(Tu et al., 2001)), however the highest exposure-concentration in this experiment; 5.3μM 

(1455 μg L-1), was chosen so that there would be more imazapic left at the end of the 

exposure than reported acute EC50 concentrations for growth in Lemna gibba (EC50 = 22.2 

nM [6.1 μg L-1]) (Durkin and Follansbee, 2004). There is no information on imazapic 
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toxicity to aquatic microalgae; however, other imidazolinones have reported EC50 values as 

high as 104 – 105 μg L-1 (Battaglin et al., 2000). Shade-adapted (high turbidity environment) 

algae, such as the benthic algae tested here, may have lower turnover rate for proteins (Quigg 

and Beardall, 2003), and may therefore be less susceptible to AHAS-inhibitors over the 

course of the experiment.  

 

Figure 3.7. Navicula sp. 3-, 5- and 10-d dose-response to imazapic exposure A) growth rate (μ), B) 
effective quantum yield [Y(II)] and C) biomass increase. Nephroselmis pyriformis 3-, 5- and 10-d 
dose-response to imazapic exposure D) growth rate (μ), E) effective quantum yield [Y(II)] and F) 
biomass increase. 
 
 

The major difference in pigment response to imazapic exposure between species was 

a large decline (32-45%, ANOVA, p<0.05) in all pigment concentrations in imazapic treated 

N. pyriformis compared to controls after five days (Table 3.3 and 3.4). Interestingly, while 

pigment content decreased dramatically, the NPQ:LH ratio only changed by 12% (Figure 

3.5) (ANOVA, F4,20 = 25.827, p < 0.05). It is clear that although not measurable with 

regulatory accepted end-points, imazapic has the potential to detrimentally affect microalgae 

at high concentrations. Since pigment composition was not measured during the dose-

response experiment, it is not possible to analyse whether a similar effect would be 

observable at lower concentrations as well. The large reduction in absolute pigment 

concentration cell per cell after five days exposure suggests that a longer time period and/or 

flow-through or renewal systems may be necessary to determine toxicity of this herbicide to 

microalgae. 
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3.5. Conclusions  

This chapter represents the first study in tropical Australia investigating herbicide 

effects on local marine microalgae other than symbiotic dinoflagellates associated with hard 

corals. The results show that tropical benthic microalgae are highly sensitive to herbicide 

contamination at environmentally relevant concentrations (Mitchell et al., 2005, Chapter 4, 

this thesis), with growth and photosynthetic efficiency reduced by 10% at diuron 

concentrations as low as 2.5 – 22 nΜ and at hexazinone concentrations from 8.1 – 26 nM 

depending on species and endpoint measured. The green alga N. pyriformis was generally 

much more sensitive than the diatom, and importantly, of the herbicides tested, both 

organisms showed highest sensitivity to diuron, which is the most ubiquitously detected 

PSII-inhibiting herbicide in the Australian environment.  

 

The most significant outcome of this research is the illustration of the linear 

relationships between each of the three endpoints measured (Y(II), biomass increase and 

growth rate) for two very different algal species exposed to three different herbicides at 

concentrations spanning three orders of magnitude. The consistent relationships between 

inhibition of Y(II) and growth rate are critical as they reveal that inhibition of photosynthesis 

in photosystem II can directly translate to reduced growth rates and biomass of tropical 

benthic microalgae. It was also shown that inhibition of Y(II) measured with a PAM-

fluorometer is often a slightly more sensitive ecotoxicological endpoint than traditional 

measures of growth rate or biomass increase in microalgae, thus providing a larger biological 

safety margin when determining environmentally acceptable threshold concentrations of 

contaminants. 

Prolonged static exposure (five to 10 days) to PSII-inhibitors showed that there is 

some potential for recovery of biomass in the microalgae tested. These results are interesting 

as there was no recovery of photosynthetic efficiency (Y(II)) during this time-period, 

indicating that energy-acquisition to sustain this recovery may occur by means of a switch to, 

or increase in, heterotrophic feeding or cyclic electron flow through photosystem I.  

Changes in cellular pigment concentrations were most dramatic in imazapic-treated N. 

pyriformis after five days exposure to 5.3 μM, where all pigment concentrations had 

declined by 32-45% without any visible effects on Y(II), growth rate, or biomass increase 

compared to controls. 
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3.5.1. Environmental relevance  

The high sensitivity of the microalgal species in this study to PSII-inhibitors is of 

concern. Maximum detected environmental concentrations of diuron (> 34 nM) (Mitchell et 

al., 2005, Lewis et al., 2009) are higher than those required for a reduction of growth rates by 

50%. Further, the more commonly detected lower concentrations are still high enough to 

cause 10% inhibition in Y(II) and biomass. Although atrazine and hexazinone are generally 

detected at lower concentrations, their presence in the environment may exacerbate the effect 

of diuron on microalgal communities as PSII-inhibitors can act additively (Faust et al., 2001, 

Chapter 4, this thesis).  

Inhibition of electron transport by PSII-inhibitors at low concentrations is likely to 

lead to reduced growth rates and biomass of critical benthic primary producers in estuarine 

habitats. Reductions in microalgal biomass may change the composition of the 

microorganism community, thus altering food availability and quality for benthic feeders. 

Changes in pigment and protein content without changes in biomass (as observed for 

exposure to amino acid synthesis-inhibitors such as imazapic) may also change the 

nutritional value of the microalgae. Even if the effects of low concentrations of PSII-

inhibitors were merely algistatic, possible accompanying changes in energy acquisition 

pathways to heterotrophy or cyclic electron flow through PSI may still impart detrimental 

effects to the system as a whole due to changed primary productivity and oxygenation of the 

sediment.  
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Chapter 4. Herbicide interactions and phytotoxicity of 

sediment porewater to tropical benthic 

microalgae 

 

4.1. Abstract:   

Many herbicides and other organic compounds concentrate in sediment, and 

therefore it may be expected that interstitial waters contain higher concentrations of these 

contaminants than the overlying water. Porewater is also likely to contain complex mixtures 

of unknown contaminants and these may pose a potential threat to marine communities 

through chemical interactions such as synergism, even when environmental concentrations 

of individual toxicants are not acutely toxic. In this chapter, the acute effects of the 

photosystem II-inhibiting herbicides diuron, tebuthiuron, atrazine, simazine, and hexazinone, 

along with binary mixtures and herbicide breakdown products (desethyl-atrazine [DEA] and 

3,4-dichloroaniline [3,4-DCA]), were investigated using three tropical benthic and one 

standard microalgal test-species in a high-throughput maxi-ImagingPAM bioassay (I-PAM). 

The order of toxicity found was diuron > hexazinone > tebuthiuron > atrazine > simazine > 

DEA > 3,4-DCA. Although the order of species sensitivity differed between the herbicides, 

the tropical green alga Nephroselmis pyriformis was always the most sensitive. All binary 

mixtures exhibited additive toxicity, highlighting the danger of assigning an environmentally 

safe threshold concentration for an individual herbicide, as it may still exert a detrimental 

effect when combined with similarly acting chemicals in mixtures as generally occurs in the 

environment.  

To estimate local microphytobenthos exposure to pesticides, sediment from the 

Herbert, Johnstone, Tully, and Daintree Rivers, were analysed for these contaminants. 

Porewater extracts from all river sediments were tested for acute phytotoxicity using the I-

PAM bioassay and the results were compared with chemical analyses of the same water 

samples. A range of herbicides and insecticides were detected in both sediment and 

porewaters from all sites, notably diuron at concentrations ranging from 1.3 – 43 nmol kg-1 

dry weight sediment, and up to 0.29 nM in porewaters. The analytically determined 

herbicide concentrations in the porewater extracts explained most of the phytotoxicity 

measured with the bioassay; however, photoinhibition was slightly higher than expected 

based on the analytical results, indicating the presence of unidentified phytotoxins. The I-

PAM bioassay hence provides a valuable tool for assessment of total phytotoxicity of natural 

samples.  
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4.2. Introduction  

4.2.1 Herbicide contamination in coastal marine environments 

Herbicide contamination of surface water and sediments is now common along the 

Queensland coast (Haynes et al., 2000a, Mitchell et al., 2005, Shaw and Müller, 2005, 

Rohde, 2006, Lewis et al., 2009). Many pesticides are persistent to varying extents, and their 

continued and growing use poses a potential threat to marine communities via chronic 

exposure, even when environmental concentrations are not acutely toxic. This is particularly 

true when chemicals are present in mixtures, as each individual herbicide may be present at 

low, non-toxic concentrations, but there is potential for additivity or synergistic interactions. 

Nevertheless, there is still a lack of environmental studies focusing on the effects of 

agrochemicals to relevant aquatic organisms in Australia. An exception is the herbicide 

diuron, which has been investigated extensively in laboratory experiments in relation to its 

effects on seagrasses (Haynes et al., 2000b), mangroves (Duke et al., 2003), and coral reef 

communities (Jones et al., 2003, Negri et al., 2005) in the Great Barrier Reef (GBR), and has 

subsequently been proposed to exhibit negative effects at existing environmental 

concentrations. However, very few studies have explored the influence of herbicides on the 

less conspicuous benthic estuarine communities of microalgae in the Australian tropics 

(Magnusson et al., 2008) despite their recognized ecological importance (see Chapter 2 of 

this thesis for a summary and references).  

 

4.2.2. Sediment and porewater contamination of pesticides 

Research has demonstrated the potential of fresh- and sea water extracts to inhibit 

photosynthesis in microalgae, thus emphasizing the importance of identifying the individual 

and combined toxicity of known pollutants (Bengtson-Nash et al., 2005c, Escher et al., 

2006). Natural water samples tested to date have generally been sampled from the water 

column, either using a time integrated approach with passive organic samplers (POS), or by 

snap-shot sampling followed by concentration and clean-up before analysis (Shaw and 

Müller, 2005, Muller et al., 2008, Lewis et al., 2009). As many herbicides and other organic 

compounds concentrate in sediment (due to their hydrophobicity), it can be expected that 

interstitial waters contain higher loads of these contaminants than the overlying water (Dueri 

et al., 2008), thus exposure of microphytobenthos living in the top few centimetres of 

sediment to contaminants may be underestimated using current techniques. It is, however, 

often not practical (or even feasible) to collect the volumes of porewater that are required for 

sufficient pre-concentration of the sample to reach reliable analytical detection limits of the 

compounds of interest. Instead, the analysis of whole dried sediment is commonly performed 
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to provide an approximation for contaminant exposure experienced by organisms in this 

environmental compartment (Haynes et al., 2000a). This estimation is generally considered 

reliable and is based on an assumption of equilibrium partitioning of the compound of 

interest between sorption to solid organic matter (SOM), to dissolved organic matter (DOM), 

and dissolved in the water phase (Dueri et al., 2008). Equilibrium partitioning theory 

assumes a linear, reversible partitioning between the particulate (sorbed to SOM or DOM) 

and dissolved concentrations of the chemical in question, and a partitioning coefficient (Kd) 

can be calculated for any compound as the ratio between the concentrations in the solid 

(Csolid) and dissolved (Cdissolved) phase (Dueri et al., 2008) 

 
Kd = Csolid / Cdissolved        Equation 4.1  

 
As sorption often occurs mainly to the organic fraction of a soil or sediment, (Karickhoff et 

al., 1979, Ben-Hur et al., 2003), Kd can alternatively be expressed as a function of the 

fraction of organic carbon in the sediment or soil, foc, and the organic carbon partitioning 

coefficient, Koc, of the compound according to equation 4.2 (Karickhoff et al., 1979) 

 
Kd = foc * Koc        Equation 4.2 

 
Equations 4.1 and 4.2 can be combined into equation 4.3 to calculate the expected 

concentration (Cdissolved) of a chemical in the porewater under equilibrium, given the 

knowledge of its concentration in the sediment (Csolid), the foc of the sediment, and the Koc of 

the compound  

 
Cdissolved = Csolid / (foc * Koc)      Equation 4.3 

 
Empirically determined Koc-values are available in the scientific literature for many pesticide 

and soil combinations. When no empirically determined Koc is available, Koc is instead often 

estimated using one of several possible correlations between Koc and the octanol water 

partitioning coefficient, Kow, here equation 4.4 will be used as established by Karickhoff et 

al. (1979). 

 
Koc = 0.63 * Kow         Equation 4.4 

 

More recently, bioassays have been used for effect-based monitoring of pollution of 

receiving waters from agrochemicals, hormones and genotoxic substances, as a complement 

to analytically determine pollutant loads (Muller et al., 2007, Escher et al., 2008a, Muller et 

al., 2008, Vermeirssen et al., 2009). Using a bioassay in a mode-of-action-based approach to 

investigate environmental pollution has several advantages. Combined and interactive effects 
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of toxicants that are present near or below the analytical detection limits are taken into 

account and a stronger biological response than expected based on comparison with 

analytical results can indicate the presence of unidentified pollutants with the same mode of 

action. Information to target future analytical efforts if identification of all toxicants is 

desired can thus be acquired. This was well illustrated in a study where concentrates of 

surface waters from the Thames Estuary (England) and the Brisbane River (Australia) were 

analysed for a range of herbicides by LC-MS, and subsamples of the concentrates used in a 

bioassay targeting effects of PSII-inhibiting herbicides (inhibition of Y(II), ToxY-PAM) 

(Bengtson Nash et al., 2006). The actual phytotoxicity of Brisbane River water based on the 

bioassay correlated well with the expected toxicity based on the analytical results in that 

study. In contrast, the analytically determined herbicide concentrations in the Thames-water 

extracts could only explain 50% of the phytotoxicity expressed in the bioassay. The 

application of bioassays to environmental monitoring has mainly been applied to test the 

toxicity of effluent from sewage treatment plants (Escher et al., 2008b, Vermeirssen et al., 

2009), and surface waters (Bengtson-Nash et al., 2005c, Bengtson Nash et al., 2006, Muller 

et al., 2008), but has not been previously applied to investigate the toxicity of estuarine 

sediment porewaters.   

 

4.2.3. The application of PAM fluorometry for measuring inhibition of photosynthesis 

in ecotoxicology 

Most of the herbicides commonly detected in the Australian coastal environments 

function by inhibiting energy transfer through photosystem II, thereby reducing 

photosynthetic efficiency (Tomlin, 2000). These changes in photochemical efficiency can be 

estimated using pulse amplitude modulation (PAM) fluorometry as described in the Chapter 

3 of this thesis. During the last decade, PAM fluorometry has been used to study the effects 

of metals on seagrass (Ralph and Burchett, 1998), impact of cyanide fishing on scleractinian 

corals (Jones et al., 1999), and the impacts of herbicides on corals (Jones and Kerswell, 

2003, Negri et al., 2005), seagrass (Haynes et al., 2000b) and to temperate microalgae 

(Bengtson-Nash et al., 2005b).  

 

Recently, the Maxi-Imaging PAM (I-PAM) was released (Heinz Walz GmbH, 

Effeltrich, Germany). Instead of taking measurements in a single cuvette or over a small, 

defined surface area like previous PAM-instruments, the I-PAM is equipped with a camera 

that enables fluorescence measurements over an area of 10 x 13 cm. Over this surface, a 

large number of separate, user-defined, areas-of-interest can be selected. It is thus possible to 

simultaneously measure all wells in a 96-well microtitre plate and generate complete dose-
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response curves in a single measurement. The I-PAM is therefore an attractive instrument for 

ecotoxicological studies on the impacts of toxicants on the photosystems of autotrophs, and 

methodology and application papers have recently been published (Escher et al., 2006, 

Schreiber et al., 2007).  

The use of PAM fluorometry in ecotoxicology was recently discussed in a special 

issue of Environmental Toxicology and Chemistry (SETAC, 2007, and references therein). 

One of the main concerns raised was the biological relevance of inhibition of Y(II) as an 

ecotoxicological endpoint (Seery et al., 2006, Ralph et al., 2007). This matter has been 

resolved for some microalgae with the recent paper by Magnusson et al. (2008), where a 

linear 1:1 relationships between inhibition of effective PSII quantum yield Y(II) and 

population level responses such as specific growth rate (μ) and biomass increase were 

established in 3-day batch culture experiments using two species of tropical microalgae (see 

also Chapter 3, this thesis). Additionally, a model describing electron transport and growth 

rate relationships was proposed by Kroom and Thoms (2006). However, this model does not 

take respiration and excretion into account, and hence represents gross production rates, with 

no scope for changes in mode of energy-acquisition such as additional heterotrophy as is 

possible for many microalgae (Lewitus and Kana, 1994, Tuchman et al., 2006). 

 

4.2.4. Aims  

In this chapter, I-PAM fluorometry was used to determine the acute phytotoxicity of 

a suite of herbicides commonly detected in the Australian environment to benthic microalgal 

species isolated from tropical North Queensland. Herbicide breakdown-products and binary 

herbicide mixtures were also included in order to better mimic the more complex conditions, 

common to contaminated waters where multiple toxicants may be present. To enable direct 

comparisons between the sensitivities of local microalgal species and standard ecotoxicology 

test-species, the commonly used diatom Phaeodactylum tricornutum (ISO, 1995) was 

included in the bioassay. Sediment and porewaters from the Herbert, Johnstone and Tully 

Rivers, some of the major agricultural catchments in tropical north Queensland, were 

analysed for pesticides (herbicides and insecticides) to estimate microphytobenthos exposure 

to these contaminants. Sediment and porewater samples from the Daintree River in the far 

north World Heritage Area were included to investigate pesticide pollution in a less impacted 

area. Additionally, porewater extracts from all river sediments were tested directly for acute 

phytotoxicity using an I-PAM bioassay as an effect-based biomonitoring tool. 
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4.3. Materials and methods 

4.3.1. Microalgae – isolation and culture maintenance 

The test organisms; Navicula sp. (Ochrophyta) (NQAIF 110), Cylindrotheca 

closterium (Ochrophyta) (NQAIF 079), and Nephroselmis pyriformis (Chlorophyta) (NQAIF 

117) were isolated from tropical Queensland sediments and cultured and maintained 

according to previously described methods (Magnusson et al., 2008, Chapter 2, this thesis). 

Phaeodactylum tricornutum (Ochrophyta) (CS 29) was obtained from the Commonwealth 

Scientific and Industrial Research Organisation (CSIRO) Collection of Living Microalgae 

(CCLM) and is routinely maintained at the NQAIF under the same conditions as the three 

other species in this study. Navicula sp. and N. pyriformis were extensively tested in acute 

toxicity- and mixture experiments using at least five replicate cultures, whereas C. 

closterium and P. tricornutum were included at within culture replication level in the acute 

toxicity experiments.  

 

4.3.2. Toxicant preparation 

 Herbicides were chosen to represent use patterns and environmental contamination 

in Queensland (Hamilton and Haydon, 1996, Haynes et al., 2000a, Müller et al., 2000). 

Analytical grade diuron, tebuthiuron, atrazine, simazine, hexazinone, 3,4-dichloroaniline 

[3,4-DCA], and desethyl-atrazine [DEA], were purchased from Sigma Aldrich. Chemical 

classes and sites of action of these herbicides are summarized in Table 4.1. Stock solutions 

were prepared in acetone-rinsed glassware to 43 nM with Milli-Q filtered water (Millipore 

Synthesis system, equipped with a 0.22 μm Millipak filter, Millipore) using 1% ethanol or, 

in the case of simazine, DMSO, as carrier and diluted appropriately for experiments. Final 

ethanol or DMSO concentration was 0.05% (v/v) and appropriate solvent control treatments 

were included in each experiment. All solvents were HPLC-grade and purchased from 

Sigma-Aldrich, Australia, unless otherwise stated.  

 

Table 4.1. Herbicides and herbicide breakdown products tested in the bioassay. 
 

 Name  Chemical class Site of action 
Herbicides  diuron phenylurea PSII 
 tebuthiuron phenylurea PSII 
 atrazine triazine PSII 
 simazine triazine PSII 
 hexazinone triazinone PSII 
Breakdown-products 3,4-dichloroaniline (3,4-DCA)   na 
 desethylatrazine (DEA)  na 

 na = not applicable. 3,4-DCA is a breakdown product of diuron, and DEA is a breakdown product of 
both atrazine and simazine 
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4.3.3. Dose-response fluorescence measurements 

Photosynthetic efficiency of the microalgae was estimated using a Maxi Imaging-

PAM (I-PAM) (Heinz Walz GmbH, Effeltrich, Germany) in dose-response experiments 

conducted in May through to October 2006. Parameters measured were light-adapted 

minimum and maximum fluorescence, F and Fm’, respectively, from which the effective 

quantum yield, Y(II), was calculated according to equation 4.5 

 

Y(II) = (Fm’-F)/Fm’.          Eq. 4.5 

 

Toxic effects elicited by the herbicides were quantified by calculating % inhibition of Y(II) 

in treatments compared to controls: 

 

% Inhibition = 100*(1-Y(II)treatment)/Y(II)control     Eq. 4.6 

 

Replicate algal cultures (n = 5) were sub-cultured to a known cell density three and six days 

prior to each experiment for Navicula sp. and N. pyriformis, respectively. Differing growth 

rates between the organisms necessitated the use of differing culture age of test cultures to 

maintain testing during exponential growth (see Chapter 3, this thesis). By systematically 

testing suspensions of varying cell densities at different instrument settings, the optimal cell 

density for maximum sensitivity and reproducibility using the I-PAM was determined to be 

to 1.5 x 105 cells mL-1 for Navicula sp. The selection criteria were the lowest possible cell 

density emitting a steady state fluorescence signal of no less than 0.08 units at a low gain 

setting (increasing the gain setting increases the amplitude of the fluorescence signal, it will, 

however, increase the noise at the same time, thus a low gain is preferred). Replicate cultures 

were diluted accordingly before each experimental run. Due to differences in cellular 

chlorophyll concentration and size, densities of N. pyriformis cultures was adjusted to 

achieve a similar steady state chlorophyll fluorescence signal, corresponding to 8 x 105 cells 

mL-1. Densities of C. closterium and P. tricornutum cultures in exponential growth phase 

were likewise adjusted to 4 x 105 and 1.9 x 105 cells mL-1, respectively to achieve a steady 

state chlorophyll fluorescence (F) signal near 0.08.  

 

Herbicide exposures were performed in black polypropylene 96-well-plates 

(Greiner, Sigma Aldrich). Each well received 350 μl algal suspension plus 20 μl herbicide 

solution or solvent control. There are slight inconsistencies in fluorescence response among 

wells in a 96 well plate due to the positioning of the light emitting diode (LED) array in the 

I-PAM. To overcome this, the microtitre plate was divided into 8 blocks of 12 wells (3 x 4 

wells), each block containing four control wells to minimize uncertainty due to reading 
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variability (Schreiber et al., 2007). Plates containing microalgae suspensions only were 

acclimatized to the measuring light (ML) in the I-PAM for six minutes before initiating five 

saturation pulses at 90 s intervals to obtain initial F and Fm’ values (Schreiber et al., 2007). 

Microtitre plates were then removed from the I-PAM and herbicide- or control solvent 

solutions added to each well followed by gentle but thorough stirring to ensure treatment 

homogeneity. Thereafter the microtitre plates were re-inserted into the I-PAM and after six 

minutes ML acclimation five measurements were taken at 90 s intervals and averaged for 

each well.  

The acclimation period after dosing was determined for each toxicant by time-course 

experiments using an IC50-dose previously estimated during range-finder experiments prior 

to performing the dose-response at full level of replication. The range-finder experiments 

were performed with Navicula sp. and N. pyriformis (n = 5 cultures, two wells on the 96-

well-plate per concentration), taking I-PAM measurements immediately after dosing, results 

not shown. For the time-course experiments, measurements were taken from time of dosing 

and up to 4 h. Percent inhibition was calculated on Y(II)treatment compared to the neighbouring 

control well Y(II)control , and then averaged for each replicate culture (n = 5). I-PAM settings 

were: ML = 12, ML frequency = 8 (corresponding to photosynthetically active radiation 

[PAR] of 4 µmol photons m-2 s-1), gain = 3, and damping = 2 throughout the experiment.  

To determine species-specific dose-response (Navicula sp. and N. pyriformis; n = 5 

cultures, C. closterium and P. tricornutum; n = 1 culture), each herbicide treatment was sub-

replicated six times on a microtitre plate and a total of 32 controls were included on each 

plate, minimizing possible edge effects. To estimate consistency of inhibitory response 

between the replicate cultures, diuron was included as a positive control at a final 

concentration 10.2 nM in five wells on each plate in all dose-response experiments. Diuron-

control response was deemed consistent if falling within two standard deviations of the 

average diuron-control response of the preceding replicates (Muller et al., 2008).  

 

4.3.4. Toxicity of binary mixtures  

A toxic unit (TU) approach (often called dose addition or concentration addition 

(CA) (Faust et al., 1993) was used to examine mixture toxicity, following Pape-Lindstrom 

and Lydy (1997). In this approach, a value of 1 TU is assigned to the IC50 of each toxicant. 

The sum of the TU contributed by each compound describes the total toxicity of the mixture 

(TUsum) according to equation 4.7 

 

TUsum = C(1) / IC50(1) + C(2) / IC50(2) + …… + C(i) / IC50(i)      Eq. 4.7 
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where Ci is the actual concentration of the ith chemical in the mixture. The experimentally 

derived toxicity of the mixture was compared to the expected (calculated from TUsum). If 50 

% inhibition occurred at a TUsum value of 1, toxicity of the mixtures is considered additive, if 

50 % inhibition occurred at TUsum values less than 1, toxicity of the mixtures is synergistic, 

and if 50 % inhibition occurred at a TUsum value larger than 1, toxicity of the mixtures is 

antagonistic. There is still some confusion in the literature regarding definitions of terms 

describing the various possible interactions between chemicals. To clarify, a response is here 

defined as additive (concentration addition) if the effect of substance 1, can be attained by 

adding the equi-effective concentration of substance 2, following the definitions proposed by 

Altenburger et al. (1990). Synergism is defined by measured toxicity being higher than 

expected (based on the toxicity of the individual compounds) and antagonism when 

measured toxicity is lower than expected.  

 

TU experiments were performed similarly to single-chemical-exposure experiments, 

with a dilution series of eight (Navicula sp.) or nine (N. pyriformis) mixtures including 0.06, 

0.13, 0.25, 0.5, 0.75, 1.0, 1.5, 2.0 and 4.0 TUsums. In each mixture, the individual components 

were added at identical proportions of their individual IC50 to prevent the response to a more 

potent chemical from masking the mixture response. The binary mixtures tested were diuron 

+ atrazine (urea + triazine), diuron + tebuthiuron (urea + urea), and atrazine + simazine 

(triazine + triazine). Initially, five cultures were tested using binary mixtures following the 

method above with each culture on a single 96-well plate (2006). This was later (October 

2008) followed by testing of an additional six replicate cultures of each species, this time 

including within-herbicide mixtures, i.e. dose-response to a dilution-series of each individual 

herbicide made up in TU for that particular herbicide, to serve as mixture controls (i.e. 

diuron + diuron etc). Within culture replication was decreased to two wells per 

concentration, enabling simultaneous testing of mixture toxicity to three replicate cultures, 

and including a repetition of the dose-response(s) to the individual herbicide(s) tested in the 

mixture on a single 96-well plate. Final replication was hence n = 6 cultures for “control-

mixtures” and n = 11 cultures for binary mixtures. Inhibition-data was plotted against 

concentration expressed as toxic units. 

 

4.3.5. Statistical analysis for dose-response and mixture data  

A four parameter sigmoidal regression with the maximum constrained to 100% was 

fitted to all dose-response inhibition data (Motulsky and Christopoulos, 2003) in SigmaPlot 

7.1 (SPSS Inc.) (Eq. 4.8) 
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Y =  min + (max - min) / (1 + (x / EC50)
Hillslope)    Eq. 4.8 

 

This equation was solved for x to determine IC50 and IC10 values in SigmaPlot 7.1. 

Adjustable parameters were Hillslope, minimum and EC50. Note that the EC50 given by the 

equation denotes the concentration where 50% of maximal inhibition is reached during the 

assay, and is not equal to 50% inhibition of Y(II) (IC50). For example, the maximal inhibition 

of Y(II) by DEA in Navicula sp. was around 63%, the EC50 given in the above equation is 

hence the concentration where 31.5% inhibition occurs ( = 50% of 63%). IC50- and IC10 

values are reported as nominal concentrations based on the initial dosages. Lowest observed 

effect and no observed effect concentrations (LOEC and NOEC, respectively) were 

determined for all endpoints and herbicides/species combinations using one-way ANOVA 

followed by Dunnetts post hoc t-test (Statistica 7, StatSoft, Inc. Oklahoma, USA). Any 

significant differences between TUmix and TUcontrol IC50s were determined using a one-way 

ANOVA followed by Tukey’s HSD post hoc test (Statistica 7, StatSoft, Inc. Oklahoma, 

USA). Full ANOVA results tables and post hoc analysis can be found in Appendix C, unless 

already included in the main text. 

 

4.3.6. Sediment sampling and site descriptions 

Triplicate sediment samples (1 L) from six sites in four rivers (Table 4.2) were 

collected in acetone-washed glass bottles using a modified Ponar grab equipped with a 

sliding hatch on the top of the grab, or by collecting the surface layer of sediment with a 

spoon if the site was accessible. Sampling was carried out over two days in June 2008 and 

the samples were transported chilled to the laboratory where they were stored at 4 °C until 

extraction.  

Sites one and two were the river bank of Herbert River and from the boat ramp near 

Lucinda at the mouth of the Herbert River, respectively. The Herbert River catchment is 

about 9843 km2 in area, with nearly 75% of land under grazing (GBRMPA, 2001). Sugar 

cane and horticulture takes up a further 7%, mainly on the coastal plains, and there is a high 

contribution of nutrients (total N export; 1588 tonnes per year, total P export; 168 tonnes per 

year) and pesticide run-off from the catchment (GBRMPA, 2001). The boat ramp near 

Lucinda is a popular location for recreational fishing and boating, with access to the 

Hinchinbrook channel and the nearby islands. The Tully River (site three) catchment is 

smaller, draining approximately 1683 km2, with around 20% under grazing and some 26% 

under sugar and horticulture (GBRMPA, 2001). Nutrient and sediment exports are classified 

as being at high-risk levels, and pesticide run-off is also considered a risk in this catchment 

(GBRMPA, 2001). Sites four and five were located in the South Johnstone River, both sites 
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near or in the town of Innisfail. The 2325 km2 Johnstone catchment is drained by the North 

and South Johnstone Rivers, joining just before reaching the coast in Innisfail. Grazing takes 

up approximately 20% of the catchment, with a similar area under mostly sugar cane and 

some horticulture intensively cultivated in the lower flood plain (GBRMPA, 2001). Owing 

to the high rainfall (average annual rainfall is above 3000 mm) (Australian Government 

Bureau of Meteorology [BoM] website, www.bom.gov.au), and the generally steep slopes 

around the river, the cropping land is prone to erosion, and there is a high contribution of 

sediments (total sediment export: 305142 tonnes per year), nutrients (total tonnes export per 

year: N = 1849, P = 196) and pesticides in the run-off (GBRMPA, 2001). Contrasting the 

previous sites is the Daintree River north of Port Douglas (site six). With a catchment area of 

2192 km2, only around 4% is under grazing or sugar, and only 1% of the land has been 

cleared (GBRMPA, 2001). Sediment export is low; however, localized stream-bank erosion 

can be significant in cropping lands. Over 80% of the catchment is within the protected Wet 

Tropics World Heritage Area, and many streams are relatively pristine (GBRMPA, 2001). 

The sediment samples were collected near the Daintree River crossing boat ramp, a busy 

spot for recreational fishing and boating.  

 
Table 4.2. Sediment sample collection sites along the North Queensland coast. 
 
Site number  Site name  Coordinates  
1 Herbert River bank 18° 35’16” S, 146° 14’44” E 
2 Lucinda boat ramp (Herbert River) 18° 31’30” S, 146° 19’06” E 
3 Tully River bank  17° 59’56” S, 145° 58’58” E 
4 Innisfail Jubilee bridge (Johnstone River) 17° 31’51” S, 146° 01’47” E 
5 Johnstone River bank 17° 32’14” S, 146° 01’49” E 
6 Daintree River boat ramp 16° 15’42” S, 145° 23’34” E 

 

4.3.7. Pesticide extraction  

Each sediment sample was aliquotted into multiple 50 mL sterile polypropylene 

centrifuge tubes (Sarstedt) and centrifuged at 4700 x g for 30 minutes (Allegra X-15R, 

Beckman). Between 300 and 595 mL porewater was recovered from each replicate sediment-

sample. The separated porewater was then filtered through acetone-washed Whatman GF/F 

filters to remove particulate matter, before being transferred to acetone-rinsed 500 mL 

Schott-bottles. Solid phase extraction (SPE) of pesticides was performed using 500 mg 

OASIS Extraction Cartridges (strata-X 33μm, Polymeric Reversed Phase, Phenomenex, 

Australia) in a vacuum manifold system. The cartridges were cleaned and conditioned by 

slowly eluting twice with 5 mL HPLC-grade methanol followed by slow elution with 10 mL 

Milli-Q purified water (Milli-Q) (Millipore Synthesis system, equipped with a 0.22 μm 

Millipak filter, Millipore). Extraction was performed using the vacuum manifold at a rate of 
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maximum 5 mL min-1. Once the entire water sample had been eluted, each sample bottle was 

rinsed with 100 mL Milli-Q water which was also eluted through the SPE column to extract 

remaining pesticide. Finally, the cartridges were eluted slowly with 2 x 5 mL HPLC-grade 

methanol into acetone-cleaned 20 mL glass scintillation vials. The methanol was then 

evaporated under a gentle stream of N2 and each sample transferred into 1.5 mL Teflon-

capped glass vials with 2 x 0.50 mL of 1% (v/v) ethanol in Milli-Q water. Aliquots from a 

sub-set of these extracts were then tested for phytotoxicity in an I-PAM bioassay (see next 

section) while the remaining extracts were sent to Queensland Health Forensic and Scientific 

Services (QHSS) for LC-MS/MS (liquid chromatography-mass spectrometry/mass 

spectrometry) analysis (Kapernick et al., 2006). As extraction blanks, 500 mL of Milli-Q 

water, and 500 mL of GF/F-filtered sea water was extracted and analysed in an identical 

manner. 

 

After removal of porewater from the whole-sediment samples, solids remaining in the 

centrifuge tubes were transferred to pre-weighed, acetone-washed glass-jars and refrigerated 

until transport to QHSS for pesticide solvent extraction and LC-MS/MS (for herbicides) or 

GC-MS (gas chromatography-mass spectrometry for insecticides) analysis (Kapernick et al., 

2006). Subsamples of centrifuged sediment from all sites were dried to constant weight at 

50°C and homogenized. Approximately 200 – 300 μL of 1M HCl was added to each sample 

to remove inorganic carbon. The samples were then dried on a hot-plate before measuring 

total organic carbon (TOC) by high temperature combustion using a Shimadzu TOC-V 

carbon analyser, following Uthicke (2006). 

The analytically determined pesticide (herbicides, insecticides and fungicides) concentrations 

in the sediment were used to estimate the equilibrium porewater concentrations according to 

equations 4.3 and 4.4. 

The pore-water concentrations of herbicides indirectly estimated this way were compared to 

the measured concentrations. As all the herbicides that were of main interest for the scope of 

this study were detected by LC-MS/MS, no GC-MS analysis was performed on the 

concentrated porewater extracts. Therefore no analytical results for porewater concentrations 

of insecticides and fungicides are available for comparison. 

 

4.3.8. Porewater phytotoxicity bioassay 

A 96-well plate I-PAM bioassay following the above protocol of acclimation and 

exposure times was used to test phytotoxicity of porewater extracts after concentration 

through SPE. Both Navicula sp. and N. pyriformis were tested in five-point concentration-

curves with duplicate wells per concentration. As the porewater:solids ratio differed slightly 
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between replicate samples from the same site, the replicate with the highest ratio from each 

site was chosen for phytotoxicity testing in the bioassay to maximize the possible 

concentration-factor. The final sample concentration-factor (Sampleconc) was calculated in two 

steps as the SPE-concentration-factor SPEconc =  volumeporewater / volume final extract (assuming 

100% recovery during the extraction process) multiplied with the bioassay dilution-factor 

bioassaydil = volumeextract in well / volumetotal in well. A diuron positive control (27 nM) was 

included with each site analysed. All controls to which the response in the porewater-dosed 

wells were compared received an addition of 60 μL of 1% EtOH (v/v in Milli-Q water), 

identical to the final volume added to each porewater-dosed well (the dose volumes were 

adjusted by the appropriate addition of 1% EtOH in Milli-Q water to each well prior to adding 

the pore water extract).  

As the extracts contained an unknown mixture of compounds, the usual 

concentration-effect curve could not be plotted. Instead, the Sampleconc, which is proportional 

to the original concentration of the sample, was used on the x-axis of the dose-response curve. 

Toxic effects elicited by the porewater concentrates were quantified by calculating % 

inhibition of Y(II) in treatments compared to controls according to Eq. 4.6.  

To describe the toxicity of a sample containing an unknown mixture of contaminants, 

it is common to compare its potency relative to that of a known toxicant (Villeneuve et al., 

2000, Escher et al., 2006, Muller et al., 2008). The relative potency (RP) compares the 

concentration needed of the reference compound to elicit a certain effect, with the 

enrichment-factor of the unknown sample that is necessary to elicit the same effect, (equation 

4.9) (Villeneuve et al., 2000).  

 

RP = ECx(reference compound) / ECx(Sampleconc)     Eq. 4.9 

 

As in similar studies, diuron was used as a reference compound, due to its well known mode 

of action and high specific toxicity (Muller et al., 2007, Muller et al., 2008) and the diuron 

equivalent concentration (DECIPAM) of the original sample in the I-PAM assay was derived 

directly from the above equation (Muller et al., 2008). The estimated DECIPAM was 

subsequently used in a comparison between the experimentally obtained inhibition data and 

the expected inhibition data based on measured concentrations of chemicals in the original 

sample (DECanalytical).  

The RP relationship is strictly only valid when the dose-response curves of the 

reference compound and the unknown sample have identical slopes, an assumption that is 

often overlooked. To improve RP and toxic equivalence (TE) estimates, Villeneuve et al. 

(2000) proposed the use of comparisons at multiple points on the dose-response curves of the 

reference and unknown sample. If the slopes of the curves are indeed identical, the RP or TE 
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estimate will also be identical for all data-points, however, should the slopes differ, an RP or 

TE range can be reported instead (Villeneuve et al., 2000). Sometimes it is possible to fix the 

slope of the regression fitted to derive the ICx-estimates for the unknown sample to the slope 

of the reference compound curve (Escher et al., 2006). After inspection of the dose-response 

data for the porewater extracts in the current study, it was decided to be more appropriate to 

calculate the DECIPAM for several points along the curves, hence a range of ICx-values were 

determined.  

 

4.3.9. Statistical analysis 

Similar to the dose-response data of known toxicants and mixtures, a four parameter 

sigmoidal regression (Eq. 4.8) with maximum constrained to 100% was fitted to inhibition 

data from the porewater assay (SigmaPlot 7.1 SPSS Inc.) where possible. As most samples 

only elicited less than 70% (and often less than 50%) inhibition, a linear regression (y = ax + 

b) was also fitted to the response data in the low-concentration, linear-response range 

(generally 0 – 30% inhibition. Where possible, IC80, IC50, IC30, and IC10 – values were 

derived from Eq. 4.8 and solved for x (in SigmaPlot 7.1), additionally, IC20 and IC10 – values 

were derived from the linear regressions fitted to the linear response range data (SigmaPlot 

7.1 SPSS Inc.).  

 

4.4. Results and discussion 

4.4.1. Single herbicides acute dose-response 

Maximum inhibition of Y(II) was reached within minutes from dosing for all 

herbicides in assays with Navicula sp. and N. pyriformis (Figure 4.1), with the exception of 

hexazinone (Figure 4.1 C), which required as long as 3 hours to reach maximum 

phytotoxicity (photoinhibitory potential) in assays with N. pyriformis. The responses of C. 

closterium and P. tricornutum to hexazinone were also very slow, reaching maximal 

inhibition at approximately 1 – 3 hours, respectively (data not shown). Therefore, exposure 

time for hexazinone was chosen as 3 hours after which maximum inhibition was consistently 

reached for all species. Tebuthiuron toxicity to Navicula sp. declined slightly after around 30 

minutes, and then only very gradually until 150 minutes. Likewise, the toxicity of 

desethylatrazine (DEA) decreased by a few percent after the first 15 minutes of exposure in 

Navicula sp., and kept decreasing slowly for up to 3 hours when the experiment was 

terminated. As dosing a full 96-well plate takes approximately 10 – 15 minutes, an 

incubation time after complete dosing is necessary to ensure maximum toxicity is reached 
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for all wells across the plate and to minimize the effect of different exposure times across the 

plate (Muller et al., 2008). Acute exposure time was therefore chosen as 6 minutes timed 

from complete dosing of a full plate for the remaining test species and toxicant 

combinations.  

 

Other studies have also reported maximum PSII inhibition in response to PSII-

herbicides within minutes (Schreiber et al., 2007). The delayed effect on the photosynthetic 

efficiency of microalgae by hexazinone has also been reported, with toxicity increasing for 

up to 2 hours from dosing in the green alga Chlorella vulgaris (Muller et al., 2008). 

Contrasting this, delayed response-kinetics was not observed for P. tricornutum exposed to 

hexazinone in the same study (Muller et al., 2008); despite being the same strain as used here 

(both strains of P. tricornutum originally sourced from CSIRO, CS 29). The remaining two 

diatom species in the current study reached maximal inhibitory response within one hour or 

less. The differences in sensitivity between the species may be ascribed to varying algal 

morphology driving assimilation-kinetics (such as cell-covering, cell-size etc, discussed in 

more detail below). The differences in response-kinetics between P. tricornutum in the 

current study and that by Muller et al. (2008) are more difficult to explain. Phaeodactylum 

tricornutum exists in three different morphotypes, triradiate, fusiform, and oval (Round et 

al., 1990). Only the oval form have a silicified valve, while the triradiate and fusiform 

morphotypes have organic valves composed of polymers of xylose, mannose, fucose, and 

galactose instead of a normal silica frustule (Round et al., 1990, Tesson et al., 2009). 

Additionally, differences in cell-surface components and cytoplasmic protein-patterns 

between the morphotypes have been suggested (Tesson et al., 2009, and references therein). 

Therefore, different morphotypes could theoretically show variations in response kinetics 

due to differences in cell-surface chemistry and/or area:volume ratio. However, the CS29 

culture used here and by Muller et al. (2008) stably expressed the fusiform morphotype 

(pers. comm., Quayle, 2009) which makes it unlikely that observed differences in response 

are due to either cell surface chemistry or area:volume ratio. Additional differences and 

similarities of the experimental design and culturing conditions which may explain differing 

toxicological response in P. tricornutum are discussed further in the context of comparative 

sensitivity to diuron below.  
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Figure 4.1. Time-dependent inhibition of Y(II) in Navicula sp. (circles) and N. pyriformis (triangles) 
in response to a single-concentration dose [the approximated IC50-concentration established for each 
toxicant during range-finder experiments, actual concentrations of these estimates are not reported]  of 
A) diuron, B) tebuthiuron, C) hexazinone D) atrazine, E) simazine, and F) DEA (Navicula sp. only). 
Average ± SE (n = 5 cultures, 8 wells / culture).   
 

4.4.2. Comparative potency of five herbicides and breakdown products 

After maximum inhibition was reached, the order of toxicity was the same for all 

species tested, with diuron > hexazinone > tebuthiuron > atrazine > simazine > DEA (Table 

4.3). IC50-values for the four species ranged from 8.8 – 18.3 nM for diuron, 9.5 – 27.2 nM 

for hexazinone, 52 – 412 nM for tebuthiuron, 66 – 356 nM for atrazine and 121 – 1201 nM 

for simazine. Dichloroaniline (3,4-DCA) is a general toxicant and had no effect on any of the 

fluorescence parameters measured with the I-PAM in this assay (results not shown). DEA 

did induce some photoinhibition, but only at extremely high concentrations (IC50 ranging 

from 1150 – 5640 nM), and is not expected to be phytotoxic at environmentally relevant 

concentrations. Notably, diuron and hexazinone elicited 50% inhibition at concentrations 

near or above the 95% of species protection trigger-values set by the Great Barrier Reef 

Marine Park Authority (GBRMPA) (diuron trigger-value = 6.9 nM, hexazinone trigger-value 

297 nM) (GBRMPA, 2008). The trigger-value for hexazinone is based on available 

freshwater data (ANZECC, 2000), and clearly needs to be revised for sensitive marine 

organisms. 
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Figure 4.2. Inhibition of Y(II) in four species of microalgae in herbicide dose-response experiments. 
A) diuron, B) tebuthiuron, C) atrazine, D) simazine, E) hexazinone and F) DEA. Average ± SE (n = 5 
cultures) (C. closterium and P. tricornutum n = 1 culture, 8 wells within culture replication). 

 

Hexazinone was the only toxicant that consistently elicited a maximum response of 

100% inhibition of Y(II) in the assay (Figure 4.2). Even diuron, the most potent of the 

herbicides tested, generally only reached 97 – 98 % inhibition, and no more than 84% 

inhibition was reached in C. closterium Additionally, increasing the maximum diuron 

concentration from 64 nM to 84 nM did not increase maximum inhibition reached in C. 

closterium. This trend has been observed previously, and may reflect heterogeneity in PSII, 

with a fraction of PSII not connected via the secondary acceptor QB to the plastoquinone 

pool (non-B type PSII) (Schreiber et al., 2007, Muller et al., 2008). Muller et al. (2008) also 

suggested that differences in toxicant-resistant PSII activity between test compounds may be 

due to inhibition of non-B-type electron transport by some herbicides (for example 

hexazinone). Alternatively, based on an observed decrease of both F and Fm’ at high-

concentration doses of diuron, diuron-type herbicides may affect PSII at the electron donor 

side (Muller et al., 2008). Such a decrease of F and Fm’ was, however, not observed at high-

concentration herbicide doses in the current study (see Figure 4.7 for example curves of F 

and Fm’ in N. pyriformis exposed to diuron or atrazine. Navicula sp. responded in a similar 

way as N. pyriformis, results not shown).  
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Table 4.3. Acute IC50 (in bold) and IC10 for diuron, tebuthiuron, atrazine, simazine, hexazinone, and 
DEA to microalgae expressed in nM. Average ± (SE). n = 5 cultures. * n = 1 culture, average and SE 
within plate (8 wells). For IC50 – and IC10 – values expressed in μg L-1, see Appendix C, Table C.1. 
 

Compound 
 

nM 
 

Navicula sp. 
 

Nephroselmis 
 pyriformis 

Phaeodactylum  
tricornutum* 

Cylindrotheca 
closterium* 

diuron IC50 11.3 ± 0.6 8.8 ± 0.2 11.6 ± 0.1 18.3 ± 0.4 
  IC10 3.3 ± 0.2 1.36 ± 0.06 1.78 ± 0.06 2.6 ± 0.1 
 LOEC 5.2 0.43 0.43 1.3 
 NOEC 2.6 < 0.43 < 0.43 0.43 
tebuthiuron IC50 412 ± 13 52 ± 1 225 ± 3 337 ± 3 
  IC10 73 ± 2 10.1 ± 0.3 33.2 ± 0.7 44.2 ± 1 
 LOEC 38 4.8 38 38 
 NOEC 19 2.4 9.5 9.5 
atrazine IC50 167 ± 37 66 ± 2 156 ± 2 356 ± 6 
  IC10 26 ± 9 9.1 ± 0.4 20.8 ± 0.6 51.5 ± 2 
 LOEC 62.8 5.2 20.9 20.9 
 NOEC 20.9 2.6 2.6 2.6 
simazine IC50 777 ± 25 121 ± 3 503 ± 9 1200 ± 27 
  IC10 125 ± 9 18.1 ± 0.6 56 ± 2 174 ± 3 
 LOEC 121.8 20 10.1 80 
 NOEC 60.9 2.5 1.3 40 
hexazinone 6-min IC50 83 ± 2 72 ± 4 122 ± 3 82 ± 1 
  IC10 24 ± 2 18 ± 1 46 ± 1 26.7 ± 0.7 
hexazinone 3-h IC50 22.4 ± 0.4 9.5 ± 0.2 26.3 ± 0.5 27.2 ± 0.3 
  IC10 5.6 ± 0.2 1.88 ± 0.03 6.9 ± 0.2 7.8 ± 0.3 
 LOEC 4.6 0.29 2.3 2.3 
 NOEC 0.58 < 0.29 0.58 0.58 
DEA IC50 3380 ± 50 1150 ± 35 2270 ± 35 5640 ± 110 
  IC10 592 ± 30 142 ± 4 244 ± 7 546 ± 22 
Abbreviations: DEA; desethylatrazine, LOEC = lowest observed effect concentration, NOEC = no 
observed effect concentration. LOEC and NOEC determined by ANOVA followed by Dunnetts post 
hoc t-test, ANOVA results are listed in Appendix C, Tables C.2 – C.5). 
 

 

4.4.3. Comparative sensitivity of local, tropical microalgae  

All four species were highly sensitive to the herbicides tested; however, the order of 

species sensitivity differed between the herbicides (Table 4.3). The locally isolated green 

alga N. pyriformis was always the most sensitive species in the test-battery, particularly to 

simazine, where the difference between it and the least sensitive species (C. closterium) was 

an order of magnitude (simazine IC50 121 nM in N. pyriformis compared to 1200 nM in C. 

closterium) (Figure 4.2 and Table 4.3). For the remaining herbicides, N. pyriformis was 

generally 2 – 5 fold more sensitive compared to the three other species tested. The two local 

diatom species (Navicula sp. and C. closterium) showed sensitivities generally comparable to 

the standard test-species P. tricornutum. Phaeodactylum tricornutum was, however, more 

sensitive to simazine (IC50 = 503 nM) than both Navicula sp. (IC50 = 777 nM) and C. 

closterium (IC50 = 1200 nM), and also more sensitive to tebuthiuron (P. tricornutum IC50 = 

225 nM compared to 337 nM for C. closterium and 412 nM for Navicula sp.). Navicula sp. 

was generally more sensitive than C. closterium (except for tebuthiuron exposure). As 
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Navicula sp. exhibited the greatest sensitivity to herbicides during range-finder experiments 

and method-development, this species was consequently chosen for further experimentation 

as the representative for tropical, locally isolated diatoms in the microphytobenthos.  

 

As already discussed in the preceding chapter, the higher sensitivity N. pyriformis to 

PSII-inhibiting herbicides is consistent with previous studies, which often report 

chlorophytes to be more sensitive than ochrophytes (diatoms) when comparing herbicide 

toxicity across phyla (Guasch et al., 1997, Bérard et al., 2003). In the case of N. pyriformis, it 

may be that its cell-surface, being covered in organic scales (Guillou et al., 2004), is more 

penetrable to herbicides than the silica walls of diatoms. Smaller cell-size in microalgae has 

also been indicated to increase sensitivity to toxicants (DeLorenzo et al., 2004), and the 

much larger surface area:volume ratio in N. pyriformis compared to the three other species 

tested may partly explain its higher sensitivity. However, neither surface area:volume ratio 

or cell-surface chemistry consistently explains the general order of sensitivity amongst the 

diatoms, where the largest species, Navicula sp. was sometimes the most sensitive. 

Additionally, Navicula sp. is strongly silicified (as determined by SEM) compared to C. 

closterium, which is only lightly or partially silicified (Round et al., 1990) (the valves of C. 

closterium were destroyed by the oxidation process used in this study for preparing material 

for SEM, as is common due to their delicate nature), whereas this morphotype of P. 

tricornutum (fusiform) lacks a silicified frustule altogether, and instead has a fully organic 

cell-covering (Round et al., 1990, Tesson et al., 2009). If N. pyriformis was the most 

sensitive of the species tested here due to higher penetrability of its organic surface scales 

compared to the silica-wall of diatoms, it may be expected that P. tricornutum would 

consistently be the most sensitive diatom as it also has an organic cell-wall as opposed to the 

silica frustule of the other two diatoms. The actual internal cellular concentrations of 

herbicide would need to be measured in order to answer questions regarding differences in 

herbicide uptake between organisms, and it is apparent that no single factor can explain the 

sensitivity to, and up-take kinetics of herbicides in microalgae. 

 

All herbicide IC50-estimates generally fell within the lower range of previously 

published sensitivity ranges for similar organisms and test-systems. The acute IC50 for P. 

tricornutum exposed to diuron in the current study was 11.6 nM. This is comparable to the 

acute IC50 for P. tricornutum exposed to diuron (IC50 = 14 nM) during the instrument 

evaluation of the ToxY-PAM (a version of PAM fluorometer where the fluorescence is 

measured simultaneously in two glass cuvettes filled with sample [or control and treatment], 

specifically developed for detecting low concentrations of toxicants in aqueous samples) 

(Schreiber et al., 2002). Contrasting this, in a study similar to the current (acute exposure to 



Chapter 4. Herbicide mixtures and phytotoxicity of porewaters to microphytobenthos 
 

100

herbicides in 96-well plates, toxic effect quantified as inhibition of Y(II) measured with an I-

PAM), diuron 1-h IC50s were reported to be 77 nM for P. tricornutum and 86 nM for 

Chlorella vulgaris, respectively (Muller et al., 2008). The test conditions were nearly 

identical in the two studies; I-PAM measuring light (ML) was set to 12 in the current study 

with an exposure time of 6 minutes, as opposed to ML = 10 with an exposure time of 1 h in 

the study by Muller et al. (2008). An increase in ML intensity has been shown to increase the 

sensitivity of the Y(II) parameter to PS(II) inhibitors due to a slight increase in the actinic 

light effect of the ML with increasing intensity (Schreiber et al., 2007). However, increasing 

from ML 10 to ML 20 only inhibited Y(II) by a further 2 – 5 % (approximated from Figure 

5c in Schreiber et al., 2007), hence it appears unlikely the higher ML can explain the 

observed difference between the two studies. Culturing temperature and light intensity were 

also similar between the study of Muller et al. (2008) and the data presented here; 23 instead 

of 24°C and 50 μmol photons m-2 s-1 compared to 45 ± 3 μmol photons m-2 s-1, respectively. 

Diuron toxicity remained constant from the time of dosing and up to 3 hours during time-

course experiments, as reported above. It thus seems unlikely that different culturing or 

experimental conditions would explain the nearly seven-fold difference in sensitivity to 

diuron between the two studies (6-min IC50 for P. tricornutum in the current study is 12 nM 

compared to the 1-h IC50 of 77 nM in the study by Muller et al. (2008)). Due to the peculiar 

biology of P. tricornutum, i.e. mechanisms and conditions inducing morphological plasticity 

and possible biochemical changes remain to be elucidated (Tesson et al., 2009), and the large 

variability in response kinetics and sensitivity to PSII-inhibitors of the same strain under 

very similar test-conditions, this species cannot be recommended as a standard test-organism 

in ecotoxicological studies.   

 

As mentioned in Chapter 1 of this thesis, most studies on microalgal sensitivity to 

herbicides have been performed using species from temperate regions. It appears the tropical 

species used in the current study are comparatively more sensitive to diuron. For example, 

using 14C-fixation as an endpoint, reported 45-min EC50s for diuron exposure for temperate 

marine episammic (sand-dwelling) and periphytic microalgal communities are 36 – 39 nM 

and 18 – 89 nM, respectively (Arrhenius et al., 2004), compared to 6-min diuron IC50s of 8.8 

– 18.3 nM reported here. Isolated symbiotic dinoflagellates have a reported acute IC50 of 24 

nM diuron (Jones et al., 2003), and early life history stages of hard corals are photoinhibited 

by 4 nM diuron (Negri et al., 2005), thus sensitivities are equivalent to the current results for 

tropical microphytobenthic organisms. The hard corals Acropora formosa, Montipora 

digitata and Porites cylindrica also showed similar (or less) sensitivity to atrazine as the 

microalgal test-species studied here, with 10-h IC50 (inhibition of Y(II), PAM-fluorometry) 

of 172 nM, 408 nM and 311 nM for symbionts within the three species of hard coral, 
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respectively (Jones et al., 2003), compared to 66 nM (N. pyriformis), 167 nM (Navicula sp.), 

and 356 nM (C. closterium) reported here.  

A similar pattern of comparatively high sensitivity, particularly in the green alga N. 

pyriformis, is evident for all herbicides tested. Acute IC10s (inhibition of Y(II), ToxY-PAM) 

for P. tricornutum exposed to PSII-inhibitors were determined to be 3.2 nM (diuron), 10.7 

nM (hexazinone), 20.4 nM (atrazine), and 144 nM (simazine) (Bengtson-Nash et al., 2005a),  

which compare to the higher range of the determined IC10s in the current study (diuron IC10s 

here ranged from 1.36 – 3.3 nM, hexazinone IC10s ranged between 1.88 and 7.8 nM, atrazine 

IC10s varied from 9.1 to 51.5 nM, and simazine IC10s varied from 18.1 – 174 nM). It should 

be noted here that as it is unlikely that maximum toxicity of hexazinone was reached in the 

ToxY-PAM assay, the hexazinone sensitivities are not directly comparable to the 3-h IC10s 

reported in this study where maximal toxicity of hexazinone was reached. However, in 

comparison with the 6-min IC10s for hexazinone in the current study (Table 4.3), the ToxY-

PAM assay yielded more sensitive results. The 1-h hexazinone IC50 for photosynthetic yield 

in the diatom P. tricornutum and the chlorophyte Chlorella vulgaris were around 87 nM in 

the I-PAM study by Muller et al. (2008), which is comparable to the 6-min response in the 

current study (here varying between 72 – 172 nM). It was also noted by Muller at al. (2008) 

that hexazinone toxicity continued to increase in C. vulgaris for up to two hours when the 

experiment was terminated, and it is possible a longer exposure in that study would have 

yielded IC50-estimates similar to those reported here for the 3-h exposures. In the low 

response concentration range, higher sensitivity to simazine has also been reported for P. 

tricornutum in an I-PAM assay with a similar set-up as this study, with an acute IC10 of 28 

nM (Escher et al., 2006), compared to IC10s estimated here (18 nM for N. pyriformis, 56 nM 

for P. tricornutum, 125 nM for Navicula sp., and 174 nM for C. closterium. 

 

4.4.4. Binary mixtures  

All binary mixtures tested exhibited additive toxicity, with IC50 estimates 

overlapping 1 TU (which is the original definition of additive toxicity using the toxic unit 

approach), or at least not being significantly different from the response in control-mixtures2 

(ANOVA, p > 0.05) (Figure 4.3, Table C.6). Initially only binary mixtures were tested, and 

toxic units were calculated based on the previously determined dose-response IC50s for the 

individual herbicides involved in each mixture. The resulting dose-response curves showed a 

random pattern of weakly synergistic, additive, or weakly antagonistic interactions, however, 

                                                 
2 Control-mixtures are concentration series of each individual herbicide made up in Toxic Unit 
intervals, i.e. 0.5 TU atrazine + 0.5 TU atrazine in the mixture to make up the 1 TU dose etc. 
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additive toxicity was expected as all herbicides tested in the mixtures (diuron, tebuthiuron, 

atrazine, and simazine) affect Y(II) by binding to the QB binding site of the D1 protein in the 

PSII reaction centre (Oettmeier, 1992).  

Concerns have recently been raised regarding the reproducibility of mixture-

experiments (Cedergreen et al., 2007). To test the reproducibility of the current test system, 

the binary mixture exposures were repeated, this time including both dose-responses to each 

of the individual herbicides in a mixture simultaneously on one 96-well plate, and dose-

responses to individual herbicides made in a concentration series corresponding to the same 

TUs used in the binary mixtures as described in the methods section. Despite the very low 

between-culture variability in response and IC50-estimates of the single herbicide dose-

response experiments (Figure 4.2, Table 4.3), it proved crucial to correct the TUmix against 

simultaneously determined IC50s
3. Additionally, 1 TU of control mixtures did not always 

elicit 50% inhibition (i.e. the IC50 varies sufficiently between the exposures to alter the TU 

ratios), which shows that the incorporation of mixture controls influence conclusions drawn 

from the experiment. As 1 TU of a compound is by definition equal to the IC50 of the 

compound (Pape-Lindstrom and Lydy, 1997), additivity was here re-defined as when the 

mean IC50 of the binary mixture was not significantly different to the average control-

mixture IC50 response. For example, the response of N. pyriformis to the binary mixture of 

atrazine + simazine was deemed additive, as the determined TU IC50(atr+sim) was not 

significantly different from the control mixtures TU IC50(atr+atr) or TU IC50(sim+sim) (ANOVA, 

F2,20 = 0.768, p > 0.05, Table C.6). The binary mixture data shown in Figure 4.3 are the 

average TUmixs from all mixture experiments (conducted in 2006 and 2008). 
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Figure 4.3. IC50s expressed in toxic units (TU) for A) Navicula sp. and B) N. pyriformis exposed to 
binary herbicide mixtures. Values above 1 denote antagonistic mixture behaviour, values overlapping 
1 denote additive mixture behaviour, and values below 1 denote synergistic mixture behaviour. 
Abbreviations: atr; atrazine; diu: diuron; sim: simazine and tebut: tebuthiuron. Average ± SE (n = 6 
cultures for “control mixtures”[ atr + atr, sim + sim, and diu + diu], and n = 11 for binary mixtures of 
two different herbicides). 

 

                                                 
3 i.e. although the variability in inhibitory response between cultures exposed to the same herbicide on 
separate microtitre plates was very small, it was still large enough to skew the TU-estimate. 
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The results reported here confirm the general assumption that concentration addition 

(CA) predicts the effect of a mixture of similarly acting chemicals. In multi-component 

mixtures of 18 different s-triazines in ratios of their respective IC50 and IC10 values, Faust et 

al. (2001) showed that even when all herbicides were present at below the no observed effect 

concentration (NOEC) for each herbicide, a total effect of 47% inhibition of growth in 

synchronized cultures of Scendesmus vacuolatus was recorded (Faust et al., 2001). This 

fitted very well with the response predicted by a CA model (only 4% more inhibition than 

predicted). It was concluded that there is no environmentally safe threshold-concentration for 

an individual chemical, as the additive effect may still be significant if similarly acting 

chemicals are present simultaneously (Faust et al., 2001). For example, the marine trigger-

values for protection of 99% of species in the GBR marine park are set to 3.9 nM (0.9 μg L-

1) for diuron and 1.9 nM (0.4 μg L-1) for atrazine (GBRMPA, 2008). This corresponds to a 

combined concentration of 0.2 – 0.5 TUs for the species tested here should both herbicides 

be present in the environment at their respective trigger-value concentrations. The combined 

presence of diuron and atrazine at the 95% of species protection trigger-value concentrations 

would correspond to 0.4 – 1.0 TUs (the 95% trigger-values are 6.9 nM for diuron, and 11 nM 

for atrazine (GBRMPA, 2008)). 

 

4.4.5. Pesticide contamination of porewater and sediment  

4.4.5.a. Porewaters  

The herbicides diuron, tebuthiuron, atrazine, simazine, hexazinone, and bromacil (5-

bromo-6-methyl-3-(1-methylpropyl)-2,4(1H,3H)-pyrimidinedione) were detected in at least 

one replicate porewater extract using LC-MS/MS analysis, at concentrations listed in Table 

4.4. For a complete list of pesticides included in the analysis, see Appendix C, Table C.7. 

The Milli-Q filtered water used for dissolving the final porewater extracts (in 1% v:v 

ethanol) did not contain any herbicides. The filtered seawater contained traces of diuron 

(0.01 nM) and atrazine (0.02 nM); however, as the reported concentrations were below the 

concentrations of the standards used during analysis, they are not reliable. Porewaters from 

the Tully and Johnston Rivers contained the highest concentrations of diuron (0.08 – 0.25 

nM in Tully River, and 0.08 – 0.29 nM in the two sites in the Johnston River), as well as the 

widest range of different herbicides at detectable concentrations. Only the Daintree River 

porewaters were free of measurable concentrations of any herbicide. Diuron was present in 

all other porewater samples, ranging from 0.02 – 0.29 nM, which is comparable to previous 

studies in Australian waters during normal water flow. Diuron was for example detected at 

concentrations of 0.06 nM in mangrove sediment porewaters in the Mackay-Whitsunday 
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region in Australia, where it was implicated to be responsible for extensive mangrove die-

offs (Duke et al., 2005). Similarly, diuron concentrations ranging from 0.009 – 0.34 nM were 

detected in surface-water samples from Hervey Bay and the Great Sandy Straits (Bengtson-

Nash et al., 2005a). Much higher concentrations of diuron were detected during a high-flow 

event in the Mackay-Whitsunday region, where Mitchell et al. (2005) investigated 

concentrations of pesticides, nutrients and suspended solids in flood-waters. Concentrations 

around 1.7 – 7 nM, but as high as 36.5 nM in one sample during the flood were reported 

(Mitchell et al., 2005). Recently, maximum concentrations of 96 nM were reported in river 

waters draining areas with more than 10% land under sugarcane, while median 

concentrations were around 4.3 nM (Lewis et al., 2009).  

 

Table 4.4. Herbicides analytically detected in at least one replicate porewater extract, and diuron 
concentrations estimated by equilibrium partitioning Diuequilibrium. All concentrations are reported as 
nM in the original sample (pre-concentration). For the corresponding list expressed in ng L-1, see 
Appendix C, Table C.9. (A full list of the estimated pesticide concentrations based on equilibrium 
partitioning can be found in Table C.11 [nM] and Table C.12 [ng L-1]. 
 
site # Diuanalytical Diuequilibrium Tebuth Atr Sim Hex Bromacil 

Lucinda 1 0.05 0.47 ND ND ND ND ND 
Lucinda 2 0.03 0.67 ND ND ND ND ND 
Lucinda 3 0.06 0.80 ND ND ND ND ND 
Herbert 1 0.06 0.27 ND ND 0.06 ND ND 
Herbert 2 0.05 0.48 ND ND ND ND ND 
Herbert 3 0.02 1.10 ND 0.01 ND ND ND 
Tully 1 0.08 3.51 ND 0.08 ND ND ND 
Tully 2 0.12 6.82 ND 0.16 0.03 ND ND 
Tully 3 0.25 3.78 ND 0.23 ND ND ND 
Innisfail 1 0.09 1.66 ND ND 0.01 0.03 0.01 
Innisfail 2 0.08 0.87 ND ND ND 0.04 0.01 
Innisfail 3 0.12 1.80 0.001 ND ND 0.03 ND 
Johnstone  1 0.17 0.79 ND ND ND 0.02 ND 
Johnstone  3 0.29 1.46 ND ND ND ND ND 
Daintree  2 ND 1.60 ND ND ND ND ND 
Daintree  3 ND 0.22 ND ND ND ND ND 
Milli-Q  ND 0.22 ND ND ND ND ND 
FSW  0.01 0.24 ND 0.02 ND ND ND 
Abbreviations: ND = not detected, diu = diuron, tebuth = tebuthiuron, atr = atrazine, sim = simazine, 
hex = hexazinone, Milli-Q = Milli-Q filtered water, FSW = filtered seawater. Italicized numbers 
denote that the analytical result of the concentrate was below the lowest standard concentration of 5 
μg L-1, these numerical results should be treated with caution and are best viewed as equal to 
“detected”. Only two replicate concentrates were available from the Johnstone River bank and 
Daintree River sites due to sample loss. 
 

4.4.5.b. Sediments  

Pesticides (herbicides, insecticides or fungicides) were present at measurable 

concentrations in sediments from all the six sample-sites from the Herbert River in the south 

to the Daintree River in the north. Ten different pesticides were detected in at least one 
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replicate sediment sample; diuron, atrazine, simazine, hexazinone, pendimethalin, dieldrin, 

DEET, bifentrin, imidacloprid, and chlorothalonil, at concentrations listed in Table 4.5. For a 

complete list of all compounds included in the analysis but not detected in any of the 

samples, see Appendix C, Tables C.7 and C.8.  

 

Table 4.5. Pesticides detected in at least one replicate sediment sample, limits of reporting (LOR), and 
% solids in each replicate. All concentrations are nmol kg-1 dry weight (DW). Chemicals that were not 
detected in any sample are not included in the Table. For a complete list of all compounds included in 
the analysis, and their LOR, see Appendix C, Tables C.7 and C.8. For the corresponding list expressed 
in μg kg-1 dry weight (DW), see Table C.10, Appendix C. 
 
 LOR Diu  Atr Sim Hex Pendi Dieldr* DEET  Imida Bifen Chloro** % Solids 

(nmol kg-1) 0.86 0.93 0.99 0.79 3.55 2.63 5.23 0.78 4.73       - 1% 
Site#                        

Lucinda 1 5.6 ND ND ND ND ND ND ND ND ND 50 
Lucinda 2 6.4 ND ND ND ND ND 19.3 ND ND ND 51 
Lucinda 3 6.4 ND ND ND ND ND 14.1 ND ND ND 48 
Herbert 1 1.7 ND ND ND ND ND ND ND ND ND 71 
Herbert 2 1.3 ND ND ND ND ND   5.8 ND ND ND 78 
Herbert 3 3.4 ND ND ND ND ND ND ND ND ND 76 
Tully 1 47.2 6.95 ND 4.8 ND 39.4 ND 38.7 ND Present  69 
Tully 2 36.5 6.95 ND 3.2 ND 17.3 ND 36.8 ND Present 78 
Tully 3 33.5 7.42 3.0 5.5 13.5 31.5 ND 36.4 ND Present 67 
Innisfail 1 24.9 ND ND ND ND ND ND ND ND ND 57 
Innisfail 2 22.7 ND ND ND ND ND 10.5   7.4 ND ND 58 
Innisfail 3 39.9 ND ND ND ND ND ND ND ND ND 57 
Johnstone 1 17.2 ND ND ND ND ND ND ND 4.7 ND 61 
Johnstone 2 24.9 ND ND ND ND ND ND ND ND ND 57 
Johnstone 3 42.9 ND ND ND ND ND ND ND 5.7 ND 61 
Daintree 1 5.1 ND ND ND ND ND 23.0 ND ND ND 60 
Daintree 2 3.9 ND ND ND ND ND 29.8 ND ND ND 59 
Daintree 3 4.3 ND ND ND ND ND 26.7 ND ND ND 59 
*Confirmed by GC-ECD analysis. ** Presence confirmed by GC-MS analysis. Accurate 
quantification not obtained by this procedure. Abbreviations: LOR = limit of reporting, ND = not 
detected, diu = diuron, atr = atrazine, sim = simazine, hex = hexazinone, pendi = pendimethalin, dieldr 
= dieldrin, DEET = N,N-Diethyl-meta-toluamide (active ingredient in insect-repellent), imida = 
imidacloprid, bifen = bifentrin, and chloro = chlorothalonil (fungicide). 
 

 

Tully River sediments contained the highest loads of pesticides, including the 

organochlorine insecticide dieldrin (17.3 – 39.4 nmol kg-1 dry weight (DW)), the insecticide 

imidacloprid (imidazolinone) (36.4 – 38.7 nmol kg-1 DW), and high concentrations of 

several PSII-inhibitors such as diuron (33.5 – 47.2 nmol kg-1 DW), atrazine (around 7 nmol 

kg-1 DW), simazine (3.0 nmol kg-1 DW) and hexazinone (3.2 – 5.5 nmol kg-1 DW). The 

fungicide chlorothalonil was recorded as present in the Tully sediments, however, the 

analytical techniques used did not allow for quantification. Dieldrin was not detected in 

sediments from any other site than Tully River, but concentrations were high in that river, 17 

– 39 nmol kg-1 DW. Sediments from the two sites in the Johnstone River, Innisfail Jubilee 
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bridge and Johnstone River bank, contained high concentrations of diuron (17 – 43 nmol kg-1 

DW) as well as low concentrations of the pyrethroid insecticide bifentrin in two samples (4.7 

and 5.7 nmol kg-1 DW). Comparable concentrations of diuron were detected in sediment-

samples from the two sites in the Herbert River (Lucinda boat ramp, 5.6 – 6.4 nmol kg-1 DW 

, and Herbert River bank, 1.3 – 3.4 nmol kg-1 DW) and in the Daintree River (3.9 – 5.1 nmol 

kg-1 DW). High concentrations of the personal insect repellent DEET (N,N-diethyl-meta-

toluamide) were also detected in sediments from both Lucinda (Herbert River, 14.1 – 19.3 

nmol kg-1 DW) and the Daintree River (23 – 29.8 nmol kg-1 DW). Both these sites are near 

very busy boat-ramps, surrounded by mangroves, and are popular for boating and 

recreational fishing. The sediment diuron concentrations reported here are similar to those 

reported earlier for intertidal sediments from the same area (Haynes et al., 2000a). The 

maximum diuron concentrations (43.3 nmol kg-1 DW) detected by Haynes et al. (2000a) 

originated from the Johnstone River. Similarly, concentrations of diuron reportedly varied 

between 0.9 – 36.5 nmol kg-1 DW in mangrove sediment in the Mackay region in a more 

recent study (Duke et al., 2005).  

 

4.4.5.c. Equilibrium partitioning – herbicides 

The calculated porewater concentrations of diuron, based on assumption of 

equilibrium partitioning between the organic carbon of the sediment and the porewater, are 

listed in Table 4.4 along with the analytically determined herbicide concentrations (see Table 

C.11 for a complete list of the estimated porewater pesticide concentrations based on 

equilibrium partitioning, along with the determined organic carbon content of the sediment 

samples). The equilibrium calculations generated estimated concentrations at around an 

order of magnitude (5 – 50 times) higher than the analytically determined concentrations 

(Table 4.4). Additionally, traces of tebuthiuron were detected in the Johnstone River 

(Innisfail Jubilee bridge sample) by analysis of porewater-concentrates, but no tebuthiuron 

was present at detectable concentrations in the dried sediment (Tables 4.4 and 4.5). 

Contrasting this, hexazinone was expected to be present in the Tully River porewaters based 

on equilibrium theory, but was, however, not identified in any of the replicate porewater 

extracts.  

It is possible that the assumption of equilibrium in partitioning of herbicides between 

the water and solid phases of the systems is not valid due to periodical changes in water-flow 

such as tidal action and rainfall. If analysis occurred before equilibrium could be established, 

the porewaters could potentially be diluted in comparison with the organic carbon phase, 

and/or contained contaminants not yet partitioned into the sediment organic carbon. The 

samples were stored refrigerated for approximately one week prior to separating the 
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porewater from the solids by centrifugation, and equilibrium may be expected after this time. 

Atrazine has for example previously been shown to reach 98% equilibration between water 

and soil in two hours under shaking (Ben-Hur et al., 2003). However, contrary evidence also 

exists that atrazine requires much longer equilibration times to partition into some 

agricultural and woodland soils (Lesan and Bhandari, 2003). Around 70 – 80 % of the final 

observed adsorption of atrazine was shown to occur within 24 hours in experimentally 

spiked sediment (soil and spiked-water mixtures), and adsorption continued for up to 12 

weeks when the experiment was terminated (Lesan and Bhandari, 2003). Additionally, it is 

common for hydrophobic organic compounds (HOCs), including many pesticides, that 

desorption is strongly delayed or hindered compared to sorption rates. Both triazine and 

phenylurea herbicides have for example been shown to exhibit such hysteresis4 in 

sorption/desorption studies with river sediments (Chefetz et al., 2004). It has also repeatedly 

been shown that the fraction of irreversibly bound contaminants in soils increase with 

increasing exposure times (Pavlostathis and Jaglal, 1991, Kan et al., 1994). The sites 

sampled here have a long history of exposure to agricultural run-off containing pesticides, 

and with intermittent changes in water-flow (including changes in contaminant 

concentrations in the overlying water) it may be expected that both irreversibly bound 

pesticides and hysteresis contributes to the discrepancy between measured and calculated 

porewater concentrations of herbicides.  

 

It can be concluded that equilibrium partitioning calculations can be useful in the 

absence of direct analytical results; however, care needs to be taken as this approach may 

result in both overestimations (as reported here) and underestimations of water 

concentrations (Dueri et al., 2008). Despite overestimating the actual concentrations of 

herbicides here, the equilibrium partitioning calculations provide a valuable insight into the 

possible pesticide concentrations organisms in these habitats may be exposed to in a worst 

case scenario. The additive toxicity of PSII-inhibitors to microalgae (identified above) 

exacerbates the potential risk of environmental contamination. Additionally, the non-specific 

fungicide chlorothalonil, which was detected here in sediment samples from the Tully River, 

has previously been reported to interact synergistically with atrazine in 96-h standardized 

growth assays with the marine, naked (lacking a regular rigid cell-wall) alga Dunaliella 

tertiolecta, with the mixture being nearly twice as toxic as expected based on the 

concentrations of the individual components (DeLorenzo and Serrano, 2003). Due to the 

sharp threshold of the dose-response curve (no effect up to 125 nM, negative growth rate 

[cell death] at the next higher concentration 376 nM), it was hypothesized that the mode of 

                                                 
4 A deviation between the sorption and desorption isotherms, in this case resulting in less solute being 
desorbed from the substrate than expected based on linear equilibration 
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action of chlorothalonil in microalgae was algicidal by disrupting cellular membranes, and 

causing cell lysis (DeLorenzo and Serrano, 2003), and it was later shown that cells of D. 

tertiolecta exposed to chlorothalonil above lowest-observable-effect-concentrations (LOEC) 

were lysed (96-h standard growth inhibition test) (DeLorenzo and Serrano, 2006). It was put 

forward that any degradation of or damage to cellular membranes may make them more 

permeable to atrazine, thereby increasing its photoinhibitory effect (DeLorenzo and Serrano, 

2003). Chlorothalonil also showed synergistic behaviour in combination with the triazine 

herbicide irgarol, with mixtures being 1.5 times more toxic than expected based on the 

concentrations of the individual pesticides present in 96-h growth inhibition tests 

(DeLorenzo and Serrano, 2006). Although no numerical concentration of chlorothalonil 

could be determined in this study, its presence together with high concentrations of diuron, 

as well as atrazine, simazine and hexazinone in the Tully River is of concern. It is not known 

whether chlorothalonil acts as a synergist to other PSII-inhibitors apart from triazines (as 

shown for atrazine and irgarol), however, this seems likely, if the synergistic effect stems 

from increased cell-membrane permeability as proposed by DeLorenzo and Serrano (2003). 

 

4.4.5.d. Equilibrium partitioning – insecticides 

As no analytical results were obtained by GC-MS for porewater extracts, the 

porewater concentration of most insecticides present in the sediment are by necessity 

estimated based on equilibrium partitioning theory. This was deemed satisfactory due to the 

general focus on herbicides for the experimental work for this thesis, and the insecticide 

analysis will not be discussed in detail here. However, it is important to note the high 

estimated porewater concentrations of the organochlorine insecticide dieldrin, ranging 

between 0.04 – 0.09 nM in the Tully River (Table C.11), which exceeds the ANZECC 

(Australian and New Zealand Environment Conservation Council) water guidelines of 0.026 

nM (ANZECC, 2000). Additionally, this study confirms recent findings (Lewis et al., 2009) 

of contamination of the highly potent neonicotinoid insecticide imidacloprid, with estimated 

porewater concentrations of up to 10 nM in the Tully River. Further details and comparisons 

with the literature can be found in Appendix C, Section C.1). 

 

4.4.6. Phytotoxicity of interstitial waters contaminated with pesticides 

Concentrated extracts from the sediment porewater samples elicited a clear dose-

response in inhibition of Y(II) in both Navicula sp. and N. pyriformis (Figure 4.4). The only 

exception was the Daintree River porewater extract, which was not phytotoxic to the diatom 

Navicula sp. at any concentration-factor (open circles, Figure 4.4 A). At low concentration-
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factors, the extract from the Johnstone River bank porewater was the most potent, evoking 

12% and 15 % inhibition at a concentration-factor of less than six in Navicula sp., and N. 

pyriformis, respectively. At higher concentration-factors, the Tully River extract was more 

potent to N. pyriformis. As dose-response experiments were performed prior to receiving the 

results from the chemical analysis of the sediments, only the replicate porewater extract with 

the highest concentration-factor per sample site (i.e. the replicate where the largest volume of 

porewater could be extracted through centrifugation) was tested in the bioassay in order to 

maximize the sensitivity of the assay. As porewater concentrations of herbicides differed 

somewhat between the replicate samples from each site (Table 4.4), the order of 

phytotoxicity between the sites may be slightly different to what is deduced from testing 

only one replicate extract. However, the remaining porewater extracts were reserved for 

future chemical analysis for validation of, and comparison with, analysis using solid phase 

micro extraction (SPME) of filtered un-concentrated porewaters. This validation was deemed 

more valuable than additional testing in the bioassay, but has not yet been performed. 

 

 

Figure 4.4. Inhibition of Y(II) in A) Navicula sp. and B) N. pyriformis in response to 6-min exposure 
to porewater extracts. Each sample was tested in duplicate, and separate symbols are shown in the 
graph. Milli-Q purified water and filtered seawater (FSW) controls are plotted as the average of 
duplicate wells. For the corresponding dose-response curves after a 2-h exposure, see Appendix C, 
Figure C.1. 

 

Milli-Q purified water blank-extracts showed no inhibition of Y(II) in Navicula sp., 

while the two highest blank doses inhibited Y(II) by 6 and 4 % in N. pyriformis after a 6-min 

exposure time (Figure 4.4 B, filled, dotted squares) but not after 2 hours (Appendix C, Figure 

C.1). Unexpectedly, the filtered seawater controls elicited a 14 – 20 % inhibition response at 

the highest dose. The filtered seawater was later shown to contain traces of diuron and 

atrazine (LC-MS/MS) (Table 4.4), however at concentrations so low as to be unreliable with 

the detection method and standard-concentrations used, and also much lower than would be 

expected to elicit up to 20% inhibition of Y(II). 

It was only possible to fit a sigmoidal regression according to equation 4.4 to the 

dose-response data from the Tully River and the two sites in the Johnstone River (Innisfail 

Jubilee Bridge and Johnstone River bank), hence concentration-factors necessary to elicit a 
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50% inhibition of Y(II) were only determined for these sites, along with IC30 [Sampleconc] and 

IC10 [Sampleconc]. For N. pyriformis, IC80 [Sampleconc] values could also be determined for the 

Tully River extracts. For the remaining extracts, it was necessary to apply a linear regression 

covering the low response range, and thus determine IC10 [Sampleconc] and IC20 [Sampleconc]. 

Linear regressions were also fitted to the low response range of Tully, Innisfail Jubilee 

Bridge and Johnstone River bank extracts, and IC10 [Sampleconc] and IC20 [Sampleconc] were 

determined (Figure 4.5 A). The linear section of the response to diuron in the low 

concentration-range for both species is illustrated in Figure 4.5 B. The linear and the 

sigmoidal regressions yielded similar IC10 [Sampleconc] estimates where both were available, 

however for consistency, only the IC10 [Sampleconc] based on the linear regressions are 

reported here (Table 4.6).   

 

 
Figure 4.5. Expanded plot covering the linear range of the dose-response of A) Navicula sp. and B) N. 
pyriformis to porewater concentrates, and C) Navicula sp. and D) N. pyriformis to the reference 
toxicant diuron. Linear regressions are plotted for derivation of IC10 and IC20-values.  

 

The estimated diuron equivalent concentrations (DECIPAM) of the original samples 

are listed in Table 4.6. There was good agreement between the estimated diuron equivalent 

concentrations from the bioassay (DECIPAM), and the analytically determined concentrations 

(DECanalytical). This is illustrated in Figure 4.6, where the DEQIPAM is plotted against the 

DECanalytical from the corresponding sediment sample replicate (DECanalytical is the sum of the 

analytically determined diuron concentration and the diuron equivalents afforded by the 

presence of atrazine in each sample). The data fell generally slightly above the 1:1 (100% 

agreement) line, signifying an underestimation of the expected toxicity based on the 

analytical results compared with the actual phytotoxicity measured in the bioassay.  
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Good agreement between chemically quantified water concentrations of herbicides, 

and estimated concentrations based on an I-PAM bioassay-derived diuron equivalent 

concentration has been reported previously (Escher et al., 2006, Muller et al., 2008). Thus, 

the I-PAM bioassay is ideal for rapidly determining phytotoxicity of natural water samples, 

taking into account the presence of mixtures of toxicants and their combined effects. 

 

Table 4.6. Porewater concentration-factors needed to elicit 10% inhibition of Y(II) in Navicula sp. and 
N. pyriformis (IC10 [Sampleconc]), and the estimated average diuron-equivalence concentration (DEQI-

PAM) in respective sample (averaged from DEQI-PAM calculated from 3 – 6 points on the dose-response 
curve, except where stated otherwise), and the estimated % inhibition elicited by un-concentrated 
porewater. 
 

 IC10 [Sampleconc] DEQI-PAM 

Navicula sp. Replicate 1 Replicate 2  (nM) 95% CI 
Porewater  
0-conentration 

Herbert River bank  39.2 37.7 0.053-0.056* na 0.3 
Lucinda boat ramp  39.4 32.4 0.053-0.065* na 0.5 
Tully River 13.6 14.3 0.14 0.13-0.15 0.5 
Innisfail Jubilee bridge  13.9 14.9 0.14 0.13-0.14 0.01 
Johnstone River bank  5.7  4.7 0.36 0.31-0.40 2.6 
Daintree River na na na na na 
Milli-Q water na na na na na 
FSW 49.4 50.2 0.042* na na 
 IC10 [Sampleconc] DEQI-PAM  
Nephroselmis pyriformis Replicate 1 Replicate 2 (nM) 95% CI  

Herbert River bank  16.5 17.0 0.086** 0.072-0.10 0.6 
Lucinda boat ramp  14.5 12.6 0.094 0.078-0.110 1.1 
Tully River   6.4  5.7 0.28 0.22-0.33 2.2 
Innisfail Jubilee bridge    9.4  8.1 0.16 0.14-0.18 1.4 
Johnstone River bank   4.5  4.6 0.31 0.26-0.35 3.6 
Daintree River 33.6 28.0 0.048 0.038-0.058 na 
Milli-Q water na na na na na 
FSW 36.0 43.4 0.029-0.034* na na 
na = not applicable, * DEQI-PAM estimated from one point only on the dose-response curve (duplicate 
IC10 [Sampleconc]- values) based on linear regressions. ** DEQI-PAM estimated from two points on the 
dose-response curve (duplicate IC10- and IC20 – [Sampleconc] values) based on linear regressions.  
 
 

 
Figure 4.6. Relationship between DEQI-PAM and DEQanalytical from respective sediment sample. 
Regressions; long dashes - Navicula sp. r2 = 0.76, short dashes - Nephroselmis pyriformis, r2 = 0.95, 
solid line - assuming perfect agreement. 
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Generally, any disagreement between expected and measured inhibition suggests the 

presence of unidentified compounds or interactions between the identified compounds 

(Villeneuve et al., 2000). This is likely the case here, particularly in view of the additive 

toxicity of PSII-inhibitors even at very low concentrations (Faust et al., 2001). Additionally, 

it has recently been shown that toxicity of non-PSII-inhibitors to the macrophyte Lemna 

minor can be mneasured as inhibition of Y(II) in an I-PAM bioassay, using paraquat-

dichloride (PSI inhibitor), triclosan (inhibits fatty acid biosynthethis), and alizarine (inhibits 

electron-transport at the cytochrome b6/f complex) (Küster et al., 2007). Only diuron and 

atrazine (PSII-inhibitors) were detected in the porewater extracts used in the bioassay here, 

and were included in the estimation of DECanalytical. Hence it is possible that non-PSII-

inhibitors, which were not analysed for in the LC-MS/MS, could be present to affect Y(II) 

explaining the discrepancy. Alternatively, it may also be a result of other matrix-effects as 

many of the extracts were clear (translucent) but strongly yellow coloured. Strongly coloured 

extracts lower the actinic intensity of the measuring light through a filtering effect, leading to 

an increase in Y(II) relative to the control, and thus to an apparent decrease of inhibition 

(Escher et al., 2006, Schreiber et al., 2007). However, if the discrepancy was due solely to 

coloured extracts here, an overestimation rather than an underestimation of the toxicity 

would be expected. The inhibition of Y(II) increased slightly for most extracts after a 2-h 

exposure (see Appendix C, Figure C.1), further indicating the presence of baseline toxicants 

(i.e. non-polar toxicants causing narcosis, a reversible state of arrested activity of 

protoplasmic structures (Veith and Broderius, 1990)) which may also explain part of this 

small difference.  

It has been suggested that a decrease in the fluorescence parameters F and Fm’ after 

exposure of microalgae to natural extracts may indicate the presence of non-specifically 

acting compounds (Escher et al., 2006). To investigate this possibility, extract-dose-

dependent F and Fm’were examined for Navicula sp. and N. pyriformis. The typical responses 

of the F and Fm’ parameters to exposure to PSII-inhibitors is a dose-dependent increase of F 

(as electron transport is blocked, and more energy will be dissipated as fluorescence), while 

Fm’ remains stable. This typical PSII-inhibitor-dominated response is illustrated in Figure 4.7 

by the effect of increasing concentrations of diuron and atrazine on F and Fm’ in N. 

pyriformis. A closer inspection of the effect of the porewater extracts on responses of the F 

and Fm’ parameters in Navicula sp. and N. pyriformis, reveals that none of the extracts elicits 

this typical PSII-inhibitor-dominated response (Figure 4.8). Instead, the maximum 

fluorescence (Fm’) shows a decrease with the lowest dose, followed by a slight increase 

before decreasing again at the highest doses in Navicula sp. (Figure 4.8 A – F), and a steady 

decrease with increasing dose in N. pyriformis (Figure 4.8 G – H). The steady state 

fluorescence (F) in Navicula sp. generally shows a slight decrease at the lowest extract dose, 
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followed by a small increase compared to control as expected if exposed to PSII-inhibitors. 

In N. pyriformis, steady state fluorescence shows an uncharacteristic dose-dependent 

decrease with increasing extract concentration. However, the decrease in F is smaller than 

the decrease in Fm’, hence as F and Fm’ approach each other, a dose-dependent decrease in the 

Y(II) parameter is evident. As mentioned earlier, a decrease in Fm’ has also been observed at 

high concentrations of PSII-inhibitors, and may be due to inhibition at the PSII electron 

donor side (Muller et al., 2008). No such pattern was observed in the single-herbicide dose-

response experiments in this study though (see Figure 4.7), and it is unclear if inhibition at 

the electron donor side of PSII can explain some of the decrease in Fm’ here. 

 

 
 
Figure 4.7. Typical response to PSII-inhibitors in the fluorescence parameters Fm’ and F illustrated by 
the dose-response to A) diuron, and B) atrazine, in Nephroselmis pyriformis. Average ± stdev, n = 6 
wells, 1 culture. 
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Figure 4.8. Fluorescence parameters Fm’ and F for Navicula sp. (A – F) and Nephroselmis pyriformis 
(G – L) in response to increasing concentrations of porewater extracts. Plots represent Navicula sp. 
exposed to extracts from; A) Daintree boat ramp, B) Tully River, C) Innisfail Jubilee bridge 
(Johnstone River), D) Johnstone River bank, E) Lucinda boat ramp (Herbert River), and F) Herbert 
River bank, and Nephroselmis pyriformis exposed to extracts from G) Daintree boat ramp, H) Tully 
River, I) Innisfail Jubilee bridge (Johnstone River), J) Johnstone River bank, K) Lucinda boat ramp 
(Herbert River), and L) Herbert River bank. Duplicate samples are shown; controls are plotted as 
concentration-factor 1 to accommodate the log-scale. 
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4.5. Conclusions  
 

This chapter provides significant information on the sensitivity of tropical 

microalgae to herbicides under environmentally relevant conditions (low concentrations, 

mixtures and natural water samples). The general pattern of relatively high sensitivity in the 

tropical species tested here compared to temperate and standard species (both within this 

study and compared to the current literature, see discussion for references) stresses the value 

of including locally isolated organisms in a test-battery, as these may not be protected by 

guidelines set for other regions. Additionally, the additive toxicity of the herbicide mixtures 

emphasise that there may be no environmentally safe threshold-concentration for similarly 

acting chemicals, as they may still pose a risk when present together in mixtures. This 

illustrates the importance of incorporating a total-maximum-load measure when establishing 

guidelines for environmental protection purposes, instead of treating each contaminant as an 

isolated entity.  

 
 

 Another important conclusion arising from this study is the advice against further 

use of the diatom Phaeodactylum tricornutum as a standard test-species for ecotoxicological 

studies. The conclusion is based primarily on its large within-strain variability in both 

sensitivity (diuron) and response-kinetics (hexazinone) under practically identical strain-

maintenance and experimental conditions, along with its unusual morphology and the fact 

that the circumstances triggering morphological changes and potentially biochemical 

changes are not yet fully understood (Tesson et al., 2009). 

 

Contrary to previous studies where toxicity of breakdown products have been 

reported to be higher than (or at least equal to) the toxicity of the parent herbicide (Meakins 

et al., 1995, Tixier et al., 2001, Giacomazzi and Cochet, 2004) this was not the case for 

inhibition of Y(II) in microalgae by dichloroaniline (3,4-DCA) or desethylatrazine (DEA). 

However, some care needs to be taken before concluding these chemicals are not phytotoxic, 

as the I-PAM bioassay is highly specific to PSII-inhibiting substances, and at least 3,4-DCA 

is classified as a class 2 toxicant (i.e. a polar narcotic compound, generating the same 

symptoms as baseline toxicants, however, being more potent) (Verhaar et al., 1996). Further 

experiments using longer-term exposures and whole-organism- or population-sensitive 

endpoints may be needed to determine the effects of non-PSII-inhibitors, such as these 

herbicide breakdown products, in combination with their parent chemicals. 
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 Finally, the presence of high concentrations of herbicides, insecticides and 

fungicides detected in locally (ecologically and economically) important rivers and estuaries 

are of concern and deserve further attention. This is particularly true for the herbicide diuron, 

in combination with other PSII-inhibitors that may affect the energy-acquisitioning by 

important microalgae, hard corals and seagrasses. The I-PAM bioassay proved to be a rapid, 

easy-to-use tool for screening large numbers of chemical mixtures, as well as providing a 

rapid option for assessment of PSII-inhibitors in natural samples. Good agreement was 

observed between the results of chemical analysis and the estimation of PSII-inhibitor 

concentrations by I-PAM bioassays. This result independently supports the use of the I-PAM 

bioassay as a valuable tool in exposure-, and environmental risk- and impact-assessments. 

Additionally, a bioassay may prove more valuable in evaluating the actual toxic effect of a 

porewater sample, compared to estimating environmental concentrations of contaminants 

based on equilibrium partitioning, as many assumptions need to be fulfilled in order to 

achieve accurate estimates.  

 

 Environmental contamination of the highly potent insecticide imidacloprid has also 

now been confirmed in the Tully River during this study. It is therefore advisable to include 

analysis of this chemical in any future monitoring efforts, in order to better outline its 

environmental fate under Australian conditions, and hence the possible risk posed. 

Additionally, an increase in sediment concentrations of dieldrin as detected here compared to 

previous studies (Haynes et al., 2000a, see Section C.1 in Appendix C for further details) 

from the Tully River, instead of the expected decline, warrants further sampling efforts to 

elucidate the source. 
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Chapter 5. The long-term effects of diuron exposure on 

photosynthesis, species composition and 

induction of herbicide tolerance in a naturally 

seeded estuarine fouling microcosm community 

 

5.1. Abstract: 

Short-term, single-species tests may not adequately assess the effects of 

contaminants on intact, multi-species communities, as they are unable to take indirect effects 

on species interactions into account. Multi-species, tropical estuarine biofilms established 

under laboratory conditions in flow-through microcosms were therefore exposed to varying 

concentrations of diuron for four weeks. Effect of diuron on photosynthetic capacity in the 

biofilms was measured using multiwavelength pulse amplitude modulated fluorescence 

(Phyto-PAM), and community structure was evaluated by cell counts for single-celled 

organisms, percent area coverage for filamentous organisms and pigment profiles using high 

performance liquid chromatography (HPLC) during weekly sampling. This combination of 

techniques enabled the first identification of pollution-induced community tolerance (PICT) 

in tropical estuarine biofilms in response to chronic herbicide exposures. A threshold 

concentration for development of PICT in these biofilms could be determined to be <28 nM 

for diuron after four weeks, which is within the concentration range of diuron detected in the 

Australian environment. Although the photosynthetic activity of a herbicide-exposed 

community recovers as herbicide concentrations decrease, structural changes were shown to 

require in excess of two weeks for full recovery.  
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5.2. Introduction  

5.2.1. Environmental relevance of long term multi-species tests 

Many of the herbicides commonly detected in freshwater and marine environments 

have estimated half-lives of several months (Tomlin, 2000). Diuron is one of the more 

persistent compounds, with a soil half-life varying between three to six months depending on 

soil type and humidity, and an aqueous half-life of approximately 120 days (Tomlin, 2000). 

Due to its persistence and high use rate (Hamilton and Haydon, 1996), diuron is commonly 

detected in surface waters and sediments in Australia all year round (Haynes et al., 2000, 

Müller et al., 2000, Radcliffe, 2002, Lewis et al., 2009, Chapter 4, this thesis).  

Although persistent low concentrations of diuron may not be high enough to cause 

acute toxicity, it is still possible they may affect microalgal communities at longer, more 

ecologically relevant, timescales. This type of chronic exposure is not adequately assessed 

through standardized acute or ‘chronic’ (generally 3-d) toxicity tests. Another limitation of 

standardized toxicity tests is that the majority of tests employ a single species, or at best, a 

range of several species separately (Cairns, 1983) and therefore do not take indirect effects 

on species interactions (competition, predation, community function) or other system level 

effects into account (Cairns, 1983, Joern and Hoagland, 1996). As variability in response to 

toxicant exposure is often large between different taxa, even when investigating a compound 

with a known specific action at an evolutionary highly conserved site such as the D1 protein 

of PSII, the application of a single-species test can also be unreliable to identify sensitive 

species for environmental risk assessments (Cairns, 1983, Gustavson et al., 2003). 

Additionally, comparatively few taxa are amenable to long-term, laboratory maintenance of 

stock test-populations (Pontasch et al., 1989, Lorenz et al., 2005), and it is thus unlikely that 

the “most sensitive” species is being tested at all.  

The use of larger scale, multi-species or whole community micro- or mesocosm 

studies have therefore been advocated, and are now in common use (Barry and Logan, 1998, 

Boivin et al., 2002, Schmitt-Jansen and Altenburger, 2005, Arrhenius et al., 2006, Schmitt-

Jansen and Altenburger, 2008). Micro- or mesocosm studies are also generally requested for 

registration purposes or environmental impact assessments if the lower tier tests (single- or 

multi-species acute and short time-span tests) have indicated that pollution by a certain 

compound may cause environmental damage (Urban, 1994). A whole community toxicity 

test may contribute higher environmental relevance and scalability of the results than single- 

species tests, as information on exclusion of species, species interactions, and adaptation can 

also be derived (Altenburger and Schmitt-Jansen, 2003).  
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5.2.2. Pollution-induced community tolerance, PICT 

There is little evidence at present to suggest community level tests are systematically 

more or less sensitive than single-species tests, and it is often argued that single-species tests 

may be adequate for predicting toxic effects of contaminants on populations in the 

environment (Altenburger and Schmitt-Jansen, 2003). However, an important advantage of 

using whole communities as experimental units is the opportunity to test for the development 

of tolerance or increased sensitivity in the community after prolonged contaminant exposure. 

Increased tolerance in a community after exposure to a contaminant is commonly referred to 

as Pollution-Induced Community Tolerance, or PICT (Blanck and Wängberg, 1988), and 

was reviewed by Blanck (2002). PICT assumes that only organisms that can tolerate the 

environmental conditions they find themselves in (for example chronic exposure to 

pollution), will survive under those conditions. During the selection phase (from initiation of 

the increased pollution pressure), less sensitive species will hence replace the more sensitive 

ones, resulting in a final community that is more tolerant to the toxicant driving the 

community change (Blanck, 2002). As PICT is discernable only at a community level, it will 

respond only to changes in pollution loads that are ecologically relevant, by altering survival, 

or competitive or reproductive performance, thus providing information at the level of 

biological organization that is generally of concern in risk assessments and ecological studies 

(Blanck, 2002, Boivin et al., 2002). 

In order to confirm the influence of PICT, it is necessary to allow sufficiently long 

exposure time to the toxicant for the community to change (i.e. over many generations), and 

at the end of the exposure be able to quantify the induced tolerance through the response to a 

short-term integrating (for example growth rate), or toxicant action-specific endpoint (such 

as inhibition of Y(II) when investigating PSII-inhibitors) (Blanck, 2002). It is also necessary 

to validate PICT by evaluating if the response is related to a concentration gradient of the 

contaminant, and whether changes in tolerance coincides with changes in other indicators or 

long-term effects like community structure (Blanck, 2002). PICT has been detected for a 

variety of communities in response to heavy metals (Bååth et al., 1998, Soldo and Behra, 

2000), arsenate (Blanck and Wängberg, 1991), herbicides (Molander and Blanck, 1992, 

McClellan et al., 2008, Schmitt-Jansen and Altenburger, 2008) and TBT (Molander et al., 

1992) and is viewed as a powerful tool in ecotoxicology and environmental impact 

assessments. 
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5.2.3. Measuring the effects of herbicides on community structure using Phyto-PAM 

and pigment analysis   

Inhibition of Y(II) measured by PAM-fluorometry has proven to be a convenient and 

ecologically relevant endpoint in ecotoxicology (Magnusson et al., 2008). As inhibition of 

Y(II) is highly specific and sensitive for the detection of effects of PSII-inhibiting herbicides, 

it should be a suitable endpoint for use in detection of PICT in communities exposed to such 

toxicants. The Phyto-PAM (Heinz Walz GmbH, Effeltrich, Germany) is capable of taking 

simultaneous fluorescence measurements and deriving multiple photosynthetic yields 

relevant to different algal groups and should therefore be very well suited to measuring PICT 

in algal biofilms.    

The measuring principle in the Phyto-PAM is the same as for other PAM-

instruments. Steady state (light-adapted) fluorescence yield (F, most PSII reaction centres are 

open) is measured immediately before applying a saturating light pulse, after which the 

maximum fluorescence yield, Fm’ (PSII reaction centres closed) is measured and Y(II) is 

calculated as Y(II  ) = (Fm’- F) / F = ∆F / F. Photosynthesizing organisms contain different, 

class-specific pigments in their photosystems (Jeffrey et al., 1997, Graham and Wilcox, 

2008). Chlorophyll b (chl b) and lutein are for example specific for chlorophytes, whereas 

the accessory pigments diadinoxanthin (Dd) and diatoxanthin (Da) are only present in 

diatoms. The Phyto-PAM takes advantage of the differences in light-absorbing properties of 

these algal class-specific pigments. The measuring light pulses in a Phyto-PAM are emitted 

by an array of LEDs of four different colours; blue (470 nm), green (520 nm), light red (645 

nm) and dark red (665 nm), applied at a high frequency so that nearly simultaneous 

measurements of chlorophyll fluorescence at the different wavelengths are taken (Schreiber, 

1998). The class-specific pigments in chlorophytes absorb more in the green light (520 nm) 

and fluoresce more strongly in blue and red light (470, 645 and 665 nm). Cyanobacteria on 

the other hand fluoresce strongest at 645 nm, while the signature pigments of ochrophytes 

and dinoflagellates (fucoxanthin, Chl c2, and carotenoids) are more strongly excited 

(fluoresce more) by blue (470 nm) and green (520 nm) light (Jeffrey et al., 1997, Schreiber, 

1998). The Phyto-Win software accompanying the instrument can de-convolute and 

differentiate between the fluorescence signals emanating from cyanobacteria, green algae, 

and ochrophytes/dinoflagellates, and thus provide algal group-specific responses in Y(II) to 

toxicants. The Phyto-PAM was initially designed for use with dilute phytoplankton samples 

(Schreiber, 1998), and the de-convoluted algal class-specific fluorescence signals are 

normally referred to as emanating from chlorophytes, cyanobacteria and 

diatoms/dinoflagellates. Throughout this study, the more encompassing term ochrophytes is 
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used instead of diatoms, as brown algae are also initially present in the biofilms and 

contribute to the signal. 

Pigment chemotaxonomy (algal class-specific pigment profiles) can also be used to 

determine algal class abundances or community shifts by quantifying extracted 

photosynthetic pigments using high performance liquid chromatography (HPLC) (Jeffrey et 

al., 1997). Pigment chemotaxonomy has accordingly been used to determine the effects of 

herbicides (Pinckney et al., 2002, Devilla et al., 2005a), or to assess the status of lake 

phytoplankton communities (Sarmento and Descy), and in a large range of ecological, 

environmental and toxicological studies, often applying the Chemtax-software for 

quantification (Mackey et al., 1996, Buchacha et al., 2005, Lewitus et al., 2005). 

 

5.2.4. Community changes in microphytobenthos  

The ecological importance of microphytobenthos (MPB) has been recognized in the 

European Water Framework Directive (WFD), and methodology for the use of biofilms in 

ecotoxicological studies has recently been reviewed (Sabater et al., 2007). Artificial substrata 

were recommended for collection purposes of biomaterial to enable standardization (within 

and between studies), in conjunction with complementary analysis of effects on several 

biological levels (Sabater et al., 2007). MPB has been suggested as an appropriate model 

system for use in whole community micro- and mesocosm studies, as they are comparatively 

inert to the changes involved in taking a sample from the field for establishment in the 

laboratory (Defew et al., 2002). In addition, the MPB is generally a species-rich and diverse 

system (see for example Chapter 2 of this thesis); comprised of species with comparatively 

short generation times, thus enabling testing over many generations within an experimentally 

realistic time-frame (the microalgae used for toxicological assessment in previous chapters 

of this thesis for example all have generation times of approximately 1 – 1.5 days). The 

ecological importance of MPB (reviewed in Chapter 2, this thesis) is another desirable 

characteristic for a system to be used in community studies. Additionally, the large species-

specific variability in herbicide sensitivity between taxa in the MPB (see previous chapters 

of this thesis) potentially allow for community level changes detectable as PICT. The short 

generation times, sedentary growth, and complex taxonomic composition (algae, bacteria, 

fungi) of the MPB thus allow for an integrated community response with high environmental 

relevance and scalability to natural conditions from the laboratory (Defew et al., 2002, 

Sabater et al., 2007). 
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5.2.5. Aims 

Here, the long term effect (four weeks) of the herbicide diuron on tropical 

microphytobenthos seeded from a natural estuarine community in laboratory microcosms 

was studied. PAM-fluorometry (Phyto-PAM) was used to explore algal class-specific 

sensitivities to this herbicide and subsequent changes in community structure. The potential 

for pollution-induced community tolerance (PICT) was examined in separate, acute diuron 

dose-response experiments following the four-week exposure, and possible changes in 

community structure were investigated through analysis of algal class-specific pigments 

using HPLC, along with direct cell counts of preserved material. Furthermore, the ability of 

the community to recover following a prolonged exposure to diuron was tested. 

 

5.3. Materials and methods 

5.3.1. General design 

Biofilms seeded from a natural community onto glass microscopy slides were 

positioned in ten 10 L glass aquaria (microcosms), custom built as raceways with a small 

propeller mounted in one corner driving the circulation of the water at a set flow-rate (~ 5 cm 

s-1). The system was designed for continuous flow-through of the test medium with 1 µm 

filtered sea water at around 24 ºC. Light was provided by white fluorescent lights (96 W, 

1000 K ultra sunlight) to an average intensity of 51 ± 3 μmol photons s-1 m-2 

(photosynthetically active radiation, PAR) across all aquaria with a 12:12 hour light:dark 

cycle throughout the colonization, diuron exposure and recovery phases of the experiment. A 

peristaltic pump system (Masterflex L/X Extech Equipment, Boronia, Australia) delivered 

water from a header tank, fed by seawater filtered as above, at a flow-rate of 10 mL min-1 

continuously from the start of dosing (Figure 5.1).  

 

 

Figure 5.1. Experimental set-up showing A) the peristaltic pumps, diuron stock-flasks, and header-
tank with filtered sea water (upper left corner), and B) the row of experimental microcosms with 
colonized glass slides hanging from Perspex rods. 
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Following acclimation of the microcosms to test-conditions, a four-week continuous 

herbicide exposure was initiated, using the PSII-inhibitor diuron as a model contaminant. 

Four different nominal diuron concentrations (8.6 nM, 17.2 nM, 34.3 nM and 68.6 nM 

[corresponding to 2, 4, 8, and 16 μg L-1], see Table 5.2 for measured concentrations) were 

delivered from stock solutions to duplicate aquaria at a flow-rate of 0.5 mL min-1 using a 

second peristaltic pump. The set flow-rates resulted in the total volume in each microcosm 

being replaced every 24 hours. The concentrations were chosen to encompass 

environmentally realistic exposures (up to 36.5 nM diuron [8.5 μg L-1 ] have been detected in 

Australian surface waters (Mitchell et al., 2005)). Fresh diuron stocks were made up twice 

weekly in Milli-Q purified water with DMSO (99.9% purity, Sigma Aldrich) as carrier (final 

DMSO in all diuron-dosed aquaria, <0.002%, v/v) to refill the delivery-containers. Two 

additional microcosms received DMSO-control solution (0.05% v/v identical to diluted 

diuron stock-solution to provide a final DMSO solution in control tanks of < 0.002% v/v) in 

an identical manner. Glass slides were sampled weekly for four weeks, including day 0 (see 

Table 5.1 for a time-table of events during the course of the experiment). The four-week 

exposure was followed by a two-week recovery period in uncontaminated water, and then 

terminated with a final sampling performed as above (i.e. 6 sampling occasions in total). At 

each sampling occasion, separate subsamples were collected for Phyto-PAM (Heinz Walz 

GmbH, Effeltrich, Germany) analysis, cellular pigment analysis and cell counts. 

Additionally, after a 24-h recovery-period following the 4-week exposure, the possibility of 

pollution-induced community tolerance (PICT) was tested. On three occasions, water 

samples were collected from each microcosm for chemical analysis of diuron concentrations. 

See below for further details for each method. 

 

5.3.2. Biofilm preparation 

Sandy and muddy sediment as well as mangrove root scrapings were collected from 

a local tidal creek (19°16'40.43"S, 147° 2'33.27"E) for seeding of slides with a natural 

biofilm. The sediment samples were carefully but thoroughly homogenized by gentle stirring 

of the slurry. The slurry was allowed to settle and excess water decanted before dispensing 

10 mL sediment in small Petri-dishes and placing two dishes in each of the ten 10-L 

experimental aquaria. After a two-week acclimation period of the seeding community to the 

test conditions, cleaned (pyroneg detergent and acid washed, followed by thorough rinsing in 

deionized water) and numbered glass microscopy slides were arranged in the aquaria for 

colonization, hanging attached with plastic-covered paperclips and tie-wire from transparent 

Perspex-glass rods balanced on the edges of the aquaria, ensuring the paperclips were above 
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the waterline (to avoid corrosion). The slides were thus vertically suspended in the water 

column to encourage fouling/benthic species to colonize (Figure 5.1).  

After four weeks of colonization the seeded slides were carefully transferred to a 

temporary aquarium and the seeding-material (sediment in Petri-dishes) was removed before 

the aquaria were cleaned (removal of settled algae and sediment from the surfaces of the 

aquaria) to increase the homogeneity between the aquaria. Fresh filtered seawater (1 µm) was 

added to the aquaria and the seeded slides were re-inserted, hanging suspended from the 

Perspex rods. After allowing the microphytobenthic communities to stabilize for two weeks, 

the microcosms were once again cleaned before initiating diuron delivery. The total length of 

colonization was hence 6 weeks in uncontaminated water (see Table 5.1 for a time-line of the 

colonization protocol). Any variability in colonization between microcosms was minimized 

by randomly transferring the slides between aquaria during the six week period. 

 

5.3.3. Diuron preparation 

A stock solution of analytical grade diuron (Sigma Aldrich, Australia) was prepared 

in Milli-Q purified (Millipore Synthesis system, equipped with a 0.22 μm Millipak filter, 

Millipore) water in acetone-rinsed glassware using DMSO (1%, v:v) as carrier and stored 

refrigerated in the dark for use during the entire experiment. The stock-solution was further 

diluted in Milli-Q purified water to the appropriate stock-concentrations for delivery to the 

flow-through system. Maximum concentration of DMSO was less than 0.05% in the diuron 

delivery solutions, and maximum DMSO-concentration in the microcosms was less than 

0.002% (v:v). A DMSO-solution was prepared accordingly in Milli-Q water to deliver to 

control aquaria. Both delivery-solutions of diuron and of controls were prepared from 

respective stocks twice weekly in order to refill the delivery-containers connected to the 

flow-through system. All solvents were HPLC-grade or 99.9 % purity (DMSO) and 

purchased from Sigma Aldrich, Australia.  

 

5.3.4. Sampling 

Sampling was performed weekly, starting at day 0 (allowing 30 minutes for 

complete mixing after dosing with diuron, entire sampling took approximately four hours). 

Five slides per aquarium were sampled by scraping the biofilm off the surface of the slide 

using a razorblade and suspending the biomaterial in 15 mL of water taken from the sampled 

aquarium. The samples were effectively homogenized by pumping with a transfer pipette. 

Known amounts (2 mL) of the suspension was used for Phyto-PAM readings, 2 mL was 
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preserved in 10% formaldehyde/filtered sea water (v/v) and then stored in the dark for later 

cell counts, and the remainder (a known volume, generally 11 mL) gently filtered onto GF/F 

filters (Millipore, Sigma Aldrich, Australia) and immediately stored at -80 °C (Dometic, 

UF756) for later HPLC pigment analysis.  

For the recovery, the remaining slides in each microcosm-aquarium were 

temporarily moved to a separate container while the contaminated water was pumped out 

and replaced by uncontaminated water before the slides were re-inserted into the same 

aquaria again. The aquaria were not cleaned out at this stage as it was desirable to not change 

the community or the test conditions other than replacing the water. After two weeks in 

uncontaminated water (14 water exchanges), sampling was carried out as described above. 

 

Table 5.1. Time-table of events during colonization and sampling of biofilms exposed to diuron. 

Day  Event  

-44 Creek sediment transferred to aquaria 
-42 Cleaned slides transferred to aquaria for colonization 
-14 Seeding material (sediment) was removed and aquaria cleaned 
  0 
  0 

Aquaria cleaned, diuron dosing initiated 
Weekly sampling #1 

  7 Weekly sampling #2 
  13 Water samples taken for diuron analysis   
  14 Weekly sampling #3 
  21 Weekly sampling #4 
  22 Water samples taken for diuron analysis   
  28 
  28 

Weekly sampling #5 
Water samples taken for diuron analysis prior to replacing with uncontaminated water 

  29 PICT testing (after 24-h recovery) 
  42 Sampling #6 (two weeks recovery) 

 

5.3.5. Phyto-PAM fluorescence measurements  

A Phyto-PAM (Heinz Walz GmbH, Effeltrich, Germany) equipped with an emitter-

detector unit (the PHYTO-ED system) was used to assess the total and algal class-specific 

photosynthetic response (Y(II)) to diuron of the fouling communities after 0, 7, 14, 21, and 

28 days exposure, as well as after 14 days recovery in uncontaminated water. Parameters 

measured were light-adapted minimum and maximum fluorescence, F and Fm’, respectively 

from which the effective PSII quantum yield Y(II) was calculated according to equation 5.1 

 

Y(II) = ∆F /Fm’        Eq. 5.1 

Toxic effects elicited by diuron was quantified by calculating % inhibition of Y(II) in treated 

aquaria compared to control aquaria: 
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% Inhibition = 100*(1-Y(II)treatment/Y(II)control)     Eq. 5.2 

Class-specific reference spectra were acquired using locally isolated microalgae5 in order to 

enable the deconvolution of algal class-specific fluorescence responses. Reference spectra 

were acquired using identical settings to those cited below for PAM-measurements of the 

experimental material.  

At the start of each session of Phyto-PAM measurements (i.e. in the morning of each 

sampling day), a zero-offset (Zoff) determination was performed (serving as a blank). 

Filtered seawater from the header-tank was used for the Zoff-determination. Measuring light 

was set at 64 with a PAR of 32 (this was the PAR setting as close as possible to the light 

intensity over the aquaria), and gain was generally set to 5, unless the sample was too dense 

or dilute for this gain setting. As steady state fluorescence was not used to estimate 

chlorophyll concentration, it was deemed appropriate to change the gain to achieve a 

satisfactory fluorescence signal, rather than keep the same settings and forgo data. The 

colonized slides were sampled as above, and a known amount (generally 2 mL) of the 

suspension from a sample slide was transferred to the Phyto-PAM measuring cuvette. After 

inserting the sample-filled cuvette into the Phyto-ED unit, the samples were allowed a 30 s 

adaptation time to the measuring light (measured by stop watch) to stabilize. To measure the 

effective quantum yield, seven saturation pulses were then applied at 20 s intervals and the 

response averaged for each sample. 

 

5.3.6. I-PAM and Pollution-Induced Community Tolerance (PICT) testing 

To directly compare the response of the biofilm community to long-term diuron 

exposure with the acute response of monoclonal algal cultures, Navicula sp. and 

Nephroselmis pyriformis were exposed to water sampled from the aquaria in an I-PAM 

(Heinz Walz GmbH, Effeltrich, Germany) bioassay following the methods of acute 

exposures described in Chapter 4. Three replicate slides from each aquarium were also 

placed in the I-PAM (in water from respective aquarium), and I-PAM measurements were 

taken in an identical manner. 

The diuron analysis results for microcosm-concentrations were not available until 

after the experiment. Therefore, I-PAM in combination with pure cultures of Navicula sp. 

and N. pyriformis were used for the biomonitoring of expected herbicide concentrations in 

the treatment aquaria (as per Chapter 4, this thesis). The inhibition of Y(II) elicited by the 

microcosm-water was compared to the expected inhibition based on the nominal 

                                                 
5 Reference cultures were Oscillatoria sp. (cyanophyte, NQAIF 161), Nannochloris sp. (chlorophyte, 
NQAIF 007), and Navicula sp. (diatom, NQAIF 110). 
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concentrations of diuron and the previously determined acute dose-response to diuron in 

these species (Chapter 4, this thesis).  

To test whether the biofilm communities had developed tolerance to diuron, 

duplicate slides from each aquarium6 were gently rinsed by dipping in a series of containers 

with uncontaminated seawater, and transferred to a separate, clean aquarium subsequent to 

the 28-d diuron exposure. After 24-h recovery in uncontaminated water, the biofilms were 

scraped off and re-suspended in 20 mL uncontaminated water as described above. These 

suspensions were then exposed to a concentrations series of diuron (0 – 190 nM) in an acute 

exposure I-PAM bioassay using 96-well plates following the method described in Chapter 4 

(ML = 9, frequency = 8, gain = 2, corresponding to PAR = 3). Algal suspension from each 

slide was homogenized and 300 μL dispensed in each of 24 wells, allowing acute dose-

response measurements on communities from four slides on one microtitre plate. Following 

acclimation to the measuring light in the I-PAM, three saturation pulses were applied and 

Y(II) averaged over the 24 wells to determine photosynthetic efficiency after 24-h recovery. 

Eight wells per biofilm-sample (slide) then received control-solution (30 μL 1% DMSO v:v 

in Milli-Q purified water), and the remaining 16 wells from each slide received eight 

concentrations of diuron (i.e. duplicate wells per concentration). Five saturation pulses were 

applied and Y(II) averaged for each well before calculating inhibitory response in each 

diuron-treated well compared to the nearest control well from the same biofilm-suspension 

according to Equation 5.2.  

 

5.3.7. Community composition  

Triplicate samples of preserved material from each treatment (including controls) 

was inspected at 400 times magnification under an Olympus BX51 Light microscope 

equipped with Nomarski differential interference contrast and an Olympus DP 70 camera for 

community structure analysis. Filamentous algae (brown algae and cyanobacteria) were 

enumerated as % cover of a 24 x 24 mm coverslip from a known volume of sample. 

Taxonomic units for enumeration were filamentous brown algae, cyanobacteria, diatoms (to 

genus level where possible), dinoflagellates, and “other” (generally small flagellated 

organisms that were not possible to ascribe a positive identification).  

 

 

                                                 
6 Due to loss of some slides, no slides were taken from aquarium 4 (28.0 nM diuron) as the remaining 
slides in this aquarium were required for the 14 day recovery sampling. 
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Cells cm-2 on the biofilm-covered slide was calculated according to equation 5.3: 

 

Abundance (N) (cells cm-2) = (ncells *Ac * VT)/(AFoV * nFoV * Vc * 4 *Abiofilm)    Eq. 5.3 

 

where:  

ncells = counted cells 

Ac = area of the coverslip (2.4 x 2.4 = 5.76 cm2) 

VT = total volume of biofilm suspension 

AFoV = area per field of view (radius of field of view2 * π = 0.2752 * 3.14 = 0.237 mm2) 

nFoV = number of fields of view counted (50) 

Vc = volume counted, mL (volume applied to coverslip, 0.020 mL) 

4 = concentration factor before counting (by removing supernatant after settling of algae) 

Abiofilm = area of biofilm on original slide, cm2 (2 * 5.7 * 2. 54 + (2 * 5.7 * 0.1 + 2.54 * 0.1) = 

30.35 cm2) [the area of the two planes plus the area of the three edges that were submerged) 

 

Filamentous brown algae were identified to genus level in separate, live samples prior to 

enumeration of the preserved material. However, due to their tangled growth habit, it was not 

possible to acquire separate abundance estimates for the different genera at 400x 

magnification, resulting in an estimate of “total % cover” of filamentous brown algae. 

Percent cover estimate for each field of view (FoV) was first converted to area covered (in 

cm2) and then averaged for all FoV to a Cestimate parameter (i.e. cm2 per FoV). This Cestimate 

parameter was inserted in equation 5.3, and the equation modified to yield a percentage 

(equation 5.4). 

 

% cover = 100 * (Cestimate *Ac * VT) / (AFoV * nFoV * Vc * 4 * Abiofilm)     Eq. 5.4 

 

Cyanobacterial percent cover was also estimated using equation 5.4. Percent cover of brown 

turf-algae was approximated based on an estimation of the area covered if the filaments had 

been disentangled and laid out in a monolayer over the slide. Forcing the three-dimensional 

structure of the filamentous brown algae in an intact community into two dimensions 

occasionally resulted in cover-estimate exceeding 100%. This is sensible as the algal turf 

may make up many layers if all the filaments were in fact spread horizontally over the 

colonized slide. Biomass dry weight (DW) is sometimes used to estimate abundance, but was 

deemed inappropriate here as it produces no taxonomic resolution. For macro-algae, 

counting taxa present under a number of nodes on a grid placed over the community is 

common (Meese and Tomich, 1992, Irving and Connell, 2002). Here, destructive sampling 
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(i.e. removal of the biofilm from the colonized surface) was necessary for acquiring Phyto-

PAM measurements with the phyto-ED unit and pigment-samples, as well as for collecting 

samples for enumeration of unicellular microalgae. It was therefore not possible place intact 

biofilms under a grid for microscopical inspection. Additionally, it has been shown that there 

is generally no significant differences in abundance estimates acquired through visual 

estimation, or “hits” on evenly spaced or random dots on a grid-system, and that visual 

estimates tend to overestimate abundances to a lesser degree (Meese and Tomich, 1992, 

Dethier et al., 1993). 

 

5.3.8. Pigment analysis 

The pigment samples were extracted and analysed using a method modified from 

van Heukelem and Thomas (2001). Pigments were extracted sequentially by first incubating 

each sample (i.e. filter, see section 5.2.4) in 3 mL chilled extraction solvent (99% methanol 

(MeOH), 1% 0.5 M tetrabutylammonium acetate [TBAA, 1.0 M aqueous, Sigma-Aldrich, 

Australia]) for 30 minutes in the dark (-20 °C), followed by sonication (60 seconds, 30 W) 

(Ultrasonic processor, Cole Palmer, Extech Equipment Pty. Ltd). The filters were then 

incubated for a further 60 minutes (dark, -20 °C), sonicated (30 seconds, 30 W), and a 

subsample (1 mL) was then centrifuged at 13000 x g (5 minutes at 4°C) (Microfuge 22R, 

Beckman Coulter). The supernatant was filtered through 0.2 µm syringe-filters (0.2 µm GHP 

membrane, Pall Corporation), and finally 300 μL of the filtered supernatant was transferred 

to a glass-vial containing 750 µL 28 mM TBAA adjusted to pH 6.5. After thorough mixing, 

the sample was ready for analysis using high performance liquid chromatography (HPLC) on 

a Waters 600 HPLC, combined with a Waters PDA 996 photodiode array detector on a 3.5 

µm, 4.6 x 150 mm C-8 Agilent Eclipse XDB column (Agilent, Australia). A two solvent 

gradient with a flow rate of 1.1 mL min-1 was used to separate the pigments at 60°C. Solvent 

A: 70:30 (v/v) MeOH:28 mM aqueous TBAA, adjusted to pH 6.5 after mixing MeOH and 

TBBA, and solvent B: 100% MeOH. The proportion of solvent B was 5% at t = 0 minutes, 

rising linearly to 50% at 23 minutes and held at 50% until 27 minutes when it was linearly 

increased to 95% at 33 minutes and maintained at 95% until 37 minutes, then linearly 

returned to 5% at 40 minutes and maintained at 5% until 49 minutes. This allowed near 

baseline separation for most pigments. All solvents were HPLC-grade (Sigma Aldrich) and 

degassed (GF/F filter, Whatman). The peaks reported were identified by comparison of 

retention times, absorption spectra and spiking with pigment standards obtained from the 

International Agency for 14C Determination (DHI, Denmark). When possible, pigments were 

quantified using response factors calculated from calibration curves of external standards 
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(Jeffrey et al., 1997). The concentrations of Mg-2,4-divinyl phaeporphyrin a5 monomethyl 

ester (Mg-DVP) and chlorophyll c1 (chl c1) were estimated based on literature extinction 

coefficients (Jeffrey et al., 1997) and the response factor of chlorophyll c2 (chl c2). The 

concentration of chlorophyllide a (chlide a) was based on literature extinction coefficients 

(Jeffrey et al., 1997), and the response factor of chlorophyll a (chl a).  

 

5.3.9. Analysis of diuron concentration  

Samples (500 mL) of water from each aquarium was collected in acetone-washed 

glass bottles on three occasions during the diuron exposure (Table 5.1), and diuron was 

extracted through a solid phase extraction (SPE) column as described in Chapter 4 of this 

thesis. The extracts were eluted with MeOH and evaporated to dryness before being 

dissolved in 2 x 0.5 mL MeOH:Milli-Q (50% v:v) and sent to Queensland Health Scientific 

Services (QHSS) for LC-MS/MS analysis of diuron concentrations (see Negri et al., (2005), 

for full details of the analytical procedure).  

 

5.3.10. Statistical analyses  

5.3.10.a. Phyto-PAM 

Identical to the methods in Chapter 4, a four parameter sigmoidal regressions with 

maximum constrained to 100% were fitted to diuron dose-response data where possible 

(generated for the biofilm communities using Phyto-PAM and for pure cultures and biofilm-

covered slides using I-PAM) in SigmaPlot 7.1 (SPSS Inc.) (Eq. 5.5) 

 

%inhibition [y] = min + (max-min) / (1 + (x / EC50)
Hillslope)  Eq. 5.5 

 

This equation was solved for x to determine IC50 and IC10 values for each time point in the 

four-week exposure using Sigmaplot 7.1. Adjustable parameters were Hillslope, minimum 

and EC50. A linear regression was fitted to the algal class-specific low dose – low response 

data for determination of IC10 values. One-way analysis of variance (ANOVA) coupled with 

a Dunnetts post hoc t-test was used to determine lowest observable effect-concentration 

(LOEC) different from controls and no observed effect concentrations (NOEC) (Statistica 7, 

StatSoft, Inc. Oklahoma, USA). ANOVA followed by Tukey’s post hoc test was also used to 

determine differences in mean inhibition of Y(II) in each treatment between each sampling 

occasion. 
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5.3.10.b. PICT and recovery 

IC50 and IC10 values were determined for the acute dose-response of biofilms to 

diuron (I-PAM assay) after a 24-h recovery period fitting a four parameter sigmoidal 

regression to the dose-response data in order to evaluate the possibility of PICT. Mean IC50 

and IC10 values in treatments were compared to controls using a one-way ANOVA coupled 

with a Dunnett’s post hoc t-test in Statistica 7 (StatSoft, Inc. Oklahoma, USA). Differences 

in Y(II) between pre-treatments and controls after 24-h (for determination of PICT) and 14-d 

recovery periods were similarly determined using a one-way ANOVA coupled with a 

Dunnett’s post hoc t-test in Statistica 7 (StatSoft, Inc. Oklahoma, USA). Significant 

differences between treatment means were assigned at p < 0.05. Unless already illustrated in 

a graph or table, post hoc p-values are listed in the appendix. 

5.3.10.c. Community composition analysis  

Multivariate analyses were employed to evaluate biofilm community structure 

differences and similarities between the treatments, using the free statistical package PAST 

(PAlaeontological Statistics, ver. 1.81), available to download from 

http://folk.uio.no/ohammer/past/index.html (Hammer et al., 2001). A Bray-Curtis similarity 

matrix was constructed and subsequently subjected to Analysis of Similarities (ANOSIM) in 

PAST to detect any significant differences in community composition between the 

treatments. As previously described in Chapter 2 of this thesis, ANOSIM is a non-parametric 

permutation test that uses any similarity matrix (such as the Bray-Curtis index) to calculate 

an R-statistic using a randomization test for significance (Hammer et al., 2001). A large 

positive R (up to 1) signifies dissimilarity between the groups tested. Similarity percentages 

(SIMPER) analysis was then performed in PAST to assess which taxa were primarily 

responsible for any observed difference between treatments. Abundance data were fourth 

root transformed prior to multivariate analysis to balance the effects of rare and common 

species to the similarity measure between samples (Clarke, 1993). Absolute abundances of 

diatoms (cells cm-2) and % cover of brown turf algae and cyanobacteria were also subjected 

to an ANOVA coupled with Tukey’s HSD post hoc test (Statistica 7, StatSoft, Inc. 

Oklahoma, USA). Significant differences between treatment means were assigned at p < 

0.05. Unless already illustrated in a graph or table, post hoc p-values are listed in the 

appendix. 

5.3.10.d. Pigment analysis 

All pigment concentrations were normalized to chl a for that slide. These pigment 

molar ratios were then subjected to principal component analysis (PCA) in PAST. Bray-

http://folk.uio.no/ohammer/past/index.html
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Curtis similarity indices were constructed for ratio data, and subjected to ANOSIM, followed 

by SIMPER analysis if significant differences were detected (PAST).  

 

5.4. Results and discussion 

5.4.1. Chemical analysis of diuron dose 

The measured concentrations of diuron were on average 80% of the nominal 

concentrations, and varied somewhat between the three sampling occasions. There was, 

however, no discernable pattern in the deviations from nominal concentrations with time or 

treatment, therefore the analytically determined concentrations were averaged for each 

treatment over the three sampling occasions (Table 5.2), and the averages are used from here 

on. In the control aquaria, diuron was consistently below the instrumental detection limit of 

17 nM, which corresponds to 34 pM in the sample (due to the concentration factor of 500 

through the SPE extraction before analysis, see section 5.2.9) and is plotted as 0. 

 

 
Table 5.2. Nominal and measured concentrations of diuron in the five treatments. Measured values 
are averaged for each treatment over 3 sampling occasions, n = 6.  

Diuron concentration  

Nominal (nM) Measured (nM) 95% CI % of nominal 
0.0 0.0       –      – 
8.6 7.0 5.8 – 8.2    67 – 95  
17.2 13.3 12.4 – 14.2 72 – 83  
34.3 28.0 23.4 – 32.7 68 – 95  
68.6 57.6 51.0 – 64.3 74 – 94  

 

5.4.2. Effect on algal class-specific photosynthetic response 

Cyanobacteria and ochrophyta/dinoflagellates were the main algal classes in the 

experimental biofilms discerned using the Phyto-PAM. The fouled slides were visibly 

colonized by filamentous brown turf algae. However, as outlined in the introduction, brown 

algae and diatoms share the same distinctive marker-pigments; fucoxanthin, chlorophyll c, 

and similar composition of carotenoids (Jeffrey et al., 1997, Graham and Wilcox, 2008). It is 

hence not possible to distinguish between these two classes with the Phyto-PAM, and they 

are therefore grouped together as ochrophytes for the following discussion of photosynthetic 

response and recovery. A fluorescence signal from chlorophytes was occasionally detected in 

some samples from most aquaria; however, the signals were generally very low and 

inconsistent between the replicate Phyto-PAM measurements taken on the same sample and 

are not included in any analyses (results not shown).  
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Inhibition of Y(II) elicited by diuron in the biofilms was low compared with the 

effect of diuron on monoclonal algal cultures. Maximum inhibition in the biofilms was 59% 

on the day of dosing (Figure 5.2 A), compared to over 90% inhibition expected from the 

same concentration in monoclonal cultures of tropical microalgae (Chapter 4, this thesis). 

For a visual comparison of the previously determined acute dose-response to diuron (Chapter 

4) and the response elicited by water sampled from the flow-through aquaria in pure cultures 

of Navicula sp. and N. pyriformis, along with the inhibition of Y(II) in biofilms measured in 

an I-PAM assay, see Appendix D, Figure D.1. The inhibition of Y(II), was dose-dependent 

from day 0 (immediately after dosing) up to and including sampling at day 21 in both 

cyanobacteria and ochrophytes/dinoflagellates (Figure 5.2 A-D). This dose-dependent 

response gradually declined with time, and was no longer evident by day 28 (Figure 5.2 E).  

There were no significant differences in photo-inhibitory response between cyanobacteria 

and ochrophytes/dinoflagellates at any sampling occasion (Tables D.1 and D.2, Appendix 

D). To further illustrate the gradual decline in the inhibitory effect of diuron throughout the 

exposure period, inhibition of total Y(II) calculated from all fluorescence signals excited by 

the different wave-lengths of light in the Phyto-PAM is plotted in Figure 5.3 for each 

sampling occasion.  

 

 

Figure 5.2. Algal class-specific inhibition of Y(II) in cyanobacteria (circle) and 
ochrophytes/dinoflagellates (triangle) at A) day 0, B) day 7, C) day 14, D) day 21, and E) day 28 of 
diuron exposure. Average ± SE, n = 5 (except for day 0, where n = 3).  
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Figure 5.3. Total inhibition of Y(II) (i.e. average fluorescence response for all wavelengths) from day 
0 to day 28. Average ± SE, n = 5 (except for day 0, where n = 3).  

 
Due to the low maximum inhibition reached, and the shape of the response-curves, it 

was only possible to derive IC50s for day 0 within the diuron concentration range used (Table 

5.3). IC50s were estimated for days 7 – 21; however, it was necessary to extrapolate beyond 

the applied concentration range in order to derive IC50-values (Table 5.3, italicized numbers). 

Extrapolating beyond the existing data-points results in high uncertainty in the IC50-estimate, 

and was only performed on the total Y(II) data to numerically illustrate the magnitude of the 

decrease in sensitivity to diuron with time. Linear regressions were instead fitted to the lower 

concentration range response data (0 – 28 nM) and IC10 values were derived for days 7 – 21 

(Table 5.3). No correlations could be found between dose and response on day 28. 

Contrasting the estimated IC50-values, there was no marked change in sensitivity to the lower 

concentration range of diuron in the biofilms (i.e. no changes in IC10-values with time). The 

distinct decrease in sensitivity at higher diuron concentrations with increased exposure time 

indicates development of PICT. The influence of PICT is confirmed by changes in 

community structure and increased tolerance to acute exposure to diuron, and is discussed 

below (section 5.3.3). The acute sensitivity of biofilms to diuron (approximately 4 hours 

from start of exposure = day 0) was comparable to 3-d sensitivity in pure cultures of the 

diatom Navicula sp. and the green alga Nephroselmis pyriformis (Magnusson et al., 2008), 

particularly in the low concentration range. IC10s were estimated to be 4.3 – 4.7 nM in pure 

cultures (Magnusson et al., 2008), compared to 4.3 – 4.6 nM for biofilms here, while IC50s 

were slightly lower in cultures than in biofilms, at 24 and 25 nM for Navicula sp. and N. 

pyriformis, respectively, and 49 nM for biofilms. Biofilms were, however, far less sensitive 

to acute exposure to diuron (day 0) than pure cultures of four species of microalgae (Chapter 

4, this thesis). Three of the single species tested previously had acute IC50s of only 8.8 – 11.3 

nM and one less sensitive species (Cylindrotheca sp.) had an IC50 of 18 nM.  
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Table 5.3. Algal class-specific and whole community (total) IC50 and IC10-values for each sampling 
occasion. Regressions fitted to dose-response averaged from each treatment (n = 10) per time point.  

 Group  IC50 (nM) IC10 (nM) 
Day 0 Cyanobacteria  43 4.3 
 Ochrophytes/dinoflagellates 49 4.6 
 Total   49 4.6 
Day 7 Cyanobacteria   7.2 
 Ochrophytes/dinoflagellates  2.7 
 Total   60 4.1 
Day 14 Cyanobacteria   7.0 
 Ochrophytes/dinoflagellates  6.1 
 Total   73 6.1 
Day 21 Cyanobacteria   4.2 
 Ochrophytes/dinoflagellates  5.5 
 Total   110 5.2 
Day 28 Total and group-specific - - 
- = not possible to determine 

 

The 6-week old biofilm communities here (age at day of dosing since start of 

colonization) were also less sensitive to diuron than 3 – 4-week old temperate periphyton 

communities established in indoors aquaria supplied with unfiltered seawater as seeding 

material (Molander and Blanck, 1992). These temperate microphytobenthic communities 

showed 50 % inhibition of 14C-uptake at diuron concentrations varying between 15 – 23 nM, 

similar to both 3-d and acute (6 minute) exposure of pure cultures in the previous chapters 

here (Chapters 3 and 4, this thesis). Similarly, temperate marine episammon (sand-dwelling 

algae) showed 50 % inhibition in assimilation of 14C at 23.2 nM after 1-h exposures to 

diuron (Backhaus et al., 2004); and 3 – 12 weeks old freshwater biofilms showed 50 % 

inhibition of Y(II) at 17 – 38.6 nM (McClellan et al., 2008). No comparisons have been 

published for tropical biofilms.  

Microalgal sensitivity to the PSII-inhibitors atrazine and isoproturon has previously 

been shown to be independent of the complexity of the system tested (Schmitt-Jansen and 

Altenburger, 2007). Inhibition of Y(II) was determined for pure algal cultures (water-PAM), 

intact whole biofilms (Phyto-PAM), and single cells within biofilms (microscopy-PAM) 

after 1-h exposures to atrazine. Atrazine IC50s varied between 301 nM (single cells of 

Fragilaria ulna in an intact biofilm) to 464 nM (pure cultures of Nitzschia palea) for 

diatoms, and 148 nM (pure cultures of Scenedesmus vacuolatus) to 385 nM (chlorophytes in 

intact biofilm) for green algae in these systems (Schmitt-Jansen and Altenburger, 2007). 

These sensitivities are similar to acute and 3-d atrazine IC50s determined for the tropical N. 

pyriformis (prasinophyte, 66 – 130 nM) and several species of tropical diatoms (IC50s of 156 

– 460 nM) (Magnusson et al., 2008, and Chapters 3 and 4, this thesis).  
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Less sensitivity in biofilms compared to culture suspensions exposed to 

contaminants has nevertheless been shown repeatedly. For example, 15-day old freshwater 

periphyton communities exposed to atrazine had a 1-h IC50 of 900 nM (inhibition of Y(II)) 

(Schmitt-Jansen and Altenburger, 2008). Similar atrazine IC50s were determined for 4-week 

old freshwater biofilms kept under high (100 – 200 μE m-2 s-1) or low (25 – 50 μE m-2 s-1) 

light, with Y(II) IC50s at 640 nM and 1870 nM, respectively following a 1-h exposure to 

atrazine (Guasch et al., 2003). The biofilms of both these studies were far less sensitive to 

atrazine than pure cultures of tropical microalgae tested throughout this thesis (Chapters 3 

and 4).  

 

It is often hypothesized that an increased tolerance to toxicants in biofilms with age 

or compared to algal suspensions depends on a decreased uptake of the toxicant through the 

dense layer of cells and film of extracellular polymeric substances (EPS). This was shown 

for zinc, where increased biofilm thickness led to a decrease in uptake and toxicity, while 

suspensions of the same biofilm showed a higher sensitivity to zinc (Guasch et al., 2003). 

Similarly, freshwater biofilms of increasing age and thickness were found be less sensitive to 

isoproturon and atrazine exposure (Schmitt-Jansen and Altenburger, 2007). Previously 

unexposed, 26-day old freshwater biofilm communities were also less sensitive to 

isopruturon compared to younger biofilms, however, threshold concentrations for 

development of PICT were independent of biofilm age (Schmitt-Jansen and Altenburger, 

2008). Uptake of the PSII-inhibitor atrazine has previously been shown to be very rapid in 

freshwater epiphyton (biofilms) of varying thickness (Nikkilä et al., 2001). Although thicker 

communities equilibrated somewhat slower compared to thinner communities, equilibrium 

was reached within 24 hours (and often a lot faster) for all communities regardless of age and 

thickness (Nikkilä et al., 2001). While biofilm communities in the current study were less 

sensitive to diuron compared with single-species algal suspensions, there was no effect of 

biofilm age on effect of diuron on control-communities (see Figure 5.6). It is apparent that 

biofilm thickness-dependent uptake of toxicants alone cannot explain the differential 

response of MPB and algal suspensions. 

 

In the current study there were no significant differences in sensitivity to diuron 

between the two dominant algal groups, cyanobacteria and ochrophytes/dinoflagellates (as 

determined with Phyto-PAM). Photosynthesis inhibiting herbicides have nevertheless 

previously been implicated to play an important role in the formation of cyanobacterial 

blooms, by removing competitive pressure exerted by other photosynthesizing microalgae 

(Lürling and Roessink, 2006). In 17-d growth experiments of pure cultures and binary 
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species mixtures at different ratios of Scenedesmus obliquus (Chlorophyta) and Microcystis 

aeruginosa (Cyanobacteria) exposed to the PSII-inhibitor metribuzin (triazine herbicide), the 

cyanobacteria outcompeted the green algae in all herbicide treatments, whereas the opposite 

was true for all controls (Lürling and Roessink, 2006). In contrast, pure cultures of 

freshwater cyanobacteria have previously been shown to be highly sensitive to diuron 

exposure, with Y(II) inhibited by 50% at 30 nM in Microcystis aeruginosa, 9.4 nM in 

Synechocystis sp., and 5.1 nM in Synechococcus sp. (Deblois et al., 2008). Similarly, pure 

cultures of Synechococcus sp. was more sensitive to diuron than the haptophyte Emilinia 

huxleyi in pure culture, with 72-h growth IC50s of 2.4 nM and 9.7 nM, respectively (Devilla 

et al., 2005b). This is comparable to the response of pure cultures of tropical microalgae 

(Chapters 3 and 4, this thesis), and more sensitive than the cyanobacterial response to long-

term diuron treatment in the biofilms tested here. While cyanobacteria did not appear to be at 

a competitive advantage in the biofilms studied here with regards to inhibition of Y(II), the 

high susceptibility to PSII-inhibitors in some freshwater species indicates that further studies 

using estuarine cyanobacteria species may be warranted. Additionally, the freshwater 

cyanobacterium Oscillatoria limnetica was shown to be less sensitive to atrazine when 

cultured at 20 ºC than at 13 ºC in pure cultures (Bérard et al., 1999). Further studies into the 

influence of temperature on herbicide toxicity between tropical and temperate, and/or 

freshwater and estuarine cyanobacteria are clearly justified.  

 

5.4.3. Development of pollution-induced community tolerance (PICT) 

5.4.3.a. Diuron exposure-history-dependent changes in inhibition of Y(II) 

Except for the lowest concentration (7.0 nM), average Y(II) in biofilms previously 

exposed to diuron for 28 days, had recovered to control values after 24-h recovery (Figure 

5.4). Average Y(II) in suspended biofilms from the 7.0 nM pre-treatment were slightly, but 

significantly, lower than controls (ANOVA, F4,13 = 10.6, p < 0.05, Table D.3, Appendix D). 
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Figure 5.4. Effective quantum yield (Y(II)) in biofilms following a 24-h recovery period in 
uncontaminated water, as measured with an I-PAM. * denotes significantly different from control 
Y(II) determined by a Dunnetts post hoc t-test, (ANOVA, F4,13 = 10.6, p < 0.05). Average ± stdev, n = 
4, except for 28 nM, where n = 2. 

 

There was a clear relationship between prior exposure, and sensitivity to acute 

exposure to diuron following the 24-h recovery period in the biofilm communities, evident in 

the dose-response curves in Figure 5.5. Control communities (no previous diuron exposure) 

were inhibited to a much higher degree than communities with an exposure-history of 28 nM 

or 57.6 nM diuron. Communities with a low concentration exposure-history (7.0 and 13.3 

nM) did not respond differently from control communities (Figure 5.5), and along with 

controls had similar IC50 estimates compared with day 0 IC50 (i.e. there was no effect of 

biofilm age on control IC50). 

 

 

Figure 5.5. Acute response to a concentration series of diuron in biofilms following a 24-h recovery. 
Average ± stdev, n = 4. 
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In order to better illustrate this decrease in sensitivity, and to establish if this 

difference was statistically significant, acute IC50- and IC10-values were determined for all 

pre-exposures (Figure 5.6). There were no differences between IC50-values determined for 

fouling communities with no exposure-history to diuron (control), and those previously 

exposed to 7.0 and 13.3 nM diuron, with IC50s of 39 ± 5, 51 ± 4, and 41 ± 5 nM, respectively 

(all ICxvalues are listed in Table D.4 in Appendix D). In contrast, the IC50 determined for 

communities exposed to 28.0 nM diuron for four weeks was twice as high (82 ± 9 nM) as for 

the control communities (i.e. half as sensitive). The communities pre-treated with 57.6 nM 

diuron were four-fold less sensitive than control communities, exhibiting a mean IC50 of 155 

± 20 nM. The different sensitivity between control communities, and those exposed to 28 

nM and 57.6 nM diuron as determined by IC50-values was statistically significant (ANOVA, 

F4,31 = 27.97, p < 0.05, Table D.5). 

 
A threshold concentration for PICT could thus be determined as > 13.3 nM diuron 

for these tropical biofilms. An increase in tolerance is evident after seven days exposure to 

diuron (Figure 5.2 and Table 5.3). However, in order to confirm that PICT is occurring 

already at this early stage, changes in other effect indicators, such as community structure 

should also be evident. 

 

 

Figure 5.6.  Calculated IC50 and IC10 in biofilms exposed to a concentration series of diuron following 
24-h recovery in uncontaminated water. Average ± stdev, n = 4. * denotes ICx significantly different 
from controls (IC50: ANOVA, F4,31 = 27.97, p < 0.05, IC10: ANOVA, F4,31 = 25.5, p < 0.05, Dunnett’s 
post hoc t-test was used to determine treatments different from controls). Shaded areas indicate 95% 
confidence interval for day 0 (i.e. communities not previously exposed to diuron) IC50 and IC10 
respectively. 
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5.4.3.b. Exposure-time dependent changes in community composition  

It was shown above that the changes in tolerance to acute exposure to diuron were 

dependent on pre-exposure dose, fulfilling the first requirement for PICT. Next, species 

composition and abundance were evaluated in samples taken weekly during the four-week 

pre-exposure period (Table 5.1), in order to determine whether community structure also 

changed in a dose-dependent manner, and if this change coincided temporally with the 

induction of tolerance.  

 

The biofilms consisted mainly of various diatoms and brown turf algae 

(Ochrophyta), and cyanobacteria (Cyanobacteria). Small flagellated organisms were present 

in low numbers, and occasional dinoflagellates (Amphidinium sp.) were observed, as well as 

some ciliates (Vorticella sp.). 16 diatom genera or groups were identified in the biofilms. 

The most abundant diatom genera/groups were generally Epithemia spp., naviculoid 

diatoms, or a small unidentified species. The filamentous brown algae were members of the 

genera Ectocarpus, Feldmannia, Hincksia, and Sphacellaria, and cyanobacteria were 

represented by the colonial Lyngbya and Pseudoanabaena. Average abundances for all taxa 

per treatment per sampling occasion, including 14-d recovery, are listed in Tables D.11 to 

D.16, Appendix D. 

 

ANOSIM performed on the Bray Curtis similarity index (ANOSIMcommunity) revealed 

that there was no significant difference in community structure between any of the aquaria at 

the onset of the experiment, and that there was a succession in community composition with 

time in control treatments (Table 5.4). As all treatment effects were compared to control-

communities of the same age, succession was not considered a problem. Significant 

treatment-dependent changes in community composition were evident after seven days 

exposure in treatments ≥ 13.3 nM, and increased with time (Table 5.4). All 

ANOSIMcommunity post hoc pair wise comparison of community structure between treatments 

for each sampling-day are listed in Table D.6, Appendix D. SIMPER analysis showed that 

the main drivers for treatment-dependent differences were always changes in abundances of 

various diatom taxa, and that percent cover of brown turf-algae or cyanobacteria contributed 

relatively little to community dissimilarity. On day seven for example, SIMPER analysis 

showed that the main drivers for treatment-dependent community differences were an 

absence of Nitzschia spp. (diatoms) in diuron treatments, and a higher abundance of a small 

unidentified diatom in treatments 13.3 nM and 28 nM compared to controls. An absence of 

Amphora spp. (diatom) also marked the highest diuron treatment (Table D.12, Appendix D). 

After four weeks exposure, all diuron treated communities were significantly different from 
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control communities (Table 5.4). The taxa driving these differences in the three highest 

treatments were the diatoms Synedra sp., Mastogloia spp., and Cylindrotheca closterium, 

with lower abundances in treatments compared to controls. Conversely, abundances of 

Amphora sp. 2, naviculoid diatoms, and unidentified diatom sp. 2 were higher in the 7 nM 

treatments compared to control. The primary taxa driving community differences (SIMPER) 

and their average abundances are summarized for days 7 to 28 in Tables D.7 to D.10, 

Appendix D.  

 

Table 5.4. ANOSIMcommunity global R-statistic and p-values for comparison of community similarity 
between all treatments, overall percent dissimilarity in community structure (SIMPER analysis), and 
lowest observed effect concentration (LOEC) for each time-point. 

 Global R Global p Overall dissimilarity (%) LOEC (nM) 

Controls day 0 – 28  0.42 < 0.001  - 
Day 0 -0.09 0.81  - 
Day 7 0.48 < 0.001 28 13.3 
Day 14 0.21 0.02 31 7.0 
Day 21 0.46 < 0.001 32 7.0 
Day 28 0.71 < 0.001 42 7.0 

 
 

By day 28, strongly silicified diatoms of the genus Rhopalodia were the most 

abundant genus, forming a dense film on the colonized surfaces particularly in the 57.6 nM 

treatment where it was dominant (Table D.15, Appendix D). Conversely, more motile (e.g. 

Cylindrotheca closterium) or protruding (e.g. Syndra sp. in which one end of the cell is 

attached to the substrate with a mucilage-pad, with cells protruding in radiating, “star-

shaped” colonies) diatom taxa were sparse or absent in the 57.6 nM treatment (Table D.15, 

Appendix D). There is thus some evidence pointing to the possibility of the EPS matrix 

protecting against toxicant exposure, although other factors likely influence competitiveness 

under herbicide exposure as well. For example, Mastogloia spp. often form a very distinct 

envelope of EPS around each cell or cell aggregates (Heimann, 2004). This was observed in 

the preserved samples here, where it was often not possible to break up the mucilage 

surrounding Mastogloia spp. completely before enumeration, and also for live material 

during the single-species isolation process described in Chapter 2 of this thesis (pers. obs.). 

Additionally, increased secretion of EPS in Mastogloia sp. has been observed after exposure 

to copper (Heimann, 2004). Nevertheless, Mastogloia spp. only made up a small part of the 

assemblage in the 57.6 nM diuron treatment. 

 

Although total diatom abundances appeared to decrease considerably with time in 

the higher diuron concentration treatments compared to controls (Figure 5.7), this decrease 
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was generally not statistically significant (Table D.17, Appendix D, ), which is likely due to 

the variability in colonization on slides within treatments. Hence, Tukey’s post hoc revealed 

that diatom abundances were only significantly lower in 57.6 nM compared to 13.3 treated 

biofilms on day 7 (ANOVA, F4,10 = 4.37, p <0.05), despite having only half the average 

diatom abundance of control biofilms. By day 21, the 57.6 nM treated communities only 

comprised a third of the number of diatoms of control communities, and this difference was 

significant (ANOVA, F4,10 = 4.02, p <0.05). At the end of the diuron exposure (28 days), 

only the 28 nM treated communities were statistically different from controls (ANOVA, F4,10 

= 10.9, p <0.05), however, the 57.6 nM treated biofilms still only contained half the number 

of diatoms compared to the average control community. This trend was similar for brown 

turf algae (Figure 5.8, no significant differences, Table D.18, Appendix D) and 

cyanobacteria (Figure 5.9, no significant differences between controls and any treated 

communities at any sampling time) (Table D.19, Appendix D). Higher abundances of 

cyanobacteria were, however, evident in the 7 nM and 13.3 nM treatments compared to the 

57.6 nM treatment on day 21, and in the 7 nM compared to the 28 nM treatment on day 28. 

 

 

Figure 5.7. Average diatom abundance (cells cm-2) in each treatment for each sampling-day. Average 
± SE, n = 3. Homogenous groups are denoted by identical letter-combinations (ANOVA, p < 0.05, see 
Table D.17, Appendix D). Note the different scale on the y-axis of Day 0, all other days are plotted on 
the same scale. 
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Figure 5.8 Average % cover of brown turf-algae in each treatment for each sampling-day. Average ± 
SE, n = 3. 

 

 
Figure 5.9 Average % cover of cyanobacteria in each treatment for each sampling-day. Average ± SE, 
n = 3. Homogenous groups are denoted by identical letter-combinations (ANOVA, p < 0.05, see Table 
D.19, Appendix D). Note the different scale on the y-axis for 14-d recovery, all other days are plotted 
on the same scale. 
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A patchy distribution is common in MPB communities (MacIntyre et al., 1996, 

Underwood et al., 1998, Gillespie et al., 2000). This is particularly true in estuarine, 

sedimentary habitats, where micro-topography and environment may vary on a millimetre 

scale, both vertically and horizontally (MacIntyre et al., 1996). Under experimental 

conditions using standardized substrata for colonization (like the glass slides in the current 

study), with even light intensity and flow etc., patchy growth may still be a confounding 

factor in community analysis, particularly for epipelic diatoms. As the slides were here 

separated from each other in the aquaria and did not form a continuous surface, some 

patchiness due to random settling may be expected. This is also evident in the high 

variability of diatom taxa between slides, expressed as standard errors of average taxon-

specific abundances (Tables D.11 to D.16, Appendix D). Similarly, the patchy distribution 

resulted in very high variability in diatom total biomass (total abundance) (Figure 5.7), 

explaining the low statistical significance in biomass between treatments (see Table D.17 – 

D.19, Appendix D).   

As the experiment progressed, visual inspection indicated that percent cover of 

filamentous brown algae would be one of the main drivers behind treatment-dependent 

community-differences. In controls and lower diuron concentration treatments, brown algal 

tufts were clearly visible without magnification, in many cases covering a majority of the 

slide (as shown by inspection of a single slide under 40 times magnification, Figure 5.10 A). 

By the end of the exposure period of 28 days, the highest diuron exposure resulted in the 

complete disappearance of turf algae, the slides instead being covered with a filmy layer of 

diatoms and cyanobacteria (Figure 5.10 B).  

Despite homogenization of the biomaterial scraped from the colonized slides, 

filamentous brown algae often remained entangled in distinct tufts in the sub-sample taken 

for visual counts of % cover. Due to this clumping, total abundance may have been 

overestimated if a large tuft was encountered during enumeration, thus skewing the 

interpretation of the results. Conversely, cyanobacterial abundance may have been 

underestimated during visual counts as these colonies were much more fragile and often 

fragmented. Single cyanobacterial cells are difficult to recognize under the magnification 

used to analyse the mixed samples, and may have been overlooked. 
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Figure 5.10. Micrographs of biofilm communities from A) control at day 26, a tangle of filamentous 
brown algae (double line arrows), as well as diatoms from several genera (solid line arrows), are 
visible, and B) 57.6 nM diuron treatment at day 26, mainly diatoms of the genus Epithemia are visible 
(white solid arrow), and colonies of cyanobacteria as faint filaments (black arrow). Scale bars = 50 
µm. 

 
The increase in tolerance to diuron identified as reduced inhibition of Y(II) at day 7 

(Table 5.3) clearly coincided with changes in community structure in all diuron treatments. 

The differences became more evident over time, except for the biofilms sampled on day 14. 

The threshold concentration for induction of PICT through diuron exposure is therefore 

likely to be dependent on exposure time. Already after 7 days exposure, total Y(II) IC50 in 

test communities had increased from 49 nM on day 0 to 60 nM, as estimated by Phyto-PAM 

measurements (Table 5.3), and this was accompanied by significant changes in community 

structure in treatments ≥ 13.3 nM. Following 21 days diuron exposure, community structure 

was significantly different from controls in all diuron treatments, and total Y(II) IC50 was 

estimated to be 110 nM (Table 5.3). PICT was verified for the two highest concentration pre-

exposure treatments, where the induced tolerance could be quantified through the acute dose-

response I-PAM bio-assay in acute dose-response experiments. Significant inhibition of Y(II) 

and changes in community structure were evident already at the lowest diuron concentration, 

but were not associated with a detectable change in Y(II) IC50 or IC10 for communities at that 

concentration. 

 

5.4.3.c. Exposure-time dependent changes in pigment composition of the biofilm  

Pigment analysis by HPLC is generally less time-consuming and labour-intensive 

than visual cell counts and species identification using microscopy, and do not require as 

much specialist previous knowledge in micro-organism taxonomy. Further details may also 

be revealed as a larger sub-sample of the original community can be extracted and analysed, 

compared to the perhaps less homogenous preserved samples for visual cell counts. Here, the 
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value of using changes in ratios of taxon-specific marker pigments to confirm the 

development of PICT was investigated.  

The algal class-specific pigments extracted from the biofilms are listed in Table 5.5. 

Chl a and β-carotene (β-car) were present in all samples but are not listed as they are not 

specific for a certain algal phylum. Chlide a is diagnostic of senescent tissue (Jeffrey et al., 

1997) and was generally not detected until day 7, followed by a slight increase with time. 

There was considerable within treatment variability in pigment concentrations in the biofilms 

(pmol * cm-2) (listed in Tables D.20 and D.21 in Appendix D).  

 

Table 5.5. Algal class-specific pigments identified from biofilm samples. x denotes presence of a 
pigment in a particular algal class. 

 diatoms brown algae green algae  cyanobacteria prasinophytes 

Diadinoxanthin (Dd) x     
Diatoxanthin (Da) x     
Chlorophyll c1 (chl c1) x x    
Chlorophyll c2 (chl c2) x x    
Fucoxanthin (Fx) x x    
Neoxanthin (Nx)  x x   
Violaxanthin (Vx)  x x   
Chlorophyll b (chl b)   x  x 
Lutein (Lut)   x   
Zeaxanthin (Zx)   x x  
Mg-DVP*     x 

Note; Chlorophyll a and β-carotene were also identified but are not listed as they are not specific for a 
certain algal phylum. * = Mg-2,4-divinyl phaeporphyrin a5 monomethyl ester. 
  

 

The presence of the chlorophyte signature pigments chlorophyll b (chl b) in virtually 

every sample and to a lesser degree lutein (Lut) was unexpected. Compared to the abundance 

of diatoms and brown turf algae, few flagellated algae (which may have been chlorophytes) 

were detected during visual counts for community structure analysis, and only rarely was a 

fluorescence signal emanating from chlorophytes registered by the Phyto-PAM at all (see 

previous sections). There were no correlations between the amounts of chl b and Mg-DVP 

(Tables D.20 and D.21, Appendix D), indicating presence of both prasinophytes (Mg-DVP) 

and other members of Chlorophyta (i.e. chl b and lutein was often present while Mg-DVP 

absent from the same sample). As no terrestrial material was present on the colonized slides, 

the chl b must originate from chorophyte algae within the biofilms. Although zeaxanthin 

(Zx) is generally used as a marker-pigment for cyanobacteria (Jeffrey et al., 1997), 

chlorophytes also contain this pigment and it therefore cannot be used to unequivocally 

determine the presence of cyanobacteria. Other possible cyanobacterial marker pigments are 

echinenone and myxoxanthin (myxoxanthophyll). Based on retention time and spiking of 
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biofilm pigment-extracts with echinenone standard, this pigment may have co-eluted with 

the chl a allomer here. Spectra from the chl a allomer peaks were therefore carefully 

examined, however, no echinenone could be detected. Myxoxanthin was not identified in 

any of the biofilm samples. Extraction and separation of phycobilliproteins specific for 

cyanobacteria was not possible using the HPLC method applied, and thus no changes in 

cyanobacterial abundances could be detected using pigment profiles in these biofilms. 

Diatoms and brown turf algae share many pigments; however, diadinoxanthin (Dd) and 

diatoxanthin (Da) are specific for diatoms and can serve as marker pigments. Changes in the 

relative contribution of fucoxanthin (Fx), and/or chlorophylls c1 and c2, common for both 

diatoms and brown turf algae, without accompanying changes in Dd and/or Da can therefore 

serve as a marker for the turf algae. 

 

There was generally few patterns in the relative contribution of the different marker 

pigments between controls and treatments throughout the diuron exposure, as illustrated by 

the PCA scatter plots based on pigment:chl a ratios (5.11). Only after the 14-d recovery was 

there some out-grouping of the 56.7 nM treatment (discussed in Section 5.3.4). The first two 

components explained between 78 – 95 % of the variability in pigment:chl a ratios, with 

total overlap of distributions of replicates from all treatments. Based on the component 

loadings (Hammer et al., 2008), Fx is likely to explain most of the difference (component 1) 

for all time-points except for day 28 and after the 14-d recovery period, where chls c1 or c2 

appeared to be more important, followed by chl c2  (component 2) for all time-points except 

for day 21, where Dd may explain more.  

 

In agreement with the PCA, ANOSIM of both pigment:chl a ratios revealed no 

significant differences until day 28 (Table D.22, Appendix D). Biofilm communities from 

the highest diuron exposure (57.6 nM) were then characterized by a significantly higher 

relative contribution of Fx, chls c1 and c2, Dd, and chl b compared to controls (R = 0.22, p < 

0.05) (Tables D.22 and D.23, Appendix D) This increase in relative contributions of Dd and 

Fx signifies an increase in contribution of diatoms in the 57.6 nM treated biofilms compared 

to controls, supporting the visual inspection of intact live biofilms (Figure 5.10). The relative 

increase in chl b did not correspond to increases in a chlorophyte-specific fluorescence signal 

measured with the Phyto-PAM, or to increased abundance of unicellular flagellates.  

 



Chapter 5. Long term effects of diuron exposure to estuarine fouling communities  153 

 

Day 14

Day 0 Day 7

14-day 
Recovery 

Day 28

Day 21Day 14

Day 0 Day 7

14-day 
Recovery 

Day 28

Day 21

 

Figure 5.11. Principal component analysis (PCA) of pigment:chl a ratios from day of dosing (day 0) 
to day 28 of diuron exposure, and including 14-d recovery. Axes are scaled to Eigen-values. n= 6, 
except for 57.6 nM on 14-d recovery, where n = 9. 
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Pigment ratios were less susceptible to change following diuron exposure than 

community structure analysis via direct cell counts, and PICT could only be confirmed for 

the highest diuron concentration exposure after 28 days. Using pigment analysis it was, 

however, possible to detect a contribution of chlorophytes to the biofilm communities 

through the detection of chl b. Based on the relative contribution of chl b to the pigment 

profiles throughout the exposure, data presented here do not support that chlorophytes in 

these biofilm communities are more sensitive than for example diatoms to diuron, contrary 

to previous evidence using single-species suspensions (Chapters 3 and 4, this thesis). 

Similarly, chlorophytes and diatoms in intact biofilms showed comparable inhibitory 

responses to the phenylurea herbicide iosproturon as determined in a Phyto-PAM bioassay 

(Schmitt-Jansen and Altenburger, 2007). In the latter study, thicker biofilms were less 

sensitive to herbicide exposure (discussed above) and it is possible the physical structure of 

the biofilm could have acted as a protective barrier in that/those studies, although biofilm 

thickness did not appear to impact on biofilm sensitivity to diuron in the current study (this 

chapter).  

 

5.4.3. d. Development of PICT 

The development of PICT during a long-term exposure to diuron was clearly evident 

in the tropical biofilms tested. This was supported by several lines of evidence: community 

composition analysis, pigment profiles, and acute photophysiological responses after a 24-h 

recovery. The observed increase in tolerance was related to changes in community structure 

and was already evident after seven days in the highest concentration treatment. Following 

three weeks exposure, a threshold concentration of 28 nM for development of PICT could be 

verified. The extent of the herbicide-tolerance developed by the biofilm communities 

established under high diuron stress (28 nM and 57.6 nM) was considerable, with acute IC50s 

determined after a 24-h recovery-period (I-PAM bio-assay) two to four-fold higher than 

those of control communities, respectively. 

Development of PICT has previously been verified for microalgal communities 

exposed to arsenate (Blanck and Wängberg, 1988, Blanck and Wängberg, 1991), diuron and 

tributyltin (TBT) (Molander and Blanck, 1992, Molander et al., 1992), atrazine (Bérard and 

Benninghoff, 2001), and metals (Soldo and Behra, 2000). A concentration threshold of 

diuron for development of PICT was determined to 40 nM following 3 – 4 weeks exposure 

in temperate marine biofilms (Molander and Blanck, 1992). More recently, development of 

PICT was verified for freshwater periphyton exposed to the PSII-inhibitor iosproturon 

(triazine) for 14 – 26 days (Schmitt-Jansen and Altenburger, 2008), and diuron for up to 3 
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months (McClellan et al., 2008). While control IC50s were similar to the current study (17 – 

38 nM compared to 39 nM here), PICT was evident at a much lower diuron exposure 

concentration of 8.58 nM after four weeks, and 0.3 nM after 12 weeks (McClellan et al., 

2008). Additionally, diatoms were more affected than cyanobacteria in 0.3 – 8.58 nM 

treatments, with shifts from a diatom-dominated community to more even contributions of 

diatoms and cyanobacteria (McClellan et al., 2008). In contrast, no evidence of class-

dependent differences in sensitivity was observed in the present study. It is likely that PICT 

may have been observable at lower concentrations if the duration of exposures had been 

extended.  

 

Importantly, the acute and standard 72-h growth-inhibition toxicity tests with single-

species algal cultures as described previously in this thesis did not accurately predict the 

response of the intact, multispecies community under long-term herbicide-exposure stress. 

Changes in community composition could be as important as more direct effects on 

productivity. It was shown here that biofilm communities responded to diuron exposure by a 

substantial but variable (due to patchiness) decrease in diatom absolute abundance and an 

increase in the relative contribution of diatoms to the community after long-term diuron 

exposure (determined by statistically significant changes in pigment concentration-ratios, but 

also visibly at the expense of brown turf algae). This may have implications for the primary 

productivity of the community in more ways than simply lowering total standing stock of 

primary producers (as indicted by diatom and brown turf algal abundances, Figures 5.7 to 

5.9). For example, a metabolic shift was evident in diatom-dominated communities 

established under high diuron stress compared to lower diuron concentrations in long-term 

exposures, with the proportion of light-independent incorporation of 14C increasing sharply 

in 100 nM treatments (Molander and Blanck, 1992). No explanation was given for this 

increase; however, it is in accord with results from Chapter 3 in this thesis where a recovery 

of growth (biomass) in diatom and chlorophyte single-species cultures exposed to herbicides 

was evident, while photosynthetic capacity (Y(II)) remained inhibited. This recovery of 

biomass could be interpreted to result from a switch in energy-acquisition pathway to 

heterotrophy or cyclic electron flow through PSI (Magnusson et al., 2008). Although no 

specific carbon-assimilation experiments were conducted in the dark with these unialgal 

cultures, the conclusion is supported by several previous reports of heterotrophy, particularly 

in many diatoms, but also in green algae of the same genus as tested here (Lewitus and Kana, 

1994, Tuchman et al., 2006, Cibic et al., 2007).  
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Some evidence also points to induction of co-tolerance to similarly acting chemicals 

during the development of PICT. This has for example been demonstrated for natural 

phytoplankton and periphyton communities established in more polluted areas of Lake 

Geneva compared to communities from less affected areas (Bérard et al., 2003). Sensitivity 

to the triazines irgarol 1051 and atrazine was investigated in algal communities collected 

from marinas with known pollution of irgarol 1051, and from areas void of such pollution. 

Patterns of tolerance to irgarol 1051 and co-tolerance to atrazine in the communities 

followed the pollution-concentration gradient of irgarol in the sample-sites (Bérard et al., 

2003). Specifically, communities from the site with the highest concentrations of irgarol 

1051 were more tolerant to atrazine, compared to communities established in sites with 

lower concentrations of irgarol but similar concentrations of atrazine. Mixtures of herbicides 

and other chemicals are commonly present in surface and sediment interstitial waters, and 

similarly acting chemicals such as PSII-inhibitors are likely to act additively (see Chapter 4, 

this thesis, and references therein). Co-tolerance and the presence of such mixtures may 

exacerbate the selection pressure driving PICT, leading to community structure changes at 

lower concentrations of individual herbicides.  

 

5.4.4. Potential for recovery  

Although inhibition of Y(II) had recovered fully within 24 hours under 

uncontaminated conditions in biofilms from most of the treatments, except for the lowest 

concentration (Figure 5.4), the remaining slides were maintained in uncontaminated water 

for a further two weeks before final sampling and termination of the experiment. This 

lengthy recovery was performed in order to investigate whether community changes 

resultant from the previous long-term diuron exposure could be reversed over time.  

Phyto-PAM measurements after a 14-d recovery period indicated that Y(II) in all but 

the 57.6 nM pre-exposures had recovered completely to control levels (Figure 5.12) 

(ANOVA, F4,35 = 4.36, p < 0.05, Table D.25, Appendix D). A closer examination of the 

Phyto-PAM data showed that this difference between controls and high diuron concentration 

pre-exposed communities was due to Y(II) in ochrophytes being lower and far more variable 

in this treatment than in controls (Figure 5.12 B), whereas there was no significant difference 

in Y(II) between any of the pre-exposures for cyanobacteria (Figure 5.12 C). However, Y(II) 

was equally variable in cyanobacteria in biofilms that had been previously exposed to diuron 

compared to controls, and average Y(II) in cyanobacteria was far lower in communities 

previously exposed to 28 nM and 57.6 nM than in controls. The high variability explains the 
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lack of statistical significance in cyanobacteria from the two highest pre-exposures (Figure 

5.12 C). 

 

Figure 5.12. Boxplots of A) Total Y(II), B), ochrophyte algae Y(II), and C) cyanobacterial  Y(II) in 
biofilms after a 14-d recovery-period in uncontaminated sea water following a 4-week exposure to 
varying concentrations of diuron. Whiskers above and below the box indicate the 95th and 5th 
percentiles, * and ** denotes homogenous groups and were determined by a Tukey’s post hoc test 
(ANOVA, p < 0.01). n = 10. 

 

After 14 days of recovery in uncontaminated water, species composition in biofilm 

communities of all pre-exposures were indistinguishable from control communities 

(ANOSIMcellcount, R = 0.2 – 0.5, p > 0.1, Table D.6, Appendix D). Conversely, pigment 

profiles in all pre-exposures were different from controls (ANOSIMpigment, Tables D.22 and 

D.24). The 57.6 nM treatment and controls showed 45% dissimilarity, mainly driven by the 

relative contributions (i.e. pigment: chl a ratio) of chl c1 and chl c2 being considerably higher 

in the diuron treatment compared to controls. Dd and Da ratios were also much higher, 

whereas Fx:chl a ratio was lower in the diuron treated biofilms than in the controls. This 

indicates a higher relative contribution of diatoms in the diuron treatment, which is 

supported by the total diatom abundance estimates for the 28 nM and 57.6 nM treatments 

being more than twice that of controls following the 14-d recovery (Figure 5.7). There was a 

peak in cyanobacterial abundance (% cover) in the 28 nM pre-exposure following the 14-d 

recovery (Figure 5.9). There were, however, still no significant differences between the 

treatments (Table D.19, Appendix D). Although species composition was not statistically 

different between treatments as determined by ANOSIMcellcounts, visual inspection prior to 

sampling revealed that intact biofilms remained similar to the communities pictured in 

Figure 5.10, with no visible re-colonization of brown turf algae in the higher concentration 

pre-treatments. As discussed above, the lack of statistical significance is likely to reflect 

inherent shortcomings with enumeration techniques in general and patchiness rather than an 

actual similarity in species composition between the communities from the different 

treatments.  
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The highly variable and substantially lower average Y(II) in high concentration 

exposures could be explained in several ways, it is, however, currently unclear which is the 

driving mechanism. Due to reversible binding of diuron to the QB binding site on the D1 

protein in the photosystem, inhibition of Y(II) is expected to recover fully shortly after 

organisms are transferred to uncontaminated conditions (Jones et al., 2003). This was also 

shown for symbiotic dinoflagellates within adult colonies of the hard corals Acropora 

millepora and Pocillopora damicornis, where Y(II) recovered rapidly after transfer to 

uncontaminated conditions following a 72-h diuron exposure (Negri et al., 2005). However, 

in the same study, symbionts of P. damicornis recruits required six days in uncontaminated 

water following a 72-h exposure to 129 nM (30 μg L-1) diuron to recover to control levels 

(Negri et al., 2005). This slow recovery, coupled with a gradual decline in maximum 

quantum yield (dark-adapted F0 / Fm), was interpreted as chronic photoinhibition and 

potential damage to the photosystem II reaction centres. Dark-adapted quantum yield was 

not measured in the current study; however, the slow recovery (lower average Y(II) in 

communities exposed to 28 nM or 57.6 nM diuron) indicates that it is possible that similar 

damage to the photosystems occurred here. It may also be that the more diatom-dominated 

communities have an intrinsically lower effective quantum yield compared to the 

communities visibly colonized by brown turf algae, even when fully recovered from diuron 

stress. During previous experiments presented in this thesis, isolated diatoms from local 

tropical creeks showed control Y(II) varying between 0.35 – 0.5 in exponential growth phase 

(results not shown). Natural Y(II) of isolated brown turf algae would be an interesting 

comparison. Slow depuration rates has also been shown for atrazine in periphyton 

communities (Nikkilä et al., 2001). Approximately 10 – 25 % of assimilated atrazine is 

irreversibly bound in algae, and at least some of this remains present in the chloroplasts 

where it exerts toxicity (Nikkilä et al., 2001, and references therein). It is possible the same 

behaviour is evident for diuron, leading to the much lower average and high variability of 

Y(II) in previously exposed communities.  

 

 

5.5. Conclusions  

Mixed-species, estuarine tropical biofilms were successfully established under 

laboratory conditions in flow-through systems, and exposed to varying concentrations of 

diuron for four weeks. The biofilms consisted mainly of diatoms and filamentous brown turf 

algae, along with colonial cyanobacteria. During the four-week exposure, effect of diuron on 

photosynthetic capacity in the biofilms was measured using a Phyto-PAM. Photosynthetic 

response was determined for cyanobacteria and ochrophytes/dinaoflagellates over the course 
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of the exposure and recovery period. Community structure was monitored by cell counts of 

preserved samples under 400 times magnification and pigment profiles using HPLC. This 

combination of techniques enabled the first identification of community tolerance (PICT) in 

tropical estuarine biofilms in response to chronic herbicide exposures.    

Maximum inhibition of Y(II) reached in the biofilms was 59% in communities 

exposed to 57.6 nM diuron on the day of dosing. These biofilms were thus less sensitive to 

diuron at high doses than monoclonal cultures of tropical microalgae previously tested in this 

study (Chapters 3 and 4, this thesis), which were inhibited by over 90% when exposed to the 

same concentration. An increased tolerance to toxicants in biofilms compared to algal 

suspensions might be explained by decreased uptake of the toxicant through the dense layer 

of cells and film of EPS (Guasch et al., 2003, Schmitt-Jansen and Altenburger, 2007). 

However, sensitivity to diuron was not dependent on biofilm density in control communities 

here, i.e. there was no difference in IC50 determined for the six-week old communities at the 

start of the diuron exposure, and the 10-week old control communities at the end of the 

diuron exposure. Either the biofilms here were already dense enough after six weeks so no 

further decrease in uptake was possible, or the biofilm community is intrinsically more 

resistant due to other parameters (such as species composition).  

There was a significant time-dependent decrease in sensitivity in the biofilms 

following chronic exposure to diuron, with total Y(II) IC50 extrapolated from the dose-

response measured by Phyto-PAM increasing from 49 nM on the day of dosing, to 73 nM by 

day 14, and 110 nM by day 21 (Table 5.6). By day 28, sensitivity had decreased to the 

degree that inhibition was no longer dose-dependent, but instead constant at approximately 

20% for all herbicide treatments. Acute response to diuron following a 24-h recovery-period 

at the end of the four weeks also revealed a significant diuron concentration-dependent 

increase in tolerance, with communities previously exposed to 28 nM and 57.6 nM diuron 

two to four-fold more tolerant compared to controls. This was confirmed as pollution-

induced community tolerance (PICT) by early changes in species composition determined by 

cell counts, lower total biomass in diuron treatments (Figures 5.7 to 5.9), and a higher 

relative contribution of diatoms at the expense of brown turf algae (resolved by pigment 

profiles) in the highest diuron treatment. A threshold concentration for development of PICT 

in these tropical biofilms could be determined to be <28 nM after four weeks. This is in the 

range of previous studies with temperate freshwater and marine biofilms exposed to diuron, 

where reported threshold concentrations ranged from 8.58 – 40 nM after four weeks of 

exposure (Molander and Blanck, 1992, McClellan et al., 2008). At lower concentrations of 

diuron, changes in community structure also occurred without a measurable onset of PICT.  
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Table 5.6. Summary of effect-concentrations (nM) for all end-points and sampling occasions. 

Parameter  Sampling day 

 0 7 14 21 28 
24-h 
recovery 

14-d 
recovery  

IC50 Y(II) (nM) 49 60 73 110 na  na 
IC10 Y(II) (nM) 4.6 4.1 6.1 5.2 na  na 
LOEC Y(II) (nM) 7.0 7.0 7.0 7.0 7.0  57.6 
LOEC community structure (nM) ns 13.3 7.0 7.0 7.0  ns 
LOEC Diatom abundance (nM) ns ns ns 57.6 28  ns 
LOEC Pigment (nM) ns ns ns ns 57.6  7.0 
LOEC PICT * (nM)   (28) (28) (28) 28 na 

Abbreviations; ns = not significant, na = not applicable. ANOVA results for LOEC Y(II)-
determination can be found in Table D.26, Appendix D. *PICT is reported in brackets for days 14 – 
28 as it was only formally tested in an acute bioassay after the 24-h recovery, however, communities 
from 28 nM and 57.6 nM treatments showed significantly less inhibition of Y(II) on days 14 – 28 than 
on days 0 – 7 in the same treatment (ANOVA, p <  0.05, Tables D.27 and D.28, Appendix D). 
 

Photosynthesis-inhibiting herbicides have previously been implicated to play an 

important role in the formation of cyanobacterial blooms by removing competitive pressure 

elicited by other photosynthesizing microalgae. Cyanobacteria did not appear to be at a 

competitive advantage compared to diatoms in the biofilms studied here, as determined by 

similar inhibition of Y(II) measured with Phyto-PAM during diuron exposure. On the 

contrary, there was a significant increase in relative contribution of diatoms in the higher 

diuron concentration exposures by the end of the experiment, generally at the expense of 

turf-forming brown algae. Cyanobacteria in these tropical biofilms may require longer time 

to fully recover their photosynthetic capacity following diuron exposure, as indicated by the 

lower average Y(II) compared to ochrophytes in 28 nM and 57.6 nM exposures after the 14-d 

recovery (Figure 5.12 B and D). However, high but variable abundance of cyanobacteria in 

the 28 nM pre-exposures following 14-d recovery confound the conclusions somewhat.  

Along with structural changes due to the loss of the canopy-forming filamentous 

turf-algae that appeared to be more sensitive here, the possible development of a metabolic 

shift to higher rates of heterotrophy within the MPB may have severe impacts on the 

ecological function of the community. Turf-forming algae (Phaephyceae or Rhodophyta) are 

abundant in temperate and tropical coastal habitats (Copertino et al., 2005, Copertino et al., 

2006); however, no previous studies have investigated the effect of herbicides on these 

important communities.  

 

The concentrations of diuron leading to PICT and structural changes in the tropical 

benthic communities reported in this thesis (28 nM = 6.5 μg L-1) were in the range detected 

in the Australian environment (Lewis et al., 2009). These concentrations may be transient 

during high rainfall and flooding events, and it is unclear whether the combination of 
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exposure concentrations and durations are sufficient for the establishment of PICT in natural 

MPB communities. The co-occurrence of similarly acting herbicides, along with other 

stressors, may exacerbate the selection-pressure driving PICT, leading to community 

structure changes at lower concentrations of individual herbicides. 

 

It is likely that photosynthetic activity of a herbicide-exposed community will 

recover when conditions improve, however, structural changes may require in excess of two 

weeks for full recovery even in a microalgal-dominated system. This is in accord with 

previous studies, indicating that 3 – 8 weeks is necessary for recovery of tropical ecosystem 

function and plankton communities in microcosm experiments (Daam et al., 2009). A second 

acute exposure at the end of the 14-d recovery in the current study would have been valuable 

to determine if community tolerance remained a characteristic of the herbicide-treated 

biofilms, including the investigation of development of co-tolerance to other herbicides. 

Unfortunately there was not enough biomass available for such an experiment. Chemical 

analysis of diuron residues within the biofilms after a two-week depuration period could also 

establish whether some diuron binds irreversibly to microalgae within a biofilm, similar to 

atrazine (Nikkilä et al., 2001). This information could be important when considering 

recovery-rates and development of PICT in natural communities. 

In conclusion, despite derivation of similar IC50s, neither acute nor standard 72-h 

growth-inhibition toxicity tests with single-species algal cultures as described previously in 

this thesis can accurately predict the response of an intact, multispecies community under 

long-term herbicide-exposure stress, due to the possibility of community composition 

changes and PICT, and possible shifts in energy-acquisition pathways of the community. 

This study also highlighted the importance of applying multiple methods to investigate 

differential sensitivities of algal classes in complex biofilms. For example, although the 

multiwavelengh Phyto-PAM proved a useful tool to discriminate sub-lethal effects of 

herbicide on cyanobacteria and compared with diatoms and brown algae, it could not 

separately assess the sensitivity of the latter two classes, which dominated the MPB. Detailed 

community analysis was instead required to identify significant differences in response of 

diatoms and brown turf-algae to chronic herbicide exposure. It is vital to examine the nature 

of the community in more detail, particularly for estuarine/marine biofilms where 

filamentous turf algae may form a significant part of the assemblage (Copertino et al., 2005, 

Copertino et al., 2006). 
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Chapter 6. Summary of research outcomes and conclusions, 

synthesis, and recommendations for future 

research 

 

6.1. Summary  

The research presented in this thesis aimed to extend the understanding of herbicide 

toxicity to non-target tropical species. Specifically, it was designed to examine the extent and 

effects of herbicide pollution on tropical estuarine microphytobenthos. This was achieved by 

successively investigating the toxicity of priority herbicides to local (micro)algal flora in 

systems of increasing complexity, from single species to mature biofilms, with regards to 

toxicological (i.e. dose-response), functional (i.e. photosynthetic quantum yield) and 

structural (i.e. community composition) responses. The main conclusions drawn from this 

research are summarized below, and the effect-concentrations derived from the data are 

summarized in Table 6.1 (page 172).  

 

6.1.1. Major conclusions and outcomes 

In Chapter 1, the case was made for the need of ecotoxicological studies targeted 

specifically at tropical organisms. This claim was supported by an extensive review of the 

available literature focusing on the effects of herbicides on photosynthetic microalgae, and 

also by previous reviews calling for a geographically more balanced approach to 

ecotoxicology (Castillo et al., 1997, Peters et al., 1997). Data on use patterns of priority 

herbicides in Australia, and in particular in Queensland, along with chemical properties 

important for their environmental fate and behaviour were summarized. 

 

A broad review on the ecological importance of microphytobenthos opened Chapter 

2, justifying the choice of test-organisms/system for the remainder of the thesis. By 

analysing diatom community composition and structure for six creeks and estuaries in the 

Wet and Dry Tropics of the Great Barrier Reef lagoon, it was then established that the 

community structures of benthic diatoms in the GBR are comparable across climate zones 

(Wet and Dry Tropics, Chapter 2, this study) and cross shelf (inner and outer shelf reefs) 

(Gottschalk et al., 2007). Based on statistical analysis of community structure (cell counts of 

permanent mounts of digested material under x 1000 magnification) and observations of live 

material, it was concluded that diatom strains isolated from Dry Tropics sediments are likely 
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to represent tropical benthic diatoms from this type of habitat (shallow estuaries and tidal 

creeks surrounded by mangroves) in tropical Australia, including the Wet Tropics region. 

This is an important conclusion as it validates comparison and extrapolation of experimental 

results achieved using species or communities isolated from the more accessible Dry Tropics 

to predict possible effects over a larger geographical area. The extensive diatom species 

picture-atlas developed and presented as an appendix to this thesis, along with the detailed 

site-specific abundances of each taxon, provide a current resource for both teaching and 

future research in ecology and/or environmental impact assessments (as changes in 

community structure or composition may now be investigated). Furthermore, the 13 local 

strains of diatoms isolated here have not been taken into culture before, and are now 

incorporated into the NQAIF culture collection of living microalgae for perpetual 

maintenance. 

 

Chapter 3 represents the first study in tropical Australia investigating herbicide 

(diuron, atrazine and hexazinone) effects on local marine microalgae (Navicula sp. 

(Ochrophyta) and Nephroselmis pyriformis (Chlorophyta)) other than symbiotic 

dinoflagellates associated with hard corals. The most significant outcome of this research 

was the demonstration of linear relationships (1;1, r2 ≥ 0.90) between inhibition of the 

effective quantum yield [Y(II)] of photosynthesis measured using PAM-fluorometry, and the 

standard ecotoxicological endpoints biomass increase and growth rate. The linear 

relationship was consistent for two divergent algal species exposed to three different 

herbicides at concentrations spanning three orders of magnitude. The consistency in this 

linear relationship is critical as it reveals that inhibition of photosynthesis in photosystem II 

can directly translate to reduced growth rates and biomass of tropical benthic microalgae. 

This validates the utility of PAM fluorometry as a rapid and reliable technique to measure 

sub-lethal toxicity thresholds of PSII-inhibiting herbicides in these microalgae, enabling 

biologically relevant conclusions regarding expected effects on growth to be drawn based on 

photosynthetic activity.  

An interesting result was the recovery of growth (biomass) evident for both species 

that occurred between days 3 and 5 of exposure to PSII-inhibitors and remained up to day 10 

when the experiment was terminated, while inhibition of Y(II) remained inhibited throughout 

the whole exposure-period. These results were interpreted to be driven by the following 

‘survival’ mechanisms: a) changes in energy acquisition pathways to heterotrophy and/or b) 

cyclic electron flow through PSI. In either case, long-term herbicide exposure may still 

impart detrimental effects to the system as a whole due to changed primary productivity and 

oxygenation of the sediment even if the direct effect of the herbicide is algistatic rather than 

algicidal.  
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It was also shown that standardized, regulatory accepted end-points such as growth 

rate may not adequately assess the environmental effect of recently registered herbicides like 

the aminoacid-inhibitor imazapic. There were no effects on Y(II), growth rate, or biomass 

increase in imazapic-treated cultures for either of the two species tested during 10-day batch-

experiments. However, large declines in cellular concentrations of all photosynthetic 

pigments were evident in N. pyriformis after five days exposure to 5.3 μM imazapic 

(nominal concentration) compared to controls, indicating that this herbicide elicited 

detrimental physiological effects that were unrecognised using common toxicological 

endpoints. 

 

In Chapter 4, the acute effects of a range of priority herbicides, herbicide binary 

mixtures, and sediment porewater extracts from local rivers were investigated. Three tropical 

benthic microalgal test-species isolated from local sediment samples, along with 

Phaeodactylum tricornutum, a standard (temperate) diatom test-species for ecotoxicological 

studies, were exposed to the herbicides or porewater extracts in an acute, high-throughput 

ImagingPAM-bioassay (I-PAM). This chapter thus provided significant information on the 

sensitivity of tropical microalgae to herbicides under environmentally relevant conditions 

(low concentrations, mixtures and natural water samples). Although the order of species 

sensitivity differed between the herbicides, the tropical green alga N. pyriformis was always 

the most sensitive, and the tropical diatoms tested exhibited similar or higher sensitivities 

compared to the temperate P. tricornutum. All binary mixtures of PSII-inhibitors exhibited 

additive toxicity, highlighting the danger of assigning an environmentally safe threshold 

concentration for an individual herbicide, as it may still exert toxic effects at lower 

concentrations when combined with similarly acting chemicals in mixtures.  

Chemical analysis revealed a range of herbicides and insecticides present in 

sediment and porewaters mainly from the Tully, Johnstone and Herbert Rivers, three of the 

larger rivers surrounded by farm land in north Queensland. Herbicides were also detected in 

samples from the Daintree River in the Wet Tropics World Heritage Area, which is expected 

to be more pristine. Notably, the PSII-inhibitor diuron, which was the most potent herbicide 

in all the toxicity-tests performed throughout this thesis, was detected at concentrations 

ranging from 1.3 – 43 nmol kg-1 dry weight sediment, and up to 0.29 nM in porewaters, with 

maximum concentrations present in the Tully River. Additionally, environmental 

contamination from the insecticide imidacloprid has only recently been reported in surface 

waters in Australia (Lewis et al., 2009), and was here confirmed in the Tully River 

sediments, along with an increase in sediment concentrations of the deregistered 

organochlorine dieldrin compared to previous studies (Haynes et al., 2000a). The 

analytically determined herbicide concentrations in the porewater extracts explained most of 
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the phytotoxicity measured with the I-PAM bioassay; however, photoinhibition was slightly 

higher than expected based on the analytical results, indicating the presence of unidentified 

phytotoxins. The I-PAM bioassay hence provides a valuable tool for assessment of total 

phytotoxicity of natural samples.  

Another significant conclusion arising from this study is the advice against further 

use of the diatom Phaeodactylum tricornutum as a standard test-species for ecotoxicological 

studies. The conclusion is based primarily on its large within-strain variability in both 

sensitivity (to diuron) and response-kinetics (to hexazinone) under practically identical 

strain-maintenance and experimental conditions, along with its unusual morphology and the 

fact that the circumstances triggering morphological and biochemical changes are not yet 

fully understood. 

 

In Chapter 5, the long-term effects of diuron exposure to tropical estuarine biofilms 

were investigated in laboratory microcosms. During a four-week exposure, effects of this 

PSII-inhibitor on functional (i.e. photosynthetic quantum yield) and structural (i.e. 

community composition) parameters of the community were measured. Pollution-Induced 

Community Tolerance (PICT) was for the first time identified in tropical estuarine biofilms 

in response to chronic herbicide exposure by applying a combination of techniques including 

multiwavelength-fluorescence (Phyto-PAM) and community structure analysis based on cell 

counts and pigment profiles. Along with a decrease in sensitivity to diuron in the exposed 

communities, PICT was expressed through early changes in community structure 

(determined by cell counts), with trends towards lower total biomass in diuron treatments, 

and a higher relative contribution of diatoms at the expense of brown turf algae (resolved by 

pigment profiles) in the highest diuron treatment. A threshold concentration for development 

of PICT was determined to be between 13.3 nM and 28 nM (3.1 – 6.5 μg L-1) after four 

weeks, which is within the concentration range detected in the Australian environment. 

Changes in community structure and significant inhibition of Y(II) were, however, evident at 

concentrations as low as 7.0 nM (1.6 μg L-1).  

This study highlighted the importance of applying multiple methods to investigate 

differential sensitivities of algal classes and community structure changes in complex 

biofilms. Multiwavelengh excitation PAM-fluorometry is becoming an increasingly popular 

tool for such studies (Schmitt-Jansen and Altenburger, 2007, McClellan et al., 2008, 

Schmitt-Jansen and Altenburger, 2008). However, in many mature tropical and temperate 

marine fouling communities, filamentous turf algae may form a substantial part of the 

assemblage (Copertino et al., 2005, Chapter 5, this thesis). As the Phyto-PAM can not 

separately assess brown turf algae and diatoms, which are generally the dominant microalgae 

in the MPB (see Chapter 2 in this thesis), complementary methods are required.  
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 It was also shown in this chapter that cyanobacteria and ochrophytes in tropical 

biofilms respond to a similar degree during diuron exposure, with photosynthesis inhibited to 

the same extent in a dose-dependent manner. Although it is likely that a herbicide-exposed 

community will recover when conditions improve, more than two weeks under 

uncontaminated conditions are required for complete recovery. This was indicated by 

significant differences in community structure (resolved by pigment analysis), along with 

very high variability and lower average Y(II) in biofilms previously exposed to high 

concentrations of diuron (> 28nM) compared to controls. There was some indication that 

photosynthesis in cyanobacteria in the communities exposed to diuron here may require 

longer time under uncontaminated conditions than ochrophytes in order to fully recover. This 

conclusion was based on a more variable and lower average Y(II) in cyanobacteria exposed 

to high concentrations of diuron compared to ochrophytes following the 14-day recovery 

period (with cyanobacterial and ochrophyte control-Y(II) nearly identical to each other). The 

results presented in this thesis thus counter previous suggestions that herbicide 

contamination may contribute to the formation of cyanobacterial blooms through removal of 

competition by photosynthesizing microalgae (Lürling and Roessink, 2006). Instead, 

filamentous brown algae appeared most susceptible to diuron exposure here, leading not only 

to species compositional changes, but also to changes in the physical structure of the 

assemblage (i.e. a lack of canopy-forming turf algae) and potential functional changes in 

MPB (reduced primary production).  

 

In summary, tropical microalgae (clonal cultures and complex biofilms) were shown 

to be highly sensitive to herbicides in both acute and chronic exposures, and inhibition of 

Y(II) was often the most sensitive endpoint measured. Porewater concentrations of herbicides 

in some North Queensland rivers are high enough to induce up to 3.6 % inhibition of 

photosynthetic quantum yield in sensitive microalgae. The maximum concentration of diuron 

that was detected in porewaters during this study was 0.29 nM. This is quite low compared 

to concentrations reported in a recently published comprehensive monitoring effort, where 

diuron concentrations were consistently detected above 0.86 nM (0.2 μg L-1) in many rivers 

and creeks draining into the Great Barrier Reef (GBR) (Lewis et al., 2009). Peak 

concentrations were as high as 16 nM in the Burdekin-Townsville region, 81 nM in the 

Tully-Murray region, and 96 nM in the Mackay-Whitsunday region (Lewis et al., 2009). As 

little as a week of elevated diuron concentrations was shown in the current study to be 

enough to lead to changes in community structure of local microphytobenthos (Chapter 5, 

this thesis). Along with structural changes, the possible development of a metabolic shift to 

higher rates of heterotrophy within the MPB as indicated by the results in Chapter 3 may 

have severe impacts on the ecological function of the community. 
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6.2. Synthesis of research outcome – comparison with temperate 

studies 

There are several reasons why a toxicant may exhibit differential toxicity to tropical 

and temperate organisms. Higher temperatures can affect environmental degradation of 

chemicals (Haynes et al., 2000a, Daam et al., 2009), possibly leading to shorter exposure 

periods. Higher light intensity causes increased toxicity of PSII-inhibitors (Schreiber et al., 

2007), and both higher light intensity and temperature has been shown to increase toxicity of 

atrazine to Phaeodactylum tricornutum and Nannochloris oculata (Mayasich et al., 1986). 

Higher temperature has also been shown to lead to increased toxicity of diuron to the hard 

coral Seriatopora hystrix after 8 hours, whereas in the shorter term (1 – 2 hours), moderately 

elevated temperatures led to a decrease in toxicity (Jones and Kerswell, 2003). A decrease in 

toxicity of atrazine to the cyanobacterium Oscillatoria limnetica was also observed with 

increased temperature, and was attributed to faster turn-over rates of the D1 protein (the 

target-site for atrazine) under higher temperatures (Bérard et al., 1999). Due to the 

documented variability in physical, chemical and biochemical responses to environmental 

parameters, extrapolations from effect-concentrations derived using temperate organisms and 

test-conditions may not be valid in a tropical environment.  

The research presented throughout this thesis offers a sound base for comparisons 

between effect-concentrations derived using tropical and temperate test-organisms, and can 

thus provide insight into possible implications for cross-climate-zone extrapolations. Such 

comparisons have been made throughout the thesis, and will be briefly reviewed here again. 

Firstly, Table 6.1 provides a summary of all major effect-concentrations derived during this 

research. 
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Table 6.1. Summary of effect-concentrations (nM) for acute (6 minutes to 3 hours) and standard 72-
hour exposures to herbicides in tropical Australian and standard temperate algal test-species, and for 
extended exposure (0 – 4 weeks plus 2 weeks recovery) to diuron in a tropical biofilm community. 

Parameter  Exposure time 
Clonal cultures Acute (6-min), 24 ºC, PAR = 45 
 Diuron Tebuthiuron Atrazine Simazine Hexazinone 3-h 

Tropical spp.      

IC50 Y(II)  8.8 – 18.3 52 - 412 66 – 356  121 – 1200  9.5 – 27.2 

IC10 Y(II)  1.36 – 3.3 10.1 – 73  9.1 – 51.5 18.1 – 174  1.88 – 7.8 
LOEC Y(II)  0.43 – 5.2 4.8 – 38  5.2 – 62.8 20 – 121.8 0.29 – 4.6  

NOEC Y(II) <0.43 – 2.6   2.4 – 19  2.6 – 20.9 2.5 – 60.9 <0.29 – 0.58 
P. tricornutum (temperate)     

IC50 Y(II)  11.6 225 156 503 26.3 
IC10 Y(II)  1.78 33.2 20.8 56  6.9 

LOEC Y(II)  0.43 38 20.9 10.1 2.3 
NOEC Y(II)  <0.43 9.5 2.6 1.3 0.58 

 72-h, 24 ºC, PAR = 45 
Tropical spp. Diuron Atrazine Hexazinone 

IC50 Y(II)  24 – 25 130 – 460  25 – 62  

IC10 Y(II)  4.3 – 4.7  4.3 – 4.7 8.1 –  13 

LOEC Y(II)  2.28 14 – 375  9.12 – 18.2 
NOEC Y(II) 1.0 <14 – 125  2.28 – 9.12 

IC50  μ  33 230 – 620  41 – 110 
IC10  μ   10 – 22 110 – 160  19 – 26  

LOEC μ  2.28 – 18.2 125 – 375  18.2 – 73 
NOEC μ   1.0 – 9.12 42 – 125  9.12 – 36.5 

IC50 biomass  16 – 25  160 – 300  33 – 56  
IC10 biomass.  2.5 – 9.3 51 – 120  13 – 15  

LOEC biomass.  2.28 – 9.12 125 – 375  18.2 – 36.6 
NOEC biomass  1.0 – 2.28 42 – 125 9.12 – 36.5 

                                0 - 28 Days, 24 ºC, PAR = 51 Recovery  

Biofilm microcosm 0-day 7-day 14-day 21-day 28-day 24-h 14-day 
IC50 Y(II)  49 60 73 110 na  na 
IC10 Y(II)  4.6 4.1 6.1 5.2 na  na 
LOEC Y(II)  7.0 7.0 7.0 7.0 7.0  57.6 
LOEC community  ns 13.3 7.0 7.0 7.0  ns 
LOEC abundance  ns ns ns 57.6 28  ns 
LOEC pigment  ns ns ns ns 57.6  7.0 
LOEC PICT *    (28) (28) (28) 28 na 

Abbreviations; ns = not significant, na = not applicable. LOEC = lowest observed effect 
concentration, NOEC = no observed effect concentration, μ  = growth rate, PAR = photosynthetically 
active radiation (μmol photons m-2 s-1), PICT = pollution-induced community tolerance. *PICT was 
only formally tested in an acute bioassay after the 24-h recovery, however, communities from ≥ 28 
nM treatments showed significantly less inhibition of Y(II) on days 14 – 28 than they did on days 0 – 
7.  
 

Mainly diuron and atrazine are considered during this tropical-temperate comparison 

as comparative data are most abundant for these two herbicides. Additionally, data-collection 

was most comprehensive for diuron during the current study; it was also the most potent of 

the herbicides tested here; and diuron is of particular interest locally as it is the herbicide 
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most commonly detected in the Australian environment (see Chapters 1 and 4, this thesis). 

Selected literature values for diuron and atrazine effect-concentrations, derived using 

temperate microalgae as test-organisms, are thus listed in Table 6.2. The selection criteria for 

choosing temperate studies for comparison were reporting of effect-concentrations (ICx – 

values, LOEC and/or NOEC) and temperature and light intensity employed during 

experimentation. Preference was given to studies using any of the end-points measured 

during the current study (growth rate, biomass, Y(II), PICT), but some other studies were 

also included for a broader comparison.  

 

Many of the studies listed in Table 6.2 used temperatures ranging from 23 – 28 ºC, 

comparable to the 24 ºC used throughout the current study. Light-intensities were usually 

higher, ranging from 20 – 340 μmol photons m-2 s-1 (PAR), with four studies using similar or 

lower light intensity compared to the current study. Generally, no reason was given for the 

light intensity chosen. Throughout the work presented in this thesis, a low light intensity was 

chosen as the organisms were isolated or collected from low-light, turbid environments. As 

stated above, a higher light intensity may incur greater toxicity from PSII-inhibitors. 

Although a large degree of overlap in effect-concentrations (both ICx and LOECs) between 

tropical and temperate species tabulated here is evident, the tropical clonal microalgae tested 

in Chapters 3 and 4 of this thesis were overall in the higher sensitivity-range (i.e. 

comparatively low ICx and LOECs), particularly for atrazine. The tropical periphytic 

biofilms are on the other hand in the lower sensitivity-range (estimated ICx and LOECs are 

comparatively high). It should be noted, however, that although IC50 was estimated to be 

twice as high for the biofilms tested here compared to a temperate fouling community 

(Molander and Blanck, 1992, reference 5 in Table 6.2), PICT was evident in these tropical 

biofilms at much lower concentrations (28 nM compared to 40 nM). Conversely, in a recent 

study of freshwater biofilm-communities exposed to diuron for up to 12 weeks, the IC50 was 

similar to that derived for the tropical community (up to 39 nM compared to 49 nM, 

respectively), and PICT was detected at very low concentrations (0.34 – 8.58 nM) 

(McClellan et al., 2008, reference 6 in Table 6.2). The light intensity used in that study was 

four times as high as used for the estuarine biofilms here (PAR = 200 compared to PAR = 

50, respectively), and it is possible this increase in light intensity can explain a large part of 

the apparent higher sensitivity in development of PICT in the temperate community. It is 

also likely that tropical communities would develop PICT at lower diuron concentration 

exposures after a longer exposure, as a time-dependency was detected during the four weeks 

of exposure.  
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Table 6.2. Summary of diuron and atrazine effect-concentrations (nM), and light- (PAR) and 
temperature- (ºC ) conditions during experimentation for selected studies utilizing temperate 
microalgae and periphyton. One study using the temperate seagrass Zostera marina is also included. 

Organism, test   Effect-concentration (nM)  
 

Temp/light 
(ºC/PAR) IC50 IC10 LOEC NOEC PICT Ref 

DIURON        

Episammon 45-min 14C- uptake ns/100 36-39      1 

Periphyton (M) 45-min 14C- uptake ns/100 18-89     1 
P. tricornutum (diatom, M) 5-min 
Y(II) 

ns/20  3.17     2  

Zostera marina (seagrass, M) 10-d 
Fv/Fm 

16/35 14  4.3 < 4.3  3 

P. tricornutum (diatom, M)  1-h Y(II) 23/50 77.2  3.6     4 

Chlorella vulgaris (chlorophyte, F)  
1-h Y(II) 

23/50 87.6 5.6    4 

Periphyton (M) 1-h 14C- uptake 19/60 15 – 23   3.2 < 3.2 40 5 

Periphyton (F) 1-h Y(II) 22/200  17.2 – 38.6  5.1 1.8  6 

Periphyton (F) PICT 4-week exposure 22/200     8.58 6 

Periphyton (F) PICT 12-week 
exposure 

22/200     0.34 6 

Hormosira banksii gametes (brown 
algae, M) 2-h Y(II) 

18/23 7.1     7 

              
                  ATRAZINE 

      

Periphyton (F) 96-h growth 20/200 1700 –8300     8 

Chlorophytes (F) 96-h growth ns/125† 20 – 533      8 

Ochrophytes (diatoms, F) 96-h 
growth 

ns/125† 760 to 
 > 10000 

    8 

Chlorophytes (E) 72-h cell density 25/86 151 – 308  58 –
116 

< 58  9 

Amphidinium operculatum 
(dinoflagellate, M) 72-h cell density 

25/86 344  58 < 58  9 

Dunaliella tertiolecta (chlorophyte, 
M) 96-h growth rate 

25/86 320   230  10 

Chlorophytes (F) 96-h cell density ns/125† 20 – 1210   14 – 46   11 

Ochrophytes (F) 96-h cell density ns/125† 760 – 1910   230   11 

Nitzschia palea (diatom, F) 1-h Y(II) 20/150  464     12 

Scenedesmus vacuolatus 
(chlorophyte, F) 1-h Y(II) 

28/340  148     12 

Periphyton (F) 1-h Y(II) 20/140  385 – 445      12 
† = average of reported range (PAR = 100 – 150). Abbreviations; E = estuarine, F = freshwater, Fv/Fm 
= dark adapted maximum potential quantum yield, light = light intensity, LOEC = lowest observed 
effect concentration, M = marine, NOEC = no observed effect concentration, ns = not specified, PAR 
= photosynthetically active radiation, ref = reference, temp = temperature. 1; (Arrhenius et al., 2004), 
2; (Bengtson-Nash et al., 2005), 3; (Chesworth et al., 2004), 4; (Muller et al., 2008), 5; (Molander and 
Blanck, 1992), 6; (McClellan et al., 2008), 7;  (Seery et al., 2006), 8; (Bérard et al., 2003), 9; 
(DeLorenzo et al., 2004), 10; (DeLorenzo and Serrano, 2003), 11; (Seguin et al., 2001), 12; (Schmitt-
Jansen and Altenburger, 2007). 

 

 

To further broaden the comparison, a summary of effect-concentrations for diuron 

and atrazine from studies utilizing tropical photosynthesising organisms is provided in Table 

6.3. The selection criteria for choosing other tropical studies for comparison were the same 
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as for temperate studies; however, since no data are available for microphytobenthos or 

isolates of tropical microalgae except for symbiotic dinoflagellates from hard corals, the test-

organisms were by necessity not restricted to such organisms.   

 

Table 6.3. Summary of diuron and atrazine effect-concentrations (nM), and light (PAR)- and 
temperature- (ºC ) conditions during experimentation for selected studies utilizing tropical 
photosynthesising organisms. 

Organism, test   Effect-concentration (nM) 
 

Temp/light 
(ºC/PAR) IC50 IC10 LOEC NOEC Ref 

DIURON       

Hard corals/symbionts (M) 10-h Y(II) 25/120 18 – 26   4.3 1.3 1 
Isolated coral symbionts (Stylophora 
pistillata, hard coral, M) 5-min Y(II) 

25/120 23.6  1.1 < 1.1 1 

Hard corals/symbionts (M) 10-h Y(II) 25/25 – 120 9.9 – 12   1.3 < 1.3 2 
Pocillopora damicornis recruits (hard 
coral, M) 96-h Y(II) 

28/304 IC75 = 4.3  4.3 0.4 3 

Isolated coral symbionts (Madracis 
mirabilis, hard coral, M), 6-h 14C-
uptake 

25.5/33 14* 3*   4 

Isolated coral symbionts (Madracis 
mirabilis, hard coral), 8-h 14C-uptake 

25.5/33   4.3 2.1 4 

Halophila ovalis and Cymodocea 
serrulata (seagrasses, M) 5-d Y(II) 

32/50% 
ambient** 

38 - 46†  0.43 <0.43 5 

ATRAZINE       
Hard corals/symbionts (M) 10-h Y(II) 25/120 185 – 

417  
 14 5 1 

Seriatopora hystrix (hard coral, M) 10-
h Y(II) 

25/25 209  14 5 2 

* = a Hills 3-parameter regression was fitted to data estimated from figure 2a, in Owen et al., (2003), 
the actual values are not reported in the original publication, ** average maximum temperature during 
the 5 days, calculated from table 2, in Haynes et al., (2000b), outdoors aquaria covered with 50% 
shade-cloth. †  = a Hills 3-parameter regression was fitted to data estimated from figure 2 in Haynes et 
al., (2000b), IC50s was only possible to determine from two of the three species tested, Halophila 
ovalis and Cymodocea serrulata. LOEC = lowest observed effect concentration, M = marine, NOEC = 
no observed effect concentration, ref = reference 1; (Jones et al., 2003), 2; (Jones and Kerswell, 2003), 
3; (Negri et al., 2005), 4; (Owen et al., 2003), 5; (Haynes et al., 2000b) 
 

 

Combining the results presented throughout this thesis (Table 6.1) with earlier 

results from the literature reporting on sensitivity of tropical non-target organisms to the 

herbicides diuron and atrazine (Table 6.3), it appears that tropical organism are generally 

more sensitive to atrazine compared to temperate species. Species sensitivity distributions7 

(SSD) are commonly used in ecological risk assessments to derive an ‘environmentally safe 

concentration’, where less than 5% of species will be affected (Wheeler et al., 2002). In risk 

assessments, the NOEC-value is the preferred effect-concentration to use for the most 

                                                 
7 A species sensitivity distribution is defined as the cumulative distribution-function of the toxicity of 
a single compound or mixture to a set of species (Van den Brink et al., 2006), i.e. for a graphical 
representation; the cumulative proportion of affected species is plotted against the effect-
concentration.   
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sensitive estimate of ‘safe’ concentrations (Wheeler et al., 2002). As very few of the studies 

summarized here reported significant NOEC or LOEC data, or IC10-estimates, constructing 

an SSD is not possible for the low-effect-range (not enough data-points). For a graphical 

representation of comparative sensitivity between tropical and temperate photosynthesising 

organisms, all available IC50-estimates (i.e. both single species and community, and both 

acute and chronic) were used to construct SSDs for temperate and tropical species 

separately, for both diuron and atrazine (Figure 6.1). SSDs constructed on IC50-data can be 

used for a relative comparison of sensitivity (Van den Brink et al., 2006), but will not be 

very useful in determining environmentally safe threshold-concentrations.  

 

 

Figure 6.1. Species sensitivity distributions for tropical and temperate non-target photosynthetic 
organisms based on both short-term and long-term toxicity-data for A) diuron and B) atrazine. 

 

It is clear from Figure 6.1 that there is very little difference in sensitivity to diuron 

between tropical and temperate organisms, and it therefore seems likely that environmental 

threshold-concentrations determined based on effect-data derived from temperate organisms 

will also protect tropical taxa. Conversely, tropical organisms appear to be comparatively 

more sensitive to atrazine, with a much steeper sensitivity-distribution than temperate taxa 

(Figure 6.1 B) and thus may not be sufficiently protected by threshold-concentrations 

determined based on temperate effect-concentrations. Atrazine breaks down faster under 

higher temperatures (Haynes et al., 2000a) which could possibly alleviate the higher 

sensitivity of tropical organisms to this herbicide, however, atrazine is also reportedly more 

toxic at higher temperatures (Mayasich et al., 1986). The temperate studies cited here 

employed experimental temperatures ranging from 20 – 28 ºC, and it is thus not clear what 

influence temperature had in the differential toxicity of atrazine to organisms from different 

climate-zones. Experimental light intensity was often higher in studies using temperate 

organisms for both diuron and atrazine (Tables 6.1 – 6.3); however, no correlation could be 

found between the degrees of toxicity for either herbicide and light intensity for the studies 

reviewed here (Tables 6.1 – 6.3) (linear regression, r2 smaller than 0.04, results not shown). 

In conclusion, despite many similarities in response to herbicides between tropical and 
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temperate non-target organisms, caution is still warranted in extrapolations from temperate 

effect-concentrations to tropical species.  

 

6.3. Research recommendations 

During this research, and as highlighted throughout the thesis, a number of areas 

were identified that require further investigation. These will briefly be summarized here. 

 

Herbicide breakdown products have repeatedly been shown to exhibit similar or 

increased toxicity compared to the parent compound (Meakins et al., 1995, Tixier et al., 

2000, Tixier et al., 2001). Dichloroaniline (the breakdown product of diuron and other 

phenylureas) is a class 2 toxicant (i.e. a polar narcotic compound, generating the same but 

stronger symptoms as baseline toxicants) (Verhaar et al., 1996) but was here only tested in 

acute I-PAM assays where no photoinhibitory effect was evident (Chapter 4). 

Desethylatrazine (DEA) and desisopropylatrazine, both breakdown products of atrazine and 

simazine, were repeatedly detected in river samples across catchments draining into the GBR 

(Lewis et al., 2009). DEA was shown to inhibit Y(II) to some extent in tropical microalgae in 

this thesis but at very high concentrations. Longer-term exposures and whole-organism-, or 

population-sensitive endpoints (opposed to the target-site-specific inhibition of Y(II) 

measured here for these compounds) may be needed to determine the effects of non-PSII-

inhibitors, and herbicide breakdown products.  

Similarly, chronic flow-through or repeated-dosing experiments with imazapic using 

biofilm communities are required to determine whether this amino acid synthesis-inhibitor 

poses any risk to non-target primary producers. No effects were observed on growth rate, 

biomass increase or Y(II) in the current study, however, a significant decrease in cellular 

pigment-concentrations was evident at high concentrations in the green algae Nephroselmis 

pyriformis (Chapter 3). The sulfonylurea nicosulforun is also an amino acid synthesis-

inhibitor but targets acetolactace synthase, ALS, instead of acetohydroxyacid synthase 

(AHAS) targeted by imazapic. Nicosulfuron was shown to be virtually non-toxic to 

monoclonal algal cultures, yet exposure lead to changes in community structure in 

phytoplankton microcosms (Seguin et al., 2001). It is likely more effect-specific (i.e. enzyme 

activity) or population-sensitive (i.e. community structure) endpoints are required to detect 

any effects of these herbicides. 

Of great interest are also the presence, bioavailability, and possible synergistic 

effects of the fungicide chlorothalonil on primary producers in the GBR ecosystem. Chronic 

mixture-experiments with the ubiquitous contaminants diuron, atrazine and hexazinone 

(Lewis et al., 2009) would be valuable. Along with chlorothalonil, it is advisable to include 
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analysis of the insecticide imidacloprid in any future monitoring efforts in order to better 

outline its environmental distribution and fate under Australian conditions, and hence the 

possible risk posed. Additionally, an increase in sediment concentrations of dieldrin as 

detected here (Chapter 4) compared to previous studies from the Tully River, instead of the 

expected decline, warrants further sampling efforts to elucidate the source of this 

deregistered organochlorine. 

 

The actual mechanisms causing community tolerance in algae are not yet fully 

understood. There are multiple indications for the ability in microalgae (particularly diatoms) 

to switch to heterotrophic nutrient acquisition under certain conditions (Molander and 

Blanck, 1992, Lewitus and Kana, 1994, Tuchman et al., 2006, Cibic et al., 2007, Magnusson 

et al., 2008). Measurements of dark-respiration and heterotrophic nutrient-utilization would 

be valuable to deduce whether this in fact happens in species/communities exposed to PSII-

inhibitors. Another mechanistic aspect requiring attention is whether any changes in gene-

regulation are evident after chronic exposures to herbicides in tropical algal communities. A 

mutation in the psbA gene coding for the D1 protein (the target site for PSII-inhibitors) and 

causing a substitution of Ser264  Gly,  have been shown to convey tolerance to triazines in 

land plants (Hirschberg and McIntosh, 1983), and also in several species of algae and 

cyanobacteria (reviewed in Oettmeier, 1999). It has recently been shown that this is not the 

mechanism behind induced tolerance to the triazine irgarol 1051 in temperate microalgal 

communities (Eriksson et al., 2009). There, psbA gene sequences, predicted D1 protein 

sequences, species relative abundance, and PICT were analysed in temperate marine 

periphyton communities exposed to background- or elevated concentrations of irgarol 

(Eriksson et al., 2009). PICT was evident for communities exposed to elevated 

concentrations of irgarol, and a comparison of nonconserved amino acid sequences between 

the treatments revealed a selection for certain sequences in the PEST-region of the D1 

protein in these communities (Eriksson et al., 2009). The PEST-region is thought to regulate 

D1-degradation, and it was proposed that this pollution-induced selection for certain 

sequences convey higher turn-over rates of the D1 protein, thus increasing tolerance 

(Eriksson et al., 2009).  

 

It is also important to determine whether PICT is already a characteristic of the 

microphytobenthos in the GBR marine park through exposure to environmental 

concentrations of herbicides. Using PICT-methodology, it is possible to assess the effects on 

communities of past temporary exposures to herbicides. In Europe, increased tolerance to tri-

n-butyl tin (TBT) in marine periphyton was shown to correlate well with an increasing 

environmental TBT-concentration at the sites the periphyton communities were collected 



Chapter 6. Summary and future research recommendations 179

from (Blanck and Dahl, 1996). Similarly, greater tolerance to atrazine and iosproturon was 

found in periphyton collected from contaminated sites compared to pristine sites in the river 

Ozanne (France) and surrounding waterways (Dorigo et al., 2004).  

 

Chemical analysis of herbicide residues within biofilms after a depuration-period 

could establish whether more PSII-inhibitors bind irreversibly to microalgae within a 

biofilm, similar to atrazine (Nikkilä et al., 2001), contrary to the general perception that 

binding and hence inhibition is completely reversible. This information could be important 

when considering recovery-rates and development of PICT in natural communities. 

 

As an overall research-recommendation, future ecotoxicological research in the 

tropics needs to focus on chronic exposure-studies, using environmentally relevant 

concentrations and toxicant mixtures, and pulsed dosing to mimic realistic conditions. The 

effects of the herbicide diuron have now been well characterized for microphytobenthos (this 

thesis), corals (Jones and Kerswell, 2003, Jones et al., 2003, Negri et al., 2005, Cantin et al., 

2007, Cantin et al., In press), and seagrasses (Haynes et al., 2000b, Ralph, 2000), and it is 

recommended that efforts are directed towards other contaminants and/or interactive effects 

involving diuron in the low-concentration range. Interactive effects between herbicide 

toxicity and increasing temperature (climate change), as well as lower salinity and higher 

turbidity (flooding conditions), remain unresolved. It is valuable to report low-effect-

concentrations, i.e. IC10, in order to understand the possible effects of environmentally 

relevant concentrations, and enable derivation of adequate trigger-values. A broader effect-

concentration data-base for locally important organisms and communities is still necessary in 

order to model SSDs and solve the debate whether environmental trigger-values derived for 

temperate conditions may be sufficient (as shown for diuron here), underprotective (as 

shown for atrazine here) or overprotective of tropical ecosystems. Meanwhile, it is 

recommended that temperate trigger-values are treated with caution before applying them to 

tropical conditions. 
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Appendix A: A taxonomic survey of estuarine benthic diatom communities in 

the Wet and Dry Tropics of North Queensland, Australia. 

 
 
Table A. 1. Site specific abundances of encountered diatom taxa in Diamantina River (Dia) and Zoe 
Creek (Zoe) in the Wet Tropics, expressed as diatom cells mL-1 sediment. 
 
Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Achnanthes brevipes 0 937 3633 0 0 0 
Achnanthes exigua 0 0 0 0 0 0 
Achnanthes oblongella  0 0 9688 0 6664 0 
Achnanthes plönensis  0 0 0 0 6664 0 
Achnanthes sp. 1 3861 0 0 0 0 0 
Achnanthes sp. 2 0 0 0 4731 3332 7553 
Achnanthes sp. 3 30887 5622 0 52039 6664 12589 
Achnanthes sp. 4 3861 0 0 0 13327 15107 
Achnanthes sp. 6 0 0 4844 4731 0 0 
Achnanthes sp. 7 0 1874 0 9462 0 0 
Achnanthes sp. 8 0 0 0 14193 0 0 
Achnanthes sp. 9 0 5622 3633 18923 9995 0 
Achnanthes sp. 10 0 937 0 4731 6664 0 
Achnanthes sp. 11 3861 0 0 0 0 0 
Achnanthes sp. 12 0 0 0 14193 0 0 
Achnanthes sp. 13 7722 0 0 18923 9995 0 
Achnanthes sp. 14 0 4685 0 0 0 0 
Achnanthes sp. 15 0 2811 0 0 3332 0 
Achnanthes sp. 16 0 2811 0 0 0 0 
Achnanthes sp. 17 0 0 3633 0 6664 0 
Achnanthes sp. 18 0 0 3633 0 0 0 
Achnanthes sp. 19 0 0 0 0 0 0 
Achnanthidium minutissimum  0 11245 0 18923 16659 5036 
Actinoptychus gruendleri 0 0 0 9462 0 5036 
Actinoptychus splendens 0 2811 2422 4731 0 5036 
Actoptychus annulatus  0 937 1211 0 0 0 
Amphiprora cf sulcata 0 0 0 0 3332 0 
Amphiprora cf sulcata 2 0 0 1211 0 0 0 
Amphiprora sp. 2 0 0 0 0 9995 0 
Amphora obtusa 0 0 0 0 0 0 
Amphora radiosa 0 0 0 0 0 0 
Amphora cf turgida 11582 937 0 14193 3332 0 
Amphora ventricosa  3861 4685 9688 18923 0 10071 
Amphora wisei  7722 0 1211 4731 0 0 
Amphora sp. 3861 0 0 0 0 0 
Amphora sp. 1 23165 6559 2422 33116 33318 7553 
Amphora sp. 2 7722 0 0 0 0 0 
Amphora sp. 3 0 0 0 0 0 0 
Amphora sp. 4 0 0 7266 18923 13327 0 
Amphora sp. 5 11582 0 0 0 0 5036 
Amphora sp. 6 3861 937 0 0 9995 7553 
Amphora sp. 7 0 0 0 0 0 0 
Amphora sp. 8 0 937 4844 42578 23323 20143 
Amphora sp. 9 3861 4685 0 0 3332 15107 
Amphora sp. 11 23165 937 3633 99348 49977 7553 
Amphora sp. 12 27026 1874 6055 23654 0 0 
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Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Amphora sp. 13 0 1874 0 18923 6664 0 
Amphora sp. 14 23165 0 0 66232 39982 5036 
Amphora sp. 15 0 0 0 9462 0 0 
Amphora sp. 16 38608 1874 0 0 23323 0 
Amphora sp. 17 0 0 0 0 0 0 
Amphora sp. 18 0 0 2422 0 0 0 
Amphora sp. 19 0 0 0 0 0 0 
Auricula sp.  0 0 0 0 0 0 
Bacillaria paxillifer  11582 15930 7266 56770 9995 10071 
Bacteriastrum furcatum  3861 0 0 9462 0 0 
Berkeleya scopulorum  0 0 0 0 0 2518 
Bidulphia sp.  0 1874 2422 0 0 0 
Biremis ambigua  15443 937 4844 14193 9995 0 
Brachysira aponina 34747 4685 0 18923 6664 7553 
Caloneis cf brevis  0 0 1211 0 3332 0 
Caloneis cf liber 0 0 0 0 0 0 
Campylosira sp.  131268 7496 0 0 93291 50357 
Campolydiscus clypeus  0 937 3633 0 0 0 
Catenula sp. 0 0 0 0 0 10071 
Chaetoceros lorenzianus  0 0 0 0 13327 0 
Chaetoceros sp. 2 0 0 0 0 13327 0 
Cocconeis decipiens 0 1874 3633 0 0 0 
Cocconeis distans  19304 937 0 0 6664 0 
Cocconeis heteroidea 0 0 0 0 0 0 
Cocconeis placentula  19304 2811 0 56770 19991 0 
Cocconeis placentula var 
euglypta  11582 0 1211 0 36650 0 
Cocconeis pseudomarginata  0 0 0 0 0 0 
Cocconeis quarnerensis  0 0 3633 0 0 5036 
Cocconeis scutellum var 
parva  0 5622 4844 0 0 12589 
Cocconeis sublittoralis  3861 937 0 0 0 0 
Cocconeis sp. 1 15443 0 3633 0 0 32732 
Coscinodiscus lacustris 0 0 2422 0 0 0 
Coscinodiscus cf nitidis  0 0 1211 18923 3332 0 
Coscinodiscus sp. 1 3861 0 1211 0 0 0 
Cyclostephanos sp. 0 0 2422 0 0 0 
Cyclotella stylorum  3861 0 2422 0 0 5036 
Cyclotella cf striata  0 0 4844 0 0 0 
Cyclotella sp. 1 0 937 6055 4731 0 0 
Cyclotella sp. 2 19304 5622 0 4731 3332 7553 
Cymatodiscus planetophorus 3861 0 0 0 0 0 
Cymatostira sp. 0 20615 24219 0 3332 2518 
Cymbella sp. 2 30887 0 1211 28385 26655 0 
Cymbella sp. 3 0 0 0 0 0 0 
Cymbella sp. 4 0 0 0 0 0 0 
Denticula parva 0 2811 0 0 0 0 
Denticula subtilis  0 0 4844 0 6664 0 
Diatoma mesodon  46330 0 3633 37847 26655 20143 
Dimeregramma minor  50191 3748 3633 28385 39982 0 
Diplomenora sp. 1 0 0 8477 0 0 0 
Diplomenora sp. 2 3861 0 4844 0 0 7553 
Diploneis cf chersonensis  0 0 0 0 6664 0 
Diploneis cf crabro 0 2811 2422 0 0 5036 
Diploneis fusca var. pelagica 0 0 0 0 0 0 
Diploneis gravelleana  0 1874 9688 0 0 0 
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Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Diploneis nitescens  0 0 0 0 0 0 
Diploneis scutellum parva 0 0 0 0 0 0 
Diploneis smithii var. 
rhombica  0 2811 6055 0 0 0 
Diploneis subovalis  3861 0 3633 4731 9995 10071 
Diploneis subtilis 0 0 0 0 0 0 
Diploneisvacillans 3861 937 0 4731 0 0 
Diploneis weissflogii  0 937 0 0 0 0 
Diploneis sp. 1 0 937 0 28385 9995 27696 
Diploneis sp. 2 0 937 0 0 0 5036 
Diploneis sp. 3 42469 0 4844 23654 36650 25178 
Diploneis sp. 4 0 0 0 0 3332 0 
Eunotia sp. 3 0 0 0 0 0 0 
Eunotia sp. 4 7722 0 0 4731 0 0 
Eunotia sp. 5 0 0 0 4731 3332 0 
Eunotia sp. 6 0 0 1211 9462 0 0 
Eunotia sp. 7 3861 2811 0 4731 0 0 
Eunotogramma marinum  42469 5622 2422 0 53309 0 
Eunotogramma sp. 3861 1874 1211 4731 3332 0 
Fallacia sp.  0 2811 0 14193 0 0 
Fallacia sp. 1 3861 0 3633 0 0 10071 
Fallacia sp. 2 7722 0 0 0 6664 5036 
Fallacia sp. 3 0 0 0 0 9995 0 
Fallacia sp. 4 0 0 0 0 0 0 
Fragilaria sp. 1 11582 937 0 18923 0 0 
Fragilaria sp. 2 15443 0 0 9462 0 0 
Fragilaria sp. 3 0 0 0 0 0 0 
Fragilaria sp. 4 0 937 0 0 0 0 
Frustulia rhomboides  0 0 0 9462 3332 0 
Glyphodesmisdistans  3861 0 8477 4731 3332 0 
Glyphodesmis vacillans 0 0 0 0 0 0 
Grammatophora hamulifera  7722 0 4844 37847 3332 10071 
Grammatophora oceanica  0 0 0 9462 0 17625 
Gomphonema sp. 1 0 0 0 0 0 0 
Gomphonema sp. 2 0 0 0 0 0 0 
Gyrosigma sp. 1 0 0 0 0 0 0 
Gyrosigma scalproides var. 
eximia  0 0 0 0 0 0 
Gyrosigma pertiense  0 0 0 0 0 0 
Hantzschia amphioxys  0 1874 0 0 0 0 
Hemiaulus sinensis 0 0 2422 0 0 0 
Licmophora lyngbyei  3861 0 0 0 0 0 
Mastogloia baldjikiana  3861 0 0 0 0 2518 
Mastogloiabiapiculata  0 0 0 0 3332 0 
Mastogloia binotata 0 0 0 0 0 0 
Mastogloia crucicula 0 0 0 0 0 0 
Mastogloia elliptica  0 0 0 0 3332 0 
Mastogloia smithii var. 
amphicephala  3861 0 0 0 0 0 
Mastogloia sp. 1  3861 0 1211 0 0 0 
Mastogloia sp. 3  0 0 0 0 0 0 
Mastogloia sp. 4 0 0 0 0 0 0 
Mastogloia sp. 5 0 0 0 0 0 0 
Mastogloia sp. 6 0 0 1211 0 0 0 
Melosira distans  0 0 0 0 0 0 
Melosira sulcata 0 0 0 0 0 12589 
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Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Navicula clavata  0 0 3633 0 0 0 
Navicula borneoensis  0 0 0 9462 3332 0 
Navicula disclusa 0 0 0 0 0 0 
Navicula elegantissima 0 3748 1211 0 6664 0 
Navicula florinae  0 0 0 0 0 0 
Navicula granulata  7722 1874 4844 0 0 2518 
Navicula inserata  0 0 2422 0 0 0 
Navicual lorenziana 0 0 0 0 0 0 
Navicula mutiroides 0 937 0 0 0 0 
Navicula pseudoforcipata 0 0 0 0 0 0 
Navicula radiosa 0 0 0 0 0 10071 
Navicula robertsiana  3861 0 1211 0 0 0 
Navicula sp. 1 0 0 0 14193 0 0 
Navicula sp. 2 3861 0 0 14193 16659 0 
Navicula sp. 3 3861 0 0 0 0 0 
Navicula sp. 4 0 0 0 9462 0 0 
Navicula sp. 5 19304 0 0 0 0 0 
Navicula sp. 6 7722 0 3633 0 3332 0 
Navicula sp. 7 15443 0 4844 23654 0 0 
Navicula sp. 8 27026 4685 8477 28385 46646 27696 
Navicula sp. 9 42469 12182 4844 14193 13327 15107 
Navicula sp. 10 0 2811 0 0 0 0 
Navicula sp. 11 11582 0 0 0 9995 0 
Navicula sp. 12 50191 0 0 9462 0 5036 
Navicula sp. 13 0 2811 0 4731 3332 0 
Navicula sp. 14 7722 3748 0 9462 6664 0 
Navicula sp. 15 0 0 1211 0 3332 10071 
Navicula sp. 16 15443 0 0 0 0 0 
Navicula sp. 17 7722 2811 0 18923 6664 0 
Navicula sp. 18 0 0 6055 0 0 0 
Navicula sp. 19 3861 0 3633 0 0 0 
Nitzschia amphibia  57912 14993 12110 66232 39982 27696 
Nitzschia cocconeiformis  3861 937 0 4731 0 0 
Nitzschia granulata  0 0 0 4731 0 0 
Nitzschia granulata var. 
hyalina 0 0 0 0 0 0 
Nitzschia irresoluta  0 0 0 0 0 0 
Nitzschia lanceolata  7722 26238 49650 4731 6664 0 
Nitzschia longissima  0 937 0 9462 0 0 
Nitzschia lorenziana var. 
subtilis  0 937 0 0 0 0 
Nitzschia navicularis  0 937 1211 0 0 0 
Nitzschia punctata  3861 2811 1211 4731 6664 5036 
Nitzschia sigma var. 
sigmatella  7722 0 0 0 0 0 
Nitzschia vidovichii 0 0 1211 0 0 2518 
Nitzschia sp. 1  7722 937 0 0 0 0 
Nitzschia sp. 2 0 0 2422 0 3332 0 
Nitzschia sp. 3 3861 2811 0 0 0 0 
Nitzschia sp. 5 0 0 3633 0 0 5036 
Opephora olsenii  0 0 0 0 0 0 
Opephor martyi  0 0 3633 4731 0 0 
Opephora schwartzii  7722 1874 0 0 0 0 
Paralia sulcata  11582 7496 16954 9462 13327 0 
Paralia sp. 1 0 3748 8477 0 3332 0 
Paralia sp. 2  11582 0 4844 0 0 0 
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Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Parlibellus crucicula  0 0 0 0 0 0 
Pinnularia cf ambigua  0 0 0 0 0 0 
Pinnularia sp. 2 0 0 0 0 0 0 
Plagiogramma staurophorum  0 0 0 4731 0 0 
Planothidium lanceolatum 0 0 0 0 0 0 
Pleurosigma sp. 1  0 2811 2422 14193 0 0 
Pleurosigma sp. 2 15443 2811 0 4731 0 2518 
Pleurosigma sp. 3 0 0 3633 0 6664 0 
Psammodictyon 
panduriforme  15443 5622 7266 33116 29986 22660 
Psammodictyon 
panduriforme var. 
delicatulum  0 0 0 0 0 0 
Psammodiscus nitidis 0 0 0 0 0 0 
Raphoneis rhombica  0 0 0 0 0 45321 
Raphoneis sp. 1 0 0 0 0 0 0 
Rhabdonema adriaticum  0 0 1211 9462 0 0 
Rhopalodia acuminata  7722 2811 7266 0 9995 0 
Rhopalodia gibberula 0 3748 8477 4731 0 0 
Rhopalodia gibberula var. 
musculus 0 0 0 0 0 0 
Rhopalodia musculus  19304 2811 0 0 6664 10071 
Surirella intermedia  0 0 0 0 0 0 
Surirella nervata  0 0 2422 0 0 0 
Surirella ovata  0 0 0 0 0 0 
Surirella tenera  0 0 0 0 0 0 
Surirella sp. 1  0 0 3633 0 0 0 
Surirella sp. 2 0 937 0 0 0 0 
Surirella sp. 3 0 0 0 0 0 0 
Surirella sp. 4 0 0 0 0 0 0 
Synedra fasciculata  0 0 0 0 0 0 
Synedra ulna  0 3748 3633 4731 0 0 
Stauroneis pachycephala 0 0 0 0 0 0 
Stephanopyxis purris  0 0 0 9462 9995 0 
Terpsinoe americana  0 0 0 0 0 0 
Thalassionema nitzschoides  0 8433 7266 23654 9995 5036 
Thalassiosira sp. 1  0 0 0 0 0 0 
Thalassiosira sp. 3 3861 937 10899 4731 3332 15107 
Thalassiosira sp. 5 0 2811 4844 4731 0 0 
Thalassiosira sp. 6 0 6559 3633 0 0 0 
Thalassiosira sp. 7 0 0 0 0 0 0 
Trachyneis aspera  0 0 0 0 6664 2518 
Trachysphenia australis  0 937 0 0 0 0 
Triceratium favis 0 0 0 0 0 0 
Triceratum reticulum 3861 0 0 9462 0 0 
Triceratium sp. 0 0 4844 0 0 5036 
Trigonium sp. 0 1874 2422 0 3332 0 
Tryblionellamarginulata  7722 5622 2422 18923 9995 0 
Unknown 1 3861 0 0 0 0 0 
Unknown 2 0 0 0 9462 6664 0 
Unknown 4 0 0 4844 0 19991 17625 
Unknown 5 0 0 0 14193 0 0 
Unknown 6 0 0 0 4731 3332 0 
Unknown 7 0 937 0 0 0 0 
Unknown 8 38608 937 0 9462 9995 0 
Unknown 9 23165 0 0 61501 9995 0 
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Species Dia 1 Dia 2 Dia 3 Zoe 1 Zoe 2 Zoe 3 
Unknown 12 0 0 0 9462 6664 0 
Unknown 15 177598 14993 0 236543 153264 90642 
Unknown 16 0 0 0 0 0 0 
Unknown 17 27026 0 0 9462 0 0 
Unknown 18 0 1874 1211 0 0 0 
Unknown 21 0 11245 4844 0 19991 0 
Unknown 22 0 0 0 4731 0 0 
Unknown 23 0 0 0 0 0 0 
Unknown 31 0 0 0 14193 0 0 
Unknown 32 0 0 0 33116 0 0 
Unknown 33 0 0 1211 0 0 0 
Unknown 34 15443 0 0 37847 6664 0 
Unknown 35 0 0 0 4731 0 0 
Unknown 36 7722 0 0 4731 6664 0 
Unknown 37 0 0 0 4731 0 0 
Unknown 38 0 0 0 0 0 0 
Unknown 39 0 0 0 0 0 0 
Unknown 44 0 1874 0 0 0 5036 
Unknown 45 0 1874 0 0 0 5036 
Unknown 48 0 0 0 0 13327 0 
Unknown 51 0 0 0 0 0 0 
Unknown 52 0 0 0 0 0 0 
Unknown 53 0 0 0 0 0 0 
Unknown 54 0 0 1211 0 0 0 
Unknown 55 0 0 0 0 0 0 
Unknown 56 0 0 1211 0 0 0 
Unknown 57 0 0 1211 0 0 0 
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Table A. 2. Site specific abundances of encountered diatom taxa in the Hinchinbrook Channel (Cha) 
and Herbert River (Herb) in the Wet Tropics, expressed as diatom cells mL-1 sediment. 
 
Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
Achnanthes brevipes 3249 0 4166 0 1570 0 
Achnanthes exigua 0 0 0 1706 1570 0 
Achnanthes oblongella  0 0 33325 6824 3140 1636 
Achnanthes plönensis  0 0 0 0 0 0 
Achnanthes sp. 1 3249 0 0 0 0 0 
Achnanthes sp. 2 9747 3483 0 6824 0 4091 
Achnanthes sp. 3 35741 41791 45821 8530 6280 0 
Achnanthes sp. 4 22744 13930 20828 0 4710 0 
Achnanthes sp. 6 25993 34826 8331 1706 7850 5727 
Achnanthes sp. 7 0 0 0 0 0 0 
Achnanthes sp. 8 0 0 0 0 0 0 
Achnanthes sp. 9 19495 17413 12497 8530 1570 0 
Achnanthes sp. 10 3249 0 0 6824 0 1636 
Achnanthes sp. 11 9747 27861 12497 10236 10990 1636 
Achnanthes sp. 12 0 3483 0 8530 0 0 
Achnanthes sp. 13 0 0 0 1706 1570 0 
Achnanthes sp. 14 0 0 0 0 0 0 
Achnanthes sp. 15 0 0 0 1706 0 0 
Achnanthes sp. 16 0 0 0 1706 0 0 
Achnanthes sp. 17 0 0 4166 1706 0 0 
Achnanthes sp. 18 0 0 0 20471 15700 16364 
Achnanthes sp. 19 0 0 0 0 0 818 
Achnanthidium minutissimum  12997 0 0 37531 20411 13909 
Actinoptychus gruendleri 0 0 0 0 0 0 
Actinoptychus splendens 3249 0 4166 0 6280 5727 
Actoptychus annulatus  0 0 0 0 0 0 
Amphiprora cf sulcata 0 0 0 0 0 0 
Amphiprora cf sulcata 2 0 0 0 0 0 0 
Amphiprora sp. 2 0 0 8331 0 0 818 
Amphora obtusa 0 0 0 0 0 0 
Amphora radiosa 0 3483 0 1706 0 0 
Amphora cf turgida 9747 13930 33325 0 0 0 
Amphora ventricosa  0 0 33325 0 1570 0 
Amphora wisei  3249 17413 29159 0 3140 3273 
Amphora sp. 0 0 0 0 0 0 
Amphora sp. 1 32492 34826 49987 13648 12560 12273 
Amphora sp. 2 0 0 0 0 0 0 
Amphora sp. 3 0 0 0 0 0 0 
Amphora sp. 4 0 0 0 10236 0 0 
Amphora sp. 5 9747 0 0 0 0 0 
Amphora sp. 6 0 10448 0 0 0 0 
Amphora sp. 7 12997 0 0 0 0 0 
Amphora sp. 8 0 10448 0 5118 3140 4909 
Amphora sp. 9 0 0 0 0 3140 2455 
Amphora sp. 11 136465 69652 29159 17059 26691 2455 
Amphora sp. 12 25993 0 49987 0 9420 0 
Amphora sp. 13 0 0 0 0 0 0 
Amphora sp. 14 32492 10448 0 18765 3140 1636 
Amphora sp. 15 0 0 0 0 0 0 
Amphora sp. 16 0 66169 0 13648 1570 0 
Amphora sp. 17 0 0 0 0 1570 0 
Amphora sp. 18 0 0 0 0 0 0 
Amphora sp. 19 0 0 0 0 0 0 
Auricula sp.  0 0 0 0 0 0 
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Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
Bacillaria paxillifer  25993 20896 33325 5118 4710 2455 
Bacteriastrum furcatum  0 0 0 0 0 0 
Berkeleya scopulorum  0 0 0 0 0 0 
Bidulphia sp.  0 0 0 0 0 0 
Biremis ambigua  0 27861 8331 6824 10990 5727 
Brachysira aponina 0 0 0 1706 0 0 
Caloneis cf brevis  0 6965 0 0 3140 0 
Caloneis cf liber 0 0 0 0 0 0 
Campylosira sp.  25993 76617 0 10236 23551 23727 
Campolydiscus clypeus  0 0 0 0 1570 0 
Catenula sp. 0 0 0 0 0 0 
Chaetoceros lorenzianus  0 0 0 0 0 0 
Chaetoceros sp. 2 0 3483 0 0 1570 3273 
Cocconeis decipiens 0 0 0 0 1570 818 
Cocconeis distans  3249 0 0 0 0 0 
Cocconeis heteroidea 0 0 0 0 0 0 
Cocconeis placentula  19495 6965 0 11942 10990 818 
Cocconeis placentula var 
euglypta  35741 3483 41656 6824 18841 9000 
Cocconeis pseudomarginata  0 0 0 0 0 0 
Cocconeis quarnerensis  0 3483 4166 5118 3140 1636 
Cocconeis scutellum var 
parva  9747 13930 20828 1706 4710 8182 
Cocconeis sublittoralis  3249 0 0 3412 0 0 
Cocconeis sp. 1 22744 45274 70815 18765 3140 3273 
Coscinodiscus lacustris 0 0 0 0 6280 0 
Coscinodiscus cf nitidis  0 0 0 0 0 0 
Coscinodiscus sp. 1 0 6965 8331 0 0 0 
Cyclostephanos sp. 0 0 4166 0 0 0 
Cyclotella stylorum  6498 0 12497 0 6280 4091 
Cyclotella cf striata  6498 0 29159 5118 7850 1636 
Cyclotella sp. 1 3249 6965 0 0 0 0 
Cyclotella sp. 2 16246 20896 0 15354 21981 9818 
Cymatodiscus planetophorus 0 3483 0 0 0 0 
Cymatostira sp. 12997 38308 41656 3412 10990 2455 
Cymbella sp. 2 0 0 0 0 4710 0 
Cymbella sp. 3 9747 0 16662 0 0 0 
Cymbella sp. 4 0 0 0 22177 25121 10636 
Denticula parva 0 0 0 0 0 0 
Denticula subtilis  0 0 0 0 0 0 
Diatoma mesodon  12997 27861 29159 0 0 1636 
Dimeregramma minor  9747 0 0 0 0 0 
Diplomenora sp. 1 0 0 0 0 0 0 
Diplomenora sp. 2 3249 0 4166 0 0 0 
Diploneis cf chersonensis  0 0 0 0 0 0 
Diploneis cf crabro 0 0 0 0 3140 0 
Diploneis fusca var. pelagica 0 0 0 0 0 0 
Diploneis gravelleana  0 0 4166 0 0 0 
Diploneis nitescens  0 0 0 0 1570 0 
Diploneis scutellum parva 0 0 20828 0 0 0 
Diploneis smithii var. 
rhombica  3249 0 4166 1706 3140 818 
Diploneis subovalis  0 13930 4166 3412 6280 8182 
Diploneis subtilis 0 0 0 0 3140 0 
Diploneisvacillans 0 6965 4166 0 0 0 
Diploneis weissflogii  0 0 0 0 0 1636 
Diploneis sp. 1 0 0 0 0 9420 1636 
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Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
Diploneis sp. 2 0 0 0 0 0 0 
Diploneis sp. 3 6498 13930 0 3412 7850 1636 
Diploneis sp. 4 0 0 0 0 0 0 
Eunotia sp. 3 0 0 0 3412 0 818 
Eunotia sp. 4 22744 0 0 0 0 0 
Eunotia sp. 5 3249 0 0 0 1570 0 
Eunotia sp. 6 6498 20896 54152 0 0 0 
Eunotia sp. 7 3249 0 0 0 0 0 
Eunotogramma marinum  12997 6965 8331 0 9420 2455 
Eunotogramma sp. 6498 0 4166 0 0 0 
Fallacia sp.  9747 13930 0 0 0 0 
Fallacia sp. 1 3249 0 0 0 3140 0 
Fallacia sp. 2 12997 17413 0 1706 0 4909 
Fallacia sp. 3 0 0 4166 6824 3140 0 
Fallacia sp. 4 0 0 16662 0 0 1636 
Fragilaria sp. 1 0 0 0 0 0 0 
Fragilaria sp. 2 0 0 0 0 0 0 
Fragilaria sp. 3 0 0 0 0 0 2455 
Fragilaria sp. 4 0 0 0 0 4710 0 
Frustulia rhomboides  0 0 0 1706 0 0 
Glyphodesmisdistans  29242 0 0 1706 0 0 
Glyphodesmis vacillans 0 3483 0 0 0 0 
Grammatophora hamulifera  0 0 0 0 0 0 
Grammatophora oceanica  0 10448 8331 0 1570 0 
Gomphonema sp. 1 0 0 0 0 3140 818 
Gomphonema sp. 2 0 0 0 0 3140 0 
Gyrosigma sp. 1 0 0 0 0 0 0 
Gyrosigma scalproides var. 
eximia  0 0 0 0 0 0 
Gyrosigma pertiense  0 0 0 0 0 0 
Hantzschia amphioxys  0 0 0 0 0 0 
Hemiaulus sinensis 0 0 0 0 0 0 
Licmophora lyngbyei  0 0 0 0 0 0 
Mastogloia baldjikiana  0 0 0 1706 0 0 
Mastogloiabiapiculata  0 3483 0 0 0 0 
Mastogloia binotata 0 0 8331 0 0 0 
Mastogloia crucicula 0 0 0 0 1570 818 
Mastogloia elliptica  6498 0 0 0 0 0 
Mastogloia smithii var. 
amphicephala  0 0 0 0 0 0 
Mastogloia sp. 1  0 0 0 0 0 0 
Mastogloia sp. 3  0 0 0 0 0 0 
Mastogloia sp. 4 0 0 0 0 0 818 
Mastogloia sp. 5 0 0 0 0 0 818 
Mastogloia sp. 6 0 0 0 0 0 0 
Melosira distans  0 6965 0 0 0 0 
Melosira sulcata 0 0 0 0 0 818 
Navicula clavata  0 0 0 0 0 0 
Navicula borneoensis  0 0 0 0 0 0 
Navicula disclusa 3249 13930 0 0 0 0 
Navicula elegantissima 0 0 0 1706 6280 0 
Navicula florinae  0 0 0 11942 10990 4091 
Navicula granulata  0 0 0 0 0 0 
Navicula inserata  0 0 0 1706 0 1636 
Navicual lorenziana 0 3483 0 0 0 0 
Navicula mutiroides 0 6965 33325 3412 6280 2454 
Navicula pseudoforcipata 0 0 0 5118 0 0 



Appendix A: Estuarine diatom communities in Tropical Australia 192

Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
Navicula radiosa 0 0 0 0 0 0 
Navicula robertsiana  0 0 0 0 0 0 
Navicula sp. 1 3249 0 0 0 0 0 
Navicula sp. 2 0 13930 12497 6824 0 0 
Navicula sp. 3 0 3483 0 6824 0 0 
Navicula sp. 4 0 10448 0 0 1570 0 
Navicula sp. 5 6498 3483 0 0 0 0 
Navicula sp. 6 0 0 0 1706 3140 2455 
Navicula sp. 7 19495 10448 0 8530 1570 0 
Navicula sp. 8 25993 31343 0 25589 25121 13909 
Navicula sp. 9 16246 6965 16662 11942 3140 3273 
Navicula sp. 10 0 0 0 3412 1570 0 
Navicula sp. 11 3249 0 24993 0 0 0 
Navicula sp. 12 0 3483 0 3412 1570 818 
Navicula sp. 13 0 0 4166 5118 0 0 
Navicula sp. 14 0 10448 0 8530 3140 4091 
Navicula sp. 15 3249 0 4166 1706 0 2455 
Navicula sp. 16 3249 17413 0 1706 0 0 
Navicula sp. 17 0 10448 0 3412 0 0 
Navicula sp. 18 0 0 54152 0 1570 0 
Navicula sp. 19 0 0 4166 0 0 0 
Nitzschia amphibia  16246 20896 33325 42649 17270 7364 
Nitzschia cocconeiformis  0 3483 0 0 0 818 
Nitzschia granulata  0 0 8331 0 1570 0 
Nitzschia granulata var. 
hyalina 0 0 0 0 3140 4091 
Nitzschia irresoluta  0 0 0 0 0 0 
Nitzschia lanceolata  16246 3483 8331 1706 1570 1636 
Nitzschia longissima  3249 0 0 1706 0 818 
Nitzschia lorenziana var. 
subtilis  0 3483 0 0 1570 0 
Nitzschia navicularis  3249 0 0 0 0 818 
Nitzschia punctata  19495 3483 8331 0 0 2455 
Nitzschia sigma var. 
sigmatella  0 0 0 0 0 0 
Nitzschia vidovichii 0 0 0 1706 0 818 
Nitzschia sp. 1  0 0 0 0 0 0 
Nitzschia sp. 2 3249 0 0 0 0 0 
Nitzschia sp. 3 0 3483 0 0 0 0 
Nitzschia sp. 5 0 0 8331 11942 4710 0 
Opephora olsenii  3249 0 0 0 0 0 
Opephor martyi  0 10448 8331 1706 4710 0 
Opephora schwartzii  0 0 16662 0 0 0 
Paralia sulcata  3249 6965 16662 1706 0 0 
Paralia sp. 1 0 0 0 0 0 0 
Paralia sp. 2  0 0 0 0 0 0 
Parlibellus crucicula  0 0 0 0 0 0 
Pinnularia cf ambigua  3249 0 0 0 0 0 
Pinnularia sp. 2 0 0 0 0 4710 0 
Plagiogramma staurophorum  0 3483 0 0 1570 1636 
Planothidium lanceolatum 0 0 0 0 0 0 
Pleurosigma sp. 1  0 0 0 1706 0 1636 
Pleurosigma sp. 2 0 3483 0 0 1570 0 
Pleurosigma sp. 3 0 0 0 1706 1570 2455 
Psammodictyon 
panduriforme  22744 3483 12497 10236 10990 818 
Psammodictyon 0 0 0 0 0 0 
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Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
panduriforme var. 
delicatulum  
Psammodiscus nitidis 0 0 0 0 0 0 
Raphoneis rhombica  0 0 0 0 0 0 
Raphoneis sp. 1 0 3483 0 0 0 0 
Rhabdonema adriaticum  0 0 0 0 0 0 
Rhopalodia acuminata  3249 0 4166 0 0 818 
Rhopalodia gibberula 0 0 0 0 0 0 
Rhopalodia gibberula var. 
musculus 0 0 0 0 1570 0 
Rhopalodia musculus  0 0 0 0 1570 0 
Surirella intermedia  0 0 0 0 0 0 
Surirella nervata  0 0 0 0 1570 0 
Surirella ovata  3249 0 0 0 0 0 
Surirella tenera  0 0 0 0 0 0 
Surirella sp. 1  0 0 0 0 0 0 
Surirella sp. 2 3249 0 0 0 0 0 
Surirella sp. 3 0 0 0 0 0 0 
Surirella sp. 4 0 0 0 0 0 818 
Synedra fasciculata  3249 3483 4166 15354 9420 0 
Synedra ulna  0 0 4166 1706 4710 0 
Stauroneis pachycephala 0 0 0 0 0 0 
Stephanopyxis purris  6498 0 0 0 1570 1636 
Terpsinoe americana  0 3483 0 0 0 0 
Thalassionema nitzschoides  48737 41791 66649 5118 10990 9818 
Thalassiosira sp. 1  0 6965 8331 3412 0 0 
Thalassiosira sp. 3 0 10448 0 0 0 0 
Thalassiosira sp. 5 0 0 24993 0 4710 2455 
Thalassiosira sp. 6 12997 0 33325 1706 9420 7364 
Thalassiosira sp. 7 0 0 0 0 0 0 
Trachyneis aspera  0 0 0 0 0 0 
Trachysphenia australis  0 0 0 0 0 0 
Triceratium favis 0 0 8331 0 0 0 
Triceratum reticulum 0 3483 0 0 0 0 
Triceratium sp. 0 0 0 0 0 0 
Trigonium sp. 0 0 12497 0 0 0 
Tryblionellamarginulata  0 0 0 0 1570 1636 
Unknown 1 0 0 0 0 0 0 
Unknown 2 0 6965 12497 0 0 0 
Unknown 4 32492 6965 37490 0 0 1636 
Unknown 5 0 0 0 0 0 0 
Unknown 6 6498 0 0 0 0 0 
Unknown 7 0 20896 0 0 0 0 
Unknown 8 0 3483 0 6824 0 0 
Unknown 9 22744 13930 0 13648 17270 8182 
Unknown 12 0 0 0 0 0 0 
Unknown 15 107222 156716 104139 39237 12560 11455 
Unknown 16 22744 0 0 3412 0 1636 
Unknown 17 6498 0 0 0 0 0 
Unknown 18 3249 6965 0 0 1570 0 
Unknown 21 0 80100 0 18765 9420 1636 
Unknown 22 0 0 0 0 0 0 
Unknown 23 0 0 0 0 3140 3273 
Unknown 31 3249 0 0 0 0 0 
Unknown 32 0 0 0 0 0 0 
Unknown 33 0 0 0 5118 1570 3273 
Unknown 34 16246 6965 0 17059 0 3273 
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Species Cha 1 Cha 2 Cha 3 Herb 1 Herb 2 Herb 3 
Unknown 35 0 0 4166 0 0 1636 
Unknown 36 0 0 0 0 0 0 
Unknown 37 0 0 0 0 0 0 
Unknown 38 12997 0 0 0 0 0 
Unknown 39 38990 0 0 17059 18841 0 
Unknown 44 0 0 0 1706 3140 0 
Unknown 45 0 0 0 0 0 0 
Unknown 48 0 0 0 0 3140 1636 
Unknown 51 0 0 0 3412 1570 1636 
Unknown 52 0 0 0 0 0 0 
Unknown 53 0 0 0 0 6280 3273 
Unknown 54 0 0 0 0 0 818 
Unknown 55 0 0 0 0 1570 0 
Unknown 56 0 0 0 0 0 0 
Unknown 57 0 0 0 0 0 0 
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Table A. 3. Site specific abundances of encountered diatom taxa in 3-Mile Creek (3mile) and Cape 
Cleveland creek (Cape) in the Dry Tropics, expressed as diatom cells mL-1 sediment. 
 
Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Achnanthes brevipes 32727 101299 13636 14557 9342 11915 
Achnanthes exigua 0 0 0 0 0 0 
Achnanthes oblongella  0 0 0 0 1868 0 
Achnanthes plönensis  0 0 0 0 0 0 
Achnanthes sp. 1 0 54545 0 0 0 0 
Achnanthes sp. 2 27273 0 0 0 0 0 
Achnanthes sp. 3 27273 0 8182 12131 14948 75461 
Achnanthes sp. 4 0 0 19091 43671 18684 55603 
Achnanthes sp. 6 0 46753 0 2426 0 0 
Achnanthes sp. 7 0 0 0 0 0 0 
Achnanthes sp. 8 0 0 0 4852 1868 0 
Achnanthes sp. 9 0 0 0 0 0 0 
Achnanthes sp. 10 27273 0 0 0 3737 0 
Achnanthes sp. 11 0 0 0 0 0 0 
Achnanthes sp. 12 0 0 13636 0 0 0 
Achnanthes sp. 13 0 0 0 0 0 0 
Achnanthes sp. 14 0 0 8182 0 0 0 
Achnanthes sp. 15 0 0 0 0 0 0 
Achnanthes sp. 16 0 0 0 0 0 0 
Achnanthes sp. 17 0 0 0 0 0 0 
Achnanthes sp. 18 21818 0 10909 4852 0 7943 
Achnanthes sp. 19 0 0 0 0 0 0 
Achnanthidium minutissimum  0 0 0 0 0 0 
Actinoptychus gruendleri 0 0 0 0 0 0 
Actinoptychus splendens 0 0 0 0 1868 0 
Actoptychus annulatus  0 0 0 0 0 0 
Amphiprora cf sulcata 27273 0 0 0 0 0 
Amphiprora cf sulcata 2 0 0 0 0 1868 0 
Amphiprora sp. 2 0 0 0 0 0 3972 
Amphora obtusa 0 0 0 2426 0 0 
Amphora radiosa 0 0 0 0 0 0 
Amphora cf turgida 103636 116883 73636 0 0 0 
Amphora ventricosa  21818 38961 2727 2426 0 0 
Amphora wisei  10909 38961 16364 2426 7474 0 
Amphora sp. 0 0 0 4852 0 0 
Amphora sp. 1 49091 62338 32727 48524 22421 67517 
Amphora sp. 2 0 15584 0 0 11211 0 
Amphora sp. 3 0 0 0 0 11211 15886 
Amphora sp. 4 0 38961 0 0 13079 0 
Amphora sp. 5 0 0 16364 0 0 0 
Amphora sp. 6 0 0 8182 4852 0 15886 
Amphora sp. 7 49091 0 0 0 0 0 
Amphora sp. 8 0 0 8182 0 1868 11915 
Amphora sp. 9 0 0 0 0 7474 7943 
Amphora sp. 11 0 85714 0 0 0 15886 
Amphora sp. 12 0 0 0 0 0 0 
Amphora sp. 13 0 0 0 0 0 0 
Amphora sp. 14 27273 62338 0 7279 0 11915 
Amphora sp. 15 0 0 0 0 0 0 
Amphora sp. 16 0 0 0 0 0 0 
Amphora sp. 17 16364 38961 16364 143145 63527 154893 
Amphora sp. 18 0 7792 19091 14557 13079 11915 
Amphora sp. 19 0 7792 0 0 0 0 
Auricula sp.  0 0 0 2426 0 7943 
Bacillaria paxillifer  32727 124675 19091 16983 24290 11915 
Bacteriastrum furcatum  0 0 0 0 0 0 
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Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Berkeleya scopulorum  0 0 0 0 3737 0 
Bidulphia sp.  21818 0 5455 0 0 0 
Biremis ambigua  21818 38961 19091 16983 3737 19858 
Brachysira aponina 0 0 0 0 0 0 
Caloneis cf brevis  0 0 0 0 0 0 
Caloneis cf liber 0 0 0 0 1868 0 
Campylosira sp.  0 0 0 2426 3737 11915 
Campolydiscus clypeus  0 7792 0 0 0 0 
Catenula sp. 5455 0 0 0 1868 0 
Chaetoceros lorenzianus  0 0 0 0 0 0 
Chaetoceros sp. 2 0 0 0 0 0 0 
Cocconeis decipiens 0 0 0 2426 0 0 
Cocconeis distans  16364 0 0 0 0 0 
Cocconeis heteroidea 0 0 10909 0 0 0 
Cocconeis placentula  0 0 0 7279 0 0 
Cocconeis placentula var 
euglypta  0 0 0 0 0 0 
Cocconeis pseudomarginata  5455 7792 16364 0 0 0 
Cocconeis quarnerensis  10909 62338 0 0 5605 7943 
Cocconeis scutellum var 
parva  10909 31169 5455 0 0 11915 
Cocconeis sublittoralis  0 0 0 0 0 0 
Cocconeis sp. 1 92727 101299 43636 0 14948 23830 
Coscinodiscus lacustris 0 0 0 0 0 0 
Coscinodiscus cf nitidis  0 0 0 0 0 7943 
Coscinodiscus sp. 1 0 0 0 0 0 0 
Cyclostephanos sp. 0 0 0 0 0 0 
Cyclotella stylorum  0 0 0 0 0 7943 
Cyclotella cf striata  0 0 0 0 0 0 
Cyclotella sp. 1 0 23377 2727 0 0 0 
Cyclotella sp. 2 16364 0 0 0 0 0 
Cymatodiscus planetophorus 0 0 0 0 0 0 
Cymatostira sp. 0 0 0 0 0 0 
Cymbella sp. 2 0 0 0 0 0 0 
Cymbella sp. 3 0 0 0 0 0 0 
Cymbella sp. 4 0 0 0 0 0 0 
Denticula parva 0 0 0 0 0 0 
Denticula subtilis  0 0 0 12131 7474 7943 
Diatoma mesodon  0 0 0 0 0 0 
Dimeregramma minor  0 0 2727 0 0 0 
Diplomenora sp. 1 0 0 0 0 3737 0 
Diplomenora sp. 2 21818 15584 2727 12131 0 7943 
Diploneis cf chersonensis  0 0 0 0 0 0 
Diploneis cf crabro 0 0 0 0 0 0 
Diploneis fusca var. pelagica 0 0 2727 7279 0 7943 
Diploneis gravelleana  0 0 0 4852 1868 0 
Diploneis nitescens  0 0 0 0 0 0 
Diploneis scutellum parva 0 0 0 0 0 0 
Diploneis smithii var. 
rhombica  0 0 8182 0 0 0 
Diploneis subovalis  27273 46753 0 2426 11211 39716 
Diploneis subtilis 0 0 0 0 0 0 
Diploneisvacillans 0 0 0 0 0 0 
Diploneis weissflogii  0 0 0 0 0 0 
Diploneis sp. 1 0 0 0 2426 0 7943 
Diploneis sp. 2 0 0 0 0 0 0 
Diploneis sp. 3 5455 0 0 0 0 0 
Diploneis sp. 4 0 0 0 0 0 0 
Eunotia sp. 3 0 0 0 0 0 0 
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Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Eunotia sp. 4 0 0 0 9705 0 0 
Eunotia sp. 5 16364 0 2727 0 0 0 
Eunotia sp. 6 0 7792 0 0 0 0 
Eunotia sp. 7 0 0 0 0 0 0 
Eunotogramma marinum  27273 7792 0 9705 3737 39716 
Eunotogramma sp. 0 0 0 9705 0 3972 
Fallacia sp.  0 0 0 2426 0 0 
Fallacia sp. 1 5455 15584 0 0 0 0 
Fallacia sp. 2 0 0 0 2426 0 0 
Fallacia sp. 3 0 0 0 0 0 0 
Fallacia sp. 4 0 0 0 0 0 0 
Fragilaria sp. 1 0 0 19091 0 0 0 
Fragilaria sp. 2 0 0 0 0 0 0 
Fragilaria sp. 3 0 0 0 0 0 0 
Fragilaria sp. 4 0 0 0 0 0 0 
Frustulia rhomboides  0 0 0 0 0 0 
Glyphodesmisdistans  0 0 0 0 0 0 
Glyphodesmis vacillans 0 0 0 0 0 0 
Grammatophora hamulifera  0 0 0 0 0 0 
Grammatophora oceanica  0 23377 10909 14557 0 7943 
Gomphonema sp. 1 0 0 0 0 0 0 
Gomphonema sp. 2 0 0 0 0 0 0 
Gyrosigma sp. 1 16364 0 0 0 1868 0 
Gyrosigma scalproides var. 
eximia  0 7792 5455 7279 11211 19858 
Gyrosigma pertiense  0 0 0 0 1868 0 
Hantzschia amphioxys  0 0 0 14557 7474 11915 
Hemiaulus sinensis 0 0 0 0 0 0 
Licmophora lyngbyei  0 0 2727 0 0 0 
Mastogloia baldjikiana  0 0 5455 0 0 0 
Mastogloiabiapiculata  0 0 0 0 0 0 
Mastogloia binotata 10909 0 0 0 0 0 
Mastogloia crucicula 0 0 0 0 0 0 
Mastogloia elliptica  0 0 0 0 0 0 
Mastogloia smithii var. 
amphicephala  0 0 0 0 0 0 
Mastogloia sp. 1  0 0 0 0 0 3972 
Mastogloia sp. 3  0 7792 0 0 0 0 
Mastogloia sp. 4 0 0 0 0 0 0 
Mastogloia sp. 5 0 0 0 0 0 0 
Mastogloia sp. 6 0 0 0 0 0 0 
Melosira distans  0 0 0 0 0 0 
Melosira sulcata 0 0 2727 0 0 0 
Navicula clavata  0 0 0 2426 0 0 
Navicula borneoensis  0 0 0 0 0 0 
Navicula disclusa 0 23377 0 0 0 0 
Navicula elegantissima 10909 0 0 2426 0 7943 
Navicula florinae  0 0 0 0 0 0 
Navicula granulata  0 0 0 2426 0 0 
Navicula inserata  5455 0 0 0 0 0 
Navicual lorenziana 0 0 0 0 0 0 
Navicula mutiroides 0 0 0 0 0 0 
Navicula pseudoforcipata 0 0 0 0 0 0 
Navicula radiosa 0 0 0 0 0 0 
Navicula robertsiana  0 0 0 0 0 0 
Navicula sp. 1 0 0 0 0 0 0 
Navicula sp. 2 0 0 19091 9705 0 7943 
Navicula sp. 3 0 0 0 9705 14948 15886 
Navicula sp. 4 0 0 0 0 0 0 
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Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Navicula sp. 5 0 0 0 2426 0 11915 
Navicula sp. 6 5455 0 16364 0 0 0 
Navicula sp. 7 0 7792 0 0 0 0 
Navicula sp. 8 87273 163636 38182 43671 52316 111205 
Navicula sp. 9 114545 93506 49091 36393 29895 63546 
Navicula sp. 10 0 0 0 0 0 0 
Navicula sp. 11 0 0 0 0 0 0 
Navicula sp. 12 0 0 8182 0 3737 0 
Navicula sp. 13 0 0 0 31540 0 35744 
Navicula sp. 14 0 7792 0 0 0 0 
Navicula sp. 15 0 0 0 0 0 0 
Navicula sp. 16 0 0 0 0 0 0 
Navicula sp. 17 10909 0 0 7279 9342 19858 
Navicula sp. 18 0 31169 0 0 0 0 
Navicula sp. 19 32727 77922 0 7279 0 0 
Nitzschia amphibia  49091 210390 40909 12131 14948 31773 
Nitzschia cocconeiformis  10909 0 2727 0 1868 0 
Nitzschia granulata  5455 0 5455 0 0 0 
Nitzschia granulata var. 
hyalina 0 0 0 0 0 7943 
Nitzschia irresoluta  0 0 0 0 13079 0 
Nitzschia lanceolata  10909 31169 13636 0 0 7943 
Nitzschia longissima  0 23377 2727 0 1868 0 
Nitzschia lorenziana var. 
subtilis  0 23377 0 0 0 0 
Nitzschia navicularis  0 0 0 0 0 0 
Nitzschia punctata  0 0 0 4852 0 11915 
Nitzschia sigma var. 
sigmatella  10909 0 8182 0 0 0 
Nitzschia vidovichii 10909 7792 0 0 7474 3972 
Nitzschia sp. 1  65455 0 0 2426 22421 7943 
Nitzschia sp. 2 0 0 0 0 0 0 
Nitzschia sp. 3 0 0 0 0 0 0 
Nitzschia sp. 5 0 38961 13636 2426 5605 3972 
Opephora olsenii  0 0 0 2426 0 0 
Opephor martyi  10909 70130 5455 0 0 0 
Opephora schwartzii  0 0 0 0 0 0 
Paralia sulcata  0 31169 13636 9705 0 0 
Paralia sp. 1 0 0 0 0 0 0 
Paralia sp. 2  0 0 0 0 0 0 
Parlibellus crucicula  0 0 0 16983 0 11915 
Pinnularia cf ambigua  0 0 0 0 0 0 
Pinnularia sp. 2 0 0 0 0 0 0 
Plagiogramma staurophorum  0 0 0 0 0 0 
Planothidium lanceolatum 0 15584 0 0 0 0 
Pleurosigma sp. 1  0 0 2727 0 0 0 
Pleurosigma sp. 2 0 0 0 0 5605 7943 
Pleurosigma sp. 3 0 0 0 0 0 0 
Psammodictyon 
panduriforme  43636 155844 35455 21836 16816 15886 
Psammodictyon 
panduriforme var. 
delicatulum  0 15584 0 0 0 0 
Psammodiscus nitidis 0 31169 0 0 0 0 
Raphoneis rhombica  10909 23377 0 0 0 0 
Raphoneis sp. 1 0 0 0 0 0 0 
Rhabdonema adriaticum  0 0 0 0 0 0 
Rhopalodia acuminata  0 0 0 0 16816 0 
Rhopalodia gibberula 0 46753 13636 0 18684 0 
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Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Rhopalodia gibberula var. 
musculus 32727 0 0 2426 0 7943 
Rhopalodia musculus  0 23377 0 0 0 0 
Surirella intermedia  21818 0 0 0 0 0 
Surirella nervata  0 0 0 0 0 0 
Surirella ovata  0 0 0 0 0 0 
Surirella tenera  0 0 2727 0 0 0 
Surirella sp. 1  0 0 0 0 0 0 
Surirella sp. 2 0 0 0 0 0 0 
Surirella sp. 3 0 0 0 0 0 7943 
Surirella sp. 4 0 0 0 0 0 0 
Synedra fasciculata  0 0 0 0 0 0 
Synedra ulna  0 0 0 0 0 0 
Stauroneis pachycephala 0 0 0 2426 0 3972 
Stephanopyxis purris  0 0 0 0 0 3972 
Terpsinoe americana  0 0 0 0 0 0 
Thalassionema nitzschoides  0 31169 10909 0 0 3972 
Thalassiosira sp. 1  0 0 0 0 0 0 
Thalassiosira sp. 3 0 0 0 7279 0 0 
Thalassiosira sp. 5 0 0 0 0 0 0 
Thalassiosira sp. 6 0 46753 13636 0 5605 0 
Thalassiosira sp. 7 60000 31169 0 0 0 0 
Trachyneis aspera  0 0 0 0 0 0 
Trachysphenia australis  0 0 0 0 0 0 
Triceratium favis 0 0 0 0 0 0 
Triceratum reticulum 0 0 0 0 0 0 
Triceratium sp. 0 0 0 0 0 0 
Trigonium sp. 0 0 0 0 0 3972 
Tryblionellamarginulata  0 0 0 2426 5605 0 
Unknown 1 0 0 0 0 0 0 
Unknown 2 0 0 0 2426 0 0 
Unknown 4 32727 0 32727 4852 3737 0 
Unknown 5 0 0 0 0 0 0 
Unknown 6 0 0 0 2426 0 0 
Unknown 7 0 0 0 0 0 0 
Unknown 8 0 0 0 0 0 0 
Unknown 9 0 23377 0 7279 0 15886 
Unknown 12 0 0 0 0 0 0 
Unknown 15 76364 132468 32727 0 0 0 
Unknown 16 0 0 0 0 0 0 
Unknown 17 0 0 0 0 0 0 
Unknown 18 0 0 0 0 0 0 
Unknown 21 0 0 0 0 0 0 
Unknown 22 0 0 0 2426 1868 0 
Unknown 23 0 0 0 0 0 0 
Unknown 31 0 0 0 0 0 0 
Unknown 32 0 0 0 0 0 0 
Unknown 33 0 0 0 0 0 0 
Unknown 34 0 0 0 0 0 0 
Unknown 35 0 0 0 2426 0 0 
Unknown 36 0 0 0 0 0 0 
Unknown 37 0 0 13636 0 0 0 
Unknown 38 0 0 0 0 0 0 
Unknown 39 0 0 0 0 0 0 
Unknown 44 0 0 10909 0 0 0 
Unknown 45 0 0 0 2426 0 0 
Unknown 48 0 0 0 0 0 0 
Unknown 51 0 0 0 0 0 0 
Unknown 52 10909 0 8182 4852 1868 0 
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Species 3mile 1 3mile 2 3mile 3 Cape 1 Cape 2 Cape 3 
Unknown 53 0 0 5455 4852 0 0 
Unknown 54 10909 0 0 2426 0 0 
Unknown 55 0 0 0 2426 13079 23830 
Unknown 56 0 0 0 0 0 0 
Unknown 57 0 0 0 0 0 0 
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Table A. 4. Site specific abundances of encountered diatom taxa averaged over the Wet and Dry 
Tropics, expressed as diatom cells mL-1 sediment. 
 
Species Wet Tropics  Dry Tropics  
Achnanthes brevipes 1130 30579 
Achnanthes exigua 273 0 
Achnanthes oblongella  5106 311 
Achnanthes plönensis  555 0 
Achnanthes sp. 1 592 9091 
Achnanthes sp. 2 3313 4545 
Achnanthes sp. 3 20497 22999 
Achnanthes sp. 4 7876 22842 
Achnanthes sp. 6 7834 8197 
Achnanthes sp. 7 945 0 
Achnanthes sp. 8 1183 1120 
Achnanthes sp. 9 8140 0 
Achnanthes sp. 10 2003 5168 
Achnanthes sp. 11 6402 0 
Achnanthes sp. 12 2184 2273 
Achnanthes sp. 13 3326 0 
Achnanthes sp. 14 390 1364 
Achnanthes sp. 15 654 0 
Achnanthes sp. 16 376 0 
Achnanthes sp. 17 1347 0 
Achnanthes sp. 18 4681 7587 
Achnanthes sp. 19 68 0 
Achnanthidium minutissimum  11392 0 
Actinoptychus gruendleri 1208 0 
Actinoptychus splendens 2868 311 
Actoptychus annulatus  179 0 
Amphiprora cf sulcata 278 4545 
Amphiprora cf sulcata 2 101 311 
Amphiprora sp. 2 1595 662 
Amphora obtusa 0 404 
Amphora radiosa 432 0 
Amphora cf turgida 7254 49026 
Amphora ventricosa  6844 10989 
Amphora wisei  5825 12689 
Amphora sp. 322 809 
Amphora sp. 1 21827 47103 
Amphora sp. 2 643 4466 
Amphora sp. 3 0 4516 
Amphora sp. 4 4146 8673 
Amphora sp. 5 2197 2727 
Amphora sp. 6 2733 4820 
Amphora sp. 7 1083 8182 
Amphora sp. 8 9620 3661 
Amphora sp. 9 2715 2569 
Amphora sp. 11 38841 16933 
Amphora sp. 12 12001 0 
Amphora sp. 13 2288 0 
Amphora sp. 14 16741 18134 
Amphora sp. 15 788 0 
Amphora sp. 16 12099 0 
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Species Wet Tropics  Dry Tropics  
Amphora sp. 17 131 72209 
Amphora sp. 18 202 11072 
Amphora sp. 19 0 1299 
Auricula sp.  0 1728 
Bacillaria paxillifer  17009 38280 
Bacteriastrum furcatum  1110 0 
Berkeleya scopulorum  210 623 
Bidulphia sp.  358 4545 
Biremis ambigua  8762 20075 
Brachysira aponina 6190 0 
Caloneis cf brevis  1221 0 
Caloneis cf liber 0 311 
Campylosira sp.  36878 3013 
Campolydiscus clypeus  512 1299 
Catenula sp. 839 1220 
Chaetoceros lorenzianus  1111 0 
Chaetoceros sp. 2 1804 0 
Cocconeis decipiens 658 404 
Cocconeis distans  2513 2727 
Cocconeis heteroidea 0 1818 
Cocconeis placentula  12424 1213 
Cocconeis placentula var euglypta  13749 0 
Cocconeis pseudomarginata  0 4935 
Cocconeis quarnerensis  2184 14466 
Cocconeis scutellum var parva  6847 9908 
Cocconeis sublittoralis  955 0 
Cocconeis sp. 1 17985 46073 
Coscinodiscus lacustris 725 0 
Coscinodiscus cf nitidis  1956 1324 
Coscinodiscus sp. 1 1697 0 
Cyclostephanos sp. 549 0 
Cyclotella stylorum  3390 1324 
Cyclotella cf striata  4592 0 
Cyclotella sp. 1 1828 4351 
Cyclotella sp. 2 10403 2727 
Cymatodiscus planetophorus 612 0 
Cymatostira sp. 13375 0 
Cymbella sp. 2 7654 0 
Cymbella sp. 3 2201 0 
Cymbella sp. 4 4828 0 
Denticula parva 234 0 
Denticula subtilis  959 4591 
Diatoma mesodon  17188 0 
Dimeregramma minor  11307 455 
Diplomenora sp. 1 706 623 
Diplomenora sp. 2 1973 10034 
Diploneis cf chersonensis  555 0 
Diploneis cf crabro 1117 0 
Diploneis fusca var. pelagica 0 2992 
Diploneis gravelleana  1311 1120 
Diploneis nitescens  131 0 
Diploneis scutellum parva 1736 0 
Diploneis smithii var. rhombica  1829 1364 
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Species Wet Tropics  Dry Tropics  
Diploneis subovalis  5688 21230 
Diploneis subtilis 262 0 
Diploneisvacillans 1722 0 
Diploneis weissflogii  214 0 
Diploneis sp. 1 6506 1728 
Diploneis sp. 2 498 0 
Diploneis sp. 3 13844 909 
Diploneis sp. 4 278 0 
Eunotia sp. 3 353 0 
Eunotia sp. 4 2933 1617 
Eunotia sp. 5 1073 3182 
Eunotia sp. 6 7685 1299 
Eunotia sp. 7 1221 0 
Eunotogramma marinum  11999 14704 
Eunotogramma sp. 2139 2279 
Fallacia sp.  3390 404 
Fallacia sp. 1 1996 3506 
Fallacia sp. 2 4704 404 
Fallacia sp. 3 2010 0 
Fallacia sp. 4 1525 0 
Fragilaria sp. 1 2620 3182 
Fragilaria sp. 2 2075 0 
Fragilaria sp. 3 205 0 
Fragilaria sp. 4 471 0 
Frustulia rhomboides  1208 0 
Glyphodesmisdistans  4279 0 
Glyphodesmis vacillans 290 0 
Grammatophora hamulifera  5318 0 
Grammatophora oceanica  3953 9464 
Gomphonema sp. 1 330 0 
Gomphonema sp. 2 262 0 
Gyrosigma sp. 1 0 3039 
Gyrosigma scalproides var. eximia  0 8599 
Gyrosigma pertiense  0 311 
Hantzschia amphioxys  156 5658 
Hemiaulus sinensis 202 0 
Licmophora lyngbyei  322 455 
Mastogloia baldjikiana  674 909 
Mastogloiabiapiculata  568 0 
Mastogloia binotata 694 1818 
Mastogloia crucicula 199 0 
Mastogloia elliptica  819 0 
Mastogloia smithii var. amphicephala  322 0 
Mastogloia sp. 1  423 662 
Mastogloia sp. 3  0 1299 
Mastogloia sp. 4 68 0 
Mastogloia sp. 5 68 0 
Mastogloia sp. 6 101 0 
Melosira distans  580 0 
Melosira sulcata 1117 455 
Navicula clavata  303 404 
Navicula borneoensis  1066 0 
Navicula disclusa 1432 3896 
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Species Wet Tropics  Dry Tropics  
Navicula elegantissima 1634 3546 
Navicula florinae  2252 0 
Navicula granulata  1413 404 
Navicula inserata  480 909 
Navicual lorenziana 290 0 
Navicula mutiroides 4448 0 
Navicula pseudoforcipata 426 0 
Navicula radiosa 839 0 
Navicula robertsiana  423 0 
Navicula sp. 1 1453 0 
Navicula sp. 2 5664 6123 
Navicula sp. 3 1181 6756 
Navicula sp. 4 1790 0 
Navicula sp. 5 2440 2390 
Navicula sp. 6 1832 3636 
Navicula sp. 7 6999 1299 
Navicula sp. 8 22073 82714 
Navicula sp. 9 13362 64496 
Navicula sp. 10 649 0 
Navicula sp. 11 4152 0 
Navicula sp. 12 6164 1986 
Navicula sp. 13 1680 11214 
Navicula sp. 14 4484 1299 
Navicula sp. 15 2182 0 
Navicula sp. 16 3151 0 
Navicula sp. 17 4165 7898 
Navicula sp. 18 5148 5195 
Navicula sp. 19 972 19655 
Nitzschia amphibia  29723 59873 
Nitzschia cocconeiformis  1152 2584 
Nitzschia granulata  1219 1818 
Nitzschia granulata var. hyalina 603 1324 
Nitzschia irresoluta  0 2180 
Nitzschia lanceolata  10665 10610 
Nitzschia longissima  1348 4662 
Nitzschia lorenziana var. subtilis  499 3896 
Nitzschia navicularis  518 0 
Nitzschia punctata  4840 2795 
Nitzschia sigma var. sigmatella  643 3182 
Nitzschia vidovichii 521 5024 
Nitzschia sp. 1  722 16374 
Nitzschia sp. 2 750 0 
Nitzschia sp. 3 846 0 
Nitzschia sp. 5 2804 10767 
Opephora olsenii  271 404 
Opephor martyi  2797 14416 
Opephora schwartzii  2188 0 
Paralia sulcata  7284 9085 
Paralia sp. 1 1296 0 
Paralia sp. 2  1369 0 
Parlibellus crucicula  0 4816 
Pinnularia cf ambigua  271 0 
Pinnularia sp. 2 393 0 
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Species Wet Tropics  Dry Tropics  
Plagiogramma staurophorum  952 0 
Planothidium lanceolatum 0 2597 
Pleurosigma sp. 1  1897 455 
Pleurosigma sp. 2 2546 2258 
Pleurosigma sp. 3 1336 0 
Psammodictyon panduriforme  14572 48246 
Psammodictyon panduriforme var. delicatulum  0 2597 
Psammodiscus nitidis 0 5195 
Raphoneis rhombica  3777 5714 
Raphoneis sp. 1 290 0 
Rhabdonema adriaticum  889 0 
Rhopalodia acuminata  3002 2803 
Rhopalodia gibberula 1413 13179 
Rhopalodia gibberula var. musculus 131 7183 
Rhopalodia musculus  3368 3896 
Surirella intermedia  0 3636 
Surirella nervata  333 0 
Surirella ovata  271 0 
Surirella tenera  0 455 
Surirella sp. 1  303 0 
Surirella sp. 2 349 0 
Surirella sp. 3 0 1324 
Surirella sp. 4 68 0 
Synedra fasciculata  2973 0 
Synedra ulna  1891 0 
Stauroneis pachycephala 0 1066 
Stephanopyxis purris  2430 662 
Terpsinoe americana  290 0 
Thalassionema nitzschoides  19791 7675 
Thalassiosira sp. 1  1559 0 
Thalassiosira sp. 3 4109 1213 
Thalassiosira sp. 5 3712 0 
Thalassiosira sp. 6 6250 10999 
Thalassiosira sp. 7 0 15195 
Trachyneis aspera  765 0 
Trachysphenia australis  78 0 
Triceratium favis 694 0 
Triceratum reticulum 1400 0 
Triceratium sp. 823 0 
Trigonium sp. 1677 662 
Tryblionellamarginulata  3991 1339 
Unknown 1 322 0 
Unknown 2 2966 404 
Unknown 4 10087 12341 
Unknown 5 1183 0 
Unknown 6 1213 404 
Unknown 7 1819 0 
Unknown 8 5776 0 
Unknown 9 14203 7757 
Unknown 12 1344 0 
Unknown 15 92031 40260 
Unknown 16 2316 0 
Unknown 17 3582 0 
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Species Wet Tropics  Dry Tropics  
Unknown 18 1239 0 
Unknown 21 12167 0 
Unknown 22 394 716 
Unknown 23 534 0 
Unknown 31 1453 0 
Unknown 32 2760 0 
Unknown 33 931 0 
Unknown 34 8625 0 
Unknown 35 878 404 
Unknown 36 1593 0 
Unknown 37 394 2273 
Unknown 38 1083 0 
Unknown 39 6241 0 
Unknown 44 980 1818 
Unknown 45 576 404 
Unknown 48 1509 0 
Unknown 51 552 0 
Unknown 52 0 4302 
Unknown 53 796 1718 
Unknown 54 169 2223 
Unknown 55 131 6556 
Unknown 56 101 0 
Unknown 57 101 0 
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Table A. 5. ANOVA univariate results comparing mean E, D, N and S between sites for diatom 
community analysis. Analysis performed on square-root transformed data. 
   
 df SS MS F p 
Evenness (E) Intercept 1 9.201972 9.201972 11915.94 < 0.05 
 Site  5 0.010173 0.002035 2.63 > 0.05 
 Error 12 0.009267 0.000772   
 Total 17 0.019440    
Diversity (D) Intercept 1 719.5716 719.5716 5821.825 < 0.05 
 Site  5 5.5125 1.1025 8.920 < 0.05 
 Error 12 1.4832 0.1236   
 Total 17 6.9957    
Abundance (N) Intercept 1 18387208 18387208 309.7382 < 0.05 
 Site  5 668431 133686 2.2520 > 0.05 
 Error 12 712364 59364   
 Total 17 1380796    
Species richness (S) Intercept 1 1395.403 1395.403 4411.380 < 0.05 
 Site  5 12.802 2.560 8.094 < 0.05 
 Error 12 3.796 0.316   
 Total 17 16.597    

 
 
Table A. 6. Tukey HSD post-hoc results showing homogenous groups driving significant differences 
in diversity(D) and species richness (S) between diatom communities from different sites. Analysis 
performed on square-root transformed data. 
 

 Homogenous groups 
Site  Diversity (D) 1 2 3 
Cape Cleveland creek 5.458  ****  
Three-Mile Creek 5.798  **** **** 
Hinchinbrook Channel 6.367 **** **** **** 
Zoe Creek 6.431 ****  **** 
Herbert River 6.813 ****   
Diamantina Creek 7.071 ****   
     
 Species richness (S)    
Three-Mile Creek 7.526483  ****  
Cape Cleveland creek 7.845302  **** **** 
Hinchinbrook Channel 8.976233 **** **** **** 
Zoe Creek 9.079762 ****  **** 
Herbert River 9.654568 ****   
Diamantina Creek 9.745725 ****   
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Table A. 7. ANOVA univariate results comparing E, D, N and S between regions for diatom 
community analysis. Analysis performed on square-root transformed data. 
 
  df SS MS F p 
Evenness (E) Intercept 1 8.273573 8.273573 7777.112 < 0.05 
 Region 1 0.002419 0.002419 2.274 > 0.05 
 Error 16 0.017021 0.001064   
 Total 17 0.019440    
Diversity (D) Intercept 1 604.9318 604.9318 3660.227 < 0.05 
 Region 1 4.3514 4.3514 26.329 < 0.05 
 Error 16 2.6443 0.1653   
 Total 17 6.9957    
Abundance (N) Intercept 1 16974702 16974702 204.6535 < 0.05 
 Region 1 53697 53697 0.6474 > 0.05 
 Error 16 1327098 82944   
 Total 17 1380796    
Species richness (S) Intercept 1 1162.805 1162.805 3489.164 < 0.05 
 Region 1 11.265 11.265 33.803 < 0.05 
 Error 16 5.332 0.333   
 Total 17 16.597    

 
 
Table A. 8. Tukey HSD post-hoc results showing homogenous groups driving significant differences 
in diversity(D) and species richness (S) between diatom communities from different regions. Analysis 
performed on square-root transformed data. 
 
   Homogenous groups 
Region  Diversity (D) 1 2 
Dry Tropics 5.627341 ****  
Wet Tropics 6.670340  **** 
    
 Species richness (S)   
Dry Tropics 7.685892 ****  
Wet Tropics 9.364072  **** 
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An atlas of benthic, estuarine diatoms of the Great Barrier Reef 
lagoon, Australia 

 
 
 
21 photographic plates 
 
All photos were taken at 1000x magnification (unless otherwise stated) under oil immersion 
with an Olympus BX51 Light microscope equipped with Nomarski differential interference 
contrast and an Olympus DP 70 camera by Marie Magnusson. 
 
Scale-bars represent 25 μm unless otherwise stated. 
 
 
Species- index listed per plate can be found at the end of the atlas 
 
 
 

Reference guides for species identification 
 
CLEVE-EULER, A. (1968) Die Diatomeen von Schweden und Finnland. IN CRAMER, J. 

(Ed.) Bibliotheca Phycologica. Berlin. 
DEXIANG, J., ZHAODI, C., JUNMIN, L. & SCHICHENG, L. (1985) Marine benthic 

diatoms in China. Berlin, China Ocean Press Springer-Verlag  
FOGED, N. (1975) Some littoral diatoms from the coast of Tanzania. IN CRAMER, J. (Ed.) 

Bibliotheca Phycologica. Berlin. 
FOGED, N. (1976) Freshwater diatoms in Sri Lanka (Ceylon). IN CRAMER, J. (Ed.) 

Bibliotheca Phycologica. Berlin. 
FOGED, N. (1978) Diatoms in Eastern Australia. IN CRAMER, J. (Ed.) Bibliotheca 

Phycologica. Berlin. 
FOGED, N. (1979) Diatoms in New Zealand, the North Island. IN CRAMER, J. (Ed.) 

Bibliotheca Phycologica. Berlin. 
FOGED, N. (1987) Diatoms from Viti Levu, Fiji Islands. IN CRAMER, J. (Ed.) Bibliotheca 

Phycologica. Berlin. 
JOHN, J. (1983) The diatom flora of the Swan River estuary Western Australia. IN 

CRAMER, J. (Ed.) Bibliotheca Phycologica. Berlin. 
LANGE-BERTALOT, H. & KRAMMER, K. (1987) Bacillariaceae Epithemiaceae 

Surirellaceae. Neue und wenig bekannte taxa, neue kombinationen und synonyme 
sowie bemerkungen and erganzungen zu den Naviculaceae. IN CRAMER, J. (Ed.) 
Bibliotheca Diatomologica. Berlin. 

PIENITZ, R., FEDJE, D. & POULIN, M. (2003) Marine and non-marine diatoms from the 
Haida Gwaii archipelago and surrounding coasts, Northeastern Pacific, Canada. IN 
CRAMER, J. (Ed.) Bibliotheca Phycologica. Berlin. 

PODZORSKI, A. C. & HÅKANSSON, H. (1987) Freshwater and marine diatoms from 
Palawan (a Philippine island). IN CRAMER, J. (Ed.) Bibliotheca Diatomologia. 
Berlin. 

ROUND, F. E., CRAWFORD, R. M. & MANN, D. G. (1990) The Diatoms: Biology and 
morphology of the genera, Cambridge, Cambridge University Press. 

 
 
Plate I – Centricophyceae  
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1. Actinoptychus splendens (Schadbolt) Ralfs ex Pritchard (John, 1983, p224) 
2 = 3. Actinoptychus annulatus (Wallich) Grunow (Podzorski and Håkansson, 1987, p141) 
4. Actinoptychus gruendleri Schmidt provisional (Foged, 1975, p75) 
5 = 6. Anaulus sp. Ehrenberg (Round et al., 1990, p 286)  
7. Bacteriastrum furcatum Schadbolt (Round et al., 1990, p336)  
8. Biddulphia sp. Gray (Round et al., 1990, p246) 
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Plate  I – Centricophyceae  
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Plate II – Centricophyceae  
 
1. Actinocyclus cf kützingii (Schmidt) Simonsen (John, 1983, p223) 
2. Campolysira sp. Grunow ex van Heurck (Round et al., 1990, p298)  
3. Campolysira sp. valve view Grunow ex van Heurck (Round et al., 1990, p298) 
4. Catenula sp. 
5. Coscinodiscus cf nitidis Gregory (John, 1983, p223) 
6. Coscinodiscus sp. 1 Ehrenberg 
7. Cyclotella stylorum Brightwell (Foged, 1978, p151) 
8. Cyclotella cf striata Kűtzing (Foged, 1978, p151) 
9. Cyclotella cf striata Kűtzing (Foged, 1978, p151) 
10. Cyclotella sp.2 Kűtzing 
11. Cyclotella sp. 3 Kűtzing 
12. Cymatosira sp. Grunow (Round et al., 1990, p296) 
13. Dimeregramma minor (Gregory) Ralphs ex Pritchard (John, 1983, p239) 
14. Eunotogramma marinum (Smith) Peragallo girdle view (Foged ,1978, p159) 
15. Eunotogramma marinum (Smith) Peragallo (Foged, 1978, p159) 
16. Eunotogramma sp. Weisse (Round et al., 1990, p288) 
17. Glyphodesmis cf distans (Gregory) Grunow ex Van Heurck (John, 1983, p243) 
18. Melosira distans (Ehrenberg) Simonsen girdle view (John, 1983, p207) 
19. Melosira cf sulcata (Ehrenberg) Cleve (John, 1983, p209) 
20. Paralia sp. 1 Heiberg 
21. Paralia sp. 2 Heiberg 
22. Paralia sulcata (Ehrenberg) Cleve (Pienitz et al., 2003, p87) 
23 = 24. Paralia sulcata girdle view (Ehrenberg) Cleve (Podzorski and Håkansson, 1987, 
p137) 
25. Plagiogramma staurophorum (Gregory) Heiberg (Foged, 1978, p161) 
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Plate  II - Centricophyceae  
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Plate III – Centricophyceae 
  
1. Thalassiosira sp. 1 Cleve 
2. Thalassiosira sp. 1 Cleve girdle view 
3. Thalassiosira sp. 3 Cleve valve view 
4 = 5. Thalassiosira sp. 4 Cleve 
6. Thalassiosira sp. 5 Cleve 
7. Thalassiosira sp. 6 Cleve 
8. Triceratium cf margaritiferum provisional Cleve (Podzorski and Håkansson, 1987, p146) 
9.  Triceratium sp. Ehrenberg 
10 = 11. Triceratium reticulum Ehrenberg (Podzorski and Håkansson, 1987, p145)  
12. Triceratium reticulum Ehrenberg (Podzorski and Håkansson, 1987, p145)  
13. Trigonium sp. Cleve 
14. Trigonium sp. Cleve 
15. Unknown  
16 = 17. Unknown  
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 Plate  III – Centricophyceae 
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Plate IV – Pennatophyceae 
 
1. Diplomenora sp. 1 Blazé (Round et al., 1990, p408) 
2. Diplomenora sp. 2 Blazé (Round et al., 1990, p408) 
3. Diatoma mesodon (Ehrenberg) Kűtzing girdle view (Pienitz et al., 2003, p97) 
4. Fragilaria sp. 1 Lyngbye 
5. Fragilaria sp. 2 Lyngbye  
6. Fragilaria sp. 3 Lyngbye  
7. Fragilaria sp. 4 Lyngbye 
8. Grammatophora oceanica (Ehrenberg) Girdle view (Foged, 1975, p79) 
9. Grammatophora oceanica (Ehrenberg) Valve view (John, 1983, p240) 
10. Grammatophora hamulifera Kűtzing (Foged, 1975, p79) 
11. Grammatophora oceanica (Ehrenberg) (Foged, 1975, p79) 
12. Grammatophora sp. Ehrenberg (Round et al., 1990, p436) 
13. Licmophora lyngbyei Kűtzing Grunow ex van Heurck (John, 1983, p243) 
14. Opephora olsenii Møller (Podzorski and Håkansson, 1987, p146) 
15. Opephora cf schwartzii Grunow Petit (John, 1983, p245) 
16. Opephora cf martyi Héribaud (John, 1983, p245) 
17. Opephora cf martyi Héribaud (John, 1983, p245) 
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Plate  IV – Pennatophyceae 
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Plate V – Pennatophyceae 
 
1. Rhabdonema adriaticum Kűtzing (Podzorski and Håkansson, 1987, p155) 
2. Rhabdonema adriaticum Kűtzing septum (Cleve-Euler, 1968, fig 296 c) 
3. Rhabdonema adriaticum Kűtzing Valve view (Cleve-Euler, 1968, fig 296 b) 
4. Synedra sp. Ehrenberg 
5. Synedra ulna (Nitzsch) Ehrenberg (John, 1983, p257) 
6. Thalassionema nitzschoides (Grunow) Mereschkowsky (Podzorski and Håkansson, 1987, 

p149) 
7. Trachysphenia australis Petit (Foged, 1975, p81) 
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Plate  V – Pennatophyceae 
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Plate VI – Pennatophyceae 
 
1. Achnanthes brevipes Agardh (John, 1983, p263, and Foged, 1975, p87) 
2 = 3. Achnanthes exigua Grunow (John, 1983, p265) 
4 = 5. Achnanthes minutissima (Kűtzing) Czarnecki (John, 1983, p269) 
6. Achnanthes cf oblongella Oestrup (Foged, 1978, p175)  
7 = 8. Achnanthes plönensis Hustedt (Foged, 1978, p175) 
9. Achnanthes sp. 1 Bory 
10. Achnanthes sp. 2 Bory 
11. Achnanthes sp. 3 Bory 
12. Achnanthes sp. 4 Bory 
13 = 14. Achnanthes sp. 6 Bory 
15. Achnanthes sp. 7 Bory 
16. Achnanthes sp. 8 Bory 
17 = 18. Achnanthes sp. 9 Bory 
19 = 20. Achnanthes sp. 10 Bory 
21. Achnanthes sp. 11 Bory 
22. Achnanthes sp. 12 Bory 
23. Achnanthes sp. 15 Bory 
24. Achnanthes sp. 16 Bory 
25. Achnanthes sp. 17 Bory 
26 = 27. Achnanthes sp. 18 Bory 
28. Achnanthes sp. 19 Bory 
 
 
 
 
 
Note; unidentified species were labelled with consecutive number, as these were identified; 
remaining unidentified species retained their original numbering. 
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 Plate  VI – Pennatophyceae 
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Plate VII – Pennatophyceae 
 
1. Amphiprora cf grundleri Schmidt  
2. Amphiprora cf o’swaldii Janish (Podzorski and Håkansson, 1987, p211) 
3 = 4. Amphiprora cf sulcata O‘Meara (Foged, 1975, p119) 
5 = 6 Amphiprora sp. 1 Ehrenberg 
7. Amphiprora sp. 2 Ehrenberg 
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Plate  VII – Pennatophyceae 
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Plate VIII – Pennatophyceae 
 
1 = 2. Amphora rhombica Kitton (John, 1983, p332) 
3. Amphora turgida Ehrenberg ex Kűtzing (Cleve-Euler, 1956, fig. 691) 
4. Amphora ventricosa Gregory (John, 1983, p334). Synonym A. augusta 
5. Amphora wisei provisional (Salah) Simonsen (Foged, 1987, p181) 
6. Amphora sp. 1 Ehrenberg ex Kűtzing 
7 = 8. Amphora sp. 4 Ehrenberg ex Kűtzing 
9. Amphora sp. 5 Ehrenberg ex Kűtzing 
10 = 11. Amphora sp. 6 Ehrenberg ex Kűtzing 
12. Amphora sp. 7 Ehrenberg ex Kűtzing 
13. Amphora sp. 8 Ehrenberg ex Kűtzing 
14. Amphora sp. 9 Ehrenberg ex Kűtzing 
15. Amphora sp. 11 Ehrenberg ex Kűtzing 
16. Amphora sp. 13 Ehrenberg ex Kűtzing 
17 = 18. Amphora sp. 14 Ehrenberg ex Kűtzing  
 
 
 
 
 
 
Note; unidentified species were labelled with consecutive number, as these were identified; 
remaining unidentified species retained their original numbering. 
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Plate  VIII – Pennatophyceae 
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Plate IX – Pennatophyceae 
 
1. Amphora sp. 16 Ehrenberg ex Kűtzing 
2. Amphora sp. 17 Ehrenberg ex Kűtzing  
3 = 4. Amphora sp.19 Ehrenberg ex Kützing 
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Plate  IX – Pennatophyceae 
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Plate X – Pennatophyceae 
 
1. Bacillaria paxillifer (Müller) Hendey (Bacillaria paradoxa Gmelin) (Foged, 1978, p239) 
2. Berkeleya scopulorum (Brébisson ex Kűtzing) Cox (Podzorski and Håkansson, 1987, 
p169) 
3. Biremis ambigua (Cleve) Mann (Round et al., 1990, p548) 
4. Brachysira aponina Kűtzing (Round et al., 1990, p540) 
5. Brachysira aponina Kűtzing (Round et al., 1990, 540) 
6. Caloneis cf brevis (Gregory) Cleve (Dexiang et al., 1985, p208) 
7. Caloneis cf brevis (Gregory) Cleve (Dexiang et al., 1985, p208) 
8. Caloneis sp. Cleve 
9. Cocconeis decipiens Cleve provisional Podzorski and Håkansson, 1987, p161) 
10. Cocconeis distans Gregory (Dexiang et al., 1985, p298)  
11. Cocconeis heteroidea Hantzsch (John, 1983, p273) 
12. Cocconeis placentula Ehrenberg (John, 1983, p273) 
13. Cocconeis cf placentula Ehrenberg var. euglypta (Ehrenberg) Grun (Foged, 1978, p173) 
14. Cocconeis pseudomarginata Gregory (John, 1983, p275) 
15. Cocconeis scutellum cf var. parva  Grunow (John, 1983, p277) 
16 Cocconeis cf sublittoralis Hendy (John, 1983, p277) 
17 = 18. Cocconeis cf quarnerensis (Grunow) Schmidt (John, 1983, p275) 
19. Cocconeis sp. 1 Ehrenberg 
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Plate  X – Pennatophyceae 
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Plate XI – Pennatophyceae 
 
1. Cymbella sp. 1 Agardh  
2 = 3. Cymbella sp. 2 Agardh 
4. Cymbella sp. 3 Agardh 
5. Cymbella sp. 4 Agardh 
6. Denticula subtilis Grunow (John, 1983, p338) 
7. Diploneis cf crabro Ehrenberg (Dexiang et al., 1985, p279)  
8. Diploneis cf chersonensis (Grunow) Cleve (John, 1983, p295) 
9. Diploneis cf chersonensis (Grunow) Cleve (John, 1983, p295)  
10. Diploneis cf gravelleana Hagelstein (Foged, 1978, p195) 
11. Diploneis nitescens provisional (Gregory) Cleve (Foged, 1975, p101) 
12. Diploneis cf smithii (Brébisson) var. rhombica Mereschkowski (John, 1983, p297)  
13. Diploneis subovalis Cleve (John, 1983, p297) 
14. Diploneis subovalis Cleve (John, 1983, p297)  
15. Diploneis cf vacillans provisional (Schmidt) Cleve (Podzorski and Håkansson, 1987, 
p177) 
16. Diploneis cf vacillans provisional (Schmidt) Cleve (Podzorski and Håkansson, 1987, 
p177)  
17. Diploneis sp. 1 Ehrenberg  
18. Diploneis sp. 2 Ehrenberg  
19. Diploneis sp. 3 Ehrenberg 
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Plate  XI – Pennatophyceae 
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Plate XII – Pennatophyceae 
 
1. Eunotia sp. 1 Ehrenberg 
2. Eunotia sp. 2 Ehrenberg 
3. Eunotia sp. 3 Ehrenberg 
4. Eunotia sp. 4 Ehrenberg 
5. Eunotia sp. 5 Ehrenberg 
6. Eunotia sp. 6 Ehrenberg 
7. Eunotia sp. 7 Ehrenberg 
8. Gyrosigma sp. Hassall 
9. Fallacia sp. Stickle and Mann (Round et al., 1990, p554) 
10. Fallacia sp. Stickle and Mann  
11. Fallacia sp. Stickle and Mann 
12. Fallacia sp. Stickle and Mann 
13. Fallacia sp. Stickle and Mann 
14 = 15. Frustulia rhomboides (Ehrenberg) De Toni (John, 1983, p 297)  
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Plate  XII – Pennatophyceae 
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Plate XIII – Pennatophyceae 
 
1 = 2. Mastogloia angulata Lewis (Foged, 1975, p95) 
3 = 4. Mastogloia cf baldjikiana Grunow (Foged, 1978, p185)  
5. Mastogloia cf biapiculata Hustedt (Podzorski and Håkansson, 1987, p191) 
6 = 7. Mastogloia elliptica (Agardh) Cleve (Foged, 1978, p183) 
8 = 9. Mastogloia piscilus Cleve (Foged, 1975, p95) 
10 = 11. Mastogloia cf smithii var. amphicephala Grunow (Foged, 1978, p183) 
12 = 13. Mastogloia varians Hustedt (Foged, 1987, p149) 
14 = 15. Mastogloia sp. 1 Thwaites ex. Smith 
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Plate  XIII – Pennatophyceae 
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Plate XIV – Pennatophyceae 
 
1 = 2. Mastogloia sp. 2 Thwaites ex Schmidt 
3 = 4. Mastogloia sp. 3 Thwaites ex Schmidt 
5 = 6. Mastogloia sp. 4 Thwaites ex Schmidt 
7. Navicula cf borneoensis Hustedt (Podzorski and Håkansson, 1987, p201) 
8. Navicula elegantissima Meister (Foged, 1975, p105) 
9 = 10. Navicula florinae Möller (John, 1983, p281) 
11. Navicula granulata (Bailey) Mann (John, 1983, p283) 
12 = 13. Navicula inserata Hustedt (Foged, 1978, p 203) 
14. Navicula pseudoforcipata Hustedt (Foged, 1978, p 210) 
15. Navicula robertsiana (Greville) Mann (John, 1983, p287) 
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Plate  XIV – Pennatophyceae 
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Plate XV – Pennatophyceae 
 
1. Navicula sp. 1 Bory  
2. Navicula sp. 2 Bory  
3 = 4. Navicula sp. 3 Bory  
5. Navicula sp. 4 Bory  
6. Navicula sp. 5 Bory 
7. Navicula sp. 6 Bory 
8. Navicula sp. 7 Bory 
9. Navicula sp. 8 Bory 
10. Navicula sp. 8 Bory 
11. Navicula sp. 9 Bory 
12. Navicula sp. 10 Bory 
13 = 14 Navicula sp. 11 Bory 
15. Navicula sp. 13 Bory 
16. Navicula sp. 14 Bory 
17. Navicula sp. 15 Bory 
14. Navicula sp. 16 Bory 
15. Navicula sp. 17 Bory 
17. Navicula sp. 18 Bory 
18. Navicula sp. 19 Bory 
 
 
 
 
Note; unidentified species were labelled with consecutive number, as these were identified; 
remaining unidentified species retained their original numbering. 



Appendix A: Estuarine diatom communities in Tropical Australia 239

Plate  XV – Pennatophyceae 
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Plate XVI – Pennatophyceae 
 
1. Nitzschia cf amphibia Grunow (Foged, 1978, p239) 
2. Nitzschia cf amphibia Grunow (Foged, 1978, p239) 
3. Nitzschia cocconeiformis Grunow (Foged, 1978, p235) 
4. Nitzschia granulata Grunow (Foged, 1978, p235) 
5. Nitzschia lanceolata Smith (Foged, 1975, p121) 
6. Nitzschia longissima (Brébisson ex. Kűtzing) Ralfs in Pritch (Podzorski and Håkansson, 

1987, p225) x400 magnification, scale bar: 100 μm 
7. Nitzschia longissima Valve apex (Brébisson ex. Kűtzing) Ralfs in Pritch (Podzorski and 

Håkansson, 1987, p225) 
8. Nitzschia longissima Valve centre (Brébisson in Kützing) Ralfs (Podzorski and 

Håkansson, 1987, p225) 
9. Nitzschia lorenziana var subtilis Grunow (John, 1983, p345) 
10. Nitzschia navicularis (Brébisson) Grunow (Podzorski and Håkansson, 1987, p221) 
11. Nitzschia punctata (Smith) Grunow (Foged, 1979, p213) 
12. Nitzschia sp. 1 Hassall 
13. Nitzschia sp. 2 Hassall 
14. Nitzschia sp. 3 Hassall 
15. Nitzschia sp. 4 Hassall 
16. Nitzschia sp. 5 Hassall 
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Plate  XVI – Pennatophyceae 
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Plate XVII – Pennatophyceae 
 
1. Nitzschia cf sigma var. sigmatella (Gregory) Grunow (Dexiang et al., 1985, p305) 
2. Nitzschia vidovichii Grunow (Podzorski and Håkansson, 1987, p225) 
3. Nitzschia vidovichii Grunow (Podzorski and Håkansson, 1987, p225), valve apex 
4. Nitzschia vidovichii Grunow (Podzorski and Håkansson, 1987, p225), valve centre 
5. Parlibellus crucicula (Smith) Witkowski (Pienitz et al., 2003, p107) 
6. Pinnularia sp. 1 Ehrenberg 
7. Pinnularia sp. 2 Ehrenberg 
8. Pleurosigma sp. 1 Smith 
9. Psammodictyon panduriforme (Gregory) Mann (Round et al., 1990, p612) 
10. Psammodictyon panduriforme (Gregory) Mann (Round et al., 1990, p612) 
11 = 12. Psammodictyon cf panduriforme var. delicatulum provisional (Grunow) Poulin 

(Pienitz et al., 2003, p129) 
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Plate  XVII – Pennatophyceae 
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Plate XVIII – Pennatophyceae 
 
1. Pleurosigma sp. 2 Smith (scale bar; 25 μm) 
2. Rhopalodia acuminata Krammer (Lange-Bertalot and Krammer, 1987, p241)  
3. Rhopalodia gibberula (Ehrenberg) Műller (Lange-Bertalot and Krammer, 1987; p245)  
4 = 5. Rhopalodia cf gibberula (Ehrenberg) Műller var. globulosa Hustedt (Foged, 1978,  
  p233) 

6 = 7. Rhopalodia musculus (Kűtzing) Műller (Foged, 1987, p185) 
8 = 9. Rhopalodia musculus (Kűtzing) Műller (Foged, 1987, p185) 
10. Stauroneis pachycephala Cleve (Lange-Bertalot, 2007, p547 fig. 44, 45) 
11 = 12. Surirella cf ceylanensis var. oblongistriata Hustedt (Podzorski and Håkansson, 

1987, p229) 
13 = 14. Surirella cf intermedia Lewis (Cleve-Euler, 1968, fig1573) 
15. Surirella ovata Kűtzing (Podzorski and Håkansson, 1987, p227) 
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Plate  XVIII – Pennatophyceae 
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Plate XIX – Pennatophyceae 
 
1 = 2. Surirella sp. 1 Turpin 
3. Surirella sp. 2 Turpin 
4. Surirella sp. 3 Turpin 
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Plate  XIX – Pennatophyceae 
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Plate XX – Pennatophyceae 
 
1. Trachyneis aspera (Ehrenberg) Cleve (Foged, 1975, p113) x1000 
2. Trachyneis aspera (Ehrenberg) Cleve (Foged, 1975, p113) x1000 
3. Trachyneis aspera (Ehrenberg) Cleve (Foged ,1975, p113) Same specimen as image 2, 

x200, scale bar: 125 μm 
4 = 5. Tryblionella cf acuminata (Smith) (John, 1983, p343) 
6. Tryblionella cf marginulata (Grunow) Mann (Pienitz et al., 2003, p129) 
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Plate  XX – Pennatophyceae 
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Plate XXI – Pennatophyceae 
 
1. Unknown 1 
2 = 3. Unknown 2 
4 = 5. Unknown 4 
6. Unknown 5 
7. Unknown 6 
8. Unknown 7 
9. Unknown 8 
10. Unknown 9 
11 = 12. Unknown 10 
13. Unknown 12 
14. Unknown 13 
15. Unknown 14 
16. Unknown 15 
17. Unknown 16 
18. Unknown 17 
19. Unknown 18 
20. Unknown 21 
21. Unknown 22 
22. Unknown 23 
23 = 24. Unknown 25 
25 = 26. Unknown 35 
27. Unknown 36 
28. Unknown 37 
29. Unknown 39 
30. Unknown 42 
31. Unknown 44 
32. Unknown 45 
33. Unknown 48 
 
 
 
 
Note; unidentified species were labelled with consecutive number, as these were identified; 
remaining unidentified species retained their original numbering. 



Appendix A: Estuarine diatom communities in Tropical Australia 251

Plate  XXI – unknowns, Pennatophyceae 
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Species-index  listed by plate 
 

Plate I – Centricophyceae  
1. Actinoptychus splendens (Schadbolt) Ralfs ex Pritchard  
2 = 3. Actinoptychus annulatus (Wallich) Grunow  
4. Actinoptychus gruendleri Schmidt provisional  
5 = 6. Anaulus sp. Ehrenberg  
7. Bacteriastrum furcatum Schadbolt  
8. Biddulphia sp. Gray  
 
Plate II – Centricophyceae 
1. Actinocyclus cf kützingii (Schmidt) Simonsen  
2. Campolysira sp. Grunow ex van Heurck  
3. Campolysira sp. valve view Grunow ex van Heurck  
4. Catenula sp. 
5. Coscinodiscus cf nitidis Gregory  
6. Coscinodiscus sp. 1 Ehrenberg 
7. Cyclotella stylorum Brightwell  
8. Cyclotella cf striata Kűtzing  
9. Cyclotella cf striata Kűtzing  
10. Cyclotella sp.2 Kűtzing 
11. Cyclotella sp. 3 Kűtzing 
12. Cymatosira sp. Grunow  
13. Dimeregramma minor (Gregory) Ralphs ex Pritchard 
14. Eunotogramma marinum (Smith) Peragallo girdle view  
15. Eunotogramma marinum (Smith) Peragallo  
16. Eunotogramma sp. Weisse  
17. Glyphodesmis cf distans (Gregory) Grunow ex Van Heurck  
18. Melosira distans (Ehrenberg) Simonsen girdle view  
19. Melosira cf sulcata (Ehrenberg) Cleve  
20. Paralia sp. 1 Heiberg 
21. Paralia sp. 2 Heiberg 
22. Paralia sulcata (Ehrenberg) Cleve) 
23 = 24. Paralia sulcata girdle view (Ehrenberg) Cleve  
25. Plagiogramma staurophorum (Gregory) Heiberg) 
 
Plate III – Centricophyceae 
1. Thalassiosira sp. 1 Cleve 
2. Thalassiosira sp. 1 Cleve girdle view 
3. Thalassiosira sp. 3 Cleve valve view 
4 = 5. Thalassiosira sp. 4 Cleve 
6. Thalassiosira sp. 5 Cleve 
7. Thalassiosira sp. 6 Cleve 
8. Triceratium cf margaritiferum provisional Cleve  
9.  Triceratium sp. Ehrenberg 
10 = 11. Triceratium reticulum Ehrenberg  
12. Triceratium reticulum Ehrenberg  
13. Trigonium sp. Cleve 
14. Trigonium sp. Cleve 
15. Unknown  
16 = 17. Unknown  
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Plate IV – Pennatophyceae 
1. Diplomenora sp. 1 Blazé  
2. Diplomenora sp. 2 Blazé  
3. Diatoma mesodon (Ehrenberg) Kűtzing girdle view  
4. Fragilaria sp. 1 Lyngbye 
5. Fragilaria sp. 2 Lyngbye  
6. Fragilaria sp. 3 Lyngbye  
7. Fragilaria sp. 4 Lyngbye 
8. Grammatophora oceanica (Ehrenberg) Girdle view  
9. Grammatophora oceanica (Ehrenberg) Valve view  
10. Grammatophora hamulifera Kűtzing  
11. Grammatophora oceanica (Ehrenberg)  
12. Grammatophora sp. Ehrenberg  
13. Licmophora lyngbyei Kűtzing Grunow ex van Heurck  
14. Opephora olsenii Møller  
15. Opephora cf schwartzii Grunow Petit  
16. Opephora cf martyi Héribaud  
17. Opephora cf martyi Héribaud  
 
Plate V – Pennatophyceae 
1. Rhabdonema adriaticum Kűtzing  
2. Rhabdonema adriaticum Kűtzing septum  
3. Rhabdonema adriaticum Kűtzing Valve view  
4. Synedra sp. Ehrenberg 
5. Synedra ulna (Nitzsch) Ehrenberg  
6. Thalassionema nitzschoides (Grunow) Mereschkowsky  
7. Trachysphenia australis Petit  
 
Plate VI – Pennatophyceae 
1. Achnanthes brevipes Agardh  
2 = 3. Achnanthes exigua Grunow  
4 = 5. Achnanthes minutissima (Kűtzing) Czarnecki   
6. Achnanthes cf oblongella Oestrup   
7 = 8. Achnanthes plönensis Hustedt  
9. Achnanthes sp. 1 Bory 
10. Achnanthes sp. 2 Bory 
11. Achnanthes sp. 3 Bory 
12. Achnanthes sp. 4 Bory 
13 = 14. Achnanthes sp. 6 Bory 
15. Achnanthes sp. 7 Bory 
16. Achnanthes sp. 8 Bory 
17 = 18. Achnanthes sp. 9 Bory 
19 = 20. Achnanthes sp. 10 Bory 
21. Achnanthes sp. 11 Bory 
22. Achnanthes sp. 12 Bory 
23. Achnanthes sp. 15 Bory 
24. Achnanthes sp. 16 Bory 
25. Achnanthes sp. 17 Bory 
26 = 27. Achnanthes sp. 18 Bory 
28. Achnanthes sp. 19 Bory 
 
Plate VII – Pennatophyceae 
1. Amphiprora cf grundleri Schmidt  
2. Amphiprora cf o’swaldii Janish 
3 = 4. Amphiprora cf sulcata O‘Meara  
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5 = 6 Amphiprora sp. 1 Ehrenberg 
7. Amphiprora sp. 2 Ehrenberg 
 
Plate VIII – Pennatophyceae 
1 = 2. Amphora rhombica Kitton  
3. Amphora turgida Ehrenberg ex Kűtzing  
4. Amphora ventricosa Gregory  Synonym A. augusta 
5. Amphora wisei provisional (Salah) Simonsen 
6. Amphora sp. 1 Ehrenberg ex Kűtzing 
7 = 8. Amphora sp. 4 Ehrenberg ex Kűtzing 
9. Amphora sp. 5 Ehrenberg ex Kűtzing 
10 = 11. Amphora sp. 6 Ehrenberg ex Kűtzing 
12. Amphora sp. 7 Ehrenberg ex Kűtzing 
13. Amphora sp. 8 Ehrenberg ex Kűtzing 
14. Amphora sp. 9 Ehrenberg ex Kűtzing 
15. Amphora sp. 11 Ehrenberg ex Kűtzing 
16. Amphora sp. 13 Ehrenberg ex Kűtzing 
17 = 18. Amphora sp. 14 Ehrenberg ex Kűtzing  
 
Plate IX – Pennatophyceae 
1. Amphora sp. 16 Ehrenberg ex Kűtzing 
2. Amphora sp. 17 Ehrenberg ex Kűtzing  
3 = 4. Amphora sp.19 Ehrenberg ex Kützing 
 
Plate X – Pennatophyceae 
1. Bacillaria paxillifer (Müller) Hendey (Bacillaria paradoxa Gmelin)  
2. Berkeleya scopulorum (Brébisson ex Kűtzing) Cox  
3. Biremis ambigua (Cleve) Mann  
4. Brachysira aponina Kűtzing  
5. Brachysira aponina Kűtzing  
6. Caloneis cf brevis (Gregory) Cleve  
7. Caloneis cf brevis (Gregory) Cleve  
8. Caloneis sp. Cleve 
9. Cocconeis decipiens Cleve provisional  
10. Cocconeis distans Gregory  
11. Cocconeis heteroidea Hantzsch  
12. Cocconeis placentula Ehrenberg  
13. Cocconeis cf placentula Ehrenberg var. euglypta (Ehrenberg) Grunow  
14. Cocconeis pseudomarginata Gregory (John 1983 p275) 
15. Cocconeis scutellum cf var. parva  Grunow (John 1983 277) 
16 Cocconeis cf sublittoralis Hendy (John 1983 p 277) 
17 = 18. Cocconeis cf quarnerensis (Grunow) Schmidt (John 1983 p275) 
19. Cocconeis sp. 1 Ehrenberg 
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Plate XI – Pennatophyceae  
1. Cymbella sp. 1 Agardh  
2 = 3. Cymbella sp. 2 Agardh 
4. Cymbella sp. 3 Agardh 
5. Cymbella sp. 4 Agardh 
6. Denticula subtilis Grunow  
7. Diploneis cf crabro Ehrenberg  
8. Diploneis cf chersonensis (Grunow) Cleve  
9. Diploneis cf chersonensis (Grunow) Cleve  
10. Diploneis cf gravelleana Hagelstein  
11. Diploneis nitescens provisional (Gregory) Cleve  
12. Diploneis cf smithii (Brébisson) var. rhombica Mereschkowski  
13. Diploneis subovalis Cleve (John 1983 p297) 
14. Diploneis subovalis Cleve (John 1983 p297)  
15. Diploneis cf vacillans provisional (Schmidt) Cleve  
16. Diploneis cf vacillans provisional (Schmidt) Cleve  
17. Diploneis sp. 1 Ehrenberg  
18. Diploneis sp. 2 Ehrenberg  
 
Plate XII – Pennatophyceae 
1. Eunotia sp. 1 Ehrenberg 
2. Eunotia sp. 2 Ehrenberg 
3. Eunotia sp. 3 Ehrenberg 
4. Eunotia sp. 4 Ehrenberg 
5. Eunotia sp. 5 Ehrenberg 
6. Eunotia sp. 6 Ehrenberg 
7. Eunotia sp. 7 Ehrenberg 
8. Gyrosigma sp. Hassall 
9. Fallacia sp. Stickle and Mann  
10. Fallacia sp. Stickle and Mann  
11. Fallacia sp. Stickle and Mann 
12. Fallacia sp. Stickle and Mann 
13. Fallacia sp. Stickle and Mann 
14 = 15. Frustulia rhomboides (Ehrenberg) De Toni  
 
Plate XIII – Pennatophyceae 
1 = 2. Mastogloia angulata Lewis  
3 = 4. Mastogloia cf baldjikiana Grunow  
5. Mastogloia cf biapiculata Hustedt  
6 = 7. Mastogloia elliptica (Agardh) Cleve  
8 = 9. Mastogloia piscilus Cleve 
10 = 11. Mastogloia cf smithii var. amphicephala Grunow  
12 = 13. Mastogloia varians Hustedt  
14 = 15. Mastogloia sp. 1 Thwaites ex. Smith 
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Plate XIV – Pennatophyceae 
1 = 2. Mastogloia sp. 2 Thwaites ex Schmidt 
3 = 4. Mastogloia sp. 3 Thwaites ex Schmidt 
5 = 6. Mastogloia sp. 4 Thwaites ex Schmidt 
7. Navicula cf borneoensis Hustedt  
8. Navicula elegantissima Meister  
9 = 10. Navicula florinae Möller  
11. Navicula granulata (Bailey) Mann  
12 = 13. Navicula inserata Hustedt  
14. Navicula pseudoforcipata Hustedt  
15. Navicula robertsiana (Greville) Mann  
 
Plate XV – Pennatophyceae  
1. Navicula sp. 1 Bory  
2. Navicula sp. 2 Bory  
3 = 4. Navicula sp. 3 Bory  
5. Navicula sp. 4 Bory  
6. Navicula sp. 5 Bory 
7. Navicula sp. 6 Bory 
8. Navicula sp. 7 Bory 
9. Navicula sp. 8 Bory 
10. Navicula sp. 8 Bory 
11. Navicula sp. 9 Bory 
12. Navicula sp. 10 Bory 
13 = 14 Navicula sp. 11 Bory 
15. Navicula sp. 13 Bory 
16. Navicula sp. 14 Bory 
17. Navicula sp. 15 Bory 
14. Navicula sp. 16 Bory 
15. Navicula sp. 17 Bory 
17. Navicula sp. 18 Bory 
18. Navicula sp. 19 Bory 
 
Plate XVI – Pennatophyceae 
1. Nitzschia cf amphibia Grunow  
2. Nitzschia cf amphibia Grunow  
3. Nitzschia cocconeiformis Grunow  
4. Nitzschia granulata Grunow  
5. Nitzschia lanceolata Smith  
6. Nitzschia longissima (Brébisson ex. Kűtzing) Ralfs in Pritch, x400, scale bar: 100 μm 
7. Nitzschia longissima Valve apex (Brébisson ex. Kűtzing) Ralfs in Pritch  
8. Nitzschia longissima Valve centre (Brébisson in Kützing) Ralfs  
9. Nitzschia lorenziana var. subtilis Grunow  
10. Nitzschia navicularis (Brébisson) Grunow 
11. Nitzschia punctata (Smith) Grunow  
12. Nitzschia sp. 1 Hassall 
13. Nitzschia sp. 2 Hassall 
14. Nitzschia sp. 3 Hassall 
15. Nitzschia sp. 4 Hassall 
16. Nitzschia sp. 5 Hassall 
 
Plate XVII – Pennatophyceae 
1. Nitzschia cf sigma var. sigmatella (Gregory) Grunow  
2. Nitzschia vidovichii Grunow  
3. Nitzschia vidovichii Grunow, valve apex 
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4. Nitzschia vidovichii Grunow, valve centre 
5. Parlibellus crucicula (Smith) Witkowski  
6. Pinnularia sp. 1 Ehrenberg 
7. Pinnularia sp. 2 Ehrenberg 
8. Pleurosigma sp. 1 Smith 
9. Psammodictyon panduriforme (Gregory) Mann  
10. Psammodictyon panduriforme (Gregory) Mann  
11 = 12. Psammodictyon cf panduriforme var. delicatulum provisional (Grunow) Poulin  
 
Plate XVIII – Pennatophyceae 
1. Pleurosigma sp. 2 Smith (scale bar; 25 μm) 
2. Rhopalodia acuminata Krammer  
3. Rhopalodia gibberula (Ehrenberg) Műller  
4 = 5. Rhopalodia cf gibberula (Ehrenberg) Műller var. globulosa Hustedt  
6 = 7. Rhopalodia musculus (Kűtzing) Műller  
8 = 9. Rhopalodia musculus (Kűtzing) Műller  
10. Stauroneis pachycephala Cleve 
11 = 12. Surirella cf ceylanensis var. oblongistriata Hustedt  
13 = 14. Surirella cf intermedia Lewis  
15. Surirella ovata Kűtzing  
 
Plate XIX – Pennatophyceae 
1 = 2. Surirella sp. 1 Turpin 
3. Surirella sp. 2 Turpin 
4. Surirella sp. 3 Turpin 
 
Plate XX – Pennatophyceae 
1. Trachyneis aspera (Ehrenberg) Cleve  x1000 
2. Trachyneis aspera (Ehrenberg) Cleve  x1000 
3. Trachyneis aspera (Ehrenberg) Cleve  Same specimen as image 2, x200, scale bar: 125 

μm 
4 = 5. Tryblionella cf acuminata (Smith)  
6. Tryblionella cf marginulata (Grunow) Mann  
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XXI – unknowns, Pennatophyceae 
1. Unknown 1 
2 = 3. Unknown 2 
4 = 5. Unknown 4 
6. Unknown 5 
7. Unknown 6 
8. Unknown 7 
9. Unknown 8 
10. Unknown 9 
11 = 12. Unknown 10 
13. Unknown 12 
14. Unknown 13 
15. Unknown 14 
16. Unknown 15 
17. Unknown 16 
18. Unknown 17 
19. Unknown 18 
20. Unknown 21 
21. Unknown 22 
22. Unknown 23 
23 = 24. Unknown 25 
25 = 26. Unknown 35 
27. Unknown 36 
28. Unknown 37 
29. Unknown 39 
30. Unknown 42 
31. Unknown 44 
32. Unknown 45 
33. Unknown 48 
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Appendix B: Comparative effects of herbicides on photosynthesis and growth of 

tropical estuarine microalgae 

 
 
Table B. 1. One-way ANOVA for comparison of mean μ, Y(II) and biomass increase over 10 days in 
cultures treated with 0.01% (v:v) DMSO or 1 mL addition of f/2 medium. 
 

Navicula sp. Effect df SS MS F p 
Y(II) Intercept 1 12.159 12.16 101991.3 < 0.05 
 Treatment and day 5 0.0257 0.00515 43.2 < 0.05 
 Error 24 0.00286 0.00012   
 Total 29 0.02859    
Growth rate (μ) Intercept 1 6.593 6.59 1343.612 < 0.05 
 Treatment and day 5 0.612 0.12 24.946 < 0.05 
 Error 24 0.118 0.0049   
 Total 29 0.7298    
Biomass increase Intercept 1 4.44 x 1012 4.44 x 1012 5949.638 < 0.05 
 Treatment and day 5 7.12x 1011 1.43 x 1011 191.041 < 0.05 
 Error 24 1.79 x 1010 7.46 x 108   
 Total 29 7.30 x 1011    
 
Nephroselmis pyriformis 

     

Y(II) Intercept 1 8.54 8.54 15410.90 < 0.05 
 Treatment and day 5 0.054 0.0108 19.45 < 0.05 
 Error 24 0.013 0.000554   
 Total 29 0.0672    
Growth rate (μ) Intercept 1 6.998 6.998 2870.211 < 0.05 
 Treatment and day 5 1.136 0.227 93.223 < 0.05 
 Error 24 0.059 0.0024   
 Total 29 1.195    
Biomass increase Intercept 1 2.37 x 1014 2.37 x 1014 1876.781 < 0.05 
 Treatment and day 5 5.34 x 1012 1.07 x 1012 8.435 < 0.05 
 Error 24 3.04 x 1012 1.27 x 1011   
 Total 29 8.37 x 1012    
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Table B. 2. Tukey HSD Post-hoc results showing homogenous groups for Navicula sp. μ, Y(II) and 
biomass increase over days 3, 5 and 10 in cultures treated with DMSO and controls (addition of f/2). 
All differences are due to time, not to treatment. 
 

 Endpoint  Homogenous groups 
treatment and day μ 1 2 3 
control day10 0.281102  ****  
DMSO day 10 0.301997  ****  
control day 5 0.462268 ****   
DMSO day 5 0.496540 ****   
control day 3 0.596676 ****  **** 
DMSO day 3 0.674208   **** 
 
 Y(II)  1 2 3 
DMSO day 10 0.604800 ****   
control day10 0.605200 ****   
DMSO day 5 0.625800 **** ****  
control day 5 0.633200  ****  

control day 3 0.673200   **** 
DMSO day 3 0.677600   **** 

 
 biomass increase  1 2 3 
control day 3 212189.1 ****   
DMSO day 3 218282.2 ****   
DMSO day 5 343745.1  ****  
control day 5 357316.2  ****  
control day10 587746.9   **** 
DMSO day 10 588023.8   **** 
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Table B. 3. Tukey HSD Post-hoc results showing homogenous groups for Nephroselmis pyriformis μ, 
Y(II) and biomass increase over days 3, 5 and 10 in cultures treated with DMSO and controls (addition 
of f/2). All differences are due to time, not to treatment. 
 

 Endpoint  Homogenous groups 
Treatment and day μ  1 2 3 
control day10 0.243419 ****   
DMSO day 10 0.257560 ****   
control day 5 0.460284  ****  
DMSO day 5 0.483691  ****  
DMSO day 3 0.725027   **** 
control day 3 0.727910   **** 
 
 Y(II)  1 2  
control day10 0.471600  ****  
DMSO day 10 0.483000  ****  
control day 5 0.541000 ****   
DMSO day 5 0.547800 ****   
DMSO day 3 0.574800 ****   
control day 3 0.582800 ****   
 
 Biomass increase 1 2 3 
DMSO day 3 2124888  ****  
control day 3 2492841  **** **** 
DMSO day 5 2786141 **** **** **** 
control day 5 2863265 ****  **** 
DMSO day 10 3306812 ****   
control day10 3307152 ****   

 
 
 
 
Table B. 4. Lowest observed effect concentration (LOEC) and no observed effect concentration 
(NOEC) for three endpoints in Navicula sp. and Nephroselmis pyriformis exposed to diuron, atrazine 
and hexazinone. 
 

 Y(II) Growthrate (μ) Biomass increase 
 LOEC NOEC LOEC NOEC LOEC NOEC 

Navicula sp.      
Diuron 2.28 1.0 18.2 9.12 9.12 2.28 
Atrazine 375 125 375 125 375 125 
hexazinone 18.2 9.12 73 36.5 1836.52 18.2 
Nephroselmis pyriformis      
Diuron 2.28 1.0 2.28 1.0 2.28 1.0 
Atrazine 14 < 14 125 42 125 42 
hexazinone 9.12 2.28 18.2 9.12 18.2 9.12 
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Table B. 5. One-way ANOVA comparing mean cellular pigment concentrations in Navicula sp. 
exposed to herbicides for three days. Treatments responsible for significant differences were 
determined using Dunnetts post-hoc t-test and are noted in Table 3.3 with an asterisk. 
 
Pigment   df SS MS F p 
Chl c2 Intercept 1 1.600488 1.600488 889.7444 < 0.05 
 treatment 4 0.009306 0.002327 1.2934 > 0.05 
 Error 20 0.035976 0.001799   
 Total 24 0.045283    
Fx Intercept 1 38.79350 38.79350 1062.285 < 0.05 
 treatment 4 0.17179 0.04295 1.176 > 0.05 
 Error 20 0.73038 0.03652   
 Total 24 0.90216    
Dd Intercept 1 1.706009 1.706009 865.6752 < 0.05 
 treatment 4 0.004434 0.001108 0.5624 > 0.05 
 Error 20 0.039415 0.001971   
 Total 24 0.043848    
Da Intercept 1 0.010032 0.010032 615.3562 < 0.05 
 treatment 4 0.000266 0.000067 4.0814 < 0.05 
 Error 20 0.000326 0.000016   
 Total 24 0.000592    
Chl a Intercept 1 140.6808 140.6808 866.6473 < 0.05 
 treatment 4 0.5438 0.1360 0.8376 > 0.05 
 Error 20 3.2466 0.1623   
 Total 24 3.7904    
ß-car Intercept 1 0.004126 0.004126 928.0564 < 0.05 
 treatment 4 0.000015 0.000004 0.8345 > 0.05 
 Error 20 0.000089 0.000004   
 Total 24 0.000104    
Sum -LH Intercept 1 374.5943 374.5943 937.7192 < 0.05 
 treatment 4 1.5052 0.3763 0.9420 > 0.05 
 Error 20 7.9895 0.3995   
 Total 24 9.4947    
Sum -NPQ Intercept 1 2.162481 2.162481 868.7020 < 0.05 
 treatment 4 0.006065 0.001516 0.6091 > 0.05 
 Error 20 0.049786 0.002489   
 Total 24 0.055851    
NPQ:LH Intercept 1 0.144643 0.144643 19137.69 < 0.05 
 treatment 4 0.000233 0.000058 7.72 < 0.05 
 Error 20 0.000151 0.000008   
 Total 24 0.000384    
Dd:DA Intercept 1 0.146561 0.146561 2418.050 < 0.05 
 treatment 4 0.003272 0.000818 13.494 < 0.05 
 Error 20 0.001212 0.000061   
 Total 24 0.004484    
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) 
pigment. Chl a = chlorophyll a, chl c = chlorophyll c, Fx = fucoxanthin, Dd = diadinoxanthin, Da = 
diatoxanthin, and β-car = β-carotene. 
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Table B. 6. One-way ANOVA comparing mean cellular pigment concentrations in Navicula sp. 
exposed to herbicides for five days. Treatments responsible for significant differences were 
determined using Dunnetts post-hoc t-test and are noted in Table 3.4 with an asterisk. 
 
Pigment   df SS MS F p 
Chl c2 Intercept 1 3.380533 3.380533 314.4061 < 0.05 
 treatment 4 0.046996 0.011749 1.0927 > 0.05 
 Error 20 0.215043 0.010752   
 Total 24 0.262039    
Fx Intercept 1 83.42880 83.42880 272.0273 < 0.05 
 treatment 4 1.24481 0.31120 1.0147 > 0.05 
 Error 20 6.13385 0.30669   
 Total 24 7.37866    
Dd Intercept 1 3.718694 3.718694 255.9381 < 0.05 
 treatment 4 0.092039 0.023010 1.5836 > 0.05 
 Error 20 0.290593 0.014530   
 Total 24 0.382632    
Da Intercept 1 0.023381 0.023381 187.3617 < 0.05 
 treatment 4 0.002088 0.000522 4.1837 < 0.05 
 Error 20 0.002496 0.000125   
 Total 24 0.004584    
Chl a Intercept 1 302.6780 302.6780 273.2888 < 0.05 
 treatment 4 5.8985 1.4746 1.3314 > 0.05 
 Error 20 22.1508 1.1075   
 Total 24 28.0493    
ß-car Intercept 1 0.008996 0.008996 257.4835 < 0.05 
 treatment 4 0.000248 0.000062 1.7771 > 0.05 
 Error 20 0.000699 0.000035   
 Total 24 0.000947    
Sum -LH Intercept 1 804.8684 804.8684 276.8162 < 0.05 
 treatment 4 14.0667 3.5167 1.2095 > 0.05 
 Error 20 58.1518 2.9076   
 Total 24 72.2185    
Sum -NPQ Intercept 1 4.735621 4.735621 251.8684 < 0.05 
 treatment 4 0.132150 0.033037 1.7571 > 0.05 
 Error 20 0.376039 0.018802   
 Total 24 0.508189    
NPQ:LH  Intercept 1 0.144643 0.144643 19137.69 < 0.05 
 treatment 4 0.000233 0.000058 7.72 < 0.05 
 Error 20 0.000151 0.000008   
 Total 24 0.000384    
Dd:DA Intercept 1 0.146561 0.146561 2418.050 < 0.05 
 treatment 4 0.003272 0.000818 13.494 < 0.05 
 Error 20 0.001212 0.000061   
 Total 24 0.004484    
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) 
pigment. Chl a = chlorophyll a, chl c = chlorophyll c, Fx = fucoxanthin, Dd = diadinoxanthin, Da = 
diatoxanthin, and β-car = β-carotene. 
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Table B. 7. One-way ANOVA comparing mean cellular pigment concentrations in N. pyriformis 
exposed to herbicides for three days. Treatments responsible for significant differences were 
determined using Dunnetts post-hoc t-test and are noted in Table 3.3 with an asterisk. 
 
Pigment   df SS MS F p 
Mg-DVP Intercept 1 11477.20 11477.20 7542.552 < 0.01 
 treatment 4 105.03 26.26 17.255 < 0.01 
 Error 20 30.43 1.52   
 Total 24 135.46    
Vauch Intercept 1 8317.943 8317.943 4619.286 < 0.01 
 treatment 4 19.649 4.912 2.728 > 0.05 
 Error 20 36.014 1.801   
 Total 24 55.663    
Nx Intercept 1 6397.577 6397.577 2220.984 < 0.01 
 treatment 4 63.549 15.887 5.515 < 0.01 
 Error 20 57.610 2.881   
 Total 24 121.159    
Vx Intercept 1 18382.24 18382.24 11392.91 < 0.01 
 treatment 4 241.95 60.49 37.49 < 0.01 
 Error 20 32.27 1.61   
 Total 24 274.22    
Lut Intercept 1 17757.27 17757.27 2710.404 < 0.01 
 treatment 4 722.26 180.56 27.561 < 0.01 
 Error 20 131.03 6.55   
 Total 24 853.29    
Siph-der Intercept 1 69234.65 69234.65 4963.779 < 0.01 
 treatment 4 1364.95 341.24 24.465 < 0.01 
 Error 20 278.96 13.95   
 Total 24 1643.91    
Chl b Intercept 1 399470.7 399470.7 7696.451 < 0.01 
 treatment 4 2481.2 620.3 11.951 < 0.01 
 Error 20 1038.1 51.9   
 Total 24 3519.3    
Chl a Intercept 1 4662732 4662732 10506.53 < 0.01 
 treatment 4 17069 4267 9.62 < 0.01 
 Error 20 8876 444   
 Total 24 25945    
ß-car Intercept 1 69762.14 69762.14 16832.86 < 0.01 
 treatment 4 1004.20 251.05 60.58 < 0.01 
 Error 20 82.89 4.14   
 Total 24 1087.09    
NPQ Intercept 1 495827.8 495827.8 18283.19 < 0.01 
 treatment 4 4055.8 1014.0 37.39 < 0.01 
 Error 20 542.4 27.1   
 Total 24 4598.2    
LH Intercept 1 9995900 9995900 9545.465 < 0.01 
 treatment 4 51477 12869 12.289 < 0.01 
 Error 20 20944 1047   
 Total 24 72421    
NPQ:LH  Intercept 1 1.271245 1.271245 13406.53 < 0.01 
 treatment 4 0.033481 0.008370 88.27 < 0.01 
 Error 20 0.001896 0.000095   
 Total 24 0.035378    
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) pigment. 
Chl = chlorophyll, β-car = β-carotene, Siph-der = siphonaxanthin derivative, Mg-DVP = Mg-2,4-divinyl 
pheophophyrin a5 monomethyl ester, Lut = lutein, Vx = violaxanthin, Vauch = vaucheriaxanthin, and Nx = 
neoxanthin.
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Table B. 8. One-way ANOVA comparing mean cellular pigment concentrations in N. pyriformis 
exposed to herbicides for five days. Treatments responsible for significant differences were 
determined using Dunnetts post-hoc t-test and are noted in Table 3.4 with an asterisk. 
 
Pigment   df SS MS F p 
Mg-DVP Intercept 1 0.012169 0.012169 3392.399 < 0.01 
 treatment 4 0.000361 0.000090 25.146 < 0.01 
 Error 20 0.000072 0.000004   
 Total 24 0.000433    
Vauch Intercept 1 0.006704 0.006704 1636.679 < 0.01 
 treatment 4 0.000195 0.000049 11.917 < 0.01 
 Error 20 0.000082 0.000004   
 Total 24 0.000277    
Nx Intercept 1 0.007598 0.007598 1569.766 < 0.01 
 treatment 4 0.000243 0.000061 12.562 < 0.01 
 Error 20 0.000097 0.000005   
 Total 24 0.000340    
Vx Intercept 1 0.020909 0.020909 1708.571 < 0.01 
 treatment 4 0.000868 0.000217 17.734 < 0.01 
 Error 20 0.000245 0.000012   
 Total 24 0.001113    
Lut Intercept 1 0.019963 0.019963 1590.704 < 0.01 
 treatment 4 0.001824 0.000456 36.335 < 0.01 
 Error 20 0.000251 0.000013   
 Total 24 0.002075    
Siph-der Intercept 1 0.421766 0.421766 3453.266 < 0.01 
 treatment 4 0.013574 0.003393 27.784 < 0.01 
 Error 20 0.002443 0.000122   
 Total 24 0.016016    
Chl b Intercept 1 0.416603 0.416603 3705.851 < 0.01 
 treatment 4 0.009550 0.002388 21.238 < 0.01 
 Error 20 0.002248 0.000112   
 Total 24 0.011799    
Chl a Intercept 1 4.663096 4.663096 4192.666 < 0.01 
 treatment 4 0.102302 0.025576 22.995 < 0.01 
 Error 20 0.022244 0.001112   
 Total 24 0.124546    
ß-car Intercept 1 0.063638 0.063638 2817.979 < 0.01 
 treatment 4 0.002884 0.000721 31.925 < 0.01 
 Error 20 0.000452 0.000023   
 Total 24 0.003335    
NPQ Intercept 1 0.500131 0.500131 2870.693 < 0.01 
 treatment 4 0.018715 0.004679 26.856 < 0.01 
 Error 20 0.003484 0.000174   
 Total 24 0.022200    
LH Intercept 1 12.70651 12.70651 4018.757 < 0.01 
 treatment 4 0.30029 0.07507 23.744 < 0.01 
 Error 20 0.06324 0.00316   
 Total 24 0.36353    
NPQ:LH  Intercept 1 1.007909 1.007909 3395.521 < 0.01 
 treatment 4 0.030666 0.007666 25.827 < 0.01 
 Error 20 0.005937 0.000297   
 Total 24 0.036602    
Abbreviations:LH = light harvesting pigment, NPQ = non-photochemical quenching (photoprotective) pigment. 
Chl = chlorophyll, β-car = β-carotene, Siph-der = siphonaxanthin derivative, Mg-DVP = Mg-2,4-divinyl 
pheophophyrin a5 monomethyl ester, Lut = lutein, Vx = violaxanthin, Vauch = vaucheriaxanthin, and Nx = 
neoxanthin. 
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Figure B. 1. Example HPLC chromatogram showing peaks and retention times for Navicula sp. 
(control, five days old culture). 
 
 

 
 
Figure B. 2. Example HPLC chromatogram showing peaks and pigment retention times for N. 
pyriformis (control, five days old culture). 
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Appendix C: Herbicide mixtures and phytotoxicity of porewaters to 

microphytobenthos 

 
 
 
 
 
Table C. 1. Acute IC50 and IC10 for diuron, tebuthiuron, atrazine, simazine, hexazinone and DEA to 
microalgae expressed in μg L-1. Average ± (SE). n = 5 cultures. * n = 1 culture, average and SE within 
plate (8 wells).  
 
Compound 
  

μg/L 
 

Navicula sp. 
 

Nephroselmis 
pyriformis 

Phaeodactylum 
tricornutum* 

Cylindrotheca 
closterium* 

diuron IC50 2.6 (0.1) 2.06 (0.06) 2.71 (0.03) 4.4 (0.1) 

  IC10 0.78 (0.06) 0.32 (0.01) 0.42 (0.01) 0.63 (0.01) 

tebuthiuron IC50 94 (3) 11.8 (0.2) 51.3 (0.7) 78 (1) 

  IC10 16.6 (0.5) 2.31 (0.07) 7.6 (0.2) 10.4 (0.5) 

atrazine IC50 36 (8) 14.2 (0.4) 33.6 (0.4) 79 (2) 

  IC10 5.6 (1.8) 1.96 (0.09) 4.5 (0.1) 11.4 (0.5) 

simazine IC50 157 (5) 24.3 (0.6) 101 (2) 244 (5) 

  IC10 25.3 (1.8) 3.65 (0.1) 11.3 (0.4) 36.6 (1) 

hexazinone 6min IC50 20.9 (0.6) 18.1 (0.9) 30.7 (0.7) 21.0 (0.4) 

  IC10 6.2 (0.4) 4.4 (0.3) 11.5 (0.3) 6.8 (0.2) 

hexazinone 3 h IC50 5.60 (0.2) 1.88 (0.03) 6.9 (0.2) 7.8 (0.3) 

  IC10 1.41 (0.05) 0.47 (0.01) 1.74 (0.05) 1.97 (0.08) 

DEA IC50 592 (30) 142 (4) 244 (7) 546 (22) 

  IC10 [633 (9)} 216 (7) 426 (6) 1080 (20) 

 
 



Appendix C: Herbicide mixtures and phytotoxicity of porewaters to microphytobenthos 268

Table C.2. ANOVA for comparison of mean inhibition of Y(II) per herbicide dose for Navicula sp. 
Lowest observed effect concentration (LOEC) and no observed concentration (NOEC) were 
determined using a Dunnetts post-hoc t-test, and are listed in Table 4.3.  
 
  df SS MS F p 

Diuron Intercept 1 96498.13 96498.13 8219.464 < 0.01 
 Treatment 9 85679.64 9519.96 810.886 < 0.01 
 Error 40 469.61 11.74   
 Total 49 86149.25    
Tebuthiuron Intercept 1 48225.55 48225.55 19920.12 < 0.01 
 Treatment 9 54361.24 6040.14 2494.95 < 0.01 
 Error 40 96.84 2.42   
 Total 49 54458.07    
Atrazine Intercept 1 78784.42 78784.42 7274.065 < 0.01 
 Treatment 9 57424.09 6380.45 589.099 < 0.01 
 Error 39 422.40 10.83   
 Total 48 57846.49    
Simazine Intercept 1 31838.42 31838.42 6877.842 < 0.01 
 Treatment 9 39439.50 4382.17 946.650 < 0.01 
 Error 40 185.17 4.63   
 Total 49 39624.67    
Hexazinone  Intercept 1 139450.8 139450.8 124957.8 < 0.01 
 Treatment 9 84592.8 9399.2 8422.4 < 0.01 
 Error 40 44.6 1.1   
 Total 49 84637.5    
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Table C.3. ANOVA for comparison of mean inhibition of Y(II) per herbicide dose for Nephroselmis 
pyriformis. Lowest observed effect concentration (LOEC) and no observed concentration (NOEC) 
were determined using a Dunnetts post-hoc t-test, and are listed in Table 4.3.  
 
  df SS MS F p 

Diuron Intercept 1 115243.8 115243.8 71990.48 < 0.01 
 Treatment 9 68515.5 7612.8 4755.58 < 0.01 
 Error 40 64.0 1.6   
 Total 49 68579.5    
Tebuthiuron Intercept 1 81888.63 81888.63 98054.33 < 0.01 
 Treatment 9 75481.08 8386.79 10042.43 < 0.01 
 Error 40 33.41 0.84   
 Total 49 75514.49    
Atrazine Intercept 1 92211.81 92211.81 20404.96 < 0.01 
 Treatment 9 67165.40 7462.82 1651.40 < 0.01 
 Error 40 180.76 4.52   
 Total 49 67346.17    
Simazine Intercept 1 113604.5 113604.5 80190.25 < 0.01 
 Treatment 9 78561.9 8729.1 6161.63 < 0.01 
 Error 40 56.7 1.4   
 Total 49 78618.6    
Hexazinone  Intercept 1 68107.26 68107.26 52119.83 < 0.01 
 Treatment 9 66671.97 7408.00 5669.05 < 0.01 
 Error 40 52.27 1.31   
 Total 49 66724.24    
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Table C.4. ANOVA for comparison of mean inhibition of Y(II) per herbicide dose for Phaeodactylum 
tricornutum. Lowest observed effect concentration (LOEC) and no observed concentration (NOEC) 
were determined using a Dunnetts post-hoc t-test, and are listed in Table 4.3.  
 
  df SS MS F p 

Diuron Intercept 1 65872.28 65872.28 31507.28 < 0.01 
 Treatment 8 50971.42 6371.43 3047.51 < 0.01 
 Error 36 75.27 2.09   
 Total 44 51046.69    
Tebuthiuron Intercept 1 37478.46 37478.46 34166.91 < 0.01 
 Treatment 8 51231.20 6403.90 5838.06 < 0.01 
 Error 36 39.49 1.10   
 Total 44 51270.69    
Atrazine Intercept 1 89897.49 89897.49 68871.68 < 0.01 
 Treatment 8 54774.24 6846.78 5245.41 < 0.01 
 Error 36 46.99 1.31   
 Total 44 54821.23    
Simazine Intercept 1 45765.49 45765.49 22066.40 < 0.01 
 Treatment 8 41235.41 5154.43 2485.27 < 0.01 
 Error 36 74.66 2.07   
 Total 44 41310.08    
Hexazinone  Intercept 1 36026.50 36026.50 24663.51 < 0.01 
 Treatment 8 61164.21 7645.53 5234.08 < 0.01 
 Error 36 52.59 1.46   
 Total 44 61216.80    
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Table C.5 ANOVA for comparison of mean inhibition of Y(II) per herbicide dose for Nitzschia sp. 
Lowest observed effect concentration (LOEC) and no observed concentration (NOEC) were 
determined using a Dunnetts post-hoc t-test, and are listed in Table 4.3.  
 
  df SS MS F p 

Diuron Intercept 1 41880.02 41880.02 14118.66 < 0.01 
 Treatment 8 39843.68 4980.46 1679.02 < 0.01 
 Error 36 106.79 2.97   
 Total 44 39950.47    
Tebuthiuron Intercept 1 23956.55 23956.55 9774.122 < 0.01 
 Treatment 8 40084.30 5010.54 2044.268 < 0.01 
 Error 36 88.24 2.45   
 Total 44 40172.54    
Atrazine Intercept 1 42284.21 42284.21 15680.90 < 0.01 
 Treatment 8 35900.01 4487.50 1664.17 < 0.01 
 Error 36 97.08 2.70   
 Total 44 35997.08    
Simazine Intercept 1 17071.12 17071.12 7448.287 < 0.01 
 Treatment 8 25422.80 3177.85 1386.526 < 0.01 
 Error 36 82.51 2.29   
 Total 44 25505.31    
Hexazinone  Intercept 1 54741.29 54741.29 28924.75 < 0.01 
 Treatment 8 58503.88 7312.98 3864.11 < 0.01 
 Error 36 68.13 1.89   
 Total 44 58572.01    
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Table C.6. ANOVA univariate results comparing mean TUmix IC50 for Navicula sp. and N. pyriformis 
to the mean TUcontrol IC50 of respective species for all mixtures. 
 
Navicula sp. Effect df SS MS F p 
Atr, Sim, and Atr + Sim Intercept 1 23.941 23.941 1967.7 < 0.01 
 treatment 2 0.0255 0.0127 1.047 > 0.05 
 Error 20 0.2433 0.0122   
 Total 22 0.2688    
Atr, Diu, and Atr + Diu Intercept 1 19.41057 19.410 648.5 < 0.01 
 treatment 2 0.0394 0.0197 0.658 > 0.05 
 Error 20 0.5986 0.0299   
 Total 22 0.6380    
Diu, Tebuth, and Diu + Tebuth Intercept 1 16.946 16.946 494.4 < 0.01 
 treatment 2 0.0253 0.0126 0.370 > 0.05 
 Error 20 0.6854 0.0342   
 Total 22 0.7108    
 
Nephroselmis pyriformis 

      

Atr, Sim, and Atr + Sim Intercept 1 29.457 29.456 1600.9 < 0.01 
 treatment 2 0.0283 0.0141 0.768 > 0.05 
 Error 20 0.3680 0.0184  
 Total 22 0.3962   
Atr, Diu, and Atr + Diu Intercept 1 26.318 26.318 1209.3 < 0.01 
 treatment 2 0.0987 0.0493 2.269 > 0.05 
 Error 20 0.4352 0.0217   
 Total 22 0.5340    
Diu, Tebuth, and Diu + Tebuth Intercept 1 21.367 21.367 1572.5 < 0.01 
 treatment 2 0.0066 0.0033 0.244 > 0.05 
 Error 20 0.2717 0.0135   
 Total 22 0.2783    
Abbreviations: Atr = atrazine, Sim = simazine, Diu = diuron, and Tebuth = tebuthiuron 
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Table C.7. Pesticides analysed for with LC-MS/MS 
 
Herbicides  Limit of reporting (μg kg-1) 

Flumeturon 0.2 

Diuron 0.2 

Simazine 0.2 

Atrazine 0.2 

Desethyl Atrazine (breakdown product) 0.2 

Desisopropyl Atrazine (breakdown product) 0.2 

Hexazinone 0.2 

Tebuthiuron 0.2 

Ametryn 0.2 

Prometryn 0.2 

Bromacil 0.2 

Terbutryn 0.2 

Metolachlor 0.2 

  

Imidazolinone insecticide  

Imidacloprid 0.2 
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Table C.8. List of pesticides analysed for using GC-MS 
 

Organochlorine Pesticides Limit of reporting (μg kg-1) 

Aldrin 1 
Chlordane-cis 1 
Chlordane-trans 1 
Chlordane-total 1 
op-DDD (DDT metabolite) 1 
pp-DDD (DDT metabolite) 1 
op-DDE (DDT metabolite) 1 
pp-DDE (DDT metabolite) 1 
op-DDT 1 
pp-DDT 1 
DDT (Total) 1 
Dicofol 1 
Dieldrin * 1 
alpha-Endosulfan 1 
beta-Endosulfan 1 
Endosulfan Sulfate 1 
Endosulfan (Total) 1 
Endrin 1 
HCB 1 
alpha-HCH 1 
beta-HCH 1 
Hepatachlor 1 
Heptachlor Epoxide 1 
Lindane 1 
trans-Nonachlor 1 
  
Organophosphate Pesticides  
Amitraz 1 
Bromophos ethyl 1 
Chlorpyrifos 1 
Coumaphos 1 
Diazinon 1 
Ethion 1 
Fenamiphos 1 
Malathion 1 
Organophosphate Pesticides cont.  
Parathion 1 
Pirimiphos methyl 1 
Profenofos 1 
  
Synthetic Pyrethroids  
Allethrin 2 
Bifenthrin 2 
Bioresmethrin 2 
Cyfluthrin 2 
Cyhalothrin 2 
Cypermethrin 2 
Deltamethrin 2 
Fenvalerate 2 
Fluvalinate 2 
Permethrin 2 
Phenothrin 2 
Piperonyl Butoxide 2 
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Table C.8 continued 

Tetramethrin 2 
Transfluthrin 2 
  
Others   
Pendimethalin (Herbicide) 1 
DEET (Insect repellent) 1 
Chlorothalonil (Fungicide)**  

*Confirmed by GC/ECD analysis **Presence confirmed by GC-MS analysis.  Accurate quantification 
not obtained by this procedure. 
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Table C.9. Herbicides detected in at least one replicate porewater extract. All concentrations are 
reported as ng L-1 in original sample (pre-concentration).  
 
site # Diu Tebuth Atr Sim Hexa Bromacil 

Lucinda 1 11.1 ND ND ND ND ND 
Lucinda 2 7.8 ND ND ND ND ND 
Lucinda 3 14.6 ND ND ND ND ND 
Herbert 1 13.2 ND ND 11.5 ND ND 
Herbert 2 11.6 ND ND ND ND ND 
Herbert 3 4.6 ND 2.1 ND ND ND 
Tully 1 17.6 ND 16.8 ND ND ND 
Tully 2 28.1 ND 35.2 5.6 ND ND 
Tully 3 58.0 ND 50.2 ND ND ND 
Innisfail 1 21.9 ND ND 2.1 8.1 2.6 
Innisfail 2 19.8 0.3 ND ND 9.3 3.3 
Innisfail 3 29.0 ND ND ND 7.9 ND 
Johnstone  1 39.0 ND ND ND 5.4 ND 
Johnstone  3 67.5 ND ND ND ND ND 
Daintree  2 ND ND ND ND ND ND 
Daintree  3 ND ND ND ND ND ND 
DI control ND ND ND ND ND ND 

FSW control 2.0 ND 3.4 ND ND ND 
Italicized numbers denote that the analytical result of the concentrate (which is 300 – 595 times higher 
than the actual, original porewater concentration depending on the volume of porewater separated 
from each replicate whole sediment sample) was below the lowest standard concentration of 5 μg L-1, 
these numerical results should be treated with caution and are best viewed as equal to “detected”. 
Only two replicate concentrates were available from the Johnstone River bank and Daintree River 
sites due to loss. 
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Table C.10. Pesticides detected in at least one replicate sediment sample, limits of reporting (LOR), 
and % solids in each replicate. All concentrations are μg kg-1 dry weight (DW). Chemicals that were 
not detected in any sample are not included in the table. 
 
  Diu  Atr Sim Hex Pendi Dieldr* DEET  Imidacl Bifen Chloro** % Solids 

LOR (μg kg-1) 0.2 0.2 0.2 0.2 1 1 1 0.2 2      - 1% 
Site#                        

Lucinda 1 1.3 ND ND ND ND ND ND ND ND ND 50 
Lucinda 2 1.5 ND ND ND ND ND 3.7 ND ND ND 51 
Lucinda 3 1.5 ND ND ND ND ND 2.7 ND ND ND 48 
Herbert 1 0.4 ND ND ND ND ND ND ND ND ND 71 
Herbert 2 0.3 ND ND ND ND ND 1.1 ND ND ND 78 
Herbert 3 0.8 ND ND ND ND ND ND ND ND ND 76 
Tully 1 11.0 1.5 ND 1.2 3.8 15.0 ND 9.9 ND Present  69 
Tully 2 8.5 1.5 ND 0.8 ND 6.6 ND 9.4 ND Present 78 
Tully 3 7.8 1.6 0.6 1.4 ND 12.0 ND 9.3 ND Present 67 
Innisfail 1 5.8 ND ND ND ND ND ND ND ND ND 57 
Innisfail 2 5.3 ND ND ND ND ND 2.0 1.9 ND ND 58 
Innisfail 3 9.3 ND ND ND ND ND ND ND ND ND 57 
Johnstone 1 4.0 ND ND ND ND ND ND ND 2.0 ND 61 
Johnstone 2 5.8 ND ND ND ND ND ND ND ND ND 57 
Johnstone 3 10 ND ND ND ND ND ND ND 2.4 ND 61 
Daintree 1 1.2 ND ND ND ND ND 4.4 ND ND ND 60 
Daintree 2 0.9 ND ND ND ND ND 5.7 ND ND ND 59 
Daintree 3 1.0 ND ND ND ND ND 5.1 ND ND ND 59 
Abbreviations: ND = not detected, diu = diuron, tebuth = tebuthiuron, atr = atrazine, sim = simazine, 
hex = hexazinone *Confirmed by GC/ECD analysis. ** Presence confirmed by GC-MS analysis. 
Accurate quantification not obtained by this procedure. Abbreviations: LOR = limit of reporting, ND 
= not detected, diu = diuron, atr = atrazine, sim = simazine, hex = hexazinone, pendi = pendimethalin, 
dieldr = dieldrin, DEET = N,N-Diethyl-meta-toluamide (active ingredient in insect-repellent), imida = 
imidacloprid, bifen = bifentrin, and chloro = chlorothalonil (fungicide). 
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Table C.11. Calculated porewater concentrations (nM) of the detected pesticides based on measured 
sediment organic carbon content (% OC) and the Koc of respective compound. Water concentration of 
DEET is calculated based on Kow  following Karickhoff et al. 1979. The corresponding table 
expressed in ng L-1 can be found below, Table C.12. 
 
   Diu  Atr Sim Hex Pendi Dield* DEET  Imidacl Bifen Chloro** 

Site#  

% 
OC/   Koc  

400† 
Koc  
174 # 

Koc  
126 # 

Koc  
54 # 

 
Koc  
1380 # 

Koc  
35480 # 

Kow = 
100†† 

Koc  
209†† 

Koc  
3631††   

Lucinda 1 2.94 0.47 ND ND ND ND ND ND ND ND ND 
Lucinda 2 2.40 0.67 ND ND ND ND ND 12.78 ND ND ND 
Lucinda 3 2.00 0.80 ND ND ND ND ND 11.20 ND ND ND 
Herbert 1 1.60 0.27 ND ND ND ND ND ND ND ND ND 
Herbert 2 0.68 0.48 ND ND ND ND ND 13.48 ND ND ND 
Herbert 3 0.78 1.10 ND ND ND ND ND ND ND ND ND 
Tully 1 3.36 3.51 1.19 ND 2.63 ND 0.03 ND 5.51 ND Present  
Tully 2 1.34 6.82 2.99 ND 4.42 ND 0.04 ND 13.17 ND Present 
Tully 3 2.21 3.78 1.93 1.07 4.67 0.44 0.04 ND 7.88 ND Present 
Innisfail 1 3.75 1.66 ND ND ND ND ND ND ND ND ND 
Innisfail 2 6.56 0.87 ND ND ND ND ND 2.53 0.54 ND ND 
Innisfail 3 5.55 1.80 ND ND ND ND ND ND ND ND ND 
Johnstone 1 5.40 0.79 ND ND ND ND ND ND ND 0.02 ND 
Johnstone 2 4.25 1.46 ND ND ND ND ND ND ND ND ND 
Johnstone 3 6.72 1.60 ND ND ND ND ND ND ND 0.02 ND 
Daintree 1 5.79 0.22 ND ND ND ND ND 6.31 ND ND ND 
Daintree 2 4.43 0.22 ND ND ND ND ND 10.69 ND ND ND 

Daintree 3 4.49 0.24 ND ND ND ND ND 9.43 ND ND ND 
*Confirmed by GC/ECD analysis. ** Presence confirmed by GC-MS analysis. Accurate 
quantification not obtained by this procedure. Koc-data compiled from; † Haynes et al. 2000, # 
Gramatica et al., 2000, †† Kegley et al., 2008. Abbreviations: Koc = organic carbon partitioning 
coefficient, Kow = octanol water partitioning coefficient, diu = diuron, atr = atrazine, sim = simazine, 
hex = hexazinone, pendi = pendimethalin, dield = dieldrin, DEET = N,N-Diethyl-meta-toluamide 
(active ingredient in insect-repellent), imidacl = imidacloprid, bifen = bifentrin, and chloro = 
chlorothalonil (fungicide). 
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Table C.12. Calculated porewater concentrations (ng L-1) of the detected pesticides based on 
measured sediment organic carbon content (% OC) and the Koc of respective compound. Porewater 
concentration of DEET is calculated based on Kow 

 
    Diu  Atr Sim Hex Pendi Dield* DEET  Imidacl Bifen Chloro** 

Site#  
% 
OC 

Koc  
400† 

Koc  
174 # 

Koc  
126 # 

Koc  
54 # 

Koc  
1380 # 

Koc  
35480 # 

Kow = 
100†† 

Koc  
209†† 

Koc  
3631††  

Lucinda 1 2.94 110 ND ND ND ND ND ND ND ND ND 
Lucinda 2 2.4 156 ND ND ND ND ND 2445 ND ND ND 
Lucinda 3 2 188 ND ND ND ND ND 2143 ND ND ND 
Herbert 1 1.6 62 ND ND ND ND ND ND ND ND ND 
Herbert 2 0.68 111 ND ND ND ND ND 2578 ND ND ND 
Herbert 3 0.78 257 ND ND ND ND ND ND ND ND ND 
Tully 1 3.36 818 257 ND 665 ND 13 ND 1409 ND Present  
Tully 2 1.34 1590 646 ND 1115 ND 14 ND 3367 ND Present 
Tully 3 2.21 882 417 216 1180 125 15 ND 2014 ND Present 
Innisfail 1 3.75 387 ND ND ND ND ND ND ND ND ND 
Innisfail 2 6.56 202 ND ND ND ND ND 484 139 ND ND 
Innisfail 3 5.55 419 ND ND ND ND ND ND ND ND ND 
Johnstone 1 5.4 185 ND ND ND ND ND ND ND 10 ND 
Johnstone 2 4.25 341 ND ND ND ND ND ND ND ND ND 
Johnstone 3 6.72 372 ND ND ND ND ND ND ND 10 ND 
Daintree 1 5.79 52 ND ND ND ND ND 1207 ND ND ND 
Daintree 2 4.43 51 ND ND ND ND ND 2044 ND ND ND 
Daintree 3 4.49 56 ND ND ND ND ND 1805 ND ND ND 
*Confirmed by GC/ECD analysis. ** Presence confirmed by GC/MS analysis, accurate quantification 
not obtained by this procedure. Abbreviations: Koc = organic carbon partitioning coefficient, Kow = 
octanol water partitioning coefficient, diu = diuron, atr = atrazine, sim = simazine, hex = hexazinone, 
pendi = pendimethalin, dield = dieldrin, DEET = N,N-Diethyl-meta-toluamide (active ingredient in 
insect-repellent), imidacl = imidacloprid, bifen = bifentrin, and chloro = chlorothalonil (fungicide). 
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Figure C. 1. Inhibition of Y(II) in A) Navicula sp. and B) Nephroselmis pyriformis in response to 2-
hours exposure to increasing concentrations of porewater extracts from sediments collected along the 
tropical Queensland coast. Each sample was tested in duplicate, and separate symbols are shown in 
the graph. Controls are plotted as concentration factor 1 to accommodate the log-scale. Where only 
one symbol is visible for a particular concentration factor, the responses of the duplicate wells are 
overlapping. Milli-Q purified water and filtered seawater (FSW) controls are plotted as the average of 
duplicate wells. 
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Section C. 1. Equilibrium partitioning – insecticides 

The calculated pesticide porewater concentrations, based on assumption of equilibrium 

partitioning between the organic carbon of the sediment and the porewater, are listed above 

in Table C.6. The predicted porewater concentrations of the organochlorine insecticide 

dieldrin ranged between 0.04 – 0.09 nM in the Tully River in the current study. The use of 

dieldrin, along with chlordane, DDT and nine other organochlorins is regulated in Australia 

under the Stockholm Convention on persistent organic pollutants (POPs), which came into 

force in 2004. Progressive restrictions on the use of dieldrin were introduced from 1973, and 

a total ban was applied in 1994 (Mortimer, 2000). Nevertheless, dieldrin is still ubiquitously 

reported at detectable concentrations in the Australian marine environment and biota (Cullen 

and Connell, 1992, Haynes and Johnson, 2000). Mortimer (2000) reported dieldrin in crab 

meat from all samples collected along the Queensland coast between Brisbane and Cairns. 

Based on a previously determined relationship between the bioconcentration factor and the 

octanol/water partition coefficient (Kow) of dieldrin, ambient water concentrations were 

estimated to exceed the [then current] ANZECC (Australian and New Zealand Environment 

Conservation Council) water guidelines of 0.01 nM (2 ng dieldrin L-1) (ANZECC, 1992, 

Mortimer, 2000) [note that the current guidelines were published in 2000]. Earlier reports 

have indicated a decline in concentrations of organochlorins in aquatic organisms from north 

Queensland streams between the 1970s and the 1990s (Russell et al., 1996). Contrasting this, 

the concentrations of dieldrin reported here are much higher than previously reported from a 

large scale sampling program covering the Queensland coast from Moreton Bay in the south 

to Horn Island in the north (Haynes et al., 2000). There, dieldrin was only detected in 

subtidal sediments from the Johnstone River, at concentrations of 0.1 to 0.97 nmol kg−1 DW 

(as opposed to 17 – 39 nmol kg−1 DW reported here). The estimated dieldrin pore water 

concentrations of 0.04 – 0.09 nM in the Tully River reported here greatly exceeds the 

ANZECC guideline of 0.01 nM (2 ng L-1) and it would be interesting to follow up with 

further direct analysis of the bioavailable (dissolved in porewater) dieldrin concentrations 

from this area in order to investigate possible causes (such as re-suspension or illegal use).  

 

This is believed to be the first study reporting on environmental contamination of the 

neonicotinoid insecticide imidacloprid, with estimated porewater concentrations of up to 10 

nM in the Tully River. Neonicotinoids are a relatively new group of pesticides, and are 

highly selective to insects and with low mammalian toxicity (Tomizawa and Casida, 2005). 

Imidacloprid was first registered for use in Australia in 1993 (APVMA, 2007) for the control 

of aphids, leafhoppers, white-flies and other sucking insects (Tomizawa and Casida, 2003), 

as well as in the building industry where it is applied for the eradication of termites 
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(APVMA, 2007). The published literature concerning imidacloprid and its effect on non-

target aquatic or marine organisms is scarce. Current research is still more focused on field 

effects on target organisms and eventual resistance. Fish toxicity has been reported ranging 

from 410 –830 nM (data provided by the company responsible for development and sales of 

imidacloprid; Bayer AG, Germany, as cited in Mullins (1993)). The same source reports 

Daphnia magna LC50 at 330 nM, with shrimp and other freshwater invertebrates such as 

amphipods and chironomids significantly more sensitive, all having an LC50 in the 0.1 nM 

range. Species or experimental conditions were unfortunately not specified; however with 

imidacloprid concentrations predicted to be over 10 nM in porewater from the Tully River 

samples, it is possible that at least the more sensitive organisms may here be at risk. 

Additionally, an insecticide bound to the particulate phase of sediments may also pose a risk 

to benthic invertebrates via ingestion. 

 

The calculated porewater concentrations of DEET around the Daintree River and Lucinda 

boat-ramps in this study ranged between 6.6 – 11.2 nM and 11.8 – 13.4 nM, respectively. 

DEET is the active ingredient in most commercial insect repellents. Due to its chemical 

original registration category as a personal insect repellent for indoor use, no environmental 

impact assessment is required and only little data on its environmental toxicity is available 

(Costanzo et al., 2007). DEET has nevertheless been detected in waterways, ground and 

sewage water, and drinking water across the world, including Australia (Costanzo et al., 

2007). DEET was detected in almost every sample (36 samples from surface water and 

sewage influent and effluent) collected on the central east coast of Australia, with maximum 

concentrations of 7.84 nM in sewage influent water, and 2.56 nM in surface waters 

(Costanzo et al., 2007). Even at the elevated concentrations detected at some sites in the 

current study, DEET is not expected to pose any risk to aquatic biota, with a 24 h IC50 of 

2028 μM for inhibition of photosynthetic yield in the green alga Chlorella protothecoides, 

and the lowest EC/LC50 estimates available being for rainbow trout (Oncorhynchus mykiss), 

fathead minnow (Pimephales promelas), and Daphnia magna at approximately 370 – 390 μM 

(Costanzo et al., 2007, and references therein). 
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Appendix D: The long-term effects of diuron exposure on photosynthesis, 

species composition and induction of herbicide tolerance in a naturally seeded 

estuarine fouling microcosm community  

 
 
 
 
 

 
 
Figure D. 1. A comparison of the previously determined acute dose-response to diuron (Chapter 4, 
this thesis) and the response elicited by water sampled from the flow-through aquaria in pure cultures 
of Navicula sp. and N. pyriformis, along with the inhibition of Y(II) in intact biofilms measured in an 
I-PAM assay. 
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Table D. 1. ANOVA results for comparison of mean inhibition of Y(II) in cyanobacteria and 
ochrophytes/dinoflagellates in response to diuron exposure for each sampling occasion (day 0– day 
28). All significant differences are treatment-dependent, not algal-group-dependent, as determined by 
Tukey’s post hoc (Table A5.2). 
 

  
Effect day 0 df SS MS F p 
Intercept 1 35291.57 35291.57 298.4729 < 0.001 
day 0 treatment 9 16708.25 1856.47 15.7008 < 0.001 
Error 42 4966.10 118.24   
Total 51 21674.35    
Effect day 7 

Intercept 1 49195.20 49195.20 500.1412 < 0.001 
day 7 treatment 9 27874.06 3097.12 31.4867 < 0.001 
Error 88 8655.91 98.36   
Total 97 36529.97    
Effect day 14 
Intercept 1 32195.59 32195.59 242.5788 < 0.001 
day 14 treatment 9 17006.39 1889.60 14.2373 < 0.001 
Error 77 10219.61 132.72   
Total 86 27226.00    
Effect day 21 
Intercept 1 40049.15 40049.15 287.9954 < 0.001 
day 21 treatment 9 19206.66 2134.07 15.3462 < 0.001 
Error 94 13071.81 139.06   
Total 103 32278.46    
Effect day 28 
Intercept 1 19336.94 19336.94 57.23988 < 0.001 
day 28 treatment 9 5720.63 635.63 1.88154 > 0.05 
Error 85 28714.94 337.82    
Total  94 34435.57    
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Table D. 2.  Tukey’s post hoc results for comparison of mean inhibition of Y(II) in cyanobacteria and 
ochrophytes/dinoflagellates for sampling days 0 – 21.  
 

 Homogenous groups 
Day 0 treatment day 0 effect 1 2 3 4 
Control ochrophyte -0.00000 ****    
Control cyanobacteria 0.00000 ****    
7 nM ochrophyte 17.62895 **** ****   
7 nM cyanobacteria 18.45541 **** ****   
13.3 nM ochrophyte 23.67206 **** ****   

13.3 nM cyanobacteria 24.51479 **** ****   
28 nM ochrophyte 34.89222  **** ****  
28 nM cyanobacteria 36.87616  **** ****  
57.6 nM ochrophyte 54.80498   **** **** 

57.6 nM cyanobacteria 59.22193    **** 
day 7 treatment day 7 effect 1 2 3 4 

Control cyanobacteria -0.00000   ****  
Control ochrophyte 0.00000   ****  
13.3 nM cyanobacteria 11.46518 ****  ****  
13.3 nM ochrophyte 16.52964 **** ****   
28 nM cyanobacteria 21.22651 **** ****   
7 nM cyanobacteria 21.80963 **** ****   
7 nM ochrophyte 24.26234 **** ****   
28 nM ochrophyte 27.63184  ****   
57.6 nM ochrophyte 50.44449    **** 
57.6 nM cyanobacteria 50.88119    **** 
day 14 treatment day 14 effect 1 2 3 4 

Control ochrophyte 0.44703  ****   
Control cyanobacteria 0.93827  ****   
7 nM ochrophyte 13.74216 **** ****   
7 nM cyanobacteria 14.96455 **** ****   
13.3 nM cyanobacteria 18.54738 **** **** ****  
28 nM cyanobacteria 19.37791 ****    
28 nM ochrophyte 22.21101 ****  ****  
13.3 nM ochrophyte 22.43173 ****  ****  
57.6 nM cyanobacteria 39.41249   **** **** 
57.6 nM ochrophyte  44.25697    **** 
day 21 treatment day 21 effect 1 2 3 4 5 

Control ochrophyte 0.00000   ****   
Control cyanobacteria 0.00000   ****   
13.3 nM cyanobacteria 6.57755  **** ****   
13.3 nM ochrophyte 17.19187 **** ****    
7 nM ochrophyte 18.49067 **** ****    
28 nM ochrophyte 20.44409 **** ****    
7 nM cyanobacteria 23.52051 ****   ****  
28 nM cyanobacteria 29.80090 ****   **** **** 
57.6 nM ochrophyte 38.55559    **** **** 
57.6 nM cyanobacteria 42.58878     **** 
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Table D. 3. ANOVA results for analysis of recovery of Y(II) after 24 hours in uncontaminated water. 
Treatments driving the significant differences were determined through a Tukey’s post hoc test, and 
are shown in Figure 5.4. 
 
Effect df SS MS F p 
Intercept 1 4.174830 4.174830 4854.052 < 0.001 
Pre-treatment 4 0.036570 0.009143 10.630 < 0.001 
Error 13 0.011181 0.000860   
Total 17 0.047751    

 
 
 
Table D. 4. Acute IC50 and IC10-values in biofilms exposed to a concentration series of diuron after 
24-hours recovery following a four-week pre-exposure to diuron. Average ± stdev, n = 4.  
 
Pre-treatment concentration Acute IC50 (nM) Acute IC10 (nM) 

control 39 ± 5 6.0 ± 1 
7 nM 51 ± 4 6.4 ± 1 
13.3 nM 41 ± 5 5.0 ± 1 
28 nM 82 ± 9 9.5 ± 2 
57.6 nM 155 ± 20 27 ± 3 

 
 
 
Table D. 5. ANOVA univariate results for comparison of mean acute IC50 and IC10-values estimated 
for biofilm communities previously exposed to diuron compared to previously unexposed controls. 
Treatments driving the significant differences were determined using a Dunnett’s post hoc t-test, and 
are shown in Figure 5.6. 
  

 IC50 IC10  
Effect df SS MS F p SS MS F p 
Intercept 1 180384 180384 268.2 < 0.01 3866 3866.5 147.4 < 0.01 
Pre-exposure 4 75243 18810 27.97 < 0.01 2675 668.7 25.5 < 0.01 
Error 31 20851 672.6   812.9 26.2   
Total 35 96095    3487.8    
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Table D. 6.  ANOSIM post hoc pair-wise comparison of community structure between treatments 
(including 14-day recovery, see Section 5.4.4 for discussion), R-statistic (p-values). 
 
 Control  7 nM 13.3 nM 28 nM 
Day 0 
7 nM -0.26 (>0.99)    
13.3 nM -0.30 (>0.99) 0.04 (0.4)   
28 nM -0.15 (0.6) -0.19 (0.7) 0.11 (0.3)  
57.6 nM -0.30 (0.9) -0.15 (0.9) 0.11 (0.3) 0.04 (0.5) 
     
Day 7 
7 nM -0.15 (0.9)    
13.3 nM 0.63 (0.1) 0.70 (0.1)   
28 nM 0.78 (0.09) 1.00 (0.1) 0.19 (0.4)  
57.6 nM 0.74 (0.1) 0.81 (0.1) 0.07 (0.2) 0.22 (0.3) 
     
Day 14 
7 nM 0.30 (0.1)    
13.3 nM 0.22 (0.2) 0.00 (0.5)   
28 nM 0.26 (0.2) 0.00 (0.7) -0.07 (0.6)  
57.6 nM 0.59 (0.1) 0.26 (0.2) 0.48 (0.1) 0.26 (0.3) 
     
Day 21 
7 nM 0.33 (0.1)    
13.3 nM 0.33 (0.1) 0.26 (0.2)   
28 nM 0.81 (0.1) 0.74 (0.1) 0.56 (0.2)  
57.6 nM 0.81 (0.1) 0.63 (0.1) 0.33 (0.3) 0.30 (0.2) 
     
Day 28 
7 nM 0.67 (0.1)    
13.3 nM 0.74 (0.1) 0.67 (0.1)   
28 nM 0.85 (0.1) 1.00 (0.1) 0.52 (0.1)  
57.6 nM 1.00 (0.1) 1.00 (0.1) 0.70 (0.1) 0.30 (0.2) 
     
14 days recovery 
7 nM 0.41 (0.2)    
13.3 nM 0.52 (0.2) 0.52 (0.1)   
28 nM 0.22 (0.4) 0.22 (0.4) 0.15 (0.3)  
57.6 nM 0.30 (0.2) 0.22 (0.2) 0.07 (0.4) -0.11 (0.7) 
Note: A large positive R (up to 1) signifies dissimilarity between the groups tested, significance level; 
α = 0.1. 
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Table D. 7. Average diatom abundance (cells cm-2) of the taxa most influential in driving community-
structure differences, and their cumulative contribution to such differences (SIMPER analysis) 
between controls and diuron treatments for Day 7. Differences in percent cover of brown turf-algae or 
cyanobacteria contributed relatively little to community-structure differences between treatments and 
are not listed. Analyses were performed on 4th root transformed data to account for rare species. 
 
 Day 7 Treatment 
Taxon Cumulative % control 7 nM 

Naviculoid 18 1.2 x 104 3.2 x 104 
Unknown diatom 2 29 5.6 x 103 1.0 x 104 
Nitzschia spp. 40 2.0 x 103 2.5 x 103 
Bacillaria paxillifer 50 1.8 x 104 8.1 x 103 
Epithemia spp. 60 5.3 x 104 2.8 x 104 
    
  control 13.3 nM 
Unknown diatom 16 8.5 x 103 8.8 x 104 
Nitzschia spp. 30 2.6 x 103 0 
Bacillaria paxillifer 42 1.8 x 104 7.0 x 103 
Thalassiothrix sp. 52 2.0 x 103 1.0 x 102 
Cylindrotheca closterium 59 1.0 x 104 2.0 x 103 
    
  control 28 nM 
Nitzschia spp. 15 2.6 x 103 0 
Unknown diatom 28 8.5 x 103 5.5 x 104 
Amphora spp. 40 1.1 x 104 8.0 x  102 
Thalassiothrix sp. 48 2.0 x 103 3.0 x 102 
Bacillaria paxillifer 55 1.8 x 104 4.0 x 103 
      
  control 57.6 nM 
Amphora spp. 18 1.1 x 104 0 
Nitzschia spp. 32 2.6 x 103 0 
Bacillaria paxillifer 43 1.8 x 104 5.3 x 103 
Mastogloia spp. 53 0 3.4 x 103 
Epithemia spp. 61 5.3 x 104 1.9 x 104 
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Table D. 8. Average diatom abundance (cells cm-2) of the taxa most influential in driving community-
structure differences, and their cumulative contribution to such differences (SIMPER analysis) 
between controls and diuron treatments for Day 14. Differences in percent cover of brown turf-algae 
or cyanobacteria contributed relatively little to community-structure differences between treatments 
and are not listed. Analyses were performed on 4th root transformed data to account for rare species. 
 
 Day 14 Treatment 
Taxon Cumulative % control 7 nM 

Unknown diatom 1 19 5.5 x 104 3.3 x 104 
Synedra sp. 33 2.9 x 104 3.3 x 103 
Amphora spp. 43 0 1.3 x 103 
Thalassiothrix sp. 53 3.7 x 103 2.5 x 103 
Mastogloia spp. 63 4.4 x 103 3.0 x 102 
     
  control 13.3 nM 
Unknown diatom 1 19 5.5 x 104 4.4 x 103 
Amphora spp. 35 0 3.4 x 103 
Mastogloia spp. 46 4.4 x 103 4.4 x 103 
Synedra sp. 54 2.9 x 104 6.9 x 103 
Thalassiothrix sp. 61 3.7 x 103 2.5 x 103 
     
  control 28 nM 
Unknown diatom 1 23 5.5 x 104 2.0 x 104 
Synedra sp. 37 2.9 x 104 7.3 x 103 
Amphora spp. 45 0 9.0 x 102 
Mastogloia spp. 54 4.4 x 103 1.7 x 103 
Cylindrotheca closterium 62 9.6 x 103 5.4 x 103 
     
  control 57.6 nM 
Synedra sp. 22 2.9 x 104 0 
Unknown diatom 1 37 5.5 x 104 2.8 x 103 
Cylindrotheca closterium 50 9.6 x 103 2.0 x 102 
Mastogloia spp. 58 4.4 x 103 7.0 x 102 
Thalassiothrix sp. 65 3.7 x 103 4.0 x 102 
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Table D. 9. Average diatom abundance (cells cm-2) of the taxa most influential in driving community-
structure differences, and their cumulative contribution to such differences (SIMPER analysis) 
between controls and diuron treatments for Day 21. Differences in percent cover of brown turf-algae 
or cyanobacteria contributed relatively little to community-structure differences between treatments 
and are not listed. Analyses were performed on 4th root transformed data to account for rare species. 
 

 Day 21 Treatment 
Taxon Cumulative % control 7 nM 

Cocconeis sp. 19 9.0 x 103 3.0 x 102 
Synedra sp. 31 8.4 x 104 2.0 x 104 
Bacillaria paxilllifer 43 2.0 x 103 3.3 x 103 
Mastogloia spp. 51 5.8 x 103 2.0 x 104 
Epithemia sp. 57 5.4 x 104 1.0 x 105 
     
  control 13.3 nM 
Bacillaria paxilllifer 12 2.0 x 103 9.2 x 103 
Mastogloia spp. 24 5.8 x 103 1.0 x 103 
Synedra sp. 35 8.4 x 104 2.5 x 104 
Naviculoid 44 5.9 x 103 2.5 x 103 
Amphora spp. 53 0 1.1 x 103 
     
  control 28 nM 
Synedra sp. 15 8.4 x 104 2.8 x 103 
Cylindrotheca closterium 29 1.4 x 104 7.0 x 102 
Mastogloia spp. 42 5.8 x 103 0 
Cocconeis sp. 54 9.0 x 103 1.8 x 103 
Thalassiothrix sp. 64 1.0 x 104 2.0 x 102 
     
  control 57.6 nM 
Synedra sp. 18 8.4 x 104 4.1 x 103 
Cocconeis sp. 33 9.0 x 103 2.0 x 102 
Naviculoid 45 5.9 x 103 4.0 x 102 
Cylindrotheca closterium 55 1.4 x 104 9.0 x 102 
Flagellates 63 7.0 x 102 0 
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Table D. 10. Average diatom abundance (cells cm-2) of the taxa most influential in driving 
community-structure differences, and their cumulative contribution to such differences (SIMPER 
analysis) between controls and diuron treatments for Day 28. Differences in percent cover of brown 
turf-algae or cyanobacteria contributed relatively little to community-structure differences between 
treatments and are not listed. Analyses were performed on 4th root transformed data to account for rare 
species. 
 
 Day 28 Treatment 
Taxon Cumulative % control 7 nM 

Amphora sp. 2 17 0 2.2 x 104 
Naviculoid 33 1.2 x 103 6.5 x 104 
Unknown diatom 1 47 1.8 x 103 3.1 x 104 
Cylindrotheca closterium. 54 1.1 x 104 4.4 x 103 
Bacillaria paxilllifer 61 4.3 x 103 4.3 x 103 
    
  control 13.3 nM 
Mastogloia spp. 20 3.3 x 104 3.0 x 102 
Cylindrotheca closterium. 31 1.1 x 104 1.2 x 103 
Naviculoid 41 1.2 x 103 1.2 x 104 
Flagellates 51 8.0 x 102 0 
Amphora sp. 2 60 0 2.6 x 103 
    
  control 28 nM 
Synedra sp. 15 5.8 x 104 1.3 x 103 
Mastogloia spp. 29 3.3 x 104 2.2 x 103 
Cylindrotheca closterium 42 1.1 x 104 1.0 x 102 
Thalassiothrix sp. 54 2.3 x 104 5.0 x 102 
Epithemia spp. 62 1.1 x 105 2.7 x 104 
    
  control 57.6 nM 
Synedra sp. 18 5.8 x 104 3.0 x 102 
Mastogloia spp. 36 3.3 x 104 1.0 x 102 
Cylindrotheca closterium 51 1.1 x 104 0 
Thalassiothrix sp. 60 2.3 x 104 3.1 x 103 
Bacillaria paxilllifer 68 4.3 x 103 0 
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Table D. 11. Average abundances (±SE) of all taxa in each treatment for communities sampled on 
day 0. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells cm-2 for 
other groups. Number of diatom taxa (S) is also listed. 
 
Day 0 Treatment 
 control 7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 1.15 x104 2.72 x103 5.15 x104 1.95 x104 1.25 x103 
 (2.8 x103) (1.8 x103) (2.0 x104) (1.4 x104) (5.6 x102) 
naviculoid 2.20 x104 2.78 x104 2.64 x104 2.14 x103 5.39 x102 
 (1.2 x104) (1.6 x103) (1.5 x103) (1.8 x104) (3.2 x104) 
Cylindrotheca closterium 2.38 x102 1.16 x103 1.48 x104 2.20 x103 2.00 x104 
 (2.2 x102) (1.7 x103) (8.1 x103) (1.4 x103) (1.2 x104) 
Thalassiothrix sp. 6.13 x103 2.13 x103 4.00 x102  5.00 x103 
 (6.6 x102) (2.4 x103) (4.9 x102)  (1.7 x103) 
Bacillaria paxillifer 6.87 x102 7.96 x102 6.19 x103 6.99 x102 2.39 x103 
 (5.4 x103) (6.4 x102) (4.7 x102) (6.7 x103) (1.5 x103) 
Amphora sp.  2.66 x102 1.53 x103 5.99 x102  4.00 x102 
 (3.3 x102) (1.5 x103) (7.3 x102)  (4.9 x102) 
Flagellates 3.33 x102 2.66 x102 4.00 x102 4.00 x102 5.99 x102 
 (2.2 x102) (3.3 x102) (2.4 x102) (2.4 x102) (4.2 x102) 
Achnanthes brevipes 4.66 x102 1.33 x102 2.00 x102 2.60 x103 7.95 x101 
 (8.2 x101) (1.6 x102) (2.4 x102) (3.2 x103) (9.7 x101) 
Unknown diatom 1 8.97 x103 9.86 x104 1.28 x103 4.62 x105 2.54 x104 
 (5.0 x102) (1.1 x104) (8.5 x102) (4.8 x105) (1.8 x104) 
Synedra sp. 1.93 x103 3.66 x103 3.60 x103 3.20 x102 1.11 x102 
 (1.8 x103) (2.8 x103) (1.9 x103) (3.9 x102) (1.2 x104) 
Mastogloia spp. 1.60 x103 2.00 x102  5.99 x102 1.16 x104 
 (2.0 x103) (2.4 x102)  (7.3 x102) (1.7 x103) 
Amphidinium sp. 1.33 x102    2.00 x102 
 (1.6 x102)    (2.4 x102) 
Vorticella sp. 4.00 x102 1.33 x102 5.99 x102   
 (4.9 x102) (1.6 x102) (4.2 x102)   
Nitzschia sp. (sigmoid)   2.00 x102 
     (2.4 x102) 
Brown turf-algae 23 3 69 5 144 
 (26) (23) (52) (6) (46) 
Cyanobacteria 4 3 7 4 6 
 (3) (2) (1) (2) (4) 
S 10 10 9 9 11 

Vorticella sp. is a ciliate, Amphidinium sp. is a dinoflagellate, small flagellated organisms are grouped 
under “flagellates”, cyanobacteria and turf-algae are grouped separately, and all other organisms are 
diatoms. 
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Table D. 12. Average abundances (±SE) of all taxa in each treatment for communities sampled on 
day 7. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells cm-2 for 
other groups. Number of diatom taxa (S) is also listed. 
 
 
Day 7 Treatment 
 control 7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 2.39 x103 2.44 x104 2.73 x104 4.90 x104 5.73 x102 
 (1.7 x104) (1.6 x104) (1.6 x104) (9.4 x103) (5.7 x103) 
naviculoid (8.83 x103 3.20 x104 1.24 x104 4.20 x103 1.34 x104 
 5.3 x103) (2.7 x103) (9.9 x103) (1.5 x103) (8.7 x102) 
Cylindrotheca closterium (1.19 x103 7.29 x103 5.39 x102 3.20 x103 2.50 x103 
 (3.2 x103) (4.9 x103) (4.9 x101) (2.2 x103) (1.4 x103) 
Nitzschia spp. 2.60 x103 1.50 x103    
 (1.2 x103) (9.2 x102)    
Thalassiothrix sp. 2.00 x103 2.50 x103 9.99 x101 3.00 x102 1.70 x103 
 (4.4 x102) (2.9 x103) (1.2 x102) (2.1 x102) (1.4 x103) 
Bacillaria paxillifer 1.79 x104 2.92 x102 6.99 x103 4.00 x103 5.29 x103 
 (1.4 x103) (7.4 x101) (7.5 x102) (1.6 x102) (4.9 x103) 
Amphora sp.  1.59 x103 8.39 x103 1.80 x103 7.99 x102  
 (8.7 x103) (2.1 x103) (1.6 x102) (6.5 x102)  
Unknown diatom 2 1.50 x103 9.99 x102    
 (1.8 x103) (6.5 x102)    
Flagellates 1.70 x103 7.99 x102 1.90 x103 1.50 x103 3.99 x102 
 (1.2 x103) (4.4 x102) (1.2 x103) (7.6 x102) (3.2 x102) 
Achnanthes brevipes 2.00 x102   9.99 x101  
 (2.4 x102)   (1.2 x102)  
Unknown diatom 1 6.99 x103 7.19 x102 2.75 x104 1.54 x104 7.59 x103 
 (7.3 x103) (3.7 x103) (1.2 x104) (1.3 x103) (4.5 x103) 
Cocconeis sp. 9.99 x101  9.99 x101   
 (1.2 x102)  (1.2 x102)   
Mastogloia spp.   2.00 x102 5.20 x102 
    (2.4 x102) (3.4 x102) 
Brown turf-algae 7 5 2 0.5 6 
 (2) (2) (2) (0.3) (5) 
Cyanobacteria 17 12 4 4 9 
 (3) (8) (3) (3) (6) 
S 11 9 8 9 7 

Small flagellated organisms are grouped under “flagellates”, cyanobacteria and turf-algae are grouped 
separately, and all other organisms are diatoms. 
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Table D. 13. Average abundances (±SE) of all taxa in each treatment for communities sampled on 
day 14. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells cm-2 for 
other groups. Number of diatom taxa (S) is also listed. 
 
Day 14 Treatment 
 control 7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 2.27 x103 1.24 x103 1.95 x104 4.75 x104 2.85 x104 
 (2.2 x103) (9.9 x103) (3.5 x103) (2.1 x104) (7.5 x103) 
naviculoid 8.99 x103 7.39 x102 3.77 x102 3.72 x103 3.40 x103 
 (4.4 x103) (2.8 x101) (2.1 x103) (2.2 x103) (2.3 x103) 
Cylindrotheca closterium 9.60 x102 6.49 x103 2.98 x102 5.39 x103 2.00 x102 
 (4.5 x102) (3.6 x103) (1.5 x103) (6.6 x102) (2.4 x102) 
Nitzschia spp. 5.00 x102 3.00 x102 4.00 x102   
 (6.1 x102) (3.7 x102) (4.9 x102)   
Thalassiothrix sp. 1.30 x103 2.50 x103 2.50 x103 3.40 x103 4.00 x102 
 (2.5 x102) (3.6 x102) (2.3 x102) (2.7 x101) (3.2 x102) 
Bacillaria paxillifer 5.00 x103 1.40 x103 7.49 x103 2.80 x103 1.50 x103 
 (1.7 x103) (8.8 x102) (6.4 x102) (1.8 x103) (1.7 x103) 
Amphora sp.   1.30 x103 3.40 x103 8.99 x102 5.00 x102 
  (3.2 x102) (4.4 x102) (5.7 x101) (6.1 x102) 
Flagellates 5.99 x102 4.00 x102 9.99 x101 1.20 x103 6.99 x102 
 (4.2 x102) (3.2 x102) (1.2 x102) (9.2 x102) (3.2 x102) 
Achnanthes brevipes 4.00 x102 2.00 x102 2.00 x102 3.00 x102 9.99 x101 
 (2.4 x102) (1.2 x102) (1.2 x102) (2.1 x102) (1.2 x102) 
Unknown diatom 1 5.45 x104 3.32 x104 4.40 x103 1.86 x103 2.80 x103 
 (6.7 x103) (2.6 x104) (1.6 x102) (1.3 x103) (1.8 x102) 
Synedra sp. 2.88 x104 3.30 x103 6.89 x103 7.29 x103  
 (9.0 x102) (3.5 x102) (1.4 x103) (7.2 x101)  
Cocconeis sp.  9.99 x101    
  (1.2 x102)    
Mastogloia spp. 4.40 x103 3.00 x102 4.40 x103 1.70 x103 6.99 x102 
 (3.0 x103) (3.7 x102) (4.8 x103) (1.3 x102) (4.4 x102) 
Brown turf-algae 35 9 12 7  
 (37) (8) (7) (7)  
Cyanobacteria 6 4 4 8 2 
 (2) (2) (1) (3) (1) 
S 10 12 11 10 9 
Small flagellated organisms are grouped under “flagellates”, cyanobacteria and turf-algae are grouped 
separately, and all other organisms are diatoms. 
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Table D. 14. Average abundances (±SE) of all taxa in each treatment for communities sampled on 
day 21. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells cm-2 for 
other groups. Number of diatom taxa (S) is also listed. 
 
Day 21 Treatment 
 Control  7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 3.69 x104 5.97 x102 2.33 x103 7.48 x104 1.99 x104 
 (2.3 x104) (2.8 x103) (1.5 x103) (4.7 x104) (2.0 x104) 
naviculoid 5.89 x103 3.40 x103 2.50 x103 4.23 x103 4.00 x102 
 (4.4 x102) (1.9 x103) (1.7 x103) (2.4 x103) (3.2 x102) 
Cylindrotheca closterium 8.13 x103 6.99 x103 7.39 x103 9.93 x101 8.99 x102 
 (8.8 x103) (4.5 x103) (4.3 x102) (1.2 x102) (4.2 x102) 
Nitzschia spp. 2.00 x102  5.99 x102 9.99 x101  
 (2.4 x102)  (3.7 x102) (1.2 x102)  
Thalassiothrix sp. 1.00 x103 7.49 x103 8.59 x103 2.00 x102 3.42 x103 
 (5.3 x103) (2.9 x103) (3.0 x103) (1.2 x102) (1.6 x103) 
Bacillaria paxillifer 1.40 x103 3.30 x102 6.19 x103 3.30 x103 7.99 x102 
 (1.5 x103) (4.4 x101) (6.5 x103) (2.3 x103) (4.9 x102) 
Amphora sp.   4.99 x102 1.30 x103  
   (4.4 x102) (1.6 x102)  
Amphora sp. 2 7.99 x102    
  (9.8 x102)    
Unknown diatom 2  9.99 x101   
   (1.2 x102)   
Flagellates 6.99 x102 5.99 x102 2.00 x102 5.00 x102  
 (4.4 x102) (2.1 x102) (2.4 x102) (6.1 x102)  
Achnanthes brevipes 2.00 x102  3.00 x102 9.93 x101  
 (2.4 x102)  (2.1 x102) (1.2 x102)  
Unknown diatom 1 1.60 x103 2.96 x102 4.30 x103 1.20 x103 2.60 x103 
 (1.2 x103) (1.5 x103) (3.2 x102) (1.3 x103) (1.9 x103) 
Synedra sp. 4.11 x103 1.71 x104 2.35 x104 2.20 x103 4.96 x102 
 (1.6 x104) (1.2 x104) (1.4 x104) (2.1 x103) (2.0 x103) 
Cocconeis sp. 8.99 x103 3.00 x102 3.30 x103 1.80 x103 2.00 x102 
 (3.7 x103) (3.7 x102) (1.1 x103) (2.2 x102) (2.4 x102) 
Mastogloia spp. 5.79 x103 2.19 x102 9.99 x102  6.99 x102 
 (1.2 x103) (1.9 x103) (8.8 x102)  (3.2 x102) 
Amphidinium sp. 9.99 x101    
  (1.2 x102)    
Vorticella sp. 2.00 x102 9.99 x101   
  (2.4 x102) (1.2 x102)   
Brown turf-algae 97 35 60 9 5 
 (43) (2) (42) (5) (1) 
Cyanobacteria 5 8 9 3 2 
 (0) (1) (2) (2) (1) 
S 11 10 13 11 9 

Vorticella sp. is a ciliate, Amphidinium sp. is a dinoflagellate, small flagellated organisms are grouped 
under “flagellates”, cyanobacteria and turf-algae are grouped separately, and all other organisms are 
diatoms. 
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Table D. 15. Average abundances (±SE) of all taxa in each treatment for communities sampled on 
day 28. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells cm-2 for 
other groups. Number of diatom taxa (S) is also listed 
 
Day 28 Treatment 
 control 7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 3.37 x104 1.49 x105 6.98 x103 1.47 x103 9.96 x103 

 (3.5 x104) (2.7 x104) (4.4 x103) (6.3 x102) (5.7 x104) 

naviculoid 1.20 x103 2.86 x104 1.19 x103 2.40 x103 1.60 x103 

 (1.1 x103) (2.3 x104) (1.1 x102) (1.3 x103) (9.6 x102) 

Cylindrotheca closterium 4.81 x103 4.40 x103 1.20 x103 9.99 x101  
 (4.4 x103) (4.8 x103) (1.1 x103) (1.2 x102)  

Thalassiothrix sp. 2.27 x104 7.93 x102 1.57 x104 5.00 x102 6.97 x102 

 (5.0 x103) (9.8 x102) (6.8 x102) (3.2 x102) (2.4 x102) 

Bacillaria paxillifer 6.96 x102 1.59 x102 5.00 x102 9.93 x101  

 (6.8 x102) (1.3 x102) (6.1 x102) (1.2 x102)  

Amphora sp.    2.00 x102  

    (2.4 x102)  

Amphora sp. 2 2.17 x104 1.98 x102 9.99 x101  
  (9.7 x103) (1.3 x101) (1.2 x102)  

Flagellates 7.99 x102 3.00 x102    

 (2.4 x102) (2.1 x102)    

Achnanthes brevipes 2.00 x102    

  (2.4 x102)    

Unknown diatom 1 1.80 x103 2.12 x103 4.00 x102  1.40 x103 

 (2.2 x102) (2.3 x103) (4.9 x102)  (1.7 x103) 

Synedra sp. 2.51 x104 2.25 x104 1.70 x104 1.30 x103 3.00 x102 

 (8.5 x102) (1.0 x104) (1.6 x103) (9.6 x102) (2.1 x102) 
Cocconeis sp. 2.00 x102 1.30 x103 4.00 x102 2.00 x102  
 (2.4 x102) (6.1 x102) (4.9 x102) (2.4 x102)  
Mastogloia spp. 1.22 x104 1.30 x104 3.00 x102 2.20 x103 9.99 x101 
 (1.8 x103) (8.4 x103) (3.7 x102) (2.7 x103) (1.2 x102) 
Amphidinium sp. 9.99 x101    
  (1.2 x102)    
Vorticella sp. 3.00 x102     
 (2.1 x102)     
Nitzschia sp. (sigmoid) 9.99 x101    
  (1.2 x102)    
Brown turf-algae 14 47 53 2 < 1 
 (13) (28) (44) (1) (1) 
Cyanobacteria 9 8 5 2 3 
 (4) (6) (1) (0)  
S 9 12 10 10 6 

Vorticella sp. is a ciliate, Amphidinium sp. is a dinoflagellate, small flagellated organisms are grouped 
under “flagellates”, cyanobacteria and turf-algae are grouped separately, and all other organisms are 
diatoms. 
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Table D. 16. Average abundances (±SE) of all taxa in each treatment for communities sampled after 
a14-day recovery. Abundances expressed as % cover for brown turf algae and cyanobacteria, and cells 
cm-2 for other groups. Number of diatom taxa (S) is also listed. 
 
Recovery Treatment 
 control 7 nM 13.3 nM 28 nM 57.6 nM 

Rhopalodia spp. 4.23 x104 8.67 x104 2.68 x104 2.25 x105 1.45 x105 

 (6.8 x103) (6.3 x104) (2.5 x104) (1.4 x104) (7.9 x104) 

naviculoid 2.30 x103 3.40 x103 3.00 x102 9.82 x102 2.99 x102 

 (1.2 x103) (2.5 x103)  (9.8 x103) (2.1 x102) 

Cylindrotheca closterium 1.79 x102 3.99 x102 7.99 x102  9.93 x101 

 (1.6 x103) (3.2 x102) (9.8 x102)  (1.2 x102) 

Nitzschia spp. 5.99 x102 6.99 x102    

 (3.7 x102) (6.8 x102)    

Thalassiothrix sp. 7.15 x103 5.94 x102 1.64 x104 8.59 x103 8.59 x103 

 (4.1 x102) (4.1 x103) (6.4 x103) (4.6 x103) (5.6 x103) 

Bacillaria paxillifer  1.99 x102   
   (1.3 x103)   

Flagellates 4.99 x102 1.20 x103 1.20 x103 2.62 x103 5.99 x102 
 (4.4 x102) (4.2 x102) (3.7 x102) (2.4 x103) (2.1 x102) 

Unknown diatom 1 2.70 x103 8.69 x103  4.15 x103 1.50 x103 

 (2.2 x102) (9.2 x103)  (4.8 x103) (1.3 x103) 

Synedra sp. 2.33 x104 7.79 x103 3.87 x102 3.46 x104 3.40 x103 

 (2.8 x104) (3.6 x103) (3.0 x104) (1.9 x104) (3.4 x103) 

Cocconeis sp. 4.97 x102  1.50 x103 7.27 x103 1.70 x103 

 (3.2 x102)  (1.8 x103) (8.8 x103) (1.5 x102) 
Mastogloia spp. 1.60 x104 1.17 x103 2.80 x103 3.97 x101 1.40 x103 
 (1.7 x103) (1.4 x103) (3.4 x103) (4.9 x101) (8.8 x102) 
Amphidinium sp. 9.99 x101  2.00 x102   
 (1.2 x102)  (2.4 x102)   
Brown turf-algae 32 10 44 33 22 
 (18) (2) (24) (33) (22) 
Cyanobacteria 4 3 2 36 12 
 (1) (1) (1) (2) (2) 
S 9 8 8 7 8 

Amphidinium sp. is a dinoflagellate, small flagellated organisms are grouped under “flagellates”, 
cyanobacteria and turf-algae are grouped separately, and all other organisms are diatoms. 
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Table D. 17. ANOVA results for analysis of differences in mean diatom abundance (cells cm-2), from 
day 0 to 28 and including the 14-day recovery. Tukes’y post hoc was used to determine which 
treatments were driving the differences where significant, and these are shown in Figure 5.7. 
 
  df SS MS F p 
Day 0 Intercept 1 9.72 x 1011 9.72 x 1011 11.384 < 0.01 
 treatment 4 3.94 x 1011 9.84x 1010 1.154 > 0.05 
 Error 10 8.54 x 1011 8.54 x 1010   
 Total 14 1.25 x 1012    
Day 7 Intercept 1 1.85 x 1011 1.85 x 1011 280.537 < 0.01 
 treatment 4 1.16 x 1010 2.89 x 109 4.371 < 0.05 
 Error 10 6.61 x 109 6.61 x 108   
 Total 14 1.82 x 1010    
Day 14 Intercept 1 1.58 x 1011 1.58 x 1011 37.51 < 0.01 
 treatment 4 3.47 x 1010 8.67x 109 2.0551 > 0.05 
 Error 10 4.22 x 1010 4.22 x 109   
 Total 14 7.69 x 1010    
Day 21 Intercept 1 2.51 x 1011 2.51 x 1011 115.17 < 0.01 
 treatment 4 3.50 x 1010 8.76 x 109 4.02 < 0.05 
 Error 10 2.18 x 1010 2.18 x 109   
 Total 14 5.68 x 1010    
Day 28 Intercept 1 4.481 x 1011 4.481 x 1011 130.24 < 0.01 
 treatment 4 1.50 x 1011 3.76 x 1010 10.93 < 0.01 
 Error 10 3.44 x 1010 3.44 x 109   
 Total 14 1.85x 1011    
       
Recovery Intercept 1 5.73 x 1011 5.731 x 1011 61.41 < 0.01 
 treatment 4 7.82 x 1010 1.96 x 1010 2.097 > 0.05 
 Error 10 9.33x 1010 9.33 x 109   
 Total 14 1.71 x 1011    
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Table D. 18. ANOVA results for analysis of differences in mean percent cover of brown turf algae, 
from day 0 to 28 and including the 14-day recovery. 
 
  df SS MS F p 
Day 0 Intercept 1 56950 56950 16.03 < 0.001 
 treatment 4 28417 7104 2.00 > 0.05 
 Error 10 35515 3552   
 Total 14 63933    
Day 7 Intercept 1 1112 1112 2.67 > 0.05 
 treatment 4 1594 398 0.956 > 0.05 
 Error 10 4166 417   
 Total 14 5760    
Day 14 Intercept 1 2704 2704 4.93 > 0.05 
 treatment 4 2543 636 1.16 > 0.05 
 Error 10 5487 549   
 Total 14 8030    
Day 21 Intercept 1 25295 25295 16.89 < 0.001 
 treatment 4 17625 4406 2.94 > 0.05 
 Error 10 14972 1497   
 Total 14 32597    
Day 28 Intercept 1 32662 32662 6.16 < 0.05 
 treatment 4 33912 8478 1.596 > 0.05 
 Error 10 53031 5303   
 Total 14 86943    
Recovery Intercept 1 15442 15442 20.37 < 0.01 
 treatment 4 2611 652.7 0.86 > 0.05 
 Error 10 6821 757.9   
 Total 14 9432    
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Table D. 19. ANOVA results for analysis of differences in mean percent cover of cyanobacteria, from 
day 0 to 28 and including the 14-day recovery. Tukes’y post hoc was used to determine which 
treatments were driving the differences where significant, and these are shown in Figure 5.9. 
 
  df SS MS F p 
Day 0 Intercept 1 431.2 431.2 42.0 < 0.001 
 treatment 4 79.02 19.8 1.925 > 0.05 
 Error 10 102.62 10.26   
 Total 14 181.62    
Day 7 Intercept 1 1251.3 1251.30 27.36 < 0.001 
 treatment 4 351.4 87.86 1.92 > 0.05 
 Error 10 457.4 45.74   
 Total 14 808.8    
Day 14 Intercept 1 344.46 344.46 44.74 < 0.001 
 treatment 4 43.78 10.94 1.42 > 0.05 
 Error 10 76.99 7.70   
 Total 14 120.77    
Day 21 Intercept 1 438.84 438.84 89.47 < 0.01 
 treatment 4 116.63 29.16 5.945 < 0.05 
 Error 10 49.05 4.90   
 Total 14     
Day 28 Intercept 1 498.48 498.48 42.73 < 0.01 
 treatment 4 202.49 50.62 4.34 < 0.05 
 Error 10 116.67 11.67   
 Total 14 319.15    
Recovery Intercept 1 1119.9 1119.9 10.03 < 0.001 
 treatment 4 847.3 211.8 1.897 > 0.05 
 Error 10 1004.9 111.7   
 Total 14 1852.2    
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Table D. 20. Average pigment content per slide per treatment on all sampling occasions (day 0 – 28, 
and including 14 days recovery) (pmol cm-2), part I. Average ± SE, n = 6. No error estimate is given if 
the pigment was only detected in one of the six replicates. Blank = not detected in that treatment. 
 

Treatment Mg-DVP Chlide a Chl c1 Chl c2 Fx Nx Vx 
Day 0 0   0.8 ± 0.3  45 ± 20 28 ± 6 169 ± 70 2.0 ± 0.3 2.6 ± 0.6 
 7   0.6 ± 0.1  31 ± 10 31 ± 9 152 ± 50 1.8 ± 0.4 2.0 ± 0.6 
 13.3   0.8 ± 0.2  43 ± 20 36 ± 15 120 ± 40 3.3 ± 0.6 3.1 ± 0.6 
 28    2.0 ± 0.5  29 ± 10 42 ± 15 146 ± 80 5.2 ± 2.8 4.6 ± 1.1 
 57.6 0.5 ± 0.1  46 ± 20  52 ± 10 295 ± 140 2.9 ± 0.3 2.3 ± 0.6 
Day 7 0   1.0 ± 0.4 11 ± 3 178 ± 60  107 ± 40 643 ± 200  4.2 ± 0.7 
 7   1.1 ± 0.5 21 ± 10 74 ± 40 29 ± 4 173 ± 50 1.7 ± 0.4 2.8 ± 0.7  
 13.3   0.9 ± 0.1 12 ± 4 78 ± 25 72 ± 20 316 ± 100 2.1 3.2 ± 0.3 
 28    1.0 ± 0.3 10 ± 3 108 ± 30 90 ± 30 425 ± 140 5.4  3.4 ± 0.6 
 57.6 2.3 ± 1 5 ± 1 45 ± 10 60 ± 15  207 ± 60 3.3 ± 0.1 2.1 ± 0.5 
Day 14 0   1.1 ± 0.1 32 ± 20 144 ± 40 85 ± 40 425 ± 150 2.6 ± 0.1 5.6 ± 1.6 
 7   0.5 ± 0.1 21 ± 7 108 ± 20 48 ± 15 340 ± 100  3.9 ± 0.4 
 13.3   0.6 ± 0.2 10 ± 5 89 ± 30 66 ± 20 244 ± 80 2.8  2.7 ± 0.6 
 28    0.9 ± 0.3 50 ± 20 123 ± 40 95 ± 35 377 ± 180 2.9  2.6 ± 0.7 
 57.6 0.5 ± 0.1 18 ± 8 51 ± 20 62 ± 20 245 ± 70 4.0 ± 0.2 2.1 ± 0.5 
Day 21 0   0.7 ± 0.1 31 ± 10 134 ± 20 83 ± 30 205 ± 80 4.0  2.9 ± 0.4 
 7   1.1 ± 0.6 115 125 ± 70 116 ± 60 582 ± 120 5.7  4.6 ± 1.2 
 13.3   0.6 ± 0.01 113 87 ± 40 67 ± 40 229 ± 70 3.6  4.3 ± 0.3 
 28    2.4 ± 0.4 36 ± 15 73 ± 20 68 ± 20 365 ± 110 5.5  2.7 ± 0.9 
 57.6 0.5 ± 0.1 43 ± 30 66 ± 30 90 ± 30 198 ± 80 2.4 ±  0.6 2.0 ± 0.3 
Day 28 0   1.1 ± 0.2 22 137 ± 40 61 ± 35 237 ± 110 2.6  2.9 ± 0.3 
 7   0.8 ± 0.2 5 292 ± 120 192 ± 60 517 ± 160  7.0 ± 2 5.8 ± 2.1 
 13.3   0.7 ± 0.2  32 ± 10 36 ± 10 171 ± 30 3.2 ± 0.9 3.0 ± 0.9 
 28    0.5 ± 0.1 67 58 ± 30 35 ± 25 163 ±  70 9.6 ± 4.9 1.6 ± 0.2 
 57.6 1.1 ± 0.2 46 ± 30 185 ± 60 211 ± 50 319 ± 200 4.7 ± 1 5.4 ± 0.9 
Recovery  0   1.1 ± 0.4 35 ± 5 146 ± 50 119 ± 35 474 ± 70 6.0 ±  2.7 6.0 ± 2.3 
 7   1.0 ± 0.3 95 ± 40 189 ± 100 253 ± 90 369 ± 180 13.9 ± 0.3 15 ± 5 
 13.3   0.6 ± 0.1 39 ± 7 115 ± 40 97 ± 30 232 ± 50 4.3 ± 1.8  3.5 ± 1.0 
 28    1.7 ± 0.8 58 ± 40 137 ± 70 179 ± 90  269 ± 120 29.5 ± 18 24 ± 12 
 57.6 2.7 ± 0.4 28 482 ± 120 292 ± 70 199 ± 50 5.8 ± 1.1 7.6 ± 2 
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Table D. 21. Average pigment content per slide per treatment on all sampling occasions (day 0 – 28, 
and including 14 days recovery) (pmol cm-2), part II. Average ± SE, n = 6. No error estimate is given 
if the pigment was only detected in one of the six replicates. Blank = not detected in that treatment. 
 
 Treat

ment Dd Da Zx Lut Chl b β-car Chl a 
Day 0 0   16 ± 5  0.9  1.3  12 ± 4 11 ± 6 287 ± 180 
 7   12 ± 4  2.4  1.4  10 ± 2 10 ± 2 347 ± 100 
 13.3   14 ± 5 2.1  1.9  1.2 ± 0.4 63 ± 50 60 ± 60 402 ± 180 
 28    9 ± 4  1.5  5.1 ± 2.2 25 ± 10 41 ± 40 419 ± 120 
 57.6 21 ± 10 2.0 ± 1 2.3   15 ± 4 17 ± 7 525 ± 280 
Day 7 0   34 ± 12 11 ± 6 3.1 ± 0.5  11 ± 4 22 ± 8 1184 ± 500 
 7   20 ± 13 5.7 ± 3.4 1.5 ± 0.3 1.8 ± 0.1 9 ± 3 11 ± 6 221 ± 120 
 13.3   19 ± 6 3.0 ± 0.1 4.1  2.1  14 ± 3 15 ± 4 463 ± 180 
 28    22 ± 7 2.9 ± 0.7 1.7   13 ± 5 25 ± 8 830 ± 330 
 57.6 16 ± 5 1.8  2.6 ± 0.5 2.4 ± 0.3 20 ± 7 13 ± 3 523 ± 110 
Day 14 0   37 ± 10 5.5 ± 3 3.1 ± 0.2 2.0 ± 0.3 20 ± 3 35 ± 9 784 ± 340 
 7   33 ± 8 2.6 ± 0.8 2.1 ± 0.4 1.9 ± 0.2 12 ± 3 17 ± 4 547 ± 230 
 13.3   29 ± 10 8.9 ± 3 2.6 ± 0.6 2.7  11 ± 2 14 ± 5 533 ± 240 
 28    40 ± 10 3.6 ± 1.2 2.6 ± 0.5 1.3 ± 0.4 16 ± 3 18 ± 7 884 ± 250 
 57.6 20 ± 3  1.4  1.8 ± 0.3 1.9 ± 0.3 13 ± 2 14 ± 4 492 ± 130 
Day 21 0   34 ± 9 5.2 ± 0.5 2.9 ± 0.3 3.5  12 ± 1 31 ± 9 719 ± 180 
 7   63 ± 20 7.0 ± 1.8 4.0 ± 0.6 2.9 ± 0.3 18 ± 5 48 ± 15 956 ± 130 
 13.3   26 ± 8 2.8  2.6  2.6  9 ± 3 18 ± 8 433 ± 130 
 28    97 ± 80 6.0 ± 2  3.3  13 ± 6 14 ± 4 487 ± 270 
 57.6 16 ± 8   2.0 ± 0.3 10 ± 2 23 ± 7 477 ± 110 
Day 28 0   33 ± 8 3.5 ± 1.3 3.6 ± 0.5 3.6  11 ± 2 30 ± 8 217 ± 100  
 7   39 ± 22 9.8 ± 2.5 3.4 ± 0.5 2.0 ± 0.6 24 ± 5 52 ± 16 620 ± 230 
 13.3   13 ± 2 1.4 ± 0.1 2.8 ± 1.1 1.9 ± 0.3 19 ± 10 11 ± 3 255 ± 90 
 28    14 ± 7   4.0 ± 1.7 34 ± 20 15 ± 6 363 ± 140 
 57.6 34 ± 10 3.3 ± 0.5 4.4 ± 0.9 2.9 ± 0.6 23 ± 8 47 ± 10 454 ± 140 
Recovery  0   51 ± 14 10.3 ± 2.9 3.3 ± 0.7 6.1 ± 3.7 22 ± 20 27 ± 7 865 ± 90 
 7   105 ± 25 13.1 ± 4.3 4.8 ± 1.8 8.2 ± 0.3 22 ± 7 48 ± 10 792 ± 150 
 13.3   38 ± 13 5.7 ± 2.1 3.1 ± 1.0 2.5 ± 0.8 18 ± 7 23 ± 6 328 ± 110 
 28    57 ± 30 8.6 ± 5.4 8.4 ± 2.8 50 ± 20 116 ± 80 30 ± 17 908 ± 590 
 57.6 35 ± 15 23.9 ± 6.4 7.4 ± 2.4 3.1 ± 0.5 21 ± 5  48 ± 10 285 ± 104 
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Table D. 22. ANOSIM post hoc pair-wise comparison of pigment ratios between treatments 
(including 14-day recovery, see Section 5.4.4 for discussion), R-statistic (p-values), α = 0.05.  
 
 Control  7 nM 13.3 nM 28 nM 

Day 0 
7 nM -0.08 (0.8)    
13.3 nM -0.06 (0.7) -0.08 (0.9)   
28 nM -0.08 (0.9) -0.11 (0.9) -0.01 (0.5)  
57.6 nM -0.04 (0.6) 0.05 (0.3) 0.08 (0.2) 0.03 (0.3) 
     
Day 7 
7 nM 0.10 (0.2)    
13.3 nM -0.01 (0.5) -0.14 (0.99)   
28 nM 0.01 (0.4) -0.07 (0.7) -0.11 (0.9)  
57.6 nM 0.16 (0.1) -0.11 (0.8) -0.08 (0.7) 0.06 (0.2) 
     
Day 14 
7 nM 0.01 (0.4)    
13.3 nM -0.15 (0.99) 0.01 (0.4)   
28 nM -0.01 (0.5) -0.11 (0.9) 0.03 (0.3)  
57.6 nM -0.08 (0.8) 0.04 (0.3) -0.01 (0.4) -0.004 (0.4) 
     
Day 21 
7 nM 0.05 (0.3)    
13.3 nM -0.01 (0.4) -0.02 (0.4)   
28 nM 0.04 (0.3) 0.03 (0.3) -0.10 (0.9)  
57.6 nM 0.06 (0.2) -0.03 (0.4) 0.10 (0.2) 0.09 (0.1) 
     
Day 28 
7 nM 0.20 (0.06)    
13.3 nM 0.07 (0.2) 0.01 (0.5)   
28 nM 0.14 (0.1) 0.33 (< 0.05) -0.02 (0.5)  
57.6 nM 0.22 (< 0.05) -0.06 (0.7) 0.11 (0.1) 0.42 (< 0.05) 
     
14 days recovery 
7 nM 0.34 (< 0.05)    
13.3 nM 0.66 (< 0.05) 0.13 (0.1)   
28 nM -0.02 (0.5) 0.19 (0.08) 0.49 (< 0.05)  
57.6 nM 0.89 (< 0.05) 0.50 (< 0.05) 0.77 (< 0.05) 0.85 (< 0.05) 
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Table D. 23. Average pigment:chl a ratio for the pigments most influential in driving significant 
pigment-profile differences, and their cumulative contribution (SIMPER analysis) between treatments 
for Day 28. 
 
  pigment: chl a ratio in treatment 
Pigment  Cumulative % control 57.6nM 
Fx 39 0.51 0.79 
chl c2 62 0.15 0.30 
chl c1 79 0.20 0.28 
chl b 86 0.02 0.03 
Dd 89 0.05 0.07 
    
  7 nM 28 nM 
chl c1 30 0.34 0.14 
chl c2 52 0.24 0.10 
Fx 74 0.60 0.46 
chl b 82 0.03 0.05 
Dd 89 0.09 0.04 
    
  28 nM 57.6 nM 
Fx 37 0.46 0.79 
chl c2 60 0.10 0.30 
chl c1 77 0.14 0.28 
chl b 84 0.05 0.03 
Dd 93 0.04 0.07 

 



Appendix D. Long term effects of diuron exposure to estuarine fouling communities 306

Table D. 24. Average pigment:chl a ratio for the pigments most influential in driving significant 
pigment-profile differences, and their cumulative contribution to such differences (SIMPER analysis) 
between treatments for the 14-day recovery. 
 
  pigment: chl a ratio in treatment 
Pigment Cumulative % control 7nM 
chl c2 27 0.13 0.38 
chl c1 53 0.18 0.41 
Fx 75 0.54 0.66 
Dd 81 0.07 0.13 
chl b 92 0.03 0.02 
  control 28 nM 
chl c2 25 0.13 0.28 
chl c1 65 0.18 0.30 
Fx 82 0.54 0.58 
Chlb 87 0.03 0.05 

Dd 91 0.07 0.08 
  control 57.6 nM 
chl c1 41 0.18 1.25 
chl c2 77 0.13 1.11 
Fx 84 0.54 0.45 
Dd 87 0.07 0.15 
Da 93 0.01 0.09 
  7 nM 57.6 nM 
chl c1 37 0.41 1.25 
chl c2 70 0.38 1.11 
Fx 82 0.66 0.45 
Dd 89 0.13 0.15 
Da 92 0.02 0.09 
  13.3 nM 28 nM 
chl c2 23 0.28 0.17 
chl c1 60 0.30 0.22 
Fx 78 0.58 0.50 
chl b 85 0.05 0.03 
Dd 90 0.08 0.05 
  13.3 nM 57.6 nM 
chl c1 39 0.30 1.25 
chl c2 71 0.28 1.11 
Fx 80 0.58 0.45 
Dd 90 0.08 0.15 
Da 93 0.02 0.09 
  28 nM 57.6 nM 
chl c1 40 0.22 1.25 
chl c2 76 0.17 1.11 
Fx 82 0.50 0.45 
Dd 86 0.05 0.15 
Da 92 0.01 0.09 
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Table D. 25. ANOVA univariate analysis for recovery of total and algal group-specific Y(II) after 14 
days in uncontaminated water. Treatments driving the significant differences were determined by a 
Tukey’s post hoc test and are shown in Figure 5.12. 
 
  df SS MS F p 
Average  Intercept 1 6.93 6.93 601.1 < 0.05 
 treatment 4 0.20 0.05 4.4 < 0.05 
 Error 35 0.403 0.01   
 Total 39 0.60    
ochrophytes/dinoflagellates Intercept 1 7.28 7.28 693.5 < 0.05 
 treatment 4 0.18 0.04 4.2 < 0.05 
 Error 35 0.37 0.01   
 Total 39 0.55    
cyanobacteria  Intercept 1 5.40 5.40 239.6 < 0.05 
 treatment 4 0.35 0.09 3.9 < 0.05 
 Error 35 0.79 0.02   
 Total 39 1.14    
 
 
 
 
 
Table D. 26. Univariate ANOVA results for differences in mean inhibition of Y(II) between all 
treatments per sampling day. Dunnetts post hoc t-test was used to determine significant differences 
from control for each day, post hoc results are listed in Table 5.6 as LOEC Y(II). 
 
Sampling day Effect df SS MS F p 
Day 0 Intercept 1 17105 17105 307.9 < 0.01 
 treatment 4 7762 1941 34.9 < 0.01 
 Error 22 1222 55.5   
 Total 26 8984    
Day 7 Intercept 1 26396 26396 306.8 < 0.01 
 treatment 4 13504 3376 39.2 < 0.01 
 Error 44 3785 86.0   
 Total 48 17290    
Day 14 Intercept 1 19323 19323 222.7 < 0.01 
 treatment 4 10628 2657 30.6 < 0.01 
 Error 42 3645 86.8   
 Total 46 14272    
Day 21 Intercept 1 18712 18712 276.0 < 0.01 
 treatment 4 7360 1841 27.1 < 0.01 
 Error 47 3186 68   
 Total 51 10546    
Day 28 Intercept 1 10136 10136 111.7 < 0.01 
 treatment 4 2942 735 8.1 < 0.01 
 Error 45 4084 90.8   
 Total 49 7025    
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Table D. 27. ANOVA results for comparison of mean inhibition of Y(II) between sampling days (i.e. 
exposure time) in each diuron treatment separately (for example; comparison of mean inhibition of 
Y(II) in 7.0 nM treatments on day 0, 7, etc.). Sampling-days responsible for significant differences 
were determined using Tukeys post hoc test, and are listed in Table 5.6 (as LOEC PICT before 14-d 
recovery). 
 
Treatment Effect df SS MS F p 
7 nM Intercept 1 15563 15564 109.9 < 0.05 
 treatment 4 624 157 1.1 0.369 
 Error 39 5524 142   
 Total 43 6148    
13.3 nM Intercept 1 16283 16284 284.6 < 0.01 
 treatment 4 564 141 2.5 0.058 
 Error 43 2460 57   
 Total 47 3025    
28 nM Intercept 1 24818 24818 359.8 < 0.01 
 treatment 4 1061 265 3.8 < 0.05 
 Error 40 2759 69   
 Total 44 3820    
57.6 nM Intercept 1 73541 73541 916.1 < 0.01 
 treatment 4 9498 2374 29.6 < 0.01 
 Error 41 3291 80   
 Total 45 12789    

 
 
 
 Table D. 28. Tukeys post hoc results for determination of sampling-days responsible for differences 
in mean inhibition of Y(II) where ANOVA indicated significance. 
 
   Homogenous groups 
Treatment Sampling day % inhibition 1 2 3 
28 nM 28 19.7 ****   
 14 19.8 ****   
 21 21.1 ****   
 7 25.2 **** ****  
 0 34.4  ****  
57.6 nM 28 14.1   **** 
 21 39.0  ****  
 14 45.1 **** ****  
 7 50.7 ****   
 0 55.2 ****   
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1) Magnusson, M., Heimann, K., and Negri, A. 2008. Comparative effects of herbicides 

on photosynthesis and growth of tropical marine microalgae. Marine Pollution 
Bulletin, 56:1545-1552. 
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