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1. PROJECT INTRODUCTION 

1.1 Acid Sulfate Soils 

Acid sulfate soils (ASS) are soils and sediments containing significant quantities of acid generating 

Fe sulfides.  When exposed to air (either as a result of human modification e.g. drainage, or by 

natural processes such as sea level changes), ASS oxidise to produce sulfuric acid and often release 

environmentally significant quantities of Fe, Al, other metals (such as the ‘heavy’ metals, e.g. Co, 

Cu, Cr, Ni, Pb, Zn) and metalloids (e.g. As).  These oxidation products can cause significant 

damage to the environment and engineered structures.  Furthermore, ASS are extremely expensive 

and difficult to rehabilitate once oxidised.   

 

ASS have historically been the bane of coastal lowland farmers and are traditionally known as cat 

clay soils (Soil Survey Staff, 1999), gifterde, or maibolt (Fanning, 2002).  However, modern interest in 

the development of coastal areas (for commercial and industrial purposes in addition to traditional 

agricultural activities) has made ASS a major issue to governments, developers and the larger 

community.  This concern stems from the need to carefully assess, plan and manage development 

of ASS areas so that serious environmental consequences can be avoided. 

 

A major problem with ASS is that they are extremely difficult to rehabilitate once the oxidation 

process has started.  Common methods of dealing with oxidising/oxidised ASS include treatment 

with an acid neutralising agent (such as lime) or construction of an impermeable cover (e.g. 

compacted soil) over the oxidising/oxidised soil to slow oxygen ingress and prevent further 

oxidation.  Both of these methods can be extremely expensive and, considering that ASS 

commonly occur in estuarine environments, very difficult to implement.  A novel remedial method 

that overcomes both of these problems is being trialled at East Trinity (opposite Cairns City on 

Trinity Inlet, Far North Queensland, Australia).  The method is referred to as ‘tidal exchange’ and 

has the potential to be a widely applicable and cost effective technique for returning disturbed ASS 

to a near pristine state.  Tidal exchange is the controlled inundation of oxidised ASS with seawater.  

It works by using the buffering capacity of seawater to neutralise existing acidity in oxidised ASS, 

while at the same time covering the soil with water (to a consistent level) to slow or prevent further 

oxidation.   

 

To be able to completely appreciate the importance of ASS and their geochemistry, it is useful to 

first identify their relevance to natural and human systems.  The following sections briefly examine 

ASS composition, classification, distribution, problems, formation, oxidation and the behaviour of 

metals and metalloids associated with them.  
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An acid sulfate soil is any soil that is able to produce, or has produced, sulfuric acid in amounts that 

have a lasting effect on soil properties (Fanning, 2002).  The main source of acidity and hence the 

root of the problems associated with this type of soil, is the oxidation of Fe sulfides (e.g. pyrite).  As 

long as sulfides remain in reduced conditions (such as below the water table), they pose few, if any, 

problems.  It is only when exposed to oxygen either by natural processes, such as in periods of 

prolonged drought, or man made causes (e.g. draining, dredging, or excavation), that problems 

potentially occur (White et al., 1997).  Natural oxidation does occur, either on a small scale such as 

during the diurnal cycle, or as a result of tidal fluctuations or seasonal changes in the water table 

(Morse, 1994b), or on larger scales over longer periods such as with changes in sea level.  When 

natural oxidation does occur, it rarely proceeds at rates that generate enough acidity to cause 

problems.  Exceptions to this include mass exposure events due to processes involving isostatic 

uplift, such as in western Finland (Åström and Björklund, 1995); or seismic events that either 

directly elevate areas, or cause a significant drop in the groundwater table.  Yet, the main cause of 

ASS disturbance has been human development, which invariably involves the alteration of natural 

systems.  Historically, attempts were made to farm ASS (with little success), but more recently it has 

been the community’s predilection for coastal residencies and tourist facilities that has driven the 

large scale development of these lands.   

 

1.1.1 Description and Classification 

A general definition provided by Rabenhorst and Fanning (2002) identifies ASS as any soil that is, 

or has the potential to become, extremely acidic due to the oxidation of naturally occurring reduced 

sulfur compounds.  This definition is particularly useful because it identifies:  

1) sulfur compounds as being the source of potential acidity; these compounds and their 

associated soil substances are collectively referred to as sulfidic material and constitute the 

fundamental unit of all ASS; and 

2) the process that actually generates acidity, the oxidation of sulfidic material.  Sulfidic material 

oxidation is generally initiated by exposure to atmospheric O and manifests as a zone starting 

from the top of the sulfidic material down to where the soil returns to reducing conditions.   

The sulfuric horizon delineates the exposed and the unexposed sulfidic material, in effect the 

redox boundary. 

 

Both sulfidic material and the sulfuric horizon are defined by the USDA Soil Taxonomy system 

(Soil Survey Staff, 1999) and illustrate the basic soil properties of ASS.   

 

1.1.1.1 Sulfidic Material and Sulfuric Horizons 

The USDA Soil Taxonomy system (Soil Survey Staff, 1999) defines sulfidic material as follows: 
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“Sulfidic materials contain oxidisable sulfur compounds.  They are mineral or organic soil materials 

that have a pH value of more than 3.5 and that, if incubated as a layer 1 cm thick under moist 

aerobic conditions (field capacity) at room temperature, show a drop in pH of 0.5 or more units to 

a pH value of 4.0 or less (1:1 by weight in water or in a minimum of water to permit measurement) 

within 8 weeks.” 

 

The sulfuric horizon is defined as (Soil Survey Staff, 1999): 

 

“The sulfuric (L. sulfur) horizon is 15 cm or more thick and is composed of either mineral or 

organic material that has a pH value of 3.5 or less (1:1 by weight in water or in a minimum 

of water to permit measurement) and evidence that the low pH is caused by sulfuric acid.  

The evidence is one or more of the following:  

1) Jarosite concentrations; 

2) Directly underlying sulfidic materials; or  

3) 0.05 percent or more water-soluble sulfate.” 

 

Both of these descriptions are central to the understanding of ASS, as sulfidic material describes 

soil matter that has the potential to generate acidity, but has not yet begun to oxidise and the 

sulfuric horizon marks the oxidation of sulfidic material in profile.     

 

1.1.1.2 Actual and Potential ASS 

Using the definitions of sulfidic material and sulfuric horizon in the USDA Soil Taxonomy system 

(Soil Survey Staff, 1999), two very broad ASS types can be envisaged: 

• Potential Acid Sulfate Soils (PASS) which consist of significant quantities of sulfidic material 

that are capable of generating considerable acidity, but are not currently generating acidity; and 

• Actual Acid Sulfate Soils (AASS) which consist of partly or wholly oxidised (marked by 

sulfuric horizon) sulfidic material that is currently generating significant amounts of acidity. 

 

Expansion of the above soil definitions to encompass typical field occurrences further illuminates 

their nature.  PASS include in situ non-oxidised and therefore non-acidic soils, sediments and peats 

with significant amounts of oxidisable Fe sulfides (Dear et al., 2002).  These are ASS that contain 

acid generating potential, but have not yet been allowed to oxidise.  Consequently, their pH is 

usually near neutral, even though they have the potential to become strongly acidic and produce 

metal-rich fluids (Rabenhorst et al., 2002).  By contrast, AASS range from partially oxidised soils, 

sediments and peats with variable ratios of existing acidity and unoxidised Fe sulfides through to 

completely oxidised (no remnant sulfides) soils, sediments and peats with significant existing acidity  

(Dear et al., 2002).  Either they once contained pyrite or they may still contain some, but they have 
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been exposed to the atmosphere by drainage or disturbance so that the pyrite (or Fe sulfides) has 

oxidised to form sulfuric acid, thereby decreasing the pH to less than 3.5 (Rabenhorst et al., 2002).   

  

Differentiating between potential and actual ASS is of practical importance because it defines how 

the soils are to be managed.  The relationship between these two soil types is often only a matter of 

depth, as AASS is often underlain by PASS, with the delineation marked by the sulfuric horizon.  

This relationship is demonstrated by Åström (1998), who during a study on ASS in western Finland 

found two soil zones delineated by the water table.  The upper actual ASS (above the ground water 

table) was described as orange-brown with vertical cracks and abundant roots.  The deeper PASS 

was described as dark grey to black (as a result of dispersed fine grained amorphous and poorly 

crystalline Fe mono-sulfides) with a smell of hydrogen sulfide.   

 

1.1.2 Distribution 

World ASS distribution is estimated at between 1.2 and 1.5 x 107 ha (Rabenhorst et al., 2002), while 

an earlier assessment made in Pons et al. (1982) estimated their distribution in the order of 1.5 x 105 

ha.  The vast discrepancy between the two estimates is indicative of the increased interest in ASS, 

refinement of classification systems and more detailed, wider ranging investigations. 

 

These soils are found most often in low-lying coastal areas across the globe.  The reason for this is 

that ASS formation requires SO4, Fe and a reducing environment.  These formation requirements 

explain why Powell and Martens (2005) identify ASS as being intimately associated with coastal 

wetlands.  This relationship was previously identified by Dear et al. (2002) who report that ASS are 

most commonly encountered in low-lying coastal areas, predominantly below 5 m Australian 

Height Datum (AHD).  The relationship also explains why ASS are commonly reported in 

association with aquacultural/saturated soil farming activities, e.g. rice paddies (Lowson, 1982).   

 

The association of ASS with coastal environments is further developed in an Australian context by 

White et al. (1997), who identify common ASS environments as being: 

1) sediments of coastal lowlands and estuary floodplains of Holocene age (< 10,000 y old); 

2) estuarine sediments, whose surface elevation is less than 10 m AHD; 

3) bottom sediments of estuaries and tidal lakes; and 

4) deeper than 10 m below AHD in Pleistocene estuarine sediments. 

 

These environment characteristics can be used to identify potential ASS locations worldwide. 

 

Australian ASS coverage has been estimated at 4 million ha with most of these soils occurring as 

part of coastal estuaries and flood plains occupied by a large part of Australia’s population 
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(Fitzpatrick et al., 2002).  Of this, the worst state affected is Queensland, with an estimated 2.3 

million ha of ASS (Powell and Ahern, 1999; Powell, 1998).  New South Wales also has significant 

occurrences of ASS that have been estimated by White et al. (1997) at between 0.4 and 0.6 million 

ha.  

 

1.1.3 Problems 

The majority of the problems posed by ASS are due to the oxidation of pyrite to sulfuric acid 

(Lowson, 1982).  As acid is generated, many metals and metalloids become mobile and may be 

found as free ions or complexes, potentially moving out of the soils and into the wider 

environment.   

 

This process is not unique to ASS.  The same chemical mechanism is responsible for the 

production of Acid Mine Drainage (AMD, also called Acid Rock Drainage, ARD) from Fe sulfide-

rich ore deposits, which result in similarly polluted waters (i.e. both acidic and metal-rich, especially 

in Fe and Al) (Nordstrom and Alpers, 1999; Lowson, 1982).  The similar nature of these waters 

lead Bigham et al. (1996a) to collectively refer to them as Acid Sulfate Waters (ASW).  Both the 

acidity and dissolved elemental load have been shown to contribute to the toxicity of ASW (Gray 

and O’Neill, 1997).  Åström (2001b) emphasises the importance of the metals and metalloids 

carried by ASW, over acidity, as being of greater environmental concern. 

 

The timeframe in which these polluted waters leach is also significant, with White et al. (1997) 

suggesting that some ASS could produce acidity for up to a thousand years.  The polluted waters 

rarely remain on-site and it is their migration that leads to widespread downstream impacts.  Factors 

that influence the dispersion and environmental impact of these acid and metal-rich waters include 

the extent of metal-sulfide oxidation, acid-buffering properties of the sediment/soil material and 

the amounts of easily mobilised chemical elements (Åström, 1998).  When such conditions are 

favourable for generation of polluted leachate, the impacts can be devastating, as demonstrated by 

an event in 1987 when a 23 km stretch of the Tweed River in 1987 suffered extensive fish kills due 

to AASS discharge from drained cane land (Green, 1993; Easton, 1989).  The problems and 

impacts associated with the Tweed River event, as well as numerous others, are discussed below. 

 

1.1.3.1 Vegetation and Agriculture 

The ASS problems that are associated with vegetation vary in nature.  Aluminium is mobilised 

under acid conditions and exchangeable Al3+ is identified as the principal hazard to vegetation.  

Aluminium can be toxic in concentrations as low as 0.04 - 0.08 mol�m-3 (1 - 2 ppm), although there 

is great variation in tolerance from one species to another and within species (Dent, 1986).  

Dissolved Fe concentration in excess of 9 mol�m-3 is toxic to rice (Nhung and Ponnamperuma, 
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1966), but different varieties show a wide range of tolerance (Dent, 1986).  Hydrogen sulfide can 

cause problems in flooded soils.  Hydrogen sulfide concentrations as low as 1 x 10-6 - 2 x 10-6 

mol�m-3 have been found to impair root function (Dent, 1986).  Hydrogen sulfide toxicity is 

normally associated with soils rich in organic matter, low in Fe and with moderate pHs.  This is 

because bacteria use the organic matter to reduce sulfate to sulfide, which then reacts with available 

Fe to form metal (most commonly Fe) sulfide compounds.  When available Fe is sparse, hydrogen 

sulfide may persist in toxic concentrations.  Furthermore, the bacteria that mediate SO4 reduction 

are inhibited at low pH values, so H2S toxicity normally only develops in soil with a pH greater than 

5 (Dent, 1986).  Carbon dioxide (CO2) in pressures greater than 15 kPa can retard root 

development leading to problems with water and nutrient uptake (Dent, 1986).  Carbon dioxide is 

generated by the decomposition of organic matter and in flooded soils may reach partial pressures 

of 80 kPa before rapidly dropping due to escape and microbiological conversion to CH4.  Organic 

acids are products of organic matter decomposition and in low pH conditions can persist in their 

toxic undissociated form (Tanaka and Navasero, 1967). 

 

ASS are often important as croplands, especially in South East Asia and Australia.  In Australia, 

ASS are drained for dairy, sugar and tea-tree production (Powell, 1998).  Crop related problems 

include: 

• severe stunting and/or death of non-acid/metal tolerant vegetation (Ahern et al., 1998); 

• poor root development in acid sulfate horizons that often leads to exacerbate water stressing 

(Dent, 1986); and 

• reduced nutrient availability due to: 

o low pH and high metal concentrations preventing many micro-organisms from 

releasing nutrients from soil organic matter, leading to deficiency in nitrate and 

phosphate (Dent, 1986); and 

o leaching of bases, absence of weatherable minerals and saturation of exchange 

complexes with Al (Dent, 1986).   

 

On ASS, water crops are preferable (e.g. rice in paddies) as acidity often inhibits plant growth 

(Danh and Tuong, 1993), but flooding can cause its own problems.  These include the release of 

toxic concentrations of Fe2+, H2S, CO2 and organic acids (Dent, 1986).  Dry land crops on ASS are 

often affected by severe acidity, increased soluble Al, decreased availability of PO4 (as a result of 

Fe- and Al- PO4 interactions), low base and nutrient status and salinity (Dent, 1986). 

 

1.1.3.2 Marine Life and Aquaculture 

Numerous authors report fish and other marine life death or illness because of potentially toxic 

elements and acidity from disturbed ASS (Joukainen and Yli-Halla, 2003; Heath et al., 2002; 
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Melville and White, 2002; Russell and Helmke, 2002; Ahern et al., 1998; Åström and Björklund, 

1997; Virgona, 1992).  The metal-rich acidic fluids released are particularly destructive as ASS are 

often part of estuarine systems.  Estuarine systems are frequently regions of high biodiversity and 

productivity.  Furthermore, impacts are not limited to natural marine systems, as Hicks et al. (1999) 

identify that millions of dollars of oysters, prawns and fish have been destroyed, nursery areas have 

been decimated and land degraded by poor ASS management.   

 

Impacts on aquatic organisms (and their causes) are numerous.  Kroon (2005) demonstrated 

experimentally that three commercial fish species and a prawn species actively avoid acid sulfate 

waters.  Low pH waters can damage gill tissue, causing fish to drown in otherwise O-rich waters 

(Wendelaar Bonga and van Dederen, 1986).  Acidic waters can also cause a loss of body salts 

equilibrium.  This is a major cause of death to organisms exposed to acute acidification (Wendelaar 

Bonga and van Dederen, 1986).  Low pH causes fish skin to be more susceptible to infection 

(Wendelaar Bonga and van Dederen, 1986) by organisms such as Aphanomyces invadans, leading to 

epizootic ulcerative syndrome or EUS (Melville and White, 2002; Ahern et al., 1998).  EUS (also 

called red spot disease) affects both free-swimming and aquacultural fish and can have a major 

impact on recreational and commercial fisheries (Hicks et al., 1999).  Mobilised metals can be toxic 

to fish. For example, copper is very toxic to some fish (Lowson, 1982) and chronically high copper 

concentrations can significantly impact on fisheries.  Such a situation was found by Åström and 

Björklund (1995) in streams of coastal western Finland with high metal concentrations and low pH 

that resulted in deterioration of spawning grounds and occasional sudden fish death.  Reduction in 

dissolved oxygen in waters by the oxidation of Fe2+ in stream waters may lead to asphyxiation of 

aquatic organisms (Sammut et al., 1995).  However, work by Lin et al. (2004) found that O 

depletion in ASS waters was more likely to be due to rapid oxidation of organic matter rather than 

Fe2+ oxidation.  White et al. (1997) reports that Fe2+ liberated by the oxidation of pyrite is soluble 

and can be transported into streams at considerable distances away from the pyrite sources (Tin and 

Wilander, 1995).  In streams, oxidation of ferrous Fe can produce characteristic red-brown flocs of 

ferric oxyhydroxides and “acid at a distance” from the source.  These Fe flocs also cause 

environmental damage in estuaries by smothering benthos (Sammut et al., 1995) and are 

characteristic indications of upstream sulfide oxidation.   

 

Many of these impacts are only apparent when dry areas of AASS are flushed, as during heavy rain 

events.  Wilson et al. (1999) found that discharge of polluted waters from drained ASS was not 

dependent on the size of a rainfall event.  Instead, what was important was the position of the 

watertable (and therefore the available pore space) and the store of polluted water in drains.  Wilson 

et al. (1999) suggest that these two factors are important in the prediction of potential fish kill 

events. 
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1.1.3.3 Loss of Habitat 

On disturbed ASS, habitat loss can occur through selection of acid and salt tolerant species, 

reducing highly biodiverse and productive coast estuarine systems to near monocultures  (e.g. 

melaleuca forests; Johnston et al., 2003).  This often leads to a significant reduction in the 

biodiversity of the area, in addition to major changes in the erosion and sedimentation regime 

(Dent and Pons, 1993; Dent, 1986). 

 

1.1.3.4 Social and Economic 

Social and economic impacts related to ASS are varied.  They range from impoverishment and 

probable poisoning of populations by ASS contaminated water for generations (Hicks et al., 1999; 

Dent and Pons, 1993), to less core concerns associated with ASS habitat loss (loss of aesthetic 

value, mangroves and salt marshes are often areas of scenic value), or loss of amenity (ASS areas are 

often used for recreational activities such as fishing and boating; Dent, 1986).  Melville and White 

(2002) also report an increase in acidophilic mosquitoes due to the removal of natural predators 

(fish), suggesting inflated mosquito populations and higher incidence of insect borne diseases.  

Other specific economic impacts of disturbed ASS include: 

• costs of repairing/replacing damaged existing coastal development and infrastructure (Hicks et 

al., 1999); 

• ASS remediation of development projects (Hicks et al., 1999); 

• stifling of new development projects due to the cost of ASS management;   

• direct impact on tourism industry through loss of habitat and reduced water quality (Dent, 

1993; and Hicks et al., 1999).  An example of how ASS can compromise water quality is 

provided by Watkinson et al. (2000) and Dennison et al. (1997) who linked coastal blooms of 

cyanobacterium (Lyngbya majascula) with Fe-rich water discharges from ASS; and 

• reduced fisheries due to poor water quality and damage to fish nursery habitats. 

 

1.1.3.5 Buildings and Infrastructure 

Unripe (i.e. lacking soil structures) ASS generally have low bearing capacity (Andriesse, 1993), 

which makes them very difficult to build on (Melville and White, 2002) and almost impossible to 

travel across with conventional vehicles.  Additional construction costs are incurred when building 

on ASS as foundations must be designed to deal with subsidence and large buildings need to be 

supported by deep piles driven into underlying consolidated layers (Dent, 1986). 

 

Pipes, pylons, piles and other structures are at risk as a result of cement/concrete structures and 

metal fittings (mild steel, galvanised steel and most Al alloys) being chemically attacked by the 

acidity and dissolved salts of ASS waters (Melville and White, 2002; Ahern et al., 1998; Dent, 1986). 



 

 9

Equation 1.1 shows the dissolution of metallic Al by acidic fluids. 

( ) ( ) ( ) ( ) ( )g2aq342aq42
o
s H3SOAlSOH3Al2 +⇒+      Eq. 1.1 

Concrete is attacked directly by acidity and by soluble SO4 (Dent, 1986) as follows: Ca(OH)2 in the 

concrete is transformed to gypsum (CaSO4⋅2H2O) with a corresponding increase in volume 

(Equation 1.2), the gypsum then reacts with tricalcium aluminate (3CaO⋅Al2O3) to form ettringite 

(Ca6Al2(SO4)3(OH)12⋅26H2O; Equation 1.3), again with a significant increase in volume.  With each 

increase in volume, the cement is weakened. 

( ) ( ) ( ) ( )
Gypsum

s24

2

aq4s2 O2HCaSOH2SOOHCa ⋅⇒++ +−     Eq. 1.2 

( ) ( ) ( ) ( ) ( ) ( )
++⋅⇒++⋅ HOHSOOHOH 6OH26AlCa30OAlCaO2HCaSO 3

Ettringite

s2123426

AluminateTricalcium

2s6323s
Gypsum

24

   Eq. 1.3 

Corrosion can be limited by using resistant materials (SO4 resistant cement, stainless steel, sacrificial 

electrodes and hardwood) (Dent, 1986), but these and other mitigation technologies are generally 

considerably more expensive than standard methods (Melville and White, 2002).  Additionally, the 

harsh environment generally demands increased maintenance and early replacement of 

infrastructure, which further increase the costs of development on ASS  (Hicks et al., 1999; Melville 

and White, 2002).  Finally, there is the potential requirement of rehabilitation of disturbed ASS to 

improve water quality and ameliorate impacts (Hicks et al., 1999).  Given the problems associated 

with developing ASS, the generally preferred management technique is avoidance of development 

wherever possible (White et al., 1997; Dear et al., 2002; Melville and White, 2002). 

 

1.1.4 Formation 

ASS most commonly occur in Holocene marine sediments of estuaries and low-lying coastal areas 

as their formation is a combination of factors common in these environments, namely a low energy 

sedimentary system with available SO4, oxidisable C and reactive Fe.  As noted earlier, the 

fundamental characteristic of ASS is their ability to generate substantial quantities of acid from the 

oxidation of Fe sulfides.  Pyrite is the dominant acid producing mineral, but a whole suite of Fe 

sulfide materials (including mono- and poly-sulfides) and even elemental sulfur, can generate acidity 

(Rabenhorst and Fanning, 2002).   

 

Understanding the genesis of ASS is principally a matter of comprehending: 

1) the formation of sulfide (a process called sulfidisation); 

2) the formation of sulfide minerals, particularly pyrite, in coastal sedimentary environments; 

and 

3) the physical and temporal environments in which the two processes above occur.  
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1.1.4.1 Sulfidisation 

Sulfidisation is the chemical process of converting oxidised forms of sulfur (e.g. in SO42- = S6+ + 4 

O2-) to reduced forms (e.g. hydrogen sulfide: H2S = 2 H+ + S2-).  The process is fundamental to 

ASS because it generates the sulfide that constitutes the sulfidic material of PASS. 

 

The overall process of sulfidisation is shown in Equation 1.4 (Rabenhorst et al., 2002). 

OH4SHe8H10SO 2
SulfideHydrogen

2
Sulfate

2
4 +⇒++ −+−       Eq. 1.4 

It involves the complete reduction of SO4 to sulfide (Equation 1.5). 

SulfideIn 

2

SulfateIn

6 Se8S −−+ ⇒+         Eq. 1.5 

Other less common forms of oxidised sulfur may also be reduced to sulfide (e.g. sulfite (SO32-) 

Equation 1.6 and thiosulfate (S2O32-) Equation 1.7). 

OH3SHe6H8SO 2
SulfideHydrogen

2
Sulfite

2
3 +⇒++ −+−      Eq. 1.6 

OH3SH2e8H10OS 2
SulfideHydrogen
2

eThiosulfat

2
32 +⇒++ −+−      Eq. 1.7 

Typically, sulfidisation occurs in saturated soil or sedimentary environments where, in lieu of 

oxygen, specific heterotrophic bacteria use SO4 as an electron acceptor during the oxidation of 

organic carbon.  Actual examples of environments in which sulfidisation has reportedly occurred 

include ocean sediments (Goldhaber and Kaplan, 1975), tropical mangrove forests (Brinkman et al., 

1993), salt marshes (Howarth, 1979) and peat lands (Wieder et al., 1990), as well as in lakes and 

other reduced bottom sediments (Craw and Chappell, 1989; Berner, 1984; Howarth, 1979). 

 

The four common factors of these environments that are required for sulfidisation are: 1) available 

SO4; 2) plentiful oxidisable carbon; 3) reducing conditions; and 4) SO4 Reducing Bacteria (SRB) 

(Rabenhorst et al., 2002).  The absence of any one of these has the potential to restrict or halt the 

process.    

 

1.1.4.2 Sulfide Minerals 

Though a variety of sulfide minerals form in reduced tidal/marine sedimentary environments, the 

most important group (due to their prevalence and acid generating potential) are the Fe sulfides, the 

most common member of which is pyrite (Luther et al., 1982).  This section covers the formation 

of sulfide minerals in coastal sedimentary environments, with a focus on Fe sulfides and especially 

pyrite. 
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The three main Fe sulfides in marine sediments (Goldhaber and Kaplan, 1975) that are relevant to 

ASS are: 

• mackinawite (tetragonal FeS0.94);  

• greigite (cubic FeS1.34 or Fe3S4) known to be ferromagnetic (Skinner et al., 1964); and 

• pyrite (cubic FeS2). 

 

Pyrite is the most common reduced sulfur compound (Garrels and Perry, 1974) and the most 

abundant sulfide mineral occurring in ASS, often at concentration of 1 - 5 wt.% (van Breemen, 

1988).  Other authigenic sulfide minerals may occur or be present in low concentrations (Luther et 

al., 1982).  Marcasite (orthorhombic FeS2) and pyrrhotite (Fe1-xS) are rarely reported in recent 

marine sediments (van Breemen, 1988). 

 

Pyrite occurs as pale brassy yellow crystals or black when fine grained (Deer et al., 1992) and is the 

major end product of sulfur diagenesis in sulfur-rich environments such as reducing marine 

sediments (Goldhaber and Kaplan, 1975).   In these conditions, pyrite and pyrrhotite are 

thermodynamically stable phases, but pyrrhotite is a rare authigenic mineral in sedimentary rocks 

(Goldhaber and Kaplan, 1975).  The thermodynamic stability of pyrite means that mackinawite and 

greigite are replaced by pyrite during and soon after deposition.  This process explains the 

frequently seen continuous decrease in the concentration of mackinawite and greigite (the minerals 

are sometime called acid volatile sulfides, or AVS) and increase in pyrite concentration with depth 

in sediments (e.g. Lin and Morse, 1991; Cronan, 1974; Goldhaber and Kaplan, 1974; Berner, 1970).   

 

The rate of pyrite formation in natural systems has been shown to be very rapid.  For example, 

Luther et al. (1982) used 35S tracers in marshes to demonstrate that SO4 can be reduced and 

incorporated into pyrite in significant amounts within a period of a day or less.  This suggests that 

the dominant pyritisation process is rapid. 

 

The coprecipitation of metals with pyrite is well known, but has been difficult to quantify in 

sediments. Work by Morse (1994b) identified that the coprecipitation of As, Cr, Hg and Mo with 

pyrite is an important process in anoxic sediments.    

 

Goldhaber and Kaplan (1975) identify that base and transition metal sulfides have exceedingly low 

solubility products and such sulfides might be expected to form during early diagenesis.  However, 

with the exception of Fe, these metals are present in only trace amounts in normal marine 

sediments.  Though metal sulfides other than those of Fe are difficult to identify in marine 

sediments (e.g. Luther et al., 1980), they have been shown to form experimentally from metal and 

sulfide-rich solutions.  For example, Miller (1950) conducted experiments, whereby metal sulfides 
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were formed from metal and SO4-rich solutions by the SO4 reducing bacteria Desulfovibrio 

desulfuricans.  Sulfides of Bi, Cd, Co, Fe, Ni, Pb, Sb and Zn were formed.  Yet, the experiments failed 

to generate copper sulfide from a solution of CuCO3�Cu(OH)2.  Furthermore, the experiments 

identified an important relationship between metal availability and bacterial growth: where the H2S 

was produced and precipitated as an insoluble sulfide, the total amount of sulfide formed was larger 

than in the control experiments.  Based on these experiments, Miller (1950) suggested that high 

concentrations of H2S sulfide (non-metal precipitated sulfide) may limit the growth of SRB bacteria, 

identifying that metal sulfide precipitation was an important sulfide removal mechanism. 

 

An important factor when considering trace element precipitation is the effect of complexation.  

Morse et al. (1987) found that As, Cd, Co, Cu, Hg, Ni and Sb were all frequently associated with the 

sulfide fraction of suspended matter and sediments in anaerobic environments.  From calculations 

of equilibrium concentrations of many trace metal sulfides, the concentration of the trace metals 

were found to be very low.  However, when actual measurements of dissolved metals in anoxic 

pore waters were made, the observed concentrations were several orders of magnitude higher than 

those predicted.  Morse et al. (1987) report that considerable controversy has persisted over the 

relative importance of sulfide type complexes versus organic matter in maintaining trace metals at 

their relatively high concentrations.  The final opinion provided by Morse et al. (1987) was that, 

based on a review of the literature, the relative importance of organic complexes may vary 

substantially at different locations, but that in general polysulfide complexes are probably the major 

reason for the observed elevated concentrations. 

 

Finally, Casas and Crecelius (1994) studied the role of AVS in controlling the bioavailability and 

toxicity of Zn, Pb and Cu in marine sediments and found that these metals were scavenged by AVS 

(into solid phases of lower solubility than Fe monosulfides) and that the AVS limited metal 

concentration up to saturation.  Their bioavailability experiments suggest that, in reducing marine 

sedimentary environments, metal sulfide formation is common and is critical to determining the 

availability of some metals.   

  

1.1.4.3 Formation Environments 

Graham and Larsen (2000) identify that ASS are in essence a coastal phenomenon, occurring as 

former estuarine sediments which are now buried at shallow depth beneath coastal plans, or 

bottom sediments in modern estuaries.  The association of ASS with coastal systems is partly 

explained by requirements of the chemical processes discussed above as they provide the raw 

products (SO4 from seawater, Fe from terrestrial sediments and oxidisable carbon from the highly 

productive coastal ecosystems) and the appropriate depositional environment.  It is therefore 

inevitable that these soils are commonly parts of environments such as mangroves in the tropics 
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(Brinkman et al., 1993; Lin and Melville, 1993), salt marshes in temperate regions (Howarth and 

Giblin, 1983) and peat lands (Wieder et al., 1990).   

 

The soils themselves range from organic-rich peats all the way through sulfidic clays to sands, with 

the critical component always being the presence of Fe sulfides.  The quantity of sulfides formed is 

dependent on the availability of Fe, the amount of organic detritus, the sediment temperature and 

the supply of SO4.  It has been reported that ASS may contain up to 20 to 30 g kg-1 of pyrite sulfur 

with pyritic sulfur accumulation rates as high as 7 g m-2 yr-1 (Hussein and Rabenhorst, 1999).  White 

et al. (1997) state that in eastern Australia, the tidal range is about 2 m and coastal rivers tend to 

have small catchments and low outflows.  Estuarine embayments are therefore prime sites for 

sulfide deposits. 

 

Coastal systems are defined by sea level, which is itself a product of global climatic conditions.  Sea 

level during the Holocene has been of particular relevance to the formation of ASS as ASS 

formation is intimately related to marine transgression.  Sea levels rapidly rose after the last glacial 

maximum of 30,000 - 19,000 years BP (Lambeck et al., 2002) from approximately 130 m below 

current levels (global mean) to near current levels at the start of the Holocene (10,000 years BP) 

(Thom and Chappell, 1975).  Conditions for ASS formation became favourable in the early 

Holocene (9,000 - 8,000 years BP) when the rate of transgression slowed, allowing for the growth 

of coastal woodlands and the development of lagoons and peat swamps (Thom and Chappell, 

1975) and causing the filling of coastal embayments and estuaries (White et al., 1997; Chappell and 

Thom, 1986).  The transgression ended at roughly current sea levels 6,500 - 6,000 years BP (Thom 

and Roy, 1985; Thom and Chappell, 1975) and since then sea levels have remained fairly stable.  

The Australian land surface has been tectonically stable (White et al., 1997) and sediment 

accumulation has not been large to present time (Lin and Melville, 1993).  These circumstances 

have preserved the previously generated ASS under a reducing environment, but have not 

facilitated further ASS formation.   

 

Iron sulfide-rich Holocene sediments are known to be widespread throughout coastal lowlands in 

eastern and northern Australia (Sammut et al., 1994).  White et al. (1997) further define ASS spatial 

occurrence using information and estimates of sedimentation to predict the location of coastal 

sulfidic sediments in eastern Australia.  The authors suggest that the top of the sulfidic horizon 

should be close to where it last formed, approximately at mean high tide level of the period of the 

highest sea level (~6,000 years BP with little change since).  This is estimated at 1 m AHD in 

eastern Australia.  The horizon has been buried by a variable thickness of alluvium that is not 

expected to be more than 5 to 10 m thick.  Therefore, Holocene sulfidic sediments in eastern 

Australia will be found at sites with surface elevations of less than 10 m AHD.  This covers almost 

all coastal wetlands. 
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Left intact, ASS soils form substrate for highly productive ecosystems, but once disturbed serious 

environmental harm can occur in addition to the loss of the existing natural system.  The process 

by which these soils change to cause significant problems is discussed in the next section. 

 

1.1.5 Oxidation 

PASS remain stable under reducing conditions, but exposure to atmospheric oxygen triggers 

oxidation, transforming affected parts to AASS.  This frequently results from anthropogenic 

draining, dredging, or exclusion of tidal action, though geologic processes such as sea level changes 

and tectonic events may also be responsible (Rabenhorst et al., 2002; Dent, 1986).  Exposure of 

PASS to oxygen results in the oxidation of sulfide minerals it contains to produce acidity and SO4 

and to release metals and metalloids.  This section examines the processes of ASS oxidation, 

particularly the oxidation of Fe sulfides and explores the fate of the main oxidation products, 

namely SO4 and acidity.  The fate of the metals released during ASS oxidation is discussed in the 

following chapter. 

 

1.1.5.1 Overall Oxidation Processes - Sulfuricisation 

Rabenhorst et al. (2002) provides a model for ASS oxidation termed sulfuricisation to describe the 

geo- and biogeochemical processes that occur.  It is represented diagrammatically in Figure 1.1 and 

consists of three major components: 

1. oxidation of pyrite to SO4, acidity and ferrous (Fe2+) Fe; 

2. oxidation of ferrous Fe to ferric Fe; and 

3. generation of secondary phases (ferric hydroxides and jarosite).   

 

Though the model examines the oxidation of pyrite and subsequent reactions of its products, it fails 

to sufficiently detail a number of other important components of ASS activation, including: 

• the initial steps of ASS activation/oxidation that involve the oxidation of Fe sulfides other 

than pyrite; 

• the formation of secondary phases other than Fe hydroxide and jarosite; 

• the release of metals other than Fe from the oxidation of sulfide minerals; and 

• the dissolution of/pH buffering by carbonates and silicates. 

 

In spite of these shortcomings, sulfuricisation still provides a useful diagrammatic representation of 

pyrite oxidation and illuminates the interaction of the various geochemical processes and 

components.   
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Figure 1.1. Diagram of sulfuricisation process showing relationship of chemical reactions and 

species that occur during ASS oxidation (after Rabenhorst et al., 2002). 

  

1.1.5.2 Stages of Oxidation 

The chemical analogy to sulfuricisation (with the exception of the jarosite component) is the 

complete oxidation of pyrite (Equation 1.8). 

( ) +− ++⇒++ (aq)
2

aq)(4s)(3(l)22
7

(g) 24
15

s)(2 H4SO2OHFeOHOFeS     Eq. 1.8 

This analogy, like sulfuricisation, is a generalisation that misses important details, but it emphasises 

the importance of pyrite and provides a useful starting point for exploring the chemical processes 

of ASS oxidation.  The oxidation of ASS can be broken down into four stages: 

1. early oxidation of AVS; 

2. oxidation of pyrite above pH 4 (likely to be concurrent with first stage); 

3. oxidation of pyrite below pH 4; and 

4. biologically mediated pyrite oxidation (likely to be concurrent with third stage). 
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1.1.5.2.1 Early Oxidation of AVS 

An important step in the activation of ASS involves the pre-pyrite oxidation of AVS phases.  White 

et al. (1997) have shown pyrite to not oxidise in dry air and to oxidise slowly in moist sediments 

until pH drops below 4 (where oxidation is understood to proceed rapidly via bacterial and/or 

ferric Fe mediation).  In contrast to the behaviour of pyrite, AVS phases have been found to 

oxidise very rapidly without microbial catalysis (White et al., 1997).  Examples of this have been 

reported by Ward et al. (2004), Bush and Sullivan (1997) and Crockford and Willett (1995).  

 

The Fe AVS oxidation reaction is given in Equation 1.9 (Dent, 1986). 

( ) +− ++⋅⇒+++ (aq)
2

(aq) 4(s)232(l)2g)(22

9
(s) H4SO2OnHOFeOH2nOFeS2   Eq. 1.9 

 

1.1.5.2.2 Oxidation of Pyrite above pH 4 

Pyrite oxidation is not the only reaction that occurs during ASS oxidation, even though it is the 

most important and most closely studied.  The oxidation of pyrite progresses through a number of 

stages that are largely controlled by pH.  The first stage occurs at circum-neutral pH and consists of 

the slow chemical oxidation of pyrite by dissolved oxygen to ferrous Fe (Fe2+) and SO4 (Equation 

1.10; Rabenhorst et al., 2002) or native sulfur  (Equation 1.11; Dent, 1986; Ward et al., 2004). 

−+ +⇒+ 2
aq)(4

2
(aq)aq)(2s)(2 SOFeO2FeS       Eq. 1.10 

(l)2
0
(s)

2
(aq)(aq)aq)(2s)(2 OHS2FeH2O2FeS ++⇒++ ++      Eq. 1.11 

 

Dent (1986) identifies that the oxidation of native sulfur to SO4 by oxygen (inherent in Equation 

1.10) is very slow at near neutral pH, though biological oxidation (Equation 1.12) may increase its 

rate.   

+− +⇒++ (aq)
2

aq)(4

Bacteria

pHNeutral
2aq)(22

30
(s) H2SOOHOS      Eq. 1.12 

 

1.1.5.2.3 Oxidation of Pyrite at pH below 4 

The next stage of pyrite oxidation occurs when the pH drops to below 4.  At this point, ferric Fe 

becomes more soluble and acts in solution to oxidise pyrite rapidly, while itself being reduced 

(Equation 1.13).  Singer and Stumm (1970) showed that the half-life of this reaction was very short 

(in the order of 20 - 1,000 minutes) indicating a rapid reaction.  The concurrent oxidation of native 

sulfur by ferric Fe is also very fast (Equation 1.14).  The cycle of Fe oxidation and reduction 

(Equations 1.13 and 1.14) progressively increases the rate of pyrite oxidation (White et al., 1997).  
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0
(s)

2
(aq)

Fast
3
(aq)s)(2 S2Fe3Fe2FeS +⇒+ ++       Eq. 1.13 

+−++ ++⇒++ (aq)
2

(aq)4
2
(aq)

Fast

(l)2
3
(aq)

0
(s) H16SO2Fe6OH8Fe6S     Eq. 1.14 

A combination of Equations 1.13 and 1.14 gives Equation 1.15, which represents the overall ferric 

Fe driven oxidation of pyrite at low pH. 

+−++ ++⇒++ (aq)
2

aq)(4
2
(aq)

Fast

(l)2
3
(aq)s)(2 H16SO2Fe15OH8Fe14FeS     Eq. 1.15 

 

1.1.5.2.4 Biologically Mediated Oxidation 

Between pH 1 and 4 the oxidation reactions are strongly catalysed by micro-organisms, principally 

Acidithiobacillus ferrooxidans, Ferrobacillus ferrooxidans and Acidithiobacillus thiooxidans (Kelly and Wood, 

2000; Lowson, 1982), though in ASS a variety of oxidising bacteria are likely to be involved in the 

different oxidation steps (van Breemen, 1993).   

 

1.1.5.3 Physical Controls on the Rate of Oxidation 

Physical control on the rate of ASS oxidation includes the prevailing hydrology and how the soil is 

drained, the climatic conditions, the permeability to air of the overlying sediments and the soil 

temperature.  White et al. (1997) identify that in the finer textured sediments, which are not freely 

draining, the oxygen movement is dominantly through preferential flow paths such as old root 

mouths.  It is estimated that the time for complete oxidation of fine textured sediments is in the 

range of tens to hundreds, or even thousands of years.  In coarse textured, freely draining 

sediments, such as sands, oxygen ingress is much faster than in finer textured soils because of the 

predominance of large pores.  The rate of oxidation of these materials is quite rapid, usually in the 

range of years to tens of years.  Morse et al. (1987) noted that the rate of oxidative processes is 

accelerated at interfaces between oxic and anoxic water masses and in the upper portion of anoxic 

sediments where diffusion (of oxygen and other reactants) is promoted by bioturbation, 

bioirrigation and transport of oxygen by plant roots.  The seasonal transport of oxygen by plant 

roots is identified by Luther et al. (1980) as being an important factor in controlling the oxidation 

state of Fe in salt marshes. 

  

Temperature is also an important influence on reaction rate, especially with regard to bacteria 

catalysed reactions (White et al., 1997), which generally have a temperature zone of optimum 

activity.  Lowson (1982) suggests that the upper limit of the range of bacterial activity can generally 

be placed at 100 ºC, however, it is important to note that at 80 ºC certain bacteria can be at their 

most active. 
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1.1.5.4 Fate of Non-Metal Oxidation Products 

The oxidation products of ASS oxidation are metals (mostly Fe), metalloids, SO4 and acidity.  The 

subsections here explore the fate of SO4 and acidity before the behaviour of metals and metalloids 

is discussed in the next section (1.1.6).   

 

1.1.5.4.1 Sulfate 

Most of the Fe mobilised by ASS oxidation remains in the soil profile, but only a small fraction of 

the SO4 is retained, commonly as jarosite or gypsum (Dent, 1986).  Most soluble sulfur is lost to 

drainage (Åström and Björklund, 1995) although some SO4 diffuses down to the redox interface 

and is reduced once again to sulfide. 

 

1.1.5.4.2 Acidic Conditions 

The generation of acidity is not only a problem in itself, it also compounds the environmental 

problems by increasing the mobility of many elements, some of which can be toxic at very low 

concentrations.  According to van Breemen (1973), in most ASS 99 % of the H2SO4 generated is 

neutralised by dissolved alkalinity (largely seawater HCO3-), mineral weathering (of carbonate and 

silicate minerals) and ion exchange processes.  Dissolved alkalinity in seawater is important for 

limiting the acidic conditions on the coast, but rivers and brackish areas are often badly affected.  

The two main mineral dissolution reactions are the dissolution of carbonate minerals and material 

and the dissolution of silicate minerals.   

 

1.1.5.4.3 Dissolution of Carbonates 

The process of SO4 reduction and the formation environment of ASS both provide sources of 

dissolved carbonate at the time of sulfide deposition, but carbonate is rarely conserved in the 

sediment (van Breemen, 1973).  Carbonic material that is present within the sediment either 

precipitated from solution as CaCO3 (likely to be only very small quantities), or occurs as shell 

material (vast majority).  Carbonate reacts with the acid generated by sulfide oxidation to buffer soil 

pH (Equation 1.16).  The extent and effectiveness of buffering depends on the amount, reactivity 

(largely fragment size) and surface coating of the carbonate material. 

(l)2g)(2
2
(aq)(l)2(aq)s)(3 OHCOCaOHH2CaCO ++⇔+⋅+ ++     Eq. 1.16 

In ASS that contained significant calcium carbonate and that have not been extensively leached, 

gypsum is commonly found (van Breemen, 1973).  It can be formed when CaCO3 minerals react 

with sulfuric acid (Equation 1.17; Dent, 1986). 

g)(2(s)24(l)2
2

aq)(4(aq)s)(3 COOH2CaSOOHSOH2CaCO +⋅⇔++⋅+ −+     Eq. 1.17 
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Figure 1.2 displays gypsum solubility and its genetic relationship to jarosite and calcite.  Dent (1986) 

reports that gypsum has been observed in ASS as both powdery efflorescence on ped faces and 

ditch sides and as large crystals occurring in ASS that has experienced pronounced drying. 

 

1.1.5.4.4 Dissolution of Aluminosilicates 

High concentrations of dissolved silica and Al are a characteristic of soil-waters (Dent, 1986).  In 

AASS, these concentrations result partly from a second group of pH buffering mechanisms that 

occur at very low pH.  The buffering is largely attributed to the acid hydrolysis of aluminosilicate 

clays, where acidic sediment pore water reacts with clays to release silica and metal ions, principally 

Al, Fe, K, Na and Mg.  Van Breemen (1973) identifies that one such buffer mechanism consists of 

the montmorillonite-kaolinite equilibrium in the presence of amorphous silica which operates in the 

pH range of 3 to 4.  White et al. (1996) demonstrate a similar reaction using the acid hydrolysis of 

the common estuarine clay mineral illite (Equation 1.18, taken from Nriagu, 1978). 

( )( )( ) ( )

( ) aq)(44
3
(aq)s)(3

2
(aq)

2
(aq)(aq)(aq)

(l)2(aq)

Illite

s)(2103.460.450.3
3
0.251.50.050.360.5

SiOH3.46Al1.95OHFe0.25

Mg0.3Ca0.05Na0.36K0.5

OH2.59H7.41

OHOSiAlMgFeAlCaNaK

++

++++

⇒+

+

+

++++

+

+

  Eq. 1.18 

 

The importance of such buffering is seen in the higher than expected AASS pH values commonly 

encountered when compared with the theoretic amount of acidity that could be generated by the 

oxidation of pyrite found in the soils.  Dent (1986) reports that the field soil pH values of ASS are 

usually in the range 3.2 to 3.8 (citing Dent, 1980; van Breemen, 1976; Bloomfield et al., 1968).  

Further support is provided by Dent and Raiswell (1982), who conducted experiments whereby the 

movement of leachate from sulfidic material was prevented by isolating it in polythene bags.  Their 

experiments rarely produced pH values less than 1.5, which was determined to relate to less than 10 

% of the acidity theoretically generated by the oxidation of pyrite.  White et al. (1997) report a 

similar pH minimum of 1.6 in AASS drainage waters in association with high Al concentrations (in 

excess of 100 mg�L-1 as dissolved monomeric Al).  A similar buffering process is likely to occur in 

AMD, as Nordstrom (1991, cited in Bigham et al., 1996a) identifies that most affected effluents 

have a pH of between 2 and 4.  The dissolution of silicates may also lead to the release of other 

ions, such as Mn and heavy metals (Willett et al., 1992; Nriagu, 1978; van Breemen, 1973).   
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Figure 1.2. Gypsum solubility (from Figure 9, van Breemen, 1973). 

 

1.1.5.4.5 Exchangeable Acidity 

Sediment exchange sites may be occupied by a number of ions, however, in extremely acidic 

conditions of AASS, these exchange sites are often dominated by Al.  For example, Sterk (1993) 

found that a large portion of stored acidity in raised beds of sulfidic material occurred as 

exchangeable Al.  The release of acid from these stores is strongly dependent on the prevailing 

hydrologic conditions, as free acid (H+) may be leached with ‘fresh’ water from ASS like any other 

soluble constituent, but not the acidity represented by adsorbed Fe and Al (Dent, 1986).  However, 
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under estuarine conditions the cations in marine waters can displace exchangeable acidity (e.g. Al 

and Fe) by ion exchange as demonstrated by Equation 1.19 (Dent, 1986). Acidity stored in the soils 

this way has significant implications for AASS rehabilitation, especially where affected areas are to 

be returned to wetlands (White et al., 1997).   

( ) ( ) ( ) ( )( ) ( )
+++ +−⇒++− 3
aqsaq

2
aqs AlNaMg,ClayNaMgAlClay     Eq. 1.19 

 

1.1.6 Element Behaviour 

Though acidity is the main product of ASS oxidation, it is the release of metals and metalloids in 

toxic concentrations from within oxidising soils that pose a greater threat to the environment.  The 

natural systems commonly associated with ASS are efficient metal traps (Williams et al., 1994) and 

have been referred to as the ultimate sink for these metals (Morse, 1994b).  Many metals can be 

immobilised in reducing sediments by mechanisms such as adsorption onto sediments and sulfide-

associated coprecipitation.  An additional source of previously immobilised metals occurs through 

the introduction of terrigenous sediments.  ASS activation can release these metals and metalloids 

into solution either through oxidation of authigenic sulfides, dissolution of aluminosilicates, or ion 

exchange processes.  A pertinent example of the importance of metal mobilisation and discharge 

from ASS is provided by Sundström et al. (2002) who compared metal loads in Finnish ASS 

discharge with industrial pollution in drainage waters over the period 1978 - 2000.  The study found 

that ASS had released more Al and Mn during the whole period, more Co and Ni during the 1980s 

and 1990s and more Cd and Zn during the 1990s, than had been contributed by industrial sources 

to the sediments.   This section examines the main mechanisms that influence metal behaviour in 

ASS, before exploring individual metal behaviour.   

 

1.1.6.1 Controlling Mechanisms 

The ultimate factor that influences an element’s behaviour and bioavailability is its oxidation state 

(Langmuir, 1997; Morse, 1994a).  This has a direct effect on the major processes that immobilise 

metals, being precipitation and adsorption (onto both inorganic and organic materials; Syrovetnik et 

al., 2004).  Concentrations of the major elements (and some of the more abundant metals, e.g. Fe, 

Al and Mn) are often regulated by precipitation of secondary phases whereas concentrations of 

trace elements are largely regulated by adsorption onto and coprecipitation with these secondary 

major element phases (Calmano et al., 1994).  Adsorption and coprecipitation are defined by Lee et 

al. (2002) as follows: 

• adsorption is the two-dimensional accumulation of an ion at the interface between a preformed 

solid and the aqueous phase; and  
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• coprecipitation is the simultaneous removal of a foreign ion during the formation of primary 

metal precipitates such as Fe, Al and Mn oxides.  Coprecipitation can include the process of 

adsorption.    

 

Lee et al. (2002) also provide an example of these processes in ASW.  The authors investigated the 

coprecipitation of trace metals (Cd, Co, Cu, Pb, Zn) with major metals (Al, Fe, Mn) in samples of 

ASW generated by AMD that were collected in the Ducktown Mining District, USA.  Trace metals 

were coprecipitated from the solutions by raising the pH of each sample with the following 

generalised results: 

1. Fe was rapidly precipitated with the residual concentration of Fe in solution being at or 

below detection limit (0.05 mg�L-1) at pH > 4; 

2. Al became depleted from the water at pH ≈ 5 (between pHs 4 - 6); 

3. Mn became depleted from the water at pH ≈ 8 (between pHs 6 - 9); and 

4. Mg and Ca did not decrease significantly until the pH exceeded 8. 

 

The pH values at which Fe, Al and Mn were removed from the solutions were found to be 

consistent with the negative logarithms of the first hydrolysis constants for Fe3+ (pK1 = 2.2), Al3+ 

(pK1 = 5.0) and Mn2+ (pK1 = 10.9).   

 

As the pH was increased in the Fe sample, Pb was removed first and its sorption edge was found to 

be closely related to the loss of Fe.  Saturation index calculations showed that no Pb compounds 

(including PbSO4) could form in the aliquots according to PHREEQCI (a solubility calculating 

computer program).  The other trace elements examined were removed at higher pH in the order 

Pb > Cu > Zn ≈ Cd > Co.     

 

In the Al solution, 90 % of all trace metals were removed with an increase of solution pH from 4 to 

6.  This is the range primarily associated with the formation of Al-rich precipitates.  Additionally, it 

was noted that the range over which the trace metals were removed was narrower than that of the 

Fe dominated solution.  Lead was again the first trace element removed, but at a higher pH than 

that of the Fe dominated solution.  The order of trace metal precipitation in the Al-rich ASW was 

Pb > Cu > Zn ≈ Ni > Co > Cd, though it is likely that this order was influenced by Fe in the 

mainly Al-rich secondary phases. 

 

The Mn solution precipitated less than 10 % of its total precipitated material at below pH 7.5.  The 

main precipitation event occurred at pH 8 and coincided with the removal of Mn from solution.  

This provided 50 % of the total precipitation, though no crystalline phases were detected by XRD.  

Additional precipitation events occurred at higher pH with the formation of Ca and Mg hydroxides. 
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The importance of trace metal adsorption onto sediments and its influence on bioavailability, are 

demonstrated using a study conducted by Griscom et al. (2000) in which Ag, Cd, Co, Cr, Se and Zn 

were added to sediments and their availability to two marine organisms (the mussel Mytilus edulis 

and the clam Macoma balthica) measured.  The uptake of metal by each organism was determined by 

use of a comparative scale of metals uptake referred to as the Assimilation Efficiency (AE).  The 

affinity metals have for sediment surfaces was demonstrated by the metals that were added to the 

experimental solutions being strongly associated (98-99 %) with sediment particles after 14 days 

(Griscom et al., 2000).  Assimilation of all metals by the organisms occurred with AEs ranging from 

5 % for Cr and Ag, to over 30 % for Cd and Zn.  AEs of all trace elements associated with anoxic 

sediments were 1.5 - 7.0 times higher in Mytilus edulis than metals bound to oxic sediment, except 

for Ag.  The effect of organic matter on AE differed among the metals.  Cobalt’s AE was not 

significantly different between organic -rich and -poor sediments, whereas the AE values of Ag and 

Cd were 2-3 times higher for the organic-rich sediment.  The study also found that metals in 

contact with oxic sediment for longer periods were generally less bioavailable. 

 

Though there is considerable literature on the behaviour of trace elements, there is very little that is 

specific to ASS.  The exception to this is a series of papers authored or co-authored by Åström on 

metal behaviour in western Finland’s ASS.  These articles and the material covered by each are: 

• Åström and Björklund (1995) investigated the influence of ASS on stream water geochemistry;  

• Åström and Åström (1997) conducted a statistical study on the relationship of various elements 

in Finnish streams with respect to catchment sediment type and coverage; 

• Åström and Björklund (1997) examined the geochemistry, mineralogy, acidity and electrical 

conductivity of ASS; 

• Åström (1998) investigated the distribution and form of transition metals in oxidised, partly 

oxidised and reduced zones of sulfide bearing fine-grained sediments in the coastal areas of 

western Finland. 

• Åström and Corin (2000) studied the behaviour of metals in humus-rich streams impacted by 

ASS; 

• Åström (2001a) examined the concentrations of 16 trace elements along a medium sized stream 

with a catchment of 107 km2 that drained areas of ASS; and 

• Åström (2001b) examined the hydrochemical features and controls of various metals in 

catchments in the Quark area and discussed them using data collected in earlier studies. 

 

In addition, AMD related work by Bigham et al. (1996a; b) on secondary Fe phases, and work by  

Lee et al (2002) on major metal sorption in ASW, provide additional information on the behaviour 

of elements in environments similar to those of ASS systems.  These three papers, along with those 
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of Åström, have been used to supply the bulk of the following material on individual metal 

behaviour in ASS.  

 

1.1.6.2 Iron 

Like SO4, Fe is one of the major products of ASS oxidation.  However, while SO4 is readily flushed 

from AASS, much of the Fe released by sulfide oxidation is rapidly re-immobilised (e.g. Luther et 

al., 1982).  Iron’s failure to escape the soil profile is demonstrated by Åström and Björklund (1995) 

who found that the concentration of Fe in streams in Finland was not related to AASS, but varied 

independently of soil type.  Furthermore, Åström (1998) demonstrated that the amount of Fe 

extracted from ASS collected from Finland with aqua regia in the oxidised and transition zones was 

similar to that in the reduced parent material.  In this case, Fe was not lost in large amounts from 

the ASS and therefore had remained in the soil profile.  This retention is explained by the 

formation of readily identifiable red and yellow coloured insoluble ferric Fe oxides in the oxidised 

zone.  Their formation involves precipitation from the typically acidic, oxidised, Fe and SO4-rich 

waters that result from the oxidation of ASS.  Bigham et al. (1996a) termed these waters and those 

of AMD, collectively as ASW.  Common secondary oxidised Fe phases include jarosite, 

schwertmannite, goethite and ferrihydrite (Bigham et al., 1996a;b).  Under oxidising conditions, 

these minerals form in a sequence controlled by pH (Bigham et al., 1996a, b) at: 

• < pH 2.8, jarosite (H, Na, K)Fe3(SO4)2(OH)6) formation is dominant and becomes more 

so with decreasing pH;   

• between pH 2.8 - 4.5, schwertmannite (Fe8O8(OH)6SO4) is the main phase precipitated; 

• between pH 3.3 - 3.6, goethite (α-FeO�OH) is coprecipitated as a minor phase with 

schwertmannite; 

• between pH 4.5 - 6.5, a mixture of ferrihydrite and schwertmannite is formed; and 

• at > pH 6.5, ferrihydrite (nominally Fe5HO8�4H2O) is the dominant phase with some 

goethite also formed. 

 

These findings are displayed in the pH-pε diagram below (Figure 1.3).  A similar, but less detailed 

sequence was identified by Lee et al. (2002) in samples of AMD.  These phases are further 

discussed below. 
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Figure 1.3. pH-pε diagram for the system Fe-sulfur-potassium-oxygen-hydrogen.  Jt = 

jarosite, Sh = schwertmannite, Gt = goethite, Fh = ferrihydrite, Py = pyrite 

(Bigham et al., 1996b). 

 

1.1.6.2.1 Jarosite - (H,Na,K)Fe3(OH)6(SO4)2 

The presence of jarosite is important for two main reasons.  Firstly, it is considered a diagnostic 

mineral for AASS as it forms under oxidising conditions at very low pH and is readily identifiable 

due to its distinctive yellow coloured mottles in soil profiles (Rabenhorst et al., 2002).  Secondly, its 

formation acts to store considerable acidity.  White et al. (1997) identify that jarosite is a product of 

the incomplete oxidation of pyrite (see Equation 1.8) and that it forms at pH values below 3.7 

under strongly oxidising conditions.  This pH of formation conflicts with that provided by Bigham 

et al. (1996a; b), but no explanation is given.  Bigham et al. (1996a) provide experimental evidence 

for the formation pH of jarosite.  Using a bioreactor apparatus, the authors showed that at pH 2.6 

jarosite made up 11 % and at pH 2.3 52 % of the produced material (the remainder was assumed 

to be schwertmannite).   
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White et al. (1997) provide the following reaction for the formation of jarosite (Equation 1.20): 

( ) ( ) ++ ++⇒++ )()(2)(6243)()(42)(3 3)(23 aql

Jarosite

saqaqs HOHOHSOKFeKSOHOHFe   Eq. 1.20 

Lowson (1982) finds that jarosite belongs to the alunite-jarosite group of minerals, which are 

isostructural with the beudantite (PbFe3+3(AsO4)(SO4)(OH)6) and plumbogummite 

(PbAl3(PO4)2(OH)5�H2O) groups.  The general formula for these minerals is AB3(XO4)2(OH)6, with 

the A position potentially being filled by one, two, or three valent cations such as Na+, K+, H+, 

Ca2+, Pb2+, Sr2+, or Ce3+.  The B position is generally occupied by Al3+ or Fe3+ and in some 

minerals this position may contain some copper.  The XO4 position can be taken by SO4, PO4, 

AsO4, (AsO4, SO4), or (PO4, SO4), with some analyses indicating CO3 or SiO4 substitution.  

Halogens may substitute partly for (OH)6.   

 

Importantly, Lowson (1982) states that the alunite-jarosite minerals are chemical buffers.  The 

minerals will act to maintain a system at a pH while they are present with the pH buffer point being 

a function of the mineral composition and the influent ion concentrations.  Though not providing 

evidence for a true buffer mechanism, van Breemen (1973) and White et al. (1997) identify that 

jarosite hydrolyses slowly (Equation 1.21) and represents a substantial store of acidity in oxidised 

profiles. 

( ) ( ) +−+ +++⇒+ )(
2

)(4)()(3)(2)(6243 3233)( aqaqaqs

Slow

l

Jarosite

s HSOKOHFeOHOHSOKFe  Eq. 1.21 

 

1.1.6.2.2 Schwertmannite - Fe8O8(OH)6SO4 

Bigham et al. (1996a) reports that schwertmannite was the most common phase formed in AMD in 

the pH range of 3.0 - 4.5, with jarosite only becoming significant where drainage pH dropped 

below 3.0.  Using XRD, Lee et al. (2002) found that at pH less than four, schwertmannite was the 

main precipitate formed from ASW, though a lower pH boundary was not determined.  Bigham et 

al. (1996a) describe schwertmannite as a poorly crystallised mineral (compared to jarosite and 

goethite) that is characterised by a broad 8-line XRD profile.  It is yellowish brown (9.0-10.0 YR) in 

hue, tending to be intermediate in colour to goethite and jarosite.  Specimens commonly occur as 

small, needle-shaped crystals that are densely aggregated into larger particles (200-500 nm in 

diameter) with unusual pincushion morphology and high specific surface areas (175 - 225 m2/g).  

Schwertmannite is metastable with respect to goethite (Bigham et al., 1996a).   

 

Jarosite is frequently reported in ASS.  However, the only ASS references to schwertmannite came 

from work on the East Trinity site.  Hicks et al. (1999) reported finding the mineral in samples 

from the site and Hall (2002) documented the phase as a minor component in association with 

akaganéite and goethite in drainage water suspended Fe flocs from water draining AASS.  
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1.1.6.2.3 Goethite - α-FeO�OH 

Goethite is known to be a thermodynamically stable Fe phase in marsh sediments (Luther et al., 

1982) and has been suggested to be ultimately the most stable mineral phase associated with ASW 

(Bigham et al., 1996b).  Three mechanisms for goethite formation are suggested.  The first 

mechanism proposed from Bigham et al. (1996a) involves goethite being formed from 

schwertmannite (Equation 1.22).   

( ) +− ++⋅⇒+ (aq)
2
(aq)

Goethite

(s)(l)2

niteSchwertman

(s)4688 2HSOOHFeO8O2HSOOHOFe     Eq. 1.22 

Bigham et al. (1996a) found that schwertmannite is metastable with respect to goethite.  In 

experiments conducted by Bigham et al. (1996a) goethite was found to increase in abundance 

relative to schwertmannite in those precipitates prepared at pH 3.3 and 3.6 where it made up 12 % 

and 42 % of the sample taken respectively.  The precipitated goethite occurred as very fine particles 

with diameters of 10 to 25 nm. 

 

The second formation mechanism is by ferric Fe hydrolysis (Equation 1.23), resulting in the 

precipitation of goethite (α-FeO�OH; Lowson, 1982). 

++ +⋅⇒+ (aq)

Goethite

(s)(l)2
3
(aq) 3HOHFeOO2HFe       Eq. 1.23 

Goethite may further slowly transform to hematite (Dent, 1986) (Equation 1.24), 

(l)2

Haematite

(s)32

Slow

Goethite

(s) OHOFeαOHFeO2 +−⇒⋅       Eq. 1.24 

or, at high temperatures (300 - 400 ºC) in the presence of organic matter (conditions expected in a 

bushfire), to maghemite (Grogan et al., 2003) (Equation 1.25). 

(l)2

Maghemite

(s) 32

C400300

Goethite

(s) OHOFeγOHFeO2

o

+−⇒⋅⋅
−

      Eq. 1.25 

Luther et al. (1982) and Huggins et al. (1980) provided a third mechanism.  Luther et al. (1982) 

found that oxidised Fe crystalline material found in salt marshes had a pyrite-like structure, strongly 

indicating that it formed from pyrite oxidation.  As goethite is considered a more stable phase than 

hematite at pressures and temperatures encountered in marine systems, it was believed to be the 

oxidised Fe phase.  The findings of Luther et al. (1982) were supported by a Mössbauer 

spectroscopic investigation of coal oxidation conducted by Huggins et al. (1980).  This study 

demonstrated that pyrite transforms from szomolnokite (FeSO4�H2O), further oxidises to 

lepidocrite (γ-FeO�OH) and then ages to goethite (α-FeO�OH) (see Equation 1.26).   

Goethite

(s)(aq) 4

eLepidocrit

(s)

(g) 2

teSzomolnoki

(s)24(l)2(g) 2

Pyrite

(s) 2

FeOOHαHSOFeOOHγ

O0.5OHFeSOOHO2FeS

−⇒+−

⇒+⋅⇒++

−
  Eq. 1.26 
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Goethite has been identified as an important metal sink, immobilising trace metals by both 

coprecipitation and adsorption.  Manceau et al. (2000b) investigated the behaviour of trace elements 

with goethite.  Generally, foreign cations were found in only trace concentrations, though Al has 

been known to replace Fe in goethite up to 33 mole %.  Trace element interaction with goethite 

took two main forms:  

1. substitution for a constitutive atom of the host structure (e.g. substitution of Fe by Cr, Cu 

and Zn); or  

2. association with a separate phase, which can be a precipitated form of the trace element or 

a discrete phase intimately mixed with the major mineral species.   

 

It is important to note that most of the secondary Fe phases and those of Al can to some degree 

either coprecipitate other metals, or act as exchange surfaces.  It is therefore reasonable to use 

goethite’s interaction with trace metals as an indication of trace metal interaction with other major 

secondary phases.  This point is illustrated by the experiments of Lee et al. (2002) and further by 

Manceau et al. (2000a) who showed that in lateritic soils Zn was taken up to the greatest extent by 

phyllosilicates, followed by birnessite and Fe oxides.  This finding has special significance for Cu 

and Zn in any location where Fe oxides form a significant portion of the soil profile. 

 

1.1.6.2.4 Ferrihydrite - nominally Fe5HO8�4H2O 

Bigham et al. (1996a) confirmed previous findings that ferrihydrite is not a major product of Fe 

oxidation and hydrolysis under the acid conditions (pH 2 - 4) common in acid mine drainage.  At 

values above pH 4 it has been shown to be the main precipitate (as 2-line under XRD) (Lee et al., 

2002). 

 

Ferrous Fe is one of the forms in which Fe is mobile.  Its liberation, such as in Equation 1.10 from 

pyrite oxidation, may allow it to be transported considerable distances away from the point of 

oxidation (Tin and Wilander, 1995).  In streams, the oxidation of ferrous Fe to ferric Fe can 

produce characteristic red-brown flocs (Tin and Wilander, 1995), also seen as red amorphous 

coatings on grass roots such as in the Great Sippewissett and Sapelo Island marshes (Luther et al., 

1982).  These coatings are believed to be hydrated ferric oxide or ferric (oxy)hydroxides.  These 

flocs also cause environmental damage in estuaries by smothering benthos (Sammut et al., 1995) 

and are indicators of upstream sulfide oxidation.  Sammut et al. (1995) suggest that this secondary 

oxidation of ferrous Fe consumes oxygen and can be associated with lowered dissolved oxygen 

content in streams. 
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1.1.6.3 Aluminium 

In ASS, Al has been found in high concentrations (in association with other elements such as B, Be, 

Ca, Cd, Co, Ni, K, Mg, Mn, Na, S (as SO42-), Sr, U and Zn) in stream waters, suggesting that Al was 

readily leached from the soils (Åström and Björklund, 1995).  In fact, Al, along with Cd, Co, Cu, 

Mn, Ni and Zn were found by Åström and Corin (2000) to be extensively leached from AASS.  In 

the studied stream waters, Al commonly occurred as an inorganic cation, even when considerable 

dissolved organic material was present (Åström and Corin, 2000). 

 

Aluminium activity is largely controlled by pH (Tin and Wilander, 1995).  Aluminium remains 

dissolved under acidic conditions and increases in activity with decreasing pH.  Yet, at high pH 

dissolved Al precipitates as Al-hydroxide and releases soluble acid that can be leached from the 

system (Equation 1.27; Dent, 1986). 

( ) ++ +⇒+ (aq)(s)3(l)2
3
(aq) 3HOHAlO3HAl       Eq. 1.27 

In ASW, the control of Al is complicated by SO4 involvement.  Lee et al. (2002) found that samples 

of AMD waters were under-saturated in Al(OH)3 up to pH 5, where the solutions became 

supersaturated.  Where the AMD waters formed precipitates, the precipitates were found to be X-

ray amorphous, though subsequent calculations identified that jurbanite [AlOHSO4] and 

basaluminite [Al4(OH)10SO4] were the likely phases precipitated.  Earlier work by van Breemen 

(1973) identified an Al activity relationship in a number of ASW for the existence of a solid phase 

of jurbanite’s composition.  The solubility of jurbanite was calculated and plotted with the solubility 

of other Al phases (see Figure 1.4).  Tin and Wilander (1995) used this diagram (Figure 1.4) to 

demonstrate that in the Plain of Reeds (Vietnam) Al concentrations were controlled by jurbanite 

solubility.  Nordstrom (1982) estimated the pKsp of jurbanite to be 17.8.  It should be noted that 

there is still some contention over which phase, jurbanite or basaluminite, controls dissolved Al 

concentrations. 

 

1.1.6.4 Manganese 

Åström and Björklund’s (1995) study of streams in Finland indicated considerable leaching of Mn, 

along with Al, B, Be, Ca, Cd, Co, Ni, K, Mg, Na, SO4, Sr, U and Zn into stream waters from AASS.  

Experimental oxidation of ASS samples showed that Mn, along with Co, Ni and Zn were liberated 

in large amounts, likely because of sulfide oxidation (Åström and Björklund, 1997).  Field studies of 

AASS metal leaching supported the experimental data as Mn, with Co, Ni and Zn, had been lost in 

considerable amounts.    

 

Like Al, Mn was commonly transported in streams as an inorganic cation, even where the ratio of 

DOC to metal concentration was high (Åström and Corin, 2000).  In oxidising environments Mn is 
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most commonly found in trivalent and tetravalent forms.  Mn4+ and Mn3+ are (like Fe3+) highly 

hydrolysable and therefore sparingly soluble (Manceau et al., 2000a).  However, Mn2+ is highly 

soluble in mildly reducing, acidic conditions common in ASS (Åström, 1998). 

 

The ability of oxidation to mobilise Mn is demonstrated by Åström (1998) who found that large 

amounts of Mn had been mobilised in the AASS portion compared with the underlying reduced 

soil.  This was found by measuring Mn concentrations in the soil profile.  Manganese was extracted 

by weak reagents in the order of reduced zone > transition zone > ASS.  In the oxidised zone, Mn 

was found in the chemically resistant fraction.  This shows that Mn had been released from the 

reduced phases, probably sulfides, as well as from the surface position of mineral phases (exchange 

sites) in the AASS and that the released fractions were not readily trapped as oxides (i.e. they remain 

mobile).  The weak retention of Mn is due largely to the high solubility of Mn2+ under acid and 

water logged conditions common at the sulfuric horizon. 

 

Manganese’s inability to coprecipitate as a solid solution with Fe is well known.  According to 

Manceau et al. (2000a), Mn and Fe do not form solid solutions but precipitate as distinct phases.  

Oceanic and soil nodules are well-known examples of the geochemical association of Mn and Fe 

and also of the absence of Mn-Fe mixed solids.  In these environments, Fe is generally present as 

goethite and hematite and Mn as phyllomanganate and tectomanganate. 

 

1.1.6.5 Cadmium 

Åström and Björklund (1995) and Åström and Corin (2000) both found that Cd is extensively 

leached from AASS and reports in waters draining areas of ASS.  Cadmium, like Al, Co, Mn, Ni and 

Zn, is transported mainly as an inorganic cation (Åström and Corin, 2000). 

 

1.1.6.6 Cobalt, Nickel and Zinc 

Åström (2001b) found that Co, Ni and Zn were all extensively leached from oxidised ASS and thus 

were abundant in streams draining such soils.  This is supported by Åström and Björklund (1995) 

and Åström and Corin (2000) who found evidence of extensive leaching of Co, Ni and Zn in the 

stream waters.  Furthermore, ASS oxidation experiments conducted by Åström and Björklund 

(1997) showed Co, Ni and Zn were mobilised on oxidation in large amounts.  Åström (1998) 

concluded that oxidation and leaching of the sulfide-bearing sediments have a strong impact on the 

loads of Co, Ni and Zn in stream water.  Åström (2001b) described the processes of Co, Ni and Zn 

leaching from ASS as summarised below.  

1. Parent sediments are exposed to atmospheric oxygen, either naturally by isostatic land 

uplift or artificially by field ditching.  In any case AASS formation starts. 

2. Cobalt, Ni and Zn held in easily oxidisable sulfides are gradually released. 
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3. As oxidation proceeds, the soils become strongly acidic, resulting in increased 

alteration/weathering of aluminosilicates from which lattice-bound Co, Ni and Zn are 

released. 

4. Part of the released fraction of the metals is leached down the profile and is 

precipitated/adsorbed just above the sulfidic substratum and some of the metals are 

leached and dispersed in nearby surface waters. 

 

 

Figure 1.4. Data from Tin and Wilander (1995, Figure 5) plotted on a solubility diagram for Al 

compounds from van Breemen (1973). 

Åström (2001b) identifies the forms, which Co, Ni and Zn are most likely to take, are the 

aquaocomplex Me(H2O)62+.  Cobalt, Ni and Zn were also unlikely to be bound to humic 
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substances, as studies have shown (Åström and Corin, 2000) that in streams containing large 

concentrations of humic substances, Co, Ni and Zn still largely exist (> 80 %) as inorganic cations. 

 

Åström (1998) found that in ASS profiles from Finland, Zn, Ni and Co had been lost from the 

oxidised zone, compared to the reduced zone and that high concentrations remained in the 

transition zone.  This suggests mobilisation out of the oxidised zone and deposition in the 

transition zone (hence step 4 above).  Re-immobilisation is likely to be caused by increasing pH, or 

decreasing oxygen availability, or a combination of both.  The high proportion of Co, Ni and Zn 

extracted with NH4Ac and occasionally also with NH4Ox in the samples from the transition zone 

(compared with that extracted in the samples from the other zones) indicates that the 

immobilisation is at least partly caused by sorption onto various soil constituents and by oxide 

precipitation. 

  

1.1.6.7 Copper 

Åström (2001b) and Åström and Corin (2000) found that Cu was leached in substantial amounts 

from AASS in the Quark area of Finland, but it was not enriched to the same extent as Co, Ni and 

Zn in drainages (Åström, 1998).  This is at least partly due to Cu released through oxidation, the 

main mechanism of mobilisation (Åström and Björklund, 1997), being trapped by ammonium 

oxalate soluble phases such as amorphous Fe oxides.  Copper’s mild affinity for Fe oxide phases 

has also been reported by Manceau et al. (2000a).  Laboratory work by Åström and Björklund 

(1997) reflected the field finding that copper is less mobile than Co, Ni and Zn in ASS.  Åström 

(1998) suggested that this affinity for oxide phases might explain Cu’s reduced mobility in oxidised 

conditions.  Further evidence is provided by Åström and Corin (2000) who showed that in contrast 

to Co, Ni and Zn, Cu is largely transported in the anionic fraction consisting largely of Cu-organic 

associations.  This behaviour was identified by a high proportion of the total Cu in the reduced 

zones and transition zones of studied ASS being extracted with hydrogen peroxide (H2O2), which 

indicated reduced phases as being the major carriers.  This is not unexpected as Cu forms strong 

complexes and is commonly associated with organic compounds and inorganic sulfide (Åström and 

Corin, 2000).   

 

1.1.6.8 Arsenic and Lead 

Åström (2001b) and Åström and Björklund (1995) found that As and Pb concentrations in streams 

were not related to catchments that contained ASS in Finland.  This suggests that these elements 

are not leached from ASS more so than from other Quaternary deposits (being till, glaciofluvial 

deposits and peat) common in western Finland.  A partial explanation of this is provided by Åström 

and Björklund (1997) who conducted experiments that showed only a fraction of As and Pb in the 

parent sulfidic sediment are mobilised on air oxidation.  Arsenic was found to have a complicated 
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pattern of behaviour in waters, likely to be as a result of its frequent occurrence in various oxidation 

states (Åström and Corin, 2000). 

 

1.1.6.9 Chromium and Vanadium 

Åström and Corin (2000) found that Cr and V were leached no more strongly than from other soil 

types in the region (e.g. till and peat), though earlier work by Åström and Björklund (1995) did 

suggest that Cr was leached marginally more from AASS than from other soils.    

 

ASS oxidation experiments by Åström and Björklund (1997) showed that Cr and V were liberated 

from ASS samples, but not extensively.  The limited leaching of these metals is likely explained by 

V and Cr being associated with weathering resistant minerals (Åström, 1998).  This is supported by 

Åström and Björklund (1997) who identified that the fine sediments of the ASS studied were 

enriched in trace metals such as Ni, Zn, Co, Cr and V and that they were probably contained in 

aluminosilicates.  Åström (2001b) found that V is generally depleted and Cr only weakly enriched in 

streams draining ‘average’ (referring to pH) ASS.  However, Cr and V concentrations increased 

substantially in severely acidic streams of catchments underlain with particularly acid soil.  This 

suggested that the aluminosilicates may have succumbed to dissolution.   

 

Additionally, movement out of the soil profile would be further hindered as any mobilised atoms 

resulting from weathering would generally be retained in the soil profile by sorption or 

coprecipitation with amorphous oxides (Åström, 1998).  This situation is illustrated by Manceau et 

al. (2000a) who identified that Cr and Fe are similar in that both cations are trivalent and have a 

similar ionic radius and hence comparable hydrolysing properties.  In addition, α-FeO�OH and α-

CrO�OH (bracewellite) are stable and isostructural, allowing the formation of mixed α-

(Fe,Cr)O�OH solids.  In soils, Cr is also associated with goethite and can be a substitute for Fe.  

This is consistent with the observation that the best fit of metal-Fe dissolution congruence is seen 

for the Fe-Cr pair. 

 

The hydrochemical behaviour of Cr and V is complex as these elements may exist in several 

unquantified anionic fractions and to a minor extent in cation species (Åström and Corin, 2000).  In 

addition, V was noted to be the only metal to show a positive correlation with the content of total 

organic carbon in streams (Åström and Björklund, 1995).   

 

Åström (2001b) found that the Cr concentrations in stream water in Finland were related to the 

humus concentrations, indicating that the stream-transported Cr is generally complexed and 

controlled by organic ligands.  Furthermore, this process is complemented by increased 

mobilisation in highly acidic streams where Cr was found to be strongly elevated as a result of the 
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increased solubility of Cr3+.  Hence, it seems that aquatic Cr levels are normally controlled by the 

amounts of dissolved humus substances, while in acid SO4 soil drainages, Cr concentrations are 

largely a function of soil pH (Åström, 2001b).   

 

1.1.6.10 Other Elements 

Åström and Björklund (1995) found evidence for stronger leaching of Th (though not to the same 

extent as Co, Ni and Zn (Åström, 2001b) and Si from the ASS than from other soils.  Antimony 

was found to be unrelated to catchment soil type (Åström and Corin, 2000) and was not leached 

more abundantly from ASS than from other soils/sediments (Åström, 2001a).  Titanium was found 

to be immobile in the soils, though this may have been due to the short duration of the acidic 

conditions (~50 years since lands were drained for agricultural use).  Approximately half of the Ti 

was dissolved using the various extraction methods, but was not mobile in the field.  The remaining 

Ti was locked up in refractory minerals such as silicates (Åström, 1998).  Finally, Åström and 

Björklund’s (1997) ASS oxidation experiments showed strong mobilisation of B, Ca, Na and Sr 

during oxidation. 

 

1.2 Seawater Inundation of AASS 

The traditional method of ASS remediation is mixing acidified soil with lime or other acid 

neutralising agents.  Liming has a number of major drawbacks.  Firstly, to be effective, the acid 

neutralising agent must be thoroughly mixed with the soil.  Mixing neutralising agents with soil is 

laborious and mechanically difficult.  Furthermore, ASS problems generally occur on large scales 

(i.e. hectares of land may require remediation).  The large volume of neutralising agent and physical 

mixing required frequently make liming prohibitively expensive.  However, the major problem with 

soil liming is that it does not stop or slow oxidation, and therefore does not address the source of 

the acidity.  The importance of addressing both the existing and potential acidity (as well as the 

products of oxidation) when rehabilitating ASS is emphasised by Smith et al. (2003a).  Smith et al. 

(2003a) state that for a technique to effectively remediate ASS it must stop, or at least slow, the 

oxidation of ASS, as well as ameliorate the problems associated with ASS oxidation products (i.e. 

acidity and mobilised metals and metalloids).  Seawater inundation is an ASS remediation technique 

that is theoretically able to satisfy both of these requirements.   

 

Seawater inundation is used by tidal exchange (sometimes referred to as tidal buffering) to both 

buffer soil acidity and slow/stop O diffusion into ASS.  Tidal exchange involves the repeated 

inundation of AASS to a constant level by management of tidal movements.  The use of tidal 

movements to periodically refresh the inundating seawater alleviates the need for pumping.  

Refreshment of the inundating seawater provides a continuous source of neutralising agent to the 

soil acidity in the AASS.   Seawater is a particularly effective AASS rehabilitation agent for three 
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reasons.  Firstly, seawater contains about 2.5×10-3 M of alkalinity largely as bicarbonate/carbonate 

(Stumm and Morgan, 1996) that can neutralise the existing soil acidity (Equations 1.28 and 1.29).  

Secondly, tidal movements provide a mechanism for distributing seawater over areas of AASS, as 

long as the AASS are within the tidal range.  Finally, frequent inundation of AASS areas raises the 

watertable, which slows O diffusion into the soil and potentially prevents further ASS oxidation.   

)(32)(3)( aqaqaq COHHCOH ⇔+ −+         Eq. 1.28 

)(32
2

)(3)(2 aqaqaq COHCOH ⇔+ −+        Eq. 1.29 

Few investigations have been conducted into the geochemical effects of AASS inundation.  In 

theory, inundation slows ASS oxidation because the diffusion of O through water is about 105 

times slower than through air (Indraratna et al., 2005).  This principle has been demonstrated by 

Blunden and Indraratna (2001) who used modelling to show that maintenance of high water levels 

in drains on an ASS site limited pyrite oxidation.  Furthermore, maintenance of the higher 

watertable decreased the hydraulic gradient of groundwater towards flood mitigation drains (i.e. 

stopped the release of acidic drainage).   

 

In a second study, Blunden and Indraratna (2000) used weirs to raise the watertable of a coastal 

paddock to above a zone of ASS.  The authors used data collected on the watertable height in the 

paddock to model the decrease in sulfide oxidation.  Blunden and Indraratna’s (2000) model 

showed that maintenance of elevated drain water levels significantly reduced the amount of acid 

generated by 75 % at 10 m from the drain and 57 % at 90 m from the drain.  However, the use of 

models by both the Blunden and Indraratna (2001 and 2000) studies to predict ASS oxidation from 

watertable heights, rather than actual field/water monitoring, makes their conclusions theoretical, 

rather than material. 

 

Although the models of Blunden and Indraratna (2001 and 2000) showed that inundation 

theoretically slowed/stopped ASS oxidation, holding water on-site does not necessarily increase 

drainage water pH.  In fact, existing acidity in the soil can lead to extreme acidification of the 

inundating waters.  Indraratna et al. (2002) trialled a remedy for the acidification of inundating 

waters using seawater inundation controlled by two-way floodgates.  The trial was conducted on a 

120 ha coastal pasture in NSW (near Berry) over a 15 month period.  The first 10 months were 

used to monitor the water quality on the site.  The remaining five months were used to trial 

seawater inundation.  Before the study, natural seawater inundation had been stopped on the site 

since the 1960s.  During the period of tidal exclusion the groundwater table was controlled by: 1) 

drawdown towards flood mitigation drains; 2) evapotranspiration; and 3) rainfall.  After significant 

rainfall, it was typical for the groundwater table to rise through the zone of AASS.  As the water 

table rose, the groundwater dissolved AASS oxidation products from the previous dry period and 
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transported them out of the soil and into the drains.  Substantial dry period breaking rains led to 

the site discharging extremely acidic groundwaters that carried high concentrations of oxidation 

products (Indraratna et al., 2005). After the 10-month monitoring period, the existing one-way 

floodgate was replaced by a two-way floodgate that allowed daily tidal movements onto the AASS 

affected land.  Indraratna et al. (2002) compared water quality (pH, [Al] and [Fe]) from the 

preceding 10 months of non-inundation with the five months of seawater inundation that followed 

the installation of the two-way floodgates.  The five months of seawater inundation increased the 

average water level in the study site’s drainage ditches and caused an increase in the local watertable.  

Drainage waters during the seawater inundation period showed a decrease of more than 30 % in 

the [Al] and the [Fe] compared to the period pre-inundation.  Additionally, drainage water pH 

values increased from an average of 4.6 pre-tidal exchange to 5.9 during period of inundation 

(Indraratna et al., 2002).   

 

The other major advantage of seawater inundation is that it is particularly effective during extended 

dry periods.  This is because seawater inundation maintains the watertable at an elevated level, 

hydraulically suppressing drainage from the soil (Indraratna et al., 2002).  Indraratna et al. (2005) 

include two additional environmental benefits of seawater inundation beyond those of AASS 

remediation.  These were the generation of unfavourable conditions for exotic freshwater weeds 

and facilitation of fish passage into important breeding grounds. 

 

The effects of AASS inundation with freshwater are reported by White et al. (1997).  Inundation of 

AASS with freshwater slowed the diffusion of O into the soil, but freshwater has a much lower acid 

neutralising capacity than seawater.  The limited acid neutralising capacity of freshwater requires 

that a much larger volume be used (compared to seawater) to rehabilitate a given amount of AASS.  

However, acid is neutralised by reductive processes as well as carbonate/bicarbonate buffering.  

Inundation (i.e. the exclusion of oxygen) by salt- or fresh-water promotes SO42- and Fe3+ 

microbially catalysed reactions that consume H+ and reduce SO42- to H2S (Equation 1.30) and Fe3+ 

to Fe2+ (Equation 1.32; Dent, 1986).  A variation of Equation 1.30 that uses averaged organic 

matter composition is given as Equation 1.31 (after Richards, 1965; in Luther et al., 1982).  

Equations 1.30, 1.31 and 1.32 all require that organic matter is biologically available.    
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The importance of labile organic matter availability during inundation to drive Equations 1.30, 1.31 

and 1.32 has been identified by two authors.  Rabenhorst and Fanning (2002) stated that while soil 

inundation may prevent or slow the oxidation of reduced S, generally there is insufficient 

biologically labile (unoxidised) organic matter to induce significant SO42- reduction in soils that are 

already acidic.  White et al. (1997) found that where labile organic matter was not available to feed 

the reduction reactions, AASS acidity was not neutralised by freshwater inundation.  In particular, 

White et al. (1997) identified that strongly acidic/jarositic AASS did not undergo reductive 

neutralisation.  However, recent work by Chu et al. (2006) on jarosite dissolution in coastal ASS 

showed that jarosite was reductively dissolved/neutralised where suitable amounts of organic 

matter were available. 

 

A further limitation on Equations 1.30, 1.32 and 1.32 is that they require SO42- and Fe3+ to be 

available for reduction.  A significant amount of the Fe released at oxidation is retained in the 

oxidised profile (Åström, 1998), but SO42- is readily leached (Åström and Björklund, 1995).  While 

the lack of oxidation products (especially SO42-) may limit acid neutralisation by freshwater 

inundation (White et al., 1997), no such limitation would be expected when using seawater.   

 

A major problem with inundation induced reduction of SO42- and Fe3+ is the formation of Fe-

monosulfides (White et al., 1997).  The highly reactive nature of Fe monosulfides means that their 

occurrence requires careful management to avoid periods of oxidation that may cause them to 

suddenly release their stored acidity and elements.    An example of the implications of fluctuating 

redox conditions is provided by Johnston et al. (2002) who studied ASS flooding in backswamps in 

NSW.  Johnston et al. (2002) found that anaerobic metabolism of carbon in inundated sulfidic 

backswamps led to the reduction and mobilisation of Fe and S and significant sulfide formation.  

The temporary storage of acidity as sulfide and Fe2+ minerals in soils was followed by inevitable 

drying.  Drying led to the rapid oxidation of the sulfides and the generation of acidity and the 

formation of highly concentrated zones of poorly crystalline ferric Fe.  The consequence of the 

fluctuating redox conditions was the creation of hostile soil conditions that inhibited post flood 

vegetation recovery and favoured ‘scald’ formation. 

 

Perhaps the greatest problem with AASS remediation involving seawater inundation is that it is 

generally not compatible with urban/industrial development.  This is because it involves the 

inundation of the AASS to be rehabilitated.  Indraratna et al. (2002) also identified salinity as a 

possible issue with the use of seawater inundation. 
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1.3 Previous Research at East Trinity 

The study site for this project was East Trinity.  East Trinity is a 900 ha parcel of reclaimed coastal 

lowland opposite Cairns city on Trinity Inlet (Far North Queensland).  ASS have caused 

environmental harm on and around East Trinity since reclamation in the mid 1970s.  A full site 

description of East Trinity is given in Section 2.1.  Previous geochemical and environmental 

research at East Trinity has been considerable with four recent investigations being conducted.  

These investigations were: 

1. A CSIRO study detailed in a report by Hicks et al. (1999) East Trinity Acid Sulfate Soils Part 

1: Environmental Hazards and discussed in Bowman et al. (1999) Remediation options for the acid 

sulfate soils “hotspot” at East Trinity Inlet, Cairns, North Queensland. 

2. Research conducted by James Cook University (JCU) students: 

o a masters thesis by Grogan (2002): Mineralogy and geochemistry of iron in acid sulphate 

soils, Cairns, Far North Queensland; and  

o an honours thesis by Hall (2002): Mineralogy, geochemistry and behaviour of suspended 

particles in acid waters at East Trinity, Cairns. 

3. Smith et al. (2003d): Demonstration of management and rehabilitation of acid sulfate soils at East 

Trinity, Cairns, Queensland. 

4. Other research: Cavicchiolo (2001) produced a thesis entitled An investigation into the bio 

accumulation of arsenic and zinc in biota downstream of an area affected by acid sulfate soils that 

examined As and Zn impacts on oysters and crabs in the creeks of East Trinity. 

 

1.3.1 CSIRO Investigations 

Bowman et al. (1999) and Hicks et al. (1999) detail a study conducted by CSIRO into the East 

Trinity site that had the objective of quantifying the severe and ongoing environmental hazard 

posed by the site and identifying potential remediation options.  The investigation consisted of on-

site geochemical monitoring and laboratory investigations over a period of three years with the 

information providing a basis on which to assess and compare the potential suitability of various 

remediation methods. 

 

The CSIRO study determined that of East Trinity’s 900 hectares, approximately 110 hectares were 

severely acidified, mostly in the Firewood Creek and Magazine Creek areas (Bowman et al., 1999).  

Water bodies on-site regularly produced pH values of 3.5 or less, and contained extensive Fe 

precipitates (Hicks et al., 1999).  Soil concentrations of As and Zn were found to be 300 - 700 mg 

kg-1 and 100 - 500 mg kg-1 respectively (Hicks et al., 1999) and concentrations of Al, Fe and Zn in 

surface and discharge waters commonly exceeded the water quality guidelines (ANZECC, 1992) for 

the protection of aquatic ecosystems in place at the time (Bowman et al, 1999; Hicks et al., 1999).  

Maximum concentrations of these metals in drainage occurred during the wet season when 
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oxidation products that had built up in the soil profile leached into surface waters (Bowman et al., 

1999).   

 

In addition to these findings, Hicks et al. (1999) raised concerns regarding the possibility that metals 

and metalloids from the site could make their way into the food chain via uptake and accumulation 

by benthic organisms with potential implications for local predators (including humans) and 

organisms on the Great Barrier Reef.   Hicks et al. (1999) also identified carbon dioxide emissions 

from the site as being significant over the last 20 to 30 years. 

 

Bowman et al. (1999) discussed potential remediation options, without identifying a preferred 

choice.  Hicks et al. (1999) found that simply allowing tides to inundate the area would not be 

successful as soil reductive processes would be inhibited by site conditions, though inundation 

could play a part in rehabilitation with further development of the idea.   

 

1.3.2 JCU Investigations 

Grogan (2002) explored Fe mineralogy and geochemistry on the site.  Four Fe mineral groups were 

identified in the top 50 cm of the East Trinity ASS.  These mineral groups were: 

• sulfides (pyrite); 

• sulfates (jarosite); 

• oxides (maghemite, hematite and magnetite); and 

• hydroxides (goethite, akaganéite and ferrihydrite). 

Grogan (2002) also conducted experiments on bushfire related hematite-maghemite transformation 

that culminated in the production of a journal article on the subject (i.e. Grogan et al., 2003).  

 

Hall (2002) extensively sampled waters from the creeks on East Trinity (i.e. Firewood, Hills and 

Magazine Creeks) in order to study suspended particle matter.  Discharge waters were carrying high 

loads of Fe as suspended particles, mostly as Fe flocculants.  The Fe flocculants consisted of 

amorphous Fe (oxy)hydroxides and crystalline material (including akaganeite and goethite with 

traces of schwertmannite, lepidocrocite and ferrihydrite).  The chemistry of these materials was 

dominated by Fe (greater than 10 %) with minor Al (< 4 wt.%) and traces of (< 100 ppm) As, Cr, 

Cu, Mn, Ni, Pb and Zn.  Hall (2002) also found that the creek water chemistry changed significantly 

with the start of the rehabilitation program.  Additionally, the work conducted by Hall (2002) also 

formed a chapter in the Demonstration of Management and Rehabilitation of Acid Sulfate Soils at East 

Trinity, Cairns, Queensland report (i.e. Hall, 2003). 
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1.3.3 Investigation of the Rehabilitation and Management of East Trinity 

Before full-scale tidal exchange was implemented in the Hills Creek catchment at East Trinity, a 

series of investigations into the expected changes were conducted.  The series of inter-related 

research projects was conducted over an 18 month period (June 2001 - December 2002) to examine 

the effect of seawater inundation on East Trinity.  The inter-related projects were collectively 

reported as the “Demonstration of Management and Rehabilitation of Acid Sulfate Soils at East 

Trinity, Cairns, Queensland, Technical Report” of Smith et al. (2003d).  The report consisted of 8 

chapters that investigated various ASS related aspects of East Trinity and the rehabilitation of ASS 

using seawater inundation.  Chapters 3, 4, 6 and 8 are relevant to the project and are briefly 

described here. 

 

Chapter 3 of the report, Acid Sulfate Soil and Stratigraphic Assessment (Smith et al., 2003b) 

detailed the stratigraphy of the ASS on East Trinity.  The findings of the chapter were: 1) that the 

Holocene ASS of East Trinity consist of sulfidic muds with very low transmissivity. On the surface 

of these muds is a shallow oxidised layer of AASS (to 1 m bgl) that is considerably more 

transmissive; and 2) that the main store of existing acidity on East Trinity is the oxidised surface 

layer of AASS. The existing AASS occur to depths of 1.0 m below the surface. The most acidic 

AASS occurs below the 0.5 m AHD, with the remainder (and less acidified soil) between 0.5 and 1 

m AHD. The average level of existing acidity is around 140 mole H+/t, ranging up to 400 mole 

H+/t.  These amounts of acidity are extremely high for ASS. 

 

Smith et al. (2003b) concluded that the existing acidity in the AASS would be mobilised by rainfall 

or tidal flushing, and be transported. The transport of the acidity would largely be through the layer 

of AASS (due to its increased transmissivity).  The acidity would move into the drains and creeks, 

and, if not treated, ultimately through the floodgates into Trinity Inlet.  

 

Chapter 4 was titled “Effects of Tidal Exchange on Soil and Sediment” and was authored by Hicks 

and Fitzpatrick (2003).  Hicks and Fitzpatrick (2003) found that 8 months of uncontrolled seawater 

inundation (in early 2001) had a beneficial effect on the severely acidified ASS of the Firewood 

Creek catchment.  These effects included an increase in the quality of waters discharging from the 

catchment and neutralisation of soil acidity (i.e. soil pH values increased from 3.5 to 5 in parts of 

the catchment).  The chapter also found that reducing conditions rapidly formed in the inundated 

AASS.  In spite of the improvement in soil pH and water quality, concentrations of heavy metals 

and metalloids remained in the inundated ASS profiles that would be detrimental to the re-

establishment of benthic organisms.  
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Chapter 6 (“Surface Water Monitoring and Treatment”; Barry et al., 2003) examined the water 

quality on East Trinity.  Barry et al. (2003) reviewed water quality data from the period of 

controlled seawater inundation at East Trinity and concluded that controlled inundation of AASS 

(i.e. inundation to a constant level) was beneficial to water quality on the site.   However, when 

controlled inundation ceased, the AASS remediation was reversed.  The reversal of the remediation 

manifested as an increase of acidity, [Al] and [Fe2+] in the drain waters.  Oxidation also re-started in 

the previously inundated AASS, resulting in further acid generation.  Barry et al. (2003) concluded 

that once controlled seawater inundation was started, it should be maintained so as to prevent 

deterioration of the water quality. 

 

Chapter 8 of the technical report was entitled “Geochemistry of Suspended Particles in Discharge 

Waters” and was authored by Hall (2003).  Much of the research presented in Hall (2003) was also 

described in Hall (2002).  Hall (2003) found that the amount of Fe in the suspended particles 

decreased during a period of seawater inundation in Firewood Creek.  By contrast, the 

concentrations of As, Cr, Cu, Ni and Zn increased. Hall (2003) suggested that the observed increase 

in As, Cr, Cu, Ni and Zn was due to increased adsorption of the elements onto suspended particles 

as a result of increased drainage water pH values.   

 

Hall (2003) also investigated creek sediments from the mouth of Firewood Creek (i.e. outside East 

Trinity’s bundwall) for increased element concentrations.  Hall (2003) concluded that ASS runoff 

had little effect on the geochemistry of creek sediments outside of the bundwall both before and 

after tidal inundation.  Furthermore, the total metal concentrations in the sediments were below the 

ANZECC and ARMCANZ (2000) sediment quality guidelines.  However, As concentrations 

exceeded the ISQG-Low value. Hall (2003) suggested that the elevated concentrations of As were 

not due to contamination of the sediments, but were instead due to background geology.  

 

1.3.4 Other Investigations 

Cavicchiolo (2001) conducted an investigation into the bioaccumulation of As and Zn using farmed 

oysters (Saccostrea glomerata) placed in Hills, Firewood and Falls Creeks as well as collecting and 

analysing crab (Scylla serrata), water and sediment samples from East Trinity.  The study found that 

none of the oyster or crab samples exceeded the As or Zn guidelines stipulated by the Food 

Authority Australia and New Zealand, though the waters of Firewood Creek were consistently 

acidic and Fe-rich ‘flocculant’ was observed downstream of the floodgates on a number of 

occasions.  Hills Creek, in contrast to Firewood Creek, was not found to be excessively acidic and 

no flocculation was reported.  In direct response to the concerns raised by Hicks et al. (1999) 

regarding mobilisation of metals off-site, Cavicchiolo (2001) found that there was no evidence that 
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trace elements released from Firewood or Hills Creeks were having a significant impact on the 

ecology of Trinity Inlet or the Great Barrier Reef. 

 

1.4 Gaps of Knowledge 

Seawater inundation of AASS has the potential to be a cost effective and environmentally 

sustainable AASS remediation strategy.  In theory, seawater inundation rehabilitates AASS by 

neutralising soil acidity and promoting reductive chemical processes in the soil.  Furthermore, 

seawater inundation of AASS has the potential to minimise the release of many elements (e.g. Al, 

Co, Cu, Ni, Pb, Zn) because these elements are generally less mobile under circum-neutral pH 

and/or reducing conditions.  Though the rehabilitation of AASS using seawater inundation is 

theoretically sound, it is, for the most part, unproven.   

 

1.4.1 Global Issues 

Element behaviour during seawater inundation of AASS is largely unknown.  Acid generation may 

be the obvious problem associated with ASS, but it is the release of metals and metalloids from 

AASS that is the main source of environmental harm (Åström, 2001b).  The need for greater 

understanding of metal and metalloid behaviour in ASS was identified by van Breemen (1993), who 

urged for more research into the release of elements from ASS.  Van Breemen (1993) reasoned that 

because the problems associated with ASS were distinctly chemical, understanding the behaviour of 

elements in ASS was crucial to the effective ASS management.  However, the lack of progress in 

understanding metal and metalloid behaviour in ASS was reflected by Cook et al. (2000) who 

echoed van Breemen’s (1993) call for more study into the release of heavy metals from ASS.    

 

In spite of the major problem with ASS being element mobilisation, limited work has been 

conducted on element behaviour in AASS and even less work into element behaviour during AASS 

inundation.  Elements display a range of behaviours during PASS oxidation (AASS formation).  For 

example, Åström (1998) used acid digests to examine the distribution of Co, Cr, Cu, Fe, Mn, Ni, Ti, 

V and Zn in AASS, transitional ASS (partially oxidised PASS) and PASS.  Åström’s (1998) work 

showed that considerable mobilisation and redistribution of elements occurred during oxidation of 

the ASS.  The AASS was depleted in Co, Cu, Mn, Ni and Zn.  However, not all of these elements 

were completely lost from the soil profile.  Some of the Co, Ni and Zn had moved lower in the 

profile and had been immobilised in the reduced sediments located beneath the AASS horizon.   

The work of Åström (1998) demonstrated a diversity of element behaviours that were largely a 

product of the pH and/or redox conditions.   

 

Element mobility is largely dependent on environmental pH and redox conditions.  At East Trinity, 

the two main processes that cause major changes to the pH and redox conditions of the ASS 
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environment are PASS oxidation/acidification (e.g. during site drainage) and AASS 

reduction/neutralisation (predicted to occur due to seawater inundation).  Oxidation of PASS 

generates AASS and causes the environmental problems (acid production and element 

mobilisation) associated with ASS.  Seawater inundation of AASS has the potential to rehabilitate 

AASS by neutralising acidity and inducing reducing redox conditions in the AASS.  Some elements 

(e.g. Fe) may be mobilised by reducing conditions.  Furthermore, seawater inundation involves the 

movement of high ionic strength waters through AASS, providing a potential mechanism of 

element desorption and mobilised element transport out of the soil.    These issues are of major 

concern to the success of AASS rehabilitation using seawater inundation, because the effectiveness 

of seawater inundation is highly dependent on it suppressing the mobility and preventing the 

release off-site of potentially toxic elements.   

 

Element bioavailability in Inundated AASS (IAASS) is also largely unknown.  No work has 

previously been conducted on element phytoavailability in AASS, generally because the wide-scale 

vegetation death that accompanies AASS formation limits sampling opportunities.  However, plants 

are colonising the IAASS of the Firewood-Magazine Creek system.  Furthermore, wild, feral and 

domestic animals graze on vegetation in the inundated areas.  The plants colonising the areas of 

IAASS should be investigated for heightened element concentrations.       

 

1.4.2 Local Issues 

The tidal exchange program used in the Hills Creek catchment of East Trinity has shown that 

seawater inundation has the potential to neutralise soil and drainage acidity (Hicks and Fitzpatrick, 

2003).  However, this requires confirmation and a number of additional areas require further 

investigation.   

 

Element behaviour during seawater inundation of AASS has not previously been described.  This is 

of concern as the success of the rehabilitation program at East Trinity and the protection of the 

surrounding habitats, depends on minimising the release of acidity, metals and metalloids from 

IAASS.  Therefore, understanding the geochemistry of IAASS is fundamental to assessing the 

effectiveness of the tidal exchange rehabilitation program.  Moreover, identifying how the 

metals/metalloids behave during seawater inundation is important to establishing effective 

management and defining expected outcomes of the AASS rehabilitation. 

 

A common phenomenon of ASS environments is Fe-rich flocculants/sediments in slow flowing 

drains servicing areas of ASS.  These Fe-rich drain sediments are abundant in the Firewood-

Magazine Creek catchment.  Hicks and Fitzpatrick (2003) identify that the drain flocculants consist 

of Fe oxyhydroxides (both amorphous and crystalline e.g. akaganeite and goethite; Hall, 2002) that 
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act as major sinks for heavy metals and metalloids mobilised from ASS.  Hall (2002) showed that 

the chemistry of the Fe flocculants was dominated by Fe (greater than 10 %) with minor Al (< 4 

wt.%) and traces of (< 100 ppm) As, Cr, Cu, Mn, Ni, Pb and Zn.  The Fe-rich flocculants can be 

incorporated into sediments where they may undergo reduction, potentially releasing the heavy 

metals and metalloids and making them available to sediment-dwelling biota.  Smith et al. (2003c) 

state that concentrations of metals and metalloids in the drain sediment may prevent re-occupation 

by benthic biota.  The occurrence, behaviour and fate of these elements requires further 

investigation if the risk they pose is to be quantified. 

 

Sediments from the mouth of Firewood Creek have the potential to be impacted by element 

mobilisation from AASS during inundation.  Sediments from Firewood Creek collected by Hall 

(2002) showed increased concentrations of Mn, Ni and Pb during a three-month period of seawater 

inundation.  This suggests that the seawater inundation of AASS in the Firewood-Magazine Creek 

catchment may increase element concentrations in mouth sediments.  The impact of seawater 

inundation of AASS in the Firewood-Magazine Creek catchment requires clarification.   

 

1.5 Research Project 

The previous discussion (Section 1.4) has demonstrated that there are significant gaps in the 

knowledge on the behaviour, fate and bioavailability of elements during seawater inundation of 

AASS. At East Trinity, the identified areas are:  1) the element distributions in the ASS of Firewood 

Creek catchment, East Trinity; 2) element mobilisation during AASS inundation; 3) the fate of 

elements mobilised during AASS inundation; and 4) element bioavailability in inundated AASS. 

 

1.5.1 Key Research Question 

The four identified knowledge gaps are encompassed by the project’s key research question: 

 

What are the effects of seawater inundation on the distribution, hosting, fate and bioavailability of 

elements in actual acid sulfate soils? 

 

The elements examined by the project were those referred to as potentially toxic elements by Siegel 

(2002): As, Co, Cr, Cu, Fe, Mn, Ni, Pb, Sc, V and Zn.  Aluminium was added to this group because 

of its potential for mobilisation and toxicity in ASS environments.  Sodium was examined in ASS as 

an indicator for seawater inundation.  Barium, Ga, Nb, Ti, and Zr were frequently used to assist 

with interpretation of geochemical processes.  Other elements were described where determined 

and relevant.   
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Overall, the research is to contribute to the understanding of element behaviour in inundated 

AASS, as well as assist with the assessment of AASS remediation by seawater inundation.  The 

project focussed on the geochemical processes that affected element behaviour during AASS 

inundation i.e. IAASS formation.  Detailed statistical descriptions of ASS and quantitative 

modelling of element mobilisation valid for the entire East Trinity site were not attempted.  Such 

description and modelling would require exhaustive soil surveys and associated sampling and 

geochemical analyses, which are well beyond the scope of this project. 

 

1.5.2 Research Objectives 

The four areas of research contained in the key research question were addressed by chapter 

objectives.  Element distribution in AASS, IAASS and PASS are described in Chapter 3 and 

element mobility identified in Chapter 4.  The research objectives were: 

1. to describe the geochemistry of ASS in the Firewood Creek catchment (Chapter 3);  

2. to identify IAASS (Chapter 3); and  

3. to test if Isocon Analysis (IA) could be effectively applied to ASS systems (Chapter 4); and  

4. to identify elements released from AASS during seawater inundation (Chapter 4).   

 

Element hosting in AASS, IAASS and PASS is identified in Chapter 5 (Element hosting in ASS).  

The research objectives for Chapter 5 were: 

1. to determine element hosting in AASS, IAASS and PASS; and  

2. to identify the effects of seawater inundation of AASS on element hosting.  

 

The fate of the elements mobilised from ASS is examined in Chapter 6.  Research objectives for 

Chapter 6 were: 

1. to describe the mineralogy, geochemistry and element hosting in the drain sediments; 

2. to investigate the drain sediments for enrichment in elements mobilised from inundated 

AASS; and  

3. to investigate Firewood Creek mouth sediments for element enrichment: a) relative to 

background; and b) from seawater inundation of AASS. 

 

Element bioavailability in IAASS is investigated in Chapter 7 (Element bioavailability in IAASS).  

The Chapter 7 research objectives were: 

1. to assess elements for increased bioavailability under inundated soil  conditions;  

2. to determine the response of the sampled plant species to the phytoavailable element pool; 

and 

3. to identify if plants growing in IAASS contained higher element concentrations than: a) 

background samples; or b) toxicity guidelines. 
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1.5.3 Project Significance 

The effectiveness of the tidal exchange rehabilitation program at East Trinity is highly dependent 

on seawater inundation suppressing the mobility of environmentally significant elements.  Wider 

project importance stems from the need to determine the environmental risks and benefits posed 

by the rehabilitative inundation of AASS.   

 

Identifying the effectiveness of seawater inundation would bring about its use at other locations 

affected by AASS.  Returning areas of disturbed ASS to productive wetlands provides an obvious 

benefit to both the community and the environment.  This is evident by the global distribution of 

ASS, their association with highly beneficial and productive ecosystems (e.g. estuarine 

environments), their frequent occurrence in close proximity to human settlements (development is 

a common cause of ASS oxidation) and the potential environmental harm posed by their oxidation 

in terms of water pollution.  

 

Finally, the project’s study site, East Trinity, is itself environmentally important.  This is because 

East Trinity is located between two World Heritage listed areas, namely the Great Barrier Reef and 

Wet Tropics Rainforest of the Murray Prior Range (Bowman et al., 1999).          
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2. SITE DESCRIPTION AND METHODS 

2.1 Project Site - East Trinity 

The East Trinity site represents a parcel of coastal lowland that chiefly consists of tidally affected 

ASS covered with mangrove and samphire communities (Queensland Acid Sulfate Soils 

Investigation Team (QASSIT), 2000).  During the 1970s, it was bunded, drained and used for sugar 

cane cultivation trials.  Sugar cane cultivation on East Trinity was not economical and the site was 

largely abandoned after the cessation of cultivation activities.  However, changes to the hydrology 

of the site brought about by drainage and bunding, caused ASS to oxidise.  By the 1990s, much of 

the ASS on East Trinity had become extremely acidic.  Furthermore, drainage from the oxidised 

ASS carried high concentrations of metals (Al 4,200 mg/L, Fe 3,800 mg/L and Zn 178 mg/L; 

Hicks et al., 1999).   These polluted drainage waters discharged directly into Trinity Inlet.  

 

2.1.1 Location 

The East Trinity site is located at 16º56’S 145º48’E on the eastern bank of Trinity Inlet, opposite 

and approximately 1 km from the centre of Cairns City (16°55’S, 145°45’E, see Figures 2.1, 2.2 and 

2.3).   

 

Figure 2.1. Location of East Trinity (the study site) and Cairns City, Queensland, Australia. 
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Figure 2.2. Scenic aerial photograph showing proximity of East Trinity (right) to Cairns City 

(left).  Source: Cairns Historical Society. 

 

 

Figure 2.3. Topographic map of East Trinity (from Cairns 1:50,000 Topographic Map, Royal 

Australian Survey Corps, 1987). 
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2.1.2 Climate 

The tropical monsoon climate of the region is characterised by hot humid summers and mild 

winters with the lowest monthly mean minimum temperatures being 17 °C (in July) and the highest 

monthly mean maximum being 31.4 °C (in January; Australian Government Bureau of 

Meteorology, 2007).  Average annual rainfall at Cairns airport (2 km north-west of East Trinity) is 

1990.5 mm, mainly falling in the months of January, February and March (Table 2.1), during which 

time flooding of the coastal plain is common.  Evaporation exceeds rainfall from May to 

December, producing a net annual rainfall deficit of 272.5 mm. Tropical cyclones frequently affect 

the Cairns region and storm surges associated with these disturbances can be a major cause of 

coastal erosion (Jones, 1985).  East Trinity’s climate is of particular significance as the hotter more 

seasonal climate of Cairns affects the biological and hydrological processes that operate in ASS, 

potentially posing additional and/or different problems to those experienced in ASS remediation in 

more temperate areas (Bowman et al., 1999). 

 

Table 2.1.   Temperature, rainfall and evaporation data from Cairns Airport (Australian 

Government Bureau of Meteorology, 2007).  Temperature and rainfall data are 

from the period 1942 - 2007.  Evaporation data are from period 1966 - 2007. 

 Jan Feb Mar Apr May June July Aug Sept Oct Nov Dec Annual 

Mean Temp              
Max 31.4 31.2 30.5 29.2 27.6 25.9 25.7 26.5 28.0 29.5 30.6 31.4 29.0 
Min 23.7 23.7 23.0 21.6 19.9 17.8 17.0 17.4 18.6 20.6 22.3 23.3 20.7 

Mean rainfall 
(mm) 

384.8 448.5 419.5 202.1 92.3 47.2 29.3 27.7 33.8 39.2 92.4 177.8 1990.5 

Mean 
evaporation 

(mm) 
213.9 168 179.8 159 148.8 141 158.1 176.7 204 235.6 234 232.5 2263 

 

2.1.3 Vegetation Communities 

Before drainage, a number of tropical estuarine environments were identified on the site, including 

subtidal mudflats, intertidal mangrove swamps and supratidal saltflats (Bowman et al., 1999).  The 

lands within the bund have now almost uniformly been severely impacted and degraded by the 

altered hydrological conditions (Figure 2.4) and exist in stark contrast to the near pristine areas 

outside the bund (Bowman et al., 1999; Hicks et al., 1999).  The worst affected zones now support 

Melaleuca woodland (Figure 2.5; Bowman et al., 1999).   
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Figure 2.4. State of vegetation on the East Trinity site, 1981 (source Cairns Historical Society). 

 

As a result of reclamation activities, regrowth and altered vegetation systems dominate East Trinity, 

though some remnant vegetation systems still occur in the north-east (Stanton, 2003).    Natural 

vegetation systems include Melaleuca leucadendra forest, vine forest dominated by feather palms and 

mangrove forests.  The areas of natural vegetation were not relevant to the project.  Altered 

vegetation systems on East Trinity include Melaleuca and vine dominated forest, halophytic grass- 

and sedge-lands, mangrove communities and fernlands (Stanton, 2003).  These altered vegetation 

systems differ greatly from the original vegetation communities (Stanton, 2003) and are indicative 

of the significant environmental changes that have occurred on East Trinity. 

 

Melaleuca leucadendra is a native invasive species that dominates disturbed areas of East Trinity.  

Wetland vegetative communities associated with ASS along the east coast of Australia are often 

covered by communities of Melaleuca leucadendra in the north and Melaleuca quinquenervia in the south 

(Powell and Martens, 2005).  Generally, melaleucas are wetland, flood-tolerant trees that are 

tolerant of a wide range of environmental conditions (Lockhart et al., 1999).  Melaleuca leucadendra 

communities occur in various stages of maturity on the reclaimed lands of East Trinity and are 

significant because they indicate soil conditions and periods of invasion of the reclaimed lands 

(Stanton, 2003).  Melaleuca leucadendra are suited to freshwater wetlands as they are adapted to 

hypoxic, aquatic conditions by means of aquatic heterophylly and adventitious roots (Lockhart et 

al., 1999). 
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Figure 2.5. Dying melaleuca vegetation in south-western (Firewood Creek) East Trinity (GR 

717E 262N, June 2004). 

 

The occurrence of melaleucas on all but the most landward fringe of East Trinity is a product of 

environmental disturbance (Stanton, 2003).  Melaleucas are able to grow under very wet and low 

nutrient conditions (Di Stefano and Fisher, 1983) and rapidly colonise disturbed freshwater 

wetlands (Bodle and Van, 1999).  Stanton (2003) reported that on East Trinity the stages of 

melaleuca invasion of reclaimed land are marked by communities with different amounts of canopy 

closure and tree height.  Canopy closure and tree height are largely dependent on soil conditions 

and the age of the community; with the more luxuriant examples occurring on coarser and better 

drained soils (Stanton, 2003).  The presence of melaleuca around both the 82N and 82S sample 

sites confirms that both sample sites were within the drained area of East Trinity.   

 

Stanton (2003) reported that there has been an increasing area of melaleuca dieback since (at least) 

2001.  The melaleucas worst affected are those in the areas of low elevation in the Firewood Creek 

catchment.  Stanton (2003) attributed the melaleuca dieback to unfavourable soil conditions (i.e. 

seawater inundation).   
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2.1.4 Catchment and Drainage Features 

Trinity Inlet’s catchment is small (approximately 350 km2) and consists of a dense pattern of 

dendritic watercourses in the ‘uplands’ and meandering slow channels in the ‘lowlands’ (Jones, 

1985).  Of these, only Firewood, Hills and Magazine creeks traverse the East Trinity site (see Figure 

2.3).  Firewood and Magazine Creeks are typical ‘lowland’ creeks, being dominantly tidal, sinuous 

meandering distributary channels.  Hills Creek, which is the main drainage feature on East Trinity, 

starts in the ‘uplands’ of the Murray Prior Range before cutting across the lowlands of East Trinity 

in a similar meandering fashion to Firewood and Magazine Creeks. 

 

The flow of water in Firewood and Hills Creeks is controlled by tides and floodgates (see Figure 

2.6).  Tides in Trinity Bay (and therefore at East Trinity) are of mixed semidiurnal type and have a 

maximum predicted range of 3.4 m, being from -1.6 m to 1.8 m AHD (Powell and Martens, 2005).  

The floodgates were installed on the bundwall as part of the site drainage apparatus.  Under 

operating conditions, the floodgates facilitated the drainage of East Trinity by allowing water off-

site (during low-tides) and preventing water from flowing onto the site during high-tides.    

 

 

Figure 2.6. Floodgate and Bundwall on Firewood Creek  (GR 711N 265E, June 2004). 
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The Inlet itself has no major river feeding it, though it is thought that it once acted as the mouth of 

the Mulgrave River (Jones, 1985).  Willmott and Stephenson (1989) suggest that this situation 

changed when the Mulgrave River was redirected into the Russell River (to the south) due to the 

combined effects of the valley immediately south of Cairns being choked by alluvial sediments and 

a sea level fall in the Pleistocene.   

 

2.1.5 Holocene Geology of Trinity Inlet 

East Trinity forms part of the eastern bank of Trinity Bay.  The modern coastline of Trinity Bay 

was shaped by the approximately 130 m sea level rise that started at the end of the last glacial 

maximum (19,000 years BP; Lambeck et al., 2002) and ceased in the mid Holocene (6,000 to 7,000 

years BP; Lambeck et al., 2002; Thom and Roy, 1985; Chappell, 1982; Thom and Chappell, 1975; 

Bird, 1970).  The near stationary sea level since has allowed for coastal accretion and bay infilling 

largely resulting from sediment supplied by the Barron River (estimated at 1,420 million m3 over the 

last 7,000 years) (Jones, 1985).  Of these sediments, the mud fraction has accumulated in subtidal 

areas of Trinity Bay as a large prodelta deposit and in intertidal areas as estuarine and chenier plain 

deposits.  Late Holocene coastal accretion rates have been greatest at Trinity Inlet and the Barron 

Delta, progressively decreasing along the northern beaches of Cairns.  At present, stationary or 

slowly receding coastlines are characteristic of the region (Jones, 1985).   

 

2.1.5.1 Geological Units 

Accretionary activity in Trinity Inlet during the mid to late (since 7,000 years BP) Holocene 

developed a sequence of four chenier and associated sediment units assigned Qh1 to Qh4 (Figure 

2.7).  Jones (1985) describes these fours units as noted below. 

• Qh1 is the earliest Holocene phase and is represented by the most landward group of the 

three well-preserved cheniers in the west and by one large composite ridge in the east. Along 

the eastern and western margins of the low area surrounding the inlet, the ridges are in places 

covered by encroaching alluvium.  The cheniers consist of quartzose sand and are mostly free 

of calcium carbonate.   

• Qh2 is the next most seaward unit (and therefore second oldest) and arcs across from West 

Cairns through Trinity Inlet roughly parallel with Qh1.  In the East Trinity area the ridges are 

more sparse than in the western arm.  The ridges consist of fine to medium quartzose sand. 

Very coarse sand at the base overlies a sticky mud containing shell and wood fragments.  

These basal sediments are interpreted as intertidal chenier plain deposits. 

• Qh3 is marked by a change in alignment and form of the ridges.  On the eastern side of the 

Inlet the Qh3 unit is made up of several weakly developed cheniers surrounded by estuarine 

and supratidal muds. 
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• Qh4 is the youngest accretionary unit of the Trinity Inlet system.  It occurs in the northeast, 

adjacent to Bessie Point and extends westwards towards Cairns Harbour.  The unit includes 

the present day seaward prograding mangrove zone within which three small sigmoidal 

cheniers have formed.  These ridges contain substantial quantities of mollusc shells and shell 

fragments.   

 

2.1.5.2 Cheniers 

Jones (1985) describes the general form of the chenier of Trinity Inlet as being 1 to 2 m higher than 

the surrounding muds and supporting open forest vegetation.  The chenier plain consists of a 

sequence of cheniers separated by intertidal and supratidal sandy mud deposits commonly rich in 

fibrous plant material.  Intertidal muds are densely colonised by mangroves and supratidal areas are 

typically covered by halophytic plants.  The cheniers are aligned roughly parallel with the modern 

shoreline and are most numerous in the northwest of Trinity Bay (see Figure 2.7).  The most 

landward chenier crosses Admiralty Island in the centre of the Inlet and has been radiocarbon dated 

at 5080 (± 135) years BP (Bird, 1970). 

 

2.1.5.3 Sediment Sources 

Jones (1985) identifies potential sources of sediments to East Trinity as including longshore drift, 

fluvium, continental shelf sediments and materials provided by erosion of existing sediments.  

Trinity Inlet’s mouth appears to have been effective in blocking the transport of sand from the 

Barron River as the proportion of sand in the sediment supplied to the eastern side of Trinity Inlet 

(East Trinity) is substantially less than that supplied to the western area (Cairns).  Mud supply has 

been near constant to East Trinity, mostly from the Barron River.  This has been complemented 

with a minor supply of sand from littoral drift around Bessie Point and the granites of the Murray 

Prior Range (largely by Hills Creek).   

 

2.1.6 Soils 

Murtha et al. (1996) mapped three soil types on and around East Trinity (Figure 2.8).  Made land 

(ML) forms the majority of East Trinity and reflects the reclaimed lowland within the bundwall.  

Mangrove sediments (Mg) surround the bundwall on the south, west and north sides.  Colluvial soil 

(Ho) occurs along the eastern edge of East Trinity and marks the interface of the costal lowlands 

with the granite highlands. 
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Figure 2.8. Soils of East Trinity (after Murtha et al., 1996). 

 

2.1.7 Development and Remediation History of East Trinity 

Between 1971 and 1974, approximately 900 hectares of estuarine wetland on the coast of Trinity 

Inlet were bunded and drained (Hicks et al., 2003).  The bunded parcel of land became known as 

East Trinity (Figure 2.3).  Reclamation works included the construction of a 7.2 km long bundwall, 

a network of deep drains and one-way floodgates on Firewood and Hills Creeks that prevented 

seawater from entering the site (Powell and Martens, 2005).  East Trinity was reclaimed to grow 

sugarcane, but sugarcane cultivation was rapidly found to be unviable over much of the area (peak 

sugarcane planting was in 1981; Hicks et al., 2003).  The issues with sugarcane production were 

thought to be due to drainage and salinity.  However, unknown at the time, the ‘reclaimed’ soils 

were largely PASS.   

 

Site drainage led to a drop in the watertable and consequently exposed PASS to the atmosphere.  

The PASS quickly oxidised to form AASS and environmental issues soon followed.  The AASS 
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released extremely acidic metal- and metalloid-rich drainage waters (Hicks et al., 2003).  It soon 

became obvious that cane production on the site was not economical.   

 

The site was eventually sold to a property development group (NatWest) in the late 1980s/early 

1990s, which planned to use the land for a satellite community/resort (Royal Reef).  The intractable 

problems associated with the site arrested such ideas and expedited its transfer of ownership.  East 

Trinity continued to be used for limited cane production up to the late 1990s (Hicks et al., 2003), 

during which time acidic metal- and metalloid-rich leachate released from the site caused fish kills 

(Russell and Helmke, 2002).  Evidence of the metal- and metalloid-rich acidic waters in the 

Firewood and Magazine Creeks from 1997/1998 provided by Hicks et al. 1999 shows 

concentrations of Al, Fe and Zn frequently above the ANZECC (1992) water quality guidelines 

(Table 2.2).  

 

Table 2.2. Comparison of water quality in Firewood and Magazine Creeks for the period 

January 1997 to April 1998 with the contemporary ANZECC (1992) guidelines.  

Data from Hicks et al. (1999). 

 pH Al mg/L As µg/L Fe mg/L Mn mg/L Zn mg/L 
ANZECC (1992) Water 
Quality Guidelines 

 
0.005 or 

0.1 if pH > 6.5 
50 0.5 - 0.05 

Firewood Creek        
Minimum 2.4 0.1 2 0.1 0.1 0.02 
Median 3.6 1.0 2 1.6 0.5 0.19 

Maximum 7.3 15.0 2 20.4 1.8 0.66 
n 27 27 8 27 27 27 

Magazine Creek       
Minimum 2.6 0.5 2 0.5 1.0 0.16 
Median 2.9 5.1 2 15.5 3.5 0.20 

Maximum 6.2 31 3 25 4.7 0.35 
n 12 12 8 12 12 12 

 

 

 The seriousness of the environmental harm caused by the neglected site in the late 1990s 

compelled the Queensland State Government to purchase East Trinity in 2000, with a view to 

rehabilitation.  After careful consideration, the Queensland State Government chose a remediation 

plan that involved the transformation of the site from an unmanaged freshwater/brackish wetland 

to a managed tidal wetland using seawater inundation and liming with a process referred to as ‘lime 

assisted tidal exchange’ (QASSIT, 2000).   

 

Seawater inundation is one of the central strategies of the East Trinity rehabilitation plan. The East 

Trinity rehabilitation plan is designed to progressively and cautiously replace the existing acidified 

fresh/brackish-water wetland with a managed tidal wetland (QASSIT, 2000).  Once established, the 

restored tidal wetland is expected to inhibit further acid production beyond what would occur in a 
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natural system (QASSIT, 2000).  The East Trinity remediation plan addresses three key ASS 

problems identified at East Trinity (Smith et al., 2003a, Smith et al., 2003c).  The three key ASS 

problems are:  

1) the potential oxidation of deep ASS;  

2) the remediation of existing/potential acidity in the shallow ASS; and  

3) the treatment of mobilised ASS oxidation products.   

 

The remediation plan minimises the potential for deep ASS oxidation by preventing further site 

drainage and avoiding mechanical disturbance of the low transmissivity layers that overlie the deep 

ASS.  Seawater inundation is employed to remedy the problems associated with the existing and 

potential acidity in the shallow ASS.  The shallow ASS is comprised of: a) the AASS that formed 

during the early 1970s reclamation of East Trinity and have caused the environmental problems; 

and b) PASS that must be prevented from oxidising.  Seawater inundation is expected to buffer the 

existing acidity and ultimately halt further oxidation of PASS.  The final key ASS problem at East 

Trinity is the pollution caused by mobilisation of the oxidation products of ASS (i.e. acidity, SO4 

and metals).  While it is not possible to remove these oxidation products from the drainage waters, 

their impacts are minimised by increasing the pH of drainage waters before discharge.  Drainage 

water pH management is achieved by monitoring and lime addition.  

 

Implementation of seawater inundation at East Trinity uses the existing floodgates and bundwall to 

control the movement of water on- and off-site.  This allows the worst affected AASS areas to be 

consistently inundated with ‘fresh’ seawater and returning waters to be treated (i.e. neutralised with 

lime as required) before discharge to Trinity Inlet.  Controlled seawater inundation differs from the 

uncontrolled (or natural) seawater inundation that occurred when East Trinity was abandoned by 

controlling the height and duration to which seawater is held on-site.   

 

The use of the floodgates to hold water for treatment before discharge is an important component 

of controlled seawater inundation because of the threat posed by the increased metal and metalloid 

concentrations carried by untreated (i.e. acidic) waters.  The use of seawater inundation also has 

economic benefits, being considerably cheaper than lime treatment of the acidified layers (referred 

to as the ‘dry approach’).  For example, the estimated cost of total rehabilitation by lime treatment 

of the problem soils was estimated to be $62 million, or $55 - $70 million over the next 25 years for 

the treatment of acidified waters (QASSIT, 2000). 

 

The introduction of seawater inundation to the lower-lying acidified areas of the Hills Creek 

catchment on East Trinity has decreased the acidity of the soil solution and induced reducing 

conditions in parts of the previously oxidized soils (Hicks and Fitzpatrick, 2003).  Hills Creek was 

experimentally inundated to 0.5 m AHD (Powell and Martens, 2005) with controlled lime-assisted 
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tidal exchange in late May/early June 2002 (Hicks and Fitzpatrick, 2003).  Permanent tidal exchange 

of Hills Creek was started in February 2003 (Queensland Government, 2003).   

 

The effects of 3 weeks of tidal exchange in an ASS profile from Hills Creek catchment (Hills Creek 

Peat site) were a general decrease in pε, with Fe and SO4 reducing conditions being generated in the 

AASS (Hicks and Fitzpatrick, 2003).  Redox conditions in the AASS returned to pre-inundation 

conditions after the 3-week trial.  Data also showed that tidal water penetrated the profile to a least 

1 m bgl and that some movement of acidic cations to below this depth occurred (Hicks and 

Fitzpatrick, 2003).   Martens et al. (2004) reported on the effects of 12 months of seawater 

inundation in the Hills Creek system.  Examination of an ASS profile from the same location used 

by Hicks and Fitzpatrick (2003) showed that the soil solution had increased a pH unit to a depth of 

1.2m bgl. However, the soil solution remained acidic and drainage waters from the inundated areas 

commonly had pH values of 3 and 4 (Powell and Martens, 2005).  The continuation of acidic 

drainage has been attributed to AASS above the level of tidal exchange inundation.  Despite the 

ongoing acidic drainage, the pH of Hills Creek discharge waters has largely been maintained above 

6 through treatment with hydrated lime (Powell and Martens, 2005).  

 

The Firewood-Magazine Creek catchment was subjected to uncontrolled seawater inundation 

alternating with periods of seawater exclusion between 2000 and December 2005 (Powell and 

Martens, 2005; Hicks and Fitzpatrick, 2003).  In December 2005, controlled seawater inundation 

was attempted (Powell and Martens, 2005).  Events of uncontrolled seawater inundation flood the 

Firewood Creek catchment to a depth of -0.18 m AHD (Powell and Martens, 2005).  The effect of 

seawater inundation was demonstrated by an ASS profile (TC1) examined in 2002 that had been 

exposed to 8 months of seawater inundation in the Firewood Creek catchment. Soil solution pH in 

the profile had increased from 3.5 to 5 (Hicks and Fitzpatrick, 2003; Smith et al., 2003c) and redox 

potential had decreased in the profile to a depth of 0.7 m bgl (Hicks and Fitzpatrick, 2003).  

Additionally, improvements in the water quality of Firewood Creek during the period of 

uncontrolled seawater inundation were reported (Smith et al., 2003c).  Powell and Martens (2005) 

provide further evidence of the remediation of water quality in Firewood Creek by seawater 

inundation and the rapidity with which the rehabilitation can be undone.  During uncontrolled 

seawater inundation in 2001, the pH of Firewood Creek water increased from 3.5 to pH values 

between 6 and 8 (Cavicchiolo, 2001).  However, replacement of a flap valve on Firewood Creek 

stopped seawater inundation in the catchment and led to a sudden drop in water depth, pH and 

dissolved O (Barry et al., 2003).  This example illustrates the importance of consistent inundation 

and the necessity of careful management of ASS environments being remediated using seawater 

inundation.  
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2.2 Sample Collection and Processing 

2.2.1 Acid Sulfate Soils 

The geochemical effects of seawater inundation on AASS were identified by examination of ASS 

profiles that had been inundated with seawater to different degrees.  Disturbed ASS profiles 

typically consist of an upper zone of AASS and a lower zone of PASS.  Inundated ASS profiles 

differ from typical ASS profiles in that they are comprised of neutralised AASS (i.e. IAASS) and 

PASS.  The sampling locations for the ASS profiles were guided in the field by site relationships to 

drainage features and the presence and condition of Melaleuca leucadendra trees.  

 

The first soil profile was sampled from GR 722E/264N (Figure 2.9).  The site was located within 5 

m of live Melaleuca leucadendra (20 cm ø trunk at 1 m above the surface, Figure 2.10).  The soil in the 

cores from the site were moist, but contained no free water.  For this reason, the profile sampling 

location was referred to as the “dry ASS profile site”. 

 

The second soil profile was sampled from GR 719E/262N (Figure 2.9).  Compared to the first 

sample site, the second site was ~0.4 m lower in elevation, 100 m nearer to the coast and closer to 

drains that facilitated the movement of tidal waters (i.e. seawater) on and off East Trinity.  The 

second location was amongst small (15 cm ø trunk at 1 m above the surface) dead Melaleuca 

leucadendra trees (Figure 2.11).    The soil profiles collected from the second site were wet with 

saltwater.  Consequently, the second site was referred to as the “wet ASS profile location”.   

 

The wet ASS profile was sampled within 20 m of Firewood Creek and less than 5 m from a drain 

constructed to facilitate drainage of the site.  The elevation of the wet ASS location was 

approximately -0.1 m AHD.  In comparison, the dry ASS profile was sampled ~100 m up-drain (a 

landward direction) from the wet ASS profile location.  The elevation of the dry ASS profile was 

approximately 0.3 m AHD.  Seawater inundation in the Firewood Creek catchment has been largely 

uncontrolled since 1999-2000 (Hicks and Fitzpatrick, 2003).  The depth to which tidal inundation 

occurs on the site fluctuates with the tides, but averages -0.18 m AHD (Powell and Martens, 2005).  

The lower elevation and proximity of the wet ASS profile to Firewood Creek suggests that it was 

inundated to a greater degree than the dry ASS profile.    

 

Additionally, the locations from which both ASS profiles were sampled were in close proximity to 

Melaleuca leucadendra trees.  At East Trinity, Melaleuca leucadendra trees indicate two critical soil events: 

1) drainage and consequent AASS formation; and 2) seawater inundation.   
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Figure 2.9. Sample collection locations on East Trinity.  ASS, drain sediment, creek sediment 

and plant sample locations are shown.  Vegetation samples consist of two species: 

Paspalum vaginatum (seashore paspalum; PV); and Acrostichum speciosum (mangrove 

fern; MF).  Image is aerial photograph Q6118/47 taken in 2004 (Natural 

Resources and Mines, 2004). 

 

Drainage is the first soil event marked by Melaleuca leucadendra trees.  The reclamation of East Trinity 

started in the early 1970s (Hicks et al., 2003).  The reclaimed land was drained and excluded from 

tidal influence from the time of construction of the bundwall to abandonment of the site (early 

1970s to the late 1990s).  Much of the drained land was cleared of vegetation, levelled, and used for 
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sugar cane production.  Drainage lowered the watertable and allowed PASS to oxidise to AASS.  

AASS formation frequently made much of the reclaimed land unsuitable for sugar cane production 

and large areas were abandoned.  The abandoned acidified areas were rapidly invaded by Melaleuca 

leucadendra trees (Stanton, 2003).  Many Melaleuca species are known to be aggressive invaders of 

disturbed and/or disused wetlands (Bodle and Van, 1999).  Moreover, Melaleuca leucadendra trees are 

tolerant of acidic soil conditions and have been reported growing in ASS with soil pH values below 

4 (Brinkman and Xuan, 1991).  The re-establishment of the pre-existing mangrove communities on 

site was prevented by a transition of hydrological conditions from salt- to fresh-water.  For these 

reasons, Melaleuca leucadendra trees colonised and dominated the disturbed and acidified areas of East 

Trinity while it remained drained and excluded from tidal movements.    

 

Seawater inundation is the second soil event indicated by Melaleuca leucadendra trees.  Since 

abandonment of East Trinity (in the late 1990s), large areas of Melaleuca leucadendra trees have been 

suffering ‘dieback’.  The dieback of the Melaleuca leucadendra trees has been attributed to 

unfavourable hydrological conditions (Stanton, 2003).  Melaleucas are able to tolerate a range of 

growing conditions, inundation and salinity (Johnston et al., 2003; Brinkman and Xuan, 1991), 

though salinity is thought to limit their spread (Ferriter, 1999).  The salt- and fresh- water 

inundation tolerance of 20 melaleuca species, including Melaleuca leucadendra, was investigated by van 

der Moezel et al. (1991).  In glasshouse experiments, saltwater inundation was found to kill 

significant numbers of many melaleuca species, whereas freshwater inundation failed to kill any 

trees and proved beneficial to some species.  Melaleuca leucadendra was one of the least tolerant to 

saltwater inundation.  In fact, all of the Melaleuca leucadendra specimens in van der Moezel et al.’s 

(1991) experiment were killed by 11 weeks of saltwater inundation (maximum EC of saltwater was 

63 mS/cm).  Melaleuca death from salt-water inundation has also been observed in the field.  

Finlayson et al. (1997) reported the death of a stand of melaleucas in the Alligator River Region of 

the Northern Territory after saltwater intruded their substrate.   

 

The site from which the dry ASS profile was taken was within 5 m of a stand of live Melaleuca 

leucadendra trees, whereas the sampling site of the wet ASS profile was surrounded by dead Melaleuca 

leucadendra trees.  The dead Melaleuca leucadendra at the sample site of the wet ASS profile indicates 

that it was extensively inundated with seawater.  In comparison, the higher elevation, increased 

distance from Firewood Creek, proximity to live Melaleuca leucadendra, and the acidic soil of the dry 

ASS profile indicate that it has not been exposed to significant seawater inundation.  The condition 

of the soil cores was inline with the field evidence.  The cores from the dry ASS profile contained 

little free water, whereas the cores of the wet ASS profile were wet with saltwater and much of the 

soil saturated. 
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Figure 2.10. Dry ASS profile sample site (GR 722E 264N).  The dry ASS profile site was 

located amongst live Melaleucas leucadendra trees.  The surface of the sample site was 

dry when sampled. 
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Figure 2.11. Wet ASS profile sample site (GR 719E 262N).  The red-orange surface of the wet 

ASS profile sample site is shown in detail by the photograph inserted in the top 

left.  The surface consisted of thin red-orange crust underlain by black ooze with 

considerable intermixed organic matter.  Dead Melaleucas leucadendra trees with red-

orange staining 10 to 15 cm above surface are evident.  Surface was saturated at 

the time of sampling.   

 

The wet and dry ASS profiles were sampled as cores in November 2004 and June 2005 (before the 

start of sustained controlled seawater inundation of the Firewood Creek catchment).  Two soil 

cores were collected from the wet ASS profile location (cores WP1 and WP2) and three from the 

dry ASS profile site (cores DP0, DP1 and DP2).  The WP1, WP2, DP1 and DP2 soil cores were 1.4 

m long.  The DP0 core was 1.1 m long.  The ASS profile cores were with a soil auger (core DP0), a 

manual suction corer (40 mm Ø core; cores DP2, WP1 andWP2), or Geoprobe soil core collection 

rig (40 mm Ø core, core DP1).     

 

The soil cores were immediately transferred to labelled plastic sleeves or bags on removal from the 

collection device.  The ASS samples were transported to James Cook University (Cairns) within 4 

hours of collection and stored at –18 ºC. The ASS profile locations are given in Table A.1 and ASS 

sample details are given in Table A.2 (both in Appendix A).  The ASS profile sampling locations are 

also plotted on Figure 2.9.     
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The soil cores from the dry and wet ASS profiles were divided into 10 cm sections with two 

exceptions.  The first exception was the initial core from the dry ASS profile location (core DP0) 

was divided into 30 cm and 20 cm samples for XRD analysis.  The second exception was the WP1 

core from the wet ASS profile location, in which the two upper most soil samples were each 15 cm 

long.    

 

2.2.2 Drain Sediments 

Seventeen drain sediment samples were collected from the Firewood-Magazine Creek catchment.  

Two distinct drain sediments were identified in the field (Figure 2.12): orange flocculant (OF) on 

the surface of the drains and black ooze (BO) that commonly occurred directly beneath the OF.  

Samples were collected by scraping the OF, or scooping the BO, with a clean plastic blade and 

placing in airtight sample vials.  The approximately mass of each sample was 50 g.  Samples were 

transported to James Cook University within two hours of collection, where they were stored at -

18oC.  Drain sediment sample locations and notes are given in Table A.3 of Appendix A, and 

plotted on Figure 2.9.   

 

2.2.3 Mouth Sediments 

Sediments from the mouth Firewood Creek were collected by NRM&W staff from sediment traps 

located outside the East Trinity bund wall (Figure 2.13).  The Firewood creek mouth sediment traps 

are the same as those from which sediments were collected by Hall (2002) in early April 2004 

(Figure 2.9).  Thirteen samples were collected.  The mass of each sample was between 200 and 500 

g (wet).  All samples were placed in labelled plastic ziplock bags and stored in a chest freeze at -

18oC.  Mouth sediment sample locations and notes are given in Table A.4 of Appendix A, and are 

plotted on Figure 2.9.   

 

2.2.4 Plants 

Grass and mangrove fern samples were collected to identify if elements were being accumulated by 

plants on inundated AASS of East Trinity.  The grass species collected was Paspalum vaginatum and 

the fern species was Acrostichum speciosum.  Each plant sample consisted of the whole plants (above 

and below ground tissue).  Soil from the roots of the first seven samples of each species (i.e. those 

collected in March 2007) was also collected.   

 

Sixteen samples of the grass Paspalum vaginatum were collected from East Trinity (see Sample map 

Figure 2.9, Table A.5 in Appendix A).  The grass was identified using the AusGrass Lucid key of 

Sharp and Simon (2002) as Paspalum vaginatum.  The AusGrass identification was confirmed by the 

Queensland Herbarium (2007a; b).   
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Figure 2.12. Drain sediments in the Firewood Creek catchment, East Trinity.  Photographs are 

all from within 5 m of GR724265.  Photograph A shows a drain choked with 

orange flocculant (OF) and black ooze (BO).  Photographs B and C demonstrate 

the OF and BO field relationship.  The OF coat the BO, though OF can occur 

without the underlying BO.    

 

Sixteen samples of the mangrove fern Acrostichum speciosum were collected from East Trinity (see 

sample map (Figure 2.9) and Table A.5 in Appendix A for sample details).  The identity of the 

mangrove fern as Acrostichum speciosum was confirmed by the Queensland Herbarium (2007b).  

Acrostichum speciosum had not previously been identified on East Trinity. However, the very similar 

mangrove fern Acrostichum aureum was reported by Stanton (2003).  The presence of Acrostichum 

speciosum may indicate transition from fresh to brackish waters on East Trinity as Acrostichum aureum 

occurs in strictly freshwater habitats; whereas Acrostichum speciosum requires a more or less brackish 

environment (Australian National Herbarium Centre for Plant Biodiversity Research, 2007).  This 

indicates that Acrostichum speciosum may be more suited to the inundated areas of East Trinity than 

Acrostichum aureum. 

 

Soil was collected from the roots of the Acrostichum speciosum and Paspalum vaginatum samples before 

the plants were processed for analysis.  Fourteen plant soil samples were collected (seven from each 

species, PV1 to PV7 and MF1 to MF7).  The soil was taken from amongst the root mass and stored 
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in airtight containers.  Each soil sample was approximately 50 g in mass (wet).  The maximum 

depth from which the plant soils were taken was 20 cm. 

 

 

Figure 2.13. A sediment trap used to sample the mouth sediments of Firewood Creek.  All 

mouth sediment traps were located outside the Firewood Creek floodgates (i.e. 

outside the East Trinity property).  Photograph is from Hall (2002).  Actual 

sediment trap and grid reference were not reported. 

 

2.3 Soil pH and Oxidised Soil pH 

The field test for ASS described by Hey et al. (2000) and Ahern et al. (1998) was used to classify 

ASS samples as PASS or AASS.  The field test for ASS classifies ASS using soil pH and oxidised 

soil pH values.  AASS have soil pH values of ≤ 4.  PASS have an oxidised soil pH value of ≤ 4 

(though an oxidised soil pH value of < 3 is a stronger PASS indicator) and a difference between soil 

pH and oxidised soil pH values > 1.   

 

Soil pH of ASS and drain sediment samples was immediately determined on return from the field.  

The method used to determine soil pH was based on that described by Hey et al. (2000) but varied 

slightly to minimise the risk of damage to the pH probe.  Soil pH was measured using a suspension 

with a ratio of 1 g of soil or sediment to 5 mL of distilled or MilliQ water.  The suspensions were 

shaken until clumps were broken up (2-3 minutes) and then left to stand until the supernatant 
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cleared (between 10 and 20 minutes).  The pH of the clear supernatant was then measured with a 

pH probe (Hanna HI 98127 or Extech Instruments ExStik PH100).   

 

As for soil pH, the method used to determine oxidised soil pH was based on that described by Hey 

et al. (2000) but varied slightly to minimise the risk of damage to the pH probe. Oxidised soil pH of 

the ASS and drain sediment samples was determined by adding excess (~25 mL) 30 % AR H2O2 

adjusted to pH 4.5 (with AR NaOH solution) to ~5 g of soil.  Once the reactions had ceased 

(typically after an hour), the pH of the supernatant was measured with a field pH probe (Hanna HI 

98127 or Extech Instruments ExStik PH100).    

 

2.4 Grain-Size Analyses 

Twenty-seven soil samples were analysed for grain-size distribution with a Malvern Instruments 

Mastersizer 2000 Low Angle Laser Light Scattering (LALLS) grain-sizer at James Cook University 

(Townsville).  Samples analysed for grainsize were taken from 10 cm sections of core that had been 

homogenised, but were otherwise unprocessed.  Samples were mixed with water to form a slurry 

which was agitated (with sonic agitators) for 90-180 seconds before analysis.  Results were reported 

in 100 size fractions between 0.02 and 2000 µm.   

 

2.5 XRD Analyses 

The mineralogy of 13 ASS samples and 4 drain sediment samples was examined with XRD 

techniques.  Analysed samples were oven dried in paper bags (at 40 °C for 5 days), crushed using a 

Cr-steel ring and puck mill (Rocklabs brand) for 45 seconds and placed in labelled airtight jars for 

storage and transport.  Samples for XRD analysis were dried at 40 °C to simulated drying under 

field conditions.  Mineralogy of the dried and crushed samples was determined with a Siemens 

D5000 X-ray diffractometer at the Townsville AAC.  XRD scans were analysed by AAC staff using 

the EVA software package.   

 

2.6 Elemental Analyses 

2.6.1 Soils and Sediments 

Soil and sediment samples were analysed for element concentrations with either XRF or ICP 

spectroscopy techniques.  Most samples were processed at JCU Cairns as described below.  

Samples of small mass were processed at the laboratory conducting the determination.  Samples 

were dried in paper bags at 40oC until dry (between 1 and 5 days) in a Contherm Thermotech 2000 

oven.  Dried samples were crushed to powder (30 to 45 seconds) with a Rocklabs Cr-steel ring mill 

at JCU.  Samples crushed with the Cr-steel mill were considered contaminated with Cr and Fe.  
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Chromium contamination was assumed to occur at trace levels in all samples.  Iron contamination 

by milling was not considered significant because Fe is present in the samples as a major element.  

Crushed sample material was collected by emptying the mortar onto a piece of clean A4 paper and 

brushing out the remaining contents with clean blotting paper.  Crushed samples were kept in 

labelled new 50 mL plastic sample jars.  Between each sample the mill lid, o-ring, ring, puck and 

mortar were rinsed with 5 % ethanol / 95 % tap water solution and wiped clean with blotting 

paper.  The mill was ‘scrubbed’ cleaned at five sample intervals by crushing ~1 cm3 of quartz sand. 

 

2.6.1.1 XRF Analyses 

The total element composition of 21 ASS and 17 drain sediment samples was determined using 

XRF at the AAC, Townsville.  The XRF spectrometer was a Bruker-AXS S4 Pioneer.  Components 

determined by XRF and their detection limits (where applicable) are given in Table 2.3.   

 

Table 2.3. Components determined by XRF with corresponding lower and upper detection 

limits.  No detection limits were provided for the major elements (i.e. those 

elements determined as oxides). 

Analyte Unit (as dry wt) UDL / LDL Analyte Unit UDL / LDL 
Al2O3 % - Ni ppm 2360 / 3 

As ppm 330 / 10 P2O5 % - 
Ba ppm 4000 / 10 Pb ppm 133 / 10 

CaO % - Rb ppm 1300 / 2 
Co ppm 210 / 2 Sc ppm 55 / 3 
Cr ppm 4000 / 3 SiO2 % - 
Cu ppm 2360 / 3 SO3 % - 

Fe2O3 % - Sr ppm 700 / 2 
Ga ppm 40 / 3 Th ppm 1003 / 3 

K2O % - Ti ppm 22600 / 5 
LOI % - TiO2 % - 
MgO % - U ppm 650 / 3 
Mn ppm 2500 / 4 V ppm 526 / 4 

MnO % - Y ppm 720 / 2 
Na2O % - Zn ppm 290 / 3 
Nb ppm 268 / 2 Zr ppm 490 / 3 

UDL = upper detection limit, LDL = lower detection limit. 

 

2.6.1.2 ICP Spectroscopy Analyses 

All soil and sediment elemental determinations with ICP spectroscopy methods were conducted by 

Australian Laboratory Services (ALS, Brisbane).  Most samples were sent dried and crushed, but 

some small mass samples were dried and crushed by ALS before being digested.  In all cases, ALS 

employed a ‘near total’ digest of HF+HNO3+HClO4+HCl to dissolve the soils and sediments.  

The digest solutions were analysed using ICP-MS/AES techniques for the 47 elements listed with 

their respective detection limits in Table 2.4.   
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2.6.2 Solutions 

Sample solutions generated by partial and sequential extractions procedures were analysed for 

elemental composition with ICP spectroscopy techniques at the AAC (Townsville).  Solutions were 

collected and stored in acid washed plastic (low density polyethylene, polypropylene and 

polystyrene) containers.  All solution samples were acidified to pH < 2 with suprapure HNO3 on 

the day of generation.  Elements determined, instrument used and lower detection limits are given 

in Table 2.5. 

 

Table 2.4. Elements determined in solid samples using ICP-MS/AES by ALS.  Samples were 

digested to near completion with HF+HNO3+HClO4+HCl.  Detection limits 

apply to solution concentrations. 

Element Unit UDL / LDL Element Unit UDL / LDL 
Ag ppm 0.02 - 100 Na % 0.01 - 10 
Al % 0.01  - 25 Nb ppm 0.1 - 500 
As ppm 0.2 - 10,000 Ni ppm 0.2 - 10,000 
Ba ppm 0.5 - 10,000 P ppm 10 -10,000 
Be ppm 0.05 - 1000 Pb ppm 0.5 - 10,000 
Bi ppm 0.01 - 10,000 Rb ppm 0.1 - 500 
Ca % 0.01 - 25 Re ppm 0.002 - 50 
Cd ppm 0.02 - 500 S % 0.01 - 10 
Ce ppm 0.01 - 500 Sb ppm 0.05 - 1,000 
Co ppm 0.1 - 10,000 Se ppm 1 - 1,000 
Cr ppm 1 - 10,000 Sn ppm 0.2 - 500 
Cs ppm 0.05 - 500 Sr ppm 0.2 - 10,000 
Cu ppm 0.2 - 10,000 Ta ppm 0.05 – 100 
Fe % 0.01 - 25 Te ppm 0.05 - 500 
Ga ppm 0.05 - 500 Th ppm 0.2 - 500 
Ge ppm 0.05 - 500 Ti % 0.01 - 10 
Hf ppm 0.1 - 500 Tl ppm 0.02 - 500 
In ppm 0.005 - 500 U ppm 0.1 - 500 
K % 0.01 - 10 V ppm 1 - 10,000 
La ppm 0.5 - 50 W ppm 0.1 - 10,000 
Li ppm 0.2 - 50 Y ppm 0.1 - 500 
Mg % 0.01 - 15 Zn ppm 2 - 10,000 
Mn ppm 5 - 10,000 Zr ppm 0.5 - 500 
Mo ppm 0.05 - 10,000    

UDL = upper detection limit, LDL = lower detection limit. 

 

2.6.3 Plants 

The plants collected from East Trinity were prepared for elemental analysis using a method 

provided by Lottermoser (personal comm., 6 February 2007).  The plant samples were rinsed with 

tap water to remove soil/dust.  The plant material was then dried at 40 ºC for 5 to 7 days.  Once 

dried, the plant was divided into above (stems) and below (roots) ground biomass.  The dried plant 

sections were agitated in a solution of ~0.1 % anionic detergent and milliQ water before being 

rinsed in milliQ water.  Washed and rinsed plant sections were then oven dried at 65 ºC for 
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5 to 7 days before being milled and sent for analysis.  The milled plant material was 

digested for analysis using a microwave and H2O2 and HNO3 solution.  Digestion and 

analysis were performed at the AAC.  The digested plant samples were analysed with ICP-MS 

for Al, As, Co, Cr, Cu, Ni, Pb and Zn. 

 

Table 2.5. Method and lower detection limit for elements determined in sequential and 

bioavailability extraction solutions at the Advanced Analytical Centre (AAC), 

Townsville. 

Element Instrument Unit LDL Element Instrument Unit LDL 
Al ICP-OES ppb 0.45 Na ICP-OES ppm 0.2 
As ICP-MS ppb 0.4 Nb ICP-MS ppb 0.01 
Ba ICP-MS ppb 0.06 Ni ICP-MS ppb 0.01 
Co ICP-MS ppb 0.05 Pb ICP-MS ppb 0.005 
Cr ICP-MS ppb 0.01 Sc ICP-MS ppb 0.1 
Cu ICP-MS ppb 0.01 Ti ICP-MS ppb 0.1 
Fe ICP-OES ppb 10 V ICP-MS ppb 0.01 
Ga ICP-MS ppb 0.01 Zn ICP-MS ppb 0.3 
Mn ICP-MS ppb 0.01 Zr ICP-MS ppb 0.01 

LDL = lower detection limit. 

 

2.7 Chemical Extractions 

Two sequential extraction procedures (SEPs) and three bioavailability extractions were used to 

identify various element fractions in soil and sediments from East Trinity.  The SEPs were the 

MBCR developed by the Standards, Measurements and Testing Program (formerly the BCR) of the 

European Commission, and the Geological Survey of Canada (GSC) method described by Hall et 

al. (1996b).  The MBCR-SEP sequential extraction method was used to identify element mobility in 

ASS and drain sediments and the GSC-SEP was used to determine element hosts in ASS.   

 

Diethylenetriaminepentaacetic acid (DTPA), ethylenediaminetetraacetic acid (EDTA) and [S,S]-

ethylenediaminedisuccinic acid (EDDS) extractions were used to assess the phytoavailability of Al, 

As, Co, Cr, Cu, Ni, Pb and Zn in the soils of East Trinity.  The use of DTPA and EDTA is well 

established in the literature, but few studies have used EDDS to assess bioavailability. 

 

2.7.1 Sample Preparation 

Unless otherwise stated, all samples used in the extractions were undried and uncrushed.  Crushing 

was avoided so that the effect of grain size could be taken into account.  The samples were not 

dried, as drying would potentially cause the oxidation of reactive sulfides (Thomson et al., 1980).  

Wet samples were centrifuged twice for 20 min at 3000 g to remove excess water before being used 

in extractions.  The centrifuged soil samples were referred to as ‘bulk’ material.  All extraction 



 

 72

analytical data were back calculated to 1 g equivalent dry weight of soil by drying a sub-sample at 

75oC to a stable weight (1 to 4 days) and calculating the moisture loss.   

 

2.7.2 Apparatus 

All glass- and plastic-ware was washed in a Decon90 solution, rinsed, acid-washed (~5 % HCl) and 

rinsed with MilliQ water.  Extractions were carried out in acid washed Iwaka 50 mL nylon 

centrifuge tubes.  Samples were shaken on an orbital shaker.  

 

2.7.3 Reagents 

All reagent used in the extractions were AR grade, equivalent, or better.  Reagents used were: CaCl2 

(Sigma, USP), CH3COOH (Univar, AR), CH3COONa (Univar, AR), CH3COONH4 (Univar, AR), 

DTPA (sigma 98 % titration), EDDS (Fluka), EDTA (Sigma, ultra), HCl (36 % and 32 %, Univar, 

AR), HNO3 (65 %, Merck, suprapure), H2O2 (30 %, Univar, AR), KClO3 (Univar, AR), 

NH2OH·HCl (BDH, AR), NH4HCO3 (Fluka ultra), NH4OH (Univar, AR) and TEA 

(triethanolamine, Fluka, ultra). 

 

2.7.4 Water 

High purity water was used throughout the procedures.  Electrical conductivity of the high purity 

water was between 0.7 and 1.2 µS/cm. 

 

2.7.5 Blanks 

Reagent and procedural blanks were prepared.  Reagent blanks were only analysed if significant 

contamination was detected in procedural blanks.   

 

2.7.6 Modified BCR Sequential Extraction Procedure 

The MBCR-SEP, also referred to as the optimised BCR-SEP (e.g. Sutherland and Tack, 2003),  was 

conducted as reported by Rauret et al. (1999), but with three modifications.   The first change was 

the addition of a high purity (HP) extraction step at the start of the extraction.  The HP water 

extraction was conducted to identify the soluble element fraction.  The second modification was 

the addition of 25 mL of 30 % H2O2 rather than the prescribed 20 mL of H2O2 during the 

oxidation step of the sequential extraction.  A greater volume of H2O2 was used to ensure that all of 

the oxidisable element fraction would be released into solution.  The third change was the use of an 

orbital shaker instead of the recommended end-over-end shaker.  Table 2.6 gives a summary of the 

adapted MBCR-SEP used in this study. 
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2.7.7 GSC Sequential Extraction Procedure 

Element hosts were identified in ASS samples using the GSC-SEP described by Hall et al. (1996a; 

b).  The GSC-SEP identified element hosts within five chemically defined fractions.  The five hosts 

fractions were: 1) absorbed, exchangeable and carbonate (AEC); 2) amorphous Fe oxides and Mn 

oxides (AmFeOx); 3) crystalline Fe oxides (CryFeOx); 4) sulfide and organic matter; and 5) residual.  

The method was applied exactly as described with one exception: centrifuged de-watered sample 

material was used during the extractions.  A summary of the GSC-SEP procedure used in this study 

is provided in Table 2.7. 

 

Table 2.6. Adapted MBCR-SEP used to analyse ASS and drain sediment samples collected 

from East Trinity.  The method is a development of the MBCR-SEP detailed in 

Rauret et al. (1999). 

Fraction Extractant Procedure 

Water-Soluble 40 mL High purity water (MilliQ) 

Add MilliQ + vortex + shake for 16 hrs + 
centrifuge + harvest extractant 

Rinse (discard) 
Solution volume = 40 mL 

Exchangeable and 
Acid-Extractable 

40 mL 0.11 mol/L CH3COOH 

Add CH3COOH + vortex + shake for 16 
hrs + centrifuge + harvest extractant 

Rinse (discard) 
Solution volume = 40 mL 

Reducible 
40 mL 0.5 mol/L NH2OH·HCl in 0.05 

mol / L HNO3 

Add NH2OH⋅HCl + vortex + shake for 
16 hrs + centrifuge + harvest extractant 

Rinse (discard) 
Solution volume = 40 mL 

Oxidisable 

Digest with 25 mL 8.8 mol/L H2O2 
Extract with 50 mL 1.0 mol/L 

CH3COONH4 adjusted to pH 2 with 
HNO3 

Add H2O2 + vortex + 85oC for 3 hrs + 
evaporate to moist + add CH3COONH4 
+ shake for 16 hrs + centrifuge + harvest 

extractant 
Rinse (discard) 

Solution volume = 50 mL 
Residual HF+HNO3+HClO4+HCl digest Digested and analysed at ALS Brisbane 

 

2.7.8 DTPA/Calcium Chloride/TEA Extraction 

DTPA extractions were carried out as described in Rayment and Higginson (1992), with two 

exceptions: 1) the soil material used was centrifuge-dried, not air dried; and 2) the soil sample size 

was 1.1 g instead of 25 g.   The first modification avoided any potential oxidation of sulfides that 

may have been present in the soils.  The second modification allowed the solution to be separated 

from the sample after the extraction by centrifuge.   The extraction used a DTPA solution that 

consisted of 0.005 M DTPA, 0.01 M CaCl2 and 0.10 M triethanolamine (TEA) and a soil to 

solution ratio of 1 g to 2 mL.   

 

The DTPA extraction procedure was as follows.  2.2 mL of DTPA extractant solution were added 

to 1.1 g of centrifuge dried ASS in a clean 50 mL Iwaka centrifuge tube.  The tube was vortexed for 
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5 to 10 seconds (until soil and solution were mixed) and tube inverted.  The tube was immediately 

shaken on an orbital shaker for 2 hours.  After being mechanically shaken, 10 mL of milliQ water 

was added to the tube and the tube manually shaken once, before being immediately centrifuged for 

20 minutes at 3000 g.  After being centrifuged, the supernatant was decanted into an acid-washed 

sample container and acidified to pH < 2 with HNO3. 

 

Table 2.7. GSC-SEP reagent, rinse and method summary (after Hall et al., 1996b). 

Fraction Extractant/Rinse Procedure 

Adsorbed, 
Exchangeable and 

Carbonate 

2 x 20 mL 1.0 M CH3COONa at pH 5 
/ 2 x 5 mL MilliQ 

2 x Add CH3COONa + vortex + shake for 
6 hrs + centrifuge + harvest extract 

Rinse + add to extract 
Solution volume = 50 mL 

Amorphous Fe 
Oxides and Mn 

Oxides 

2 x 20 mL 0.25 M NH2OH·HCl in 0.25 
M HCl / 2 x 5 mL MilliQ 

1 x Add NH2OH⋅HCl + vortex + 60oC for 
2 hrs / vortex every 30 min + centrifuge + 

harvest extract 
1 x Add NH2OH⋅HCl + vortex + 60oC for 
0.5 hrs / vortex every 30 min + centrifuge 

+ harvest extract 
Rinse + add to extract 

Solution volume = 50 mL 

Crystalline Fe 
Oxides 

2 x 30 mL 1.0 M NH2OH⋅HCl in 25 % 
CH3COOH 

/ 2 x 10 mL 25 % CH3COOH 

1 x Add NH2OH⋅HCl + vortex + 90oC for 
3 hrs / vortex very 20 min + centrifuge + 

harvest extract 
1 x Add NH2OH⋅HCl + vortex + 90oC for 
1.5 hrs + vortex very 20 min + centrifuge 

+ harvest extract 
Rinse + add to extract 

Solution volume = 80 mL 

Sulfides and 
Organic Matter 

0.75 g KClO3 + 15 mL 12 M HCl + 15 
mL MilliQ 

10 mL 4.0 M HNO3 
/ 2 x 5 mL MilliQ 

1 x Add KClO3, HCl + vortex + wait 30 
min + Add MilliQ + vortex + centrifuge + 

harvest extract 
1 x Add HNO3 + vortex + 90oC for 20 

min + vortex + centrifuge + harvest 
extract 

Rinse + add to extract 
Rinse 

Solution volume = 50 mL 
Residual HF+HNO3+HClO4+HCl digest Digested and analysed at ALS Brisbane 

 

2.7.9 EDTA/Ammonium Bicarbonate Extraction 

The EDTA bioavailability extraction procedure was based on the EDTA/NH4HCO3 method given 

by Rayment and Higginson (1992).  The extractant solution consisted of 0.01 M EDTA, 1.0 M 

NH4HCO3, adjusted to pH 8.6 with NH4OH.  Four modifications were made to the original 

method: 

1. a soil to extractant solution ratio of 1.1 g of soil to 5 mL of solution was used rather than 

the prescribed 1 g to 2 mL;  

2. a centrifuge dried soil was used instead of the air dried soil; 

3. the soil and solution were vortexed for 5 to 10 seconds before shaking; and 
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4. in situations where extractant solution volume was > 10 mL, 10 mL of high purity water 

was added to the tube immediately before being centrifuged to increase the amount of 

generated supernatant.   

 

The EDTA extraction procedure was as follows.  An aliquot of EDTA extractant solution was 

added to centrifuge dried soil in proportions of 5 mL of solution to 1.1 g of soil in a clean 50 mL 

Iwaka centrifuge tube.  The tube was vortexed for 5 to 10 seconds (until soil and solution were 

mixed).  The tube was then inverted once before being shaken on an orbital shaker for 30 minutes.  

The tube was inverted once before being centrifuged for 20 minutes at 3000 g.  After centrifuging, 

the supernatant was decanted into a sample container and acidified to pH < 2 with concentrated 

suprapure HNO3 (0.55 mL).  One additional step was included for the ASS samples; immediately 

before centrifuging, 5 mL of milliQ water was added to the tube. 

 

2.7.10 EDDS/Ammonium Bicarbonate Extraction 

The EDDS bioavailability extraction used was the same as for the EDTA bioavailability extraction, 

with the only difference being the use of 0.01 M EDDS instead of 0.01 M EDTA.  The extractant 

solution consisted of 0.01 M EDDS, 1.0 M NH4HCO3, adjusted to pH 8.6 with NH4OH.  

 

The EDDS extraction procedure was as follows.  Five mL of EDDS extractant solution were 

added to 1.1 g of centrifuge dried ASS in a clean 50 mL Iwaka centrifuge tube.  The tube was 

vortexed for 5 to 10 seconds (until soil and solution are mixed).  The tube was then inverted once 

before being shaken on an orbital shaker for 30 minutes.  On completion of shaking, 5 mL of 

milliQ water were added to the tube.  The tube was invert once before being centrifuged for 20 

minutes at 3000 g.  After centrifuging, the supernatant was decanted into a sample container and 

acidified to > pH 2 with concentrated HNO3 (0.55 mL). 

 

2.7.11 Extractant Analysis 

Sequential extraction solutions were analysed for Al, As, Ba, Co, Cr, Cu, Fe, Ga, Mn, Na, Nb, Ni, 

Pb, Sc, Ti, V, Zn and Zr using ICP-MS and -OES techniques at the AAC.  Table 2.5 gives the 

technique used and the lower detection limit for each element.  

 

Bioavailability extraction samples were analysed for Al, As, Co, Cr, Cu, Ni, Pb and Zn.  Elements 

were determined with ICP-MS and -OES instruments at the AAC.  Table 2.5 gives the lower 

detection limits for the elements determined in the bioavailability extraction solutions.   
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2.7.12 Residual Sample Analysis 

Sequential extraction residual samples were dissolved to near completion using a 

HF+HNO3+HClO4+HCl digest at ALS, Brisbane.  The digested samples were analysed for 47 

elements (Ag, Al, As, Ba, Be, Bi, Ca, Cd, Ce, Co, Cr, Cs, Cu, Fe, Ga, Ge, Hf, In, K, La, Li, Mg, Mn, 

Mo, Na, Nb, Ni, P, Pb, Rb, Re, S, Sb, Se, Sn, Sr, Ta, Te, Th, Ti, Tl, U, V, W, Y, Zn and Zr) with 

ICP-MS and –AES techniques.  Table 2.4 gives the elements determined in the residual samples 

and each element’s corresponding upper and lower detection limit.   

 

2.8 AASS Flushing Experiment 

The effect on seawater pH of AASS flushing was examined experimentally.  The flushing 

experiment used Büchner funnels containing AASS that were flushed with fresh and recycled 

seawater.  The experiment was designed to replicate AASS inundation on East Trinity where 

complete and incomplete exchange of seawater occurs.  The Büchner funnels were filled with 1.5kg 

of homogenised AASS from a soil depth of 0.1 - 0.3 m collected from the dry ASS profile site.  

Valves were fitted to hold the water in the funnels (Figure 2.14).  The first funnel was flooded with 

fresh seawater and the second with recycled seawater.   A daily cycle of 6 hours of flooding (valves 

closed) followed by 18 hours of draining (valves open) was applied to the funnels.  The experiment 

lasted 28 days (28 flushing/draining cycles).  The pH value of the leachates from each cycle were 

measured with a glass pH probe (Radiometer pHC2001-8) connected to a MeterLab PHM210 

meter.  The pH meter was calibrated before each series of measurements. 

 

2.9 Generation of Analytical Datasets 

The generation of analytical datasets involved the assessment of data quality and modification of 

data for statistical use.  The term dataset refers to the elements that were validly determined from a 

particular set of samples.    

 

2.9.1 Analytical Data Quality 

Analytical quality was monitored to ensure data validity.  Datasets were generated from analytical 

data by removing invalid analyses.  Elements were removed from the datasets if: 1) contamination 

was suspected/known to existed (e.g. Cr from milling); 2) numerous below detection limit values 

were reported; 3) quality assurance was considered failed (i.e. generally any value QA value that fell 

outside the accuracy or reproducibility thresholds, though there are some exceptions); or 4) the 

element determination was the less accurate of a duplicated analysis (e.g. major and trace 

determinations in the XRF data for Mn and Ti).   
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Figure 2.14. Photograph of Büchner funnel set up used in the AASS flushing experiment. 

 

2.9.1.1 Analysis of Blanks 

Contamination was monitored with procedural, rinsate and reagent blanks.  Element concentrations 

reported for procedural blanks were subtracted from sample values during data processing.  

 

2.9.1.2 Assessment of Analytical Accuracy 

The accuracy of elemental determinations was established by analysis of Standard Reference 

Materials (SRMs).  Accuracy was assessed by calculation of the percent difference from the stated 

SRM value (%∆SRM; Equation 2.1).  The criteria for valid accuracy was based on the method in 

Australian Standard AS4482.1 (Standards Australia, 1997).   

 

Accuracy decreases with proximity to the lower detection limit.  Therefore, the threshold for valid 

accuracy was a %∆SRM of less than ± 30 % where the values were five times greater than the 

detection limit and ± 50 % for values less than five times the lower detection limit.  The invalid 

values generated by Equation 2.1 for analyses with no difference (i.e. the same value for both 

analyses) were assigned an %∆SRM of zero.   
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2.9.1.3 Assessment of Analytical Reproducibility 

Reproducibility, or the precision, of analytical determinations was assessed by analysis of blind 

replicate samples.  The method used to measure reproducibility was based on the method from 

Australian Standard AS4482.1 (Standards Australia, 1997).  Reproducibly of data was measured by 

calculation of Relative Percent Difference (R%D) using Equation 2.2.  Reproducibility decreases 

with proximity to the lower detection limit.  The threshold for valid reproducibility was a R%D of 

less than ± 30 where the values were five times greater than the detection limit and ± 50 for values 

less than five times the lower detection limit.  The invalid values generated by Equation 2.2 for 

replicate analysis with no difference (i.e. the same value for both analyses) were assigned an R%D 

of zero.  Replicate analyses that reported two values below the detection limit were considered to 

have valid reproducibility.   Replicate analyses that reported one value below the detection limit 

were not considered to have valid reproducibility.   
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2.9.2 Statistical Methods 

Statistical analysis of data consisted of descriptions of the data and calculation of correlation 

coefficients.  Microsoft Excel software was used for all data storage and statistical analysis.  Data 

were modified for statistical use by replacing below detection (BD) values or zero values with a 

value that was half of the stated lower detection limit (LDL).  Where a LDL was not given (i.e. 

major components), a value of half the lowest reported value of all analyses for that component 

was substituted.  Below detection values were substituted to avoided the bias caused by excluding 

BD values from statistical calculations. 

 

All data were tested for parametric distribution before statistical analysis.  Data were considered 

parametric if their: 1) histogram generally followed a Gauss bell; 2) ratio of the mean to the median 

was within the range 0.9 – 1.1; and 3) ratio of the standard deviation to the mean was less than 0.3 

(Müller and Büttner, 2003, unpublished).  If any component was found to be non-parametric, non-

parametric methods were used throughout.  Non-parametric data were described using median and 

percentile values, whereas parametric data were described using mean and standard deviation 

values.  Where correlation was calculated, Pearson’s correlation coefficient was calculated for 

parametric data and Spearman’s correlation coefficient for non-parametric data.  All data used in 

the project were treated as non-parametric because every dataset contained some non-parametric 

data. 
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